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Preface
Coastal Lagoons: Critical Habitats of Environmental Change is the outgrowth of a special ses-
sion of the 19th Biennial Conference of the Estuarine Research Federation held in Providence, 
Rhode Island, from November 4 to 8, 2007. This special session titled Human and Climatic 
Factors Affecting Eutrophication of Coastal Lagoonal Ecosystems focused on the escalating 
eutrophication problems in coastal lagoons worldwide, the indicators of eutrophic conditions in 
these shallow water bodies, the influences of natural factors, and the resulting biotic and ecosys-
tem impairments. Biogeochemical and ecological responses to nutrient enrichment in lagoonal 
estuaries were compared to those observed in other estuarine types. A synthesis component 
also examined how anthropogenic nutrient loading and natural influences cause change in the 
coastal zone.

The chapters comprising this volume represent a wide array of studies on natural and anthro-
pogenic drivers of change in coastal lagoons located in different regions of the world. Detailed 
descriptions of the physicochemical and biotic characteristics of these diverse coastal lagoonal eco-
systems are provided which address environmental factors, forcing features, and stressors affect-
ing hydrologic, biogeochemical, and trophic properties of these important water bodies. They also 
recount the innovative tools and approaches used for assessing ecological change in the context of 
anthropogenically and climatically mediated factors. These include such approaches and methods 
of analysis as biotic indicators, trend analysis, and modeling.

The following individuals are acknowledged for their insightful peer reviews of the manuscripts 
comprising the chapters of this book: Merryl Alber, Scott Ator, Evelia Rivera Arriaga, Richard 
Batiuk, Justus van Beusekom, David Borkman, Steven Bouillon, Federico Brandini, Henry Briceno, 
Edward Buskey, Timothy Carruthers, Franciscus Colijn, Francisco Comin, Michael Connor, Daniele 
Curiel, Roberto Danovaro, Edward Dettmann, Victor de Jonge, Jeffrey Gaeckle, Anne Giblin, Ralph 
R. Haese, James Hagy, Marianne Holmer, Peter Herman, David Johnson, Bastiaan Knoppers, Ann 
E. Krause, Paulo Lana, Brian Lapointe, Harold Marshall, Ernest Matson, Jack Meisinger, Daryl 
Moorhead, Margaret Mulholland, Robert Nuzzi, Adina Paytan, Edward Phlips, Karsten Reise, 
Tammi L. Richardson, Gilbert Rowe, Steven Rumrill, Jose Saldivar-Comenges, John Schramski, 
Kevin Sellner, Karline Soetaert, Martha Sutula, Carol Thornber, Pierluigi Viaroli, Christy Tyler, 
Ian Webster, Kim Withers, W. J. (Wim) Wolff, Dana Woodruff, Meng Xia, and Joy Zedler.
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1 Coastal Lagoons
Critical Habitats of 
Environmental Change
Michael J. Kennish* and Hans W. Paerl

AbstrAct

Coastal lagoons rank among the most productive ecosystems on Earth, and they provide a wide 
range of ecosystem services and resources. Anthropogenic impacts are escalating in many coastal 
lagoons worldwide because of increasing population growth and associated land- use alteration in 
adjoining coastal watersheds. The conversion of natural land covers to agricultural, urban, and 
industrial development has accelerated loading to streams and rivers that discharge into estuaries, 
leading to cascading water quality and biotic impacts, impairments, and diminishing recreational 
and commercial uses. Many coastal lagoons, notably those with restricted circulation, freshwater 
inflow, low flushing rates, and relatively long water residence times, are particularly susceptible 
to nutrient enrichment from surface runoff, groundwater, and atmospheric inputs. Natural stres-
sors, such as hurricanes and other major storms, as well as impacts of climate change, including 
rising temperatures, more frequent and extreme floods and droughts can exacerbate these effects. 
The combined effects of these stressors include accelerated eutrophication, increased frequencies 
and geographic expansion of harmful algal blooms, and low oxygen bottom waters (hypoxia). 
Watershed management strategies aimed at controlling these unwanted effects are rightfully 
focused on reducing nutrient and other contaminant loading to these enclosed systems and include 
upgrading stormwater controls, adapting low- impact development and best management practices, 
advancing open space preservation, and encouraging natural treatment of nutrients by establish-
ing riparian buffers and wetlands, and implementing government regulatory measures (e.g., total 
maximum daily loads [TMDLs] for nutrient limitation). More draconian strategies that have been 
used in some systems are dredging sediments, diverting rivers, creating inlets, and thereby increas-
ing flushing.

* Corresponding Author. Email: kennish@marine.rutgers.edu
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2 Coastal Lagoons: Critical Habitats of Environmental Change

Because of their high biotic production and value to tourism and residential development, coastal 
lagoons are often overused for fisheries and aquaculture, transportation, energy production, and 
other human activities. The impacts that result require sound management strategies for long- term 
environmental and resource sustainability. Human land and water uses pose multiple challenges 
to managing coastal lagoon ecosystems. Storms, droughts, and other natural stressors complicate 
these challenges. The co- occurrence of natural and human disturbances causes significant deterio-
ration of coastal lagoon habitats in many regions of the world.

Key Words: coastal lagoons, human impacts, natural stressors, pollution, eutrophication, habitat 
alteration, biotic responses, climate

1.1  IntroductIon

Coastal lagoons are shallow brackish or marine bodies separated from the ocean by a barrier island, 
spit, reef, or sand bank and connected at least intermittently to the open ocean by one or more 
restricted tidal inlets (Phleger 1969, 1981; Colombo 1977; Barnes 1980; Kjerfve 1986, 1994; Gonenc 
and Wolflin 2004). Therefore, coastal lagoons may be partially or wholly enclosed, depending on 
the extent of the land barrier, which impedes water exchange between the basin and ocean and tends 
to dampen wave, wind, and current action. According to Bird (1982), the term “coastal lagoon” 
applies only when the width of the inlets at high tide is less than 20% of the total length of the 
enclosing barrier.

Coastal lagoons generally occur on low- lying coasts and are usually oriented parallel to shores, 
often being much longer than they are wide. While common on some seaboards, coastal lagoons 
occupy only ~13% of the coastal areas worldwide, and they are present on every continent except 
Antarctica. They are most extensive along the coasts of Africa (17.9% of the coastline) and North 
America (17.6%), and less so along the coasts of Asia (13.8%), South America (12.2%), Australia 
(11.4%), and Europe (5.3%) (Barnes 1980). The most extensive stretch of coastal lagoons is along 
the Atlantic and Gulf coasts of the United States, where they cover ~2800 km of shoreline (Nichols 
and Boon 1994). However, they are also common along the eastern coasts of South America and 
India, southern Britain and western France, the western coast of Africa, and southeastern Australia, 
as well as along the shores of the Baltic, Black, Caspian, and Mediterranean seas (Colombo 1977; 
Kjervfe 1994). Coastal lagoon systems vary greatly in size from as small as a hectare in area to more 
than 10,000 km2 (e.g., Lagoa dos Patos, Brazil) (Bird 1994). They differ considerably in morpho-
logical, geological, and hydrological characteristics.

The adjoining coastal watersheds generally cover a smaller area than those bordering river-
 dominated estuaries. For example, the ratio of watershed area to lagoon area averages 182, which is 
far less than that of other estuarine types, which average 335 (Bricker et al. 2007). However, because 
coastal lagoons often have protracted water residence times due to the restrictive enclosure of depo-
sitional barriers, the lagoons are susceptible to nutrient and other pollutants, various anthropogenic 
drivers, and hydrological modifications, as well as the vagaries of climate change (e.g., changes in 
storm frequencies and intensities, floods, droughts, and warming).

1.2  clAssIfIcAtIon

Kjerfve (1986, 1994) classified coastal lagoons into three geomorphic types based on water exchange 
with the coastal ocean: “choked, restricted, and leaky” lagoons. Choked lagoons consist of a series 
of interconnected elliptical water bodies with a single ocean entrance channel or inlet to the sea. 
The Lagoa dos Patos in Brazil is an example. Restricted lagoons consist of two or more entrance 
channels or inlets that connect to a wide, expansive water body usually oriented shore- parallel. The 
Barnegat Bay– Little Egg Harbor Estuary in New Jersey (USA) is an example. Leaky lagoons have 
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multiple entrance channels leading to an elongated shore- parallel water body. The Wadden Sea, the 
Netherlands, is an example.

The genesis of coastal lagoons and barrier island systems enclosing them depends on the sea-
 level history of a region. Rising sea level, such as during the Holocene, promotes the formation of 
these systems. The coastal extension of spits is an important mechanism for the development of bar-
rier beaches and lagoons during periods of stable or slowly changing sea level. Shoreface dynamics 
and tidal range play significant roles in the maintenance of these systems (Martin and Dominguez 
1994). Sand bars may form across narrow inlet channels either seasonally or over longer periods 
of time. These ephemeral features impede water exchange between the lagoonal basin and ocean, 
increasing water residence times and changing biogeochemical and biotic processes in these shal-
low water bodies. With restricted flushing and protracted water residence times, coastal lagoons are 
susceptible to nutrient enrichment and toxic pollutant inputs that can culminate in eutrophication 
and contamination problems. Seasonal closure of coastal lagoons can dramatically alter salinity, 
with oligohaline to nearly limnetic conditions occurring during periods of high precipitation and 
riverine inflow and mesohaline to even hypersaline conditions during periods of drought, low river-
ine inflow, and evaporation. Salinity in coastal lagoons can span an entire spectrum from freshwater 
to hypersaline levels.

1.3  PhysIcochemIcAl chArActerIstIcs

Coastal lagoons generally average less than 2 m in depth, although deeper waters may be encoun-
tered in channels and relict holes. Because they are shallow and well mixed by wave and cur-
rent actions, only localized stratification may develop in deeper areas. Coastal lagoons are usually 
charac terized by microtidal conditions, with tidal ranges averaging less than 2 m. This is so because 
advective water movements increase with larger tidal ranges, which accelerates erosion of existing 
structures and reduces deposition of sediments. As a consequence, gaps between barrier islands 
enclosing lagoons can expand significantly as stronger ebb and flood currents develop, ultimately 
leading to open coastal bay systems (Colombo 1977). Where sediment influx from mainland areas 
is limited, microtidal back- barrier lagoons develop as open water bodies. In these systems, most of 
the sediment influx accumulates in the lagoonal water body along back- barrier areas via flood tidal 
delta and washover processes.

The behavior of coastal lagoons can vary considerably despite similar basin morphometry 
because of human habitat alteration, differences in marine and watershed influences, as well as in- 
basin hydrological processes. The size and configuration of tidal inlets, expanse and development 
of bordering watersheds, amount of freshwater input, water depth, and wind conditions greatly 
influence the physicochemical processes occurring within the lagoonal water bodies (Alongi 1998). 
Variations in precipitation and evaporation, surface runoff, and groundwater seepage, together with 
fluxes in wind forcing, account for large differences in advective transport in lagoonal estuaries. 
Storm and wind surges, overwash events, inlet reconfigurations, land reclamation, construction of 
dams, dikes, and artificial bars, as well as channel dredging events, are important drivers of hydro-
logical change in these systems. Some catastrophic effects, such as major hurricanes, can inject 
large pulses of freshwater, reconstruct the barriers enclosing the lagoons, and alter other extensive 
areas of the system. Seasonal changes in river inflow may also cause marked shifts in salinity struc-
ture in coastal lagoons.

Local meteorological conditions strongly influence water temperature and other physicochemical 
parameters in coastal lagoons. These water bodies are very responsive to meteorological conditions, 
notably air temperature, because they are very shallow. Coastal lagoons are heavily influenced by 
waves than by tides, with microtidal conditions predominating in many of these systems (Eisma 
1998). Wind direction and speed are key elements of wave genesis in these systems. Wave effective-
ness increases as the tidal range decreases (Martin and Dominguez 1994).
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A substantial volume of sediment can enter coastal lagoons during storm surge and overwash 
events. The breaching of barriers and formation of washovers deliver sediments from the coastal 
ocean and back- barrier areas. Aside from these sources, sediments accumulate in lagoonal basins 
from rivers draining the mainland, runoff of tidal marsh and other habitats bordering the basin, and 
internal processes (i.e., organic carbon production, chemical precipitation, as well as erosion and 
resuspension of older sediments). Nutrients bound in bottom sediments are released to overlying 
waters by means of microbially mediated regeneration, resuspension of porewater, organic detritus 
and inorganic particulates, and remobilization primarily associated with geochemical processes in 
the water column (Thornton et al. 1995). As noted by Nichols and Boon (1994), coastal lagoons are 
net sediment sinks, but changes in the volume of river inflow, frequency of storms, and in- basin 
wave and current action all contribute to considerable variation in the rate of biogenic activity and 
sediment accumulation in these shallow systems.

1.4  bIotIc chArActerIstIcs

Coastal lagoons differ from deep estuaries in two fundamental ways: (1) the photic zone extends to 
most of the seafloor, with the benthos typically accounting for a large fraction of the total primary 
production of the system; and (2) high rates of metabolism of benthic primary producers mediate 
nutrient cycling processes and result in strong benthic- pelagic coupling (McGlathery et al. 2007; 
Anderson et al., Chapter 3, this volume). Coastal lagoon floors generally lie within the photic zone 
due to the shallowness of the basin, although high turbidity and phytoplankton growth can effec-
tively attenuate light penetration to the estuarine bottom. When sunlight penetrates to the basin 
floor, prolific growth of benthic algae and seagrasses often occur in these systems. As a result, ben-
thic primary production can exceed phytoplankton production in these systems (Table 1.1). Because 
the ratio between the lagoonal volume and sediment surface area is low, the significance of biogeo-
chemical cycling and other interactions between bottom sediments and the overlying water column 
is greater than in deeper, river- dominated estuarine systems. Knoppers (1994) showed that bottom 
sediments release 5% to 30%, and external inorganic loading 5% to 20%, of the primary production 
demand in coastal lagoons. In Hog Island Bay, Virginia, Anderson et al. (Chapter 3, this volume) 
found that, although benthic remineralization was high, net fluxes were low because of uptake by 
benthic microalgae. In this system, benthic remineralization supplied 55% of the nitrogen required 
to support primary production plus denitrification.

Furthermore, because many shallow lagoonal systems have relatively long water residence 
times, nutrient inputs can be recycled many times before they exit to the coastal ocean. This hydro-
 biogeochemical feature that enables these systems to support relatively high rates of productivity 
per unit nutrient input is key to why these systems serve as excellent fisheries nurseries. However, 
this feature also makes lagoonal systems highly sensitive to nutrient over- enrichment and acceler-
ated eutrophication (Paerl et al. 2006a,b).

Annual primary production in coastal lagoons generally ranges from ~50 to >500 g C m–2 yr–1. 
Based on the trophic classification of Nixon (1995), many coastal lagoons fall within the range of 
eutrophic conditions (300 to 500 g C m–2 yr–1). However, others fall within mesotrophic (100 to 
300 g C m–2 yr–1) and oligotrophic (<100 g C m–2 yr–1) conditions. The systems with the high-
est primary production are those dominated by benthic macro algae and vascular macrophytes. 
Phytoplankton- based systems typically have at least seasonal contributions of benthic microalgal 
and macroalgal populations at shallower depths. However, this may not be true of highly eutrophied 
systems in which planktonic production can be very high and dominate overall primary production. 
Seagrasses may occur in high biomasses, most often at depths <1 m. Algal mat systems occur most 
frequently in hypersaline lagoons and lagoons with intertidal zones subject to protracted periods 
of exposure during dry seasons (Gamito et al. 2004). Changes in physicochemical conditions foster 
shifts in the dominant plant communities. For example, altered turbidity, hydraulic conditions, and 
water residence times play a major role in determining the composition and relative dominance of 
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plant populations (Adolf et al. 2006; Valdes- Weaver et al. 2006). Changes in grazing pressure (top-
 down effects) can accelerate these biotic responses.

Extensive wetland habitats commonly border coastal lagoons. Salt marshes predominate in tem-
perate lagoonal systems and mangroves in tropical systems, although they co- occur along a latitu-
dinal gradient of ~27° to 38º. Saltmarsh grasses and mangrove forests are highly productive, often 
contributing 1 to 4 kg dry wt m–2 yr–1. Benthic microalgae, macro algae, phytoplankton, epiphytes, 
and neuston may account for as much as 50% of the total production in some of these biotopes 
(Alongi 1998). These vital habitats are now threatened in many regions of the world by climate 
change, storms, sea- level rise, eutrophication, wastewater discharges, land reclamation, and other 
human activities (Alongi 1998; Adam et al. 2008; Dodd and Ong 2008).

tAble 1.1
ranking of Principal Anthropogenic stressors to estuarine environments based 
on Assessment of Published literature

stressor Principal Impacts

tier I stressors
 1.  Habitat loss and 

alteration
Elimination of usable habitat for estuarine biota

 2.  Eutrophication Increased primary production, harmful algal blooms, hypoxia and anoxia, increased benthic 
invertebrate mortality, fish kills, altered community structure, increased turbidity and 
shading, reduced seagrass biomass, degraded water quality

 3.  Sewage and organic 
wastes

Elevated human pathogens, increased nutrient and organic matter loading, increased 
eutrophication, increased hypoxia, degraded water and sediment quality, reduced 
biodiversity

 4.  Fisheries 
overexploitation

Depletion or collapse of fish and shellfish stocks, altered food webs, changes in the 
structure, function, and controls of estuarine ecosystems

 5.  Sea- level rise Shoreline retreat, loss of wetlands habitat, widening of estuary mouth, altered tidal prism 
and salinity regime, changes in biotic community structure

 6.  Storms and hurricanes Increased nutrient, sediment, organic matter and contaminant loading, increased hypoxia, 
salinity stress on primary producers and higher trophic levels, altered water residence time 
with potentially adverse effects on flora and fauna

tier II stressors
 7.  Chemical contaminants

Higher priority 
synthetic organic 
compounds

Lower priority—oil 
(PAHs), metals, 
radionuclides

Adverse effects on estuarine organisms, including tissue inflammation and degeneration, 
neoplasm formation, genetic derangement, aberrant growth and reproduction, neurological 
and respiratory dysfunction, digestive disorders and behavioral abnormalities; reduced 
population abundance; sediment toxicity

 8.  Freshwater diversions Altered hydrological, salinity, and temperature regimes; changes in abundance, distribution, 
and species composition of estuarine organisms

 9.  Introduced/invasive 
species

Changes in species composition and distribution, shifts in trophic structure, reduced 
biodiversity, introduction of detrimental pathogens

 10.  Subsidence Modification of shoreline habitat, degraded wetlands, accelerated fringe erosion, expansion 
of open water habitat

 11.  Sediment input/
turbidity

Habitat alteration, reduced primary production, shading impacts on benthic organisms

 12.  Floatables and debris Increased mortality of seabirds, marine mammals, reptiles, and other animals.

Source: Modified from Kennish et al. (2008).
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The high levels of primary production, wide array of habitats, and sheltered back- bays promote 
the proliferation of biologically productive communities of organisms in coastal lagoons consisting 
of strictly lagoonal species, together with suites of essentially marine or freshwater forms at least 
partially dependent on ambient salinity. Thus, coastal lagoons rank among the most biologically 
productive marine systems. Both the structure (species composition and abundance) and function 
(productivity, trophic webs, and fluxes) of coastal lagoons vary greatly because of frequent physical 
and chemical disturbances and perturbations (Gamito et al. 2004). Despite the flux of environmental 
conditions, coastal lagoons provide ideal nursery and feeding habitats, and many fauna utilize these 
environments seasonally, entering and leaving on seasonal cues. Alvarez- Borrego (1994) noted that 
zooplankton productivity is as high as 50% of the benthic macrofaunal productivity, which amounts 
to about 20 to 200 g ash-free dry weight (AFDW) m–2 yr–1. The nekton productivity, in turn, ranges 
from ~10% to 100% of the zooplankton productivity.

Although coastal lagoons are highly productive ecosystems, relatively few species are generally 
permanent residents of these systems, and few species numerically dominate the biotic communities 
(Colombo 1977). Furthermore, the population abundance of individual species varies considerably 
from year to year and can be extremely high under favorable conditions. Many species migrate into 
coastal lagoons to feed, reproduce, and use the protected waters as a nursery and refuge. Because of 
high primary production in the water column and benthos, both pelagic and detrital food chains are 
quantitatively important (Barnes 1994; Alongi 1998). These food chains support rich recreational 
and commercial fisheries.

Coastal lagoons are generally more productive than other aquatic ecosystems in terms of fisher-
ies yields; fish productivity averages ~100 kg ha–1 yr–1 (Macintosh 1994; Pauly and Yáñez- Arancibia 
1994). However, they do not have uniformly high yields. A number are extremely productive and 
others more moderately so. Because of the variability in physicochemical and biotic attributes of 
coastal lagoons, as well as heavy human use, lagoon fisheries must be carefully and effectively man-
aged for long- term sustainability.

Coastal lagoons provide ideal habitats for various aquaculture operations worldwide (Macintosh 
1994; Alongi 1998). The farming of suitable species of fish (e.g., tilapia, milkfish, sea perch, and snap-
pers), shellfish (e.g., shrimp, clams, cockles, mussels, and oysters), and seaweeds (e.g., Cymodocea, 
Gracilaria, and Laminaria) have augmented natural fisheries yields in some coastal lagoons. Nations 
in the Indo- Pacific and Far East are leaders in the development and application of aquaculture in 
these systems (Alongi 1998). The high natural primary production in coastal lagoon environments 
is favorable for culturing filter feeding organisms, notably bivalve mollusks. However, these systems 
are also highly susceptible to the accumulation of pollutants (organochlorine contaminants, poly-
cyclic aromatic hydrocarbon (PAH) compounds, heavy metals, nutrients, toxins, and pathogens) 
due in large part to their protracted water residence times, which can be detrimental to aquaculture 
operations because pollutants accumulating in the organisms can pose a serious human health risk 
(Macintosh 1994; Kennish 1998).

1.5  ecologIc And economIc VAlue

Coastal lagoons, as noted above, have exceptional ecologic, recreational, and commercial value. 
They provide diverse habitats (e.g., open waters, submerged aquatic vegetation, unvegetated bottom 
sediments, tidal flats and creeks, and fringing wetlands) that serve as nursery, feeding, and refuge 
areas for numerous estuarine, marine, and terrestrial organisms. Many marine species of recreational 
and commercial importance spend at least a portion of their life cycles in lagoonal and adjoining 
coastal wetland habitats. Aside from the value of their fisheries, coastal lagoons are used by humans 
for aquaculture, electric power generation, biotechnology, transportation, and shipping. Together, 
these industries inject billions of dollars into the economies of coastal regions worldwide.

Within the land- river- coastal- shelf continuum, coastal lagoons serve a number of vital physical 
and chemical functions involving the trapping and transformation of nutrients and wastes, filtering 
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of contaminants, and biogeochemical cycling of substances. They therefore can strongly influence 
the environmental quality of coastal waters. Coastal lagoons also protect coastal watershed areas, 
buffering the infrastructure from the damaging effects of storms, floods, and erosion.

1.6  humAn ImPActs

Coastal lagoons are highly susceptible to human activities, and many now rank among the most 
heavily impacted aquatic ecosystems on Earth. They are affected by natural habitat alteration both 
in adjoining coastal watersheds and in the water bodies themselves. Most of the anthropogenic stres-
sors can be linked to rapid population growth and overdevelopment of the coastal zone (cf. Vitousek 
et al. 1997). Although anthropogenic stressors on coastal lagoons have received the greatest atten-
tion, some natural stochastic events (e.g., major storms, upwelling, severe winds, and coastal flood-
ing) cause environmental perturbations that can have even more profound consequences over both 
short and longer periods of time (Paerl et al. 2009). However, such natural events often occur less 
frequently than many anthropogenic stressors which typically result in insidious impacts (Paerl 
et al. 2006a).

Lagoonal water quality problems, contamination, and habitat alteration generally accompany 
coastal watershed development. Altered watershed land use/land cover, point and nonpoint source 
pollution inputs, atmospheric deposition, and groundwater contaminant inflows are the main sources 
of degraded water quality in coastal lagoons (Stanhope et al. 2009). Oil spills, sanitation tank 
releases from boats, dredging, and other activities on the water bodies themselves also adversely 
affect water quality of these systems. For some developing countries, the environmental problems 
in coastal lagoons can be more overt because of unrestricted disposal of untreated or poorly treated 
sewage and other wastes. Aquaculture operations have historically degraded estuarine water quality 
in many regions of the world.

As population growth escalates in the coastal zone, developing infrastructure (e.g., buildings, 
roadways, bridges, sewer and gas lines, water, and electricity) increases the impervious surface 
area that facilitates nonpoint source pollution runoff to receiving waters. Expanding human settle-
ments, manifested in particular as suburban sprawl, place greater demands on estuarine and coastal 
resources. Anthropogenic activities associated with coastal development are conspicuous in the 
lagoonal basins as well (e.g., harbor and marina development, recreational and commercial fish-
ing, aquaculture and mariculture, dredging and dredged material disposal, and channel and inlet 
stabilization), along lagoonal shorelines (e.g., docks, boat ramps, bulkheads, revetments, lagoons, 
and houses), and adjoining watersheds (e.g., domestic and industrial construction, agriculture and 
silviculture, marsh diking and ditching, dams and reservoirs, channelization and impoundments). 
Habitat destruction and fragmentation is a primary artifact of coastal development surrounding 
lagoonal systems.

Kennish (2002) identified 10 principal anthropogenic impacts on estuaries, including coastal 
lagoons, that pose a threat to their ecological integrity and viability. He later modified this list, 
dividing it into the more serious Tier I stressors and the less threatening Tier II stressors (Table 1.1; 
Kennish et al. 2008). The Tier I stressors are most serious because they have the capacity to alter the 
structure, function, and controls of estuarine systems. A major task, however, is to first accurately 
document the ecological condition and anthropogenic stresses occurring in a lagoon. Such an effort 
requires substantial financial and scientific resources and is usually labor intensive. As a result, a 
paucity of long- term, integrated, ecosystem- level studies exists in most coastal lagoons.

Anthropogenic stressors can be categorized by whether they degrade habitat, compromise water 
quality, or alter biotic communities. Stressors that degrade habitat are mainly physical factors 
(e.g., dredging, shoreline modification, and wetland reclamation). Those impacting water quality are 
primarily chemical and biological in nature (e.g., nutrient enrichment, organic carbon loading, patho-
gens, heavy metals, and other chemical contaminants). Biotic stressors include significant changes in 
biological components caused by human activities (e.g., overfishing and introduced/invasive species).
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Urbanized coastal lagoons in the northern hemisphere have historically been the most heavily 
impacted systems. However, coastal lagoons in developing countries of Asia, Africa, and South 
America may emerge in the twenty- first century as more problematic because these countries either 
lack government regulatory controls or have less stringent controls than most developed countries. 
Efforts to mitigate or remediate these impacts will also be hindered by the application of less effec-
tive technological innovations, particularly in the poorest, undeveloped tropical countries.

Many coastal lagoons, especially those near urbanized regions, receive a wide array of contami-
nants from watersheds and airsheds. Particularly noteworthy are particle- reactive contaminants 
that tend to accumulate in bottom sediments and therefore are likely to have a long residence time. 
Included here are PAHs, halogenated hydrocarbons, and trace metals. All can degrade sediment 
quality and, when bioavailable, significantly impact benthic organisms and eventually upper trophic 
levels. Pollution problems chronicled in coastal lagoons include nutrient over- enrichment, oil spills, 
sewage and other oxygen- demanding wastes, sedimentation and high turbidity, heavy metals, and 
pathogens. Radioactive substances, volatile organic compounds, and litter, while potentially prob-
lematic, usually are less threatening (Kennish 1998).

The following management strategies are often proposed to improve the environmental state of 
estuaries and coastal lagoons:

Increase monitoring and research to identify impacts and to develop remedial actions that •	
restore natural environmental conditions.
Pursue open space acquisition and smart development in coastal watersheds to protect •	
habitat.
Implement effective restoration efforts to revitalize altered habitat.•	
Formulate tighter regulations to limit nutrient and chemical contaminant inputs to estuar-•	
ies and lagoons.
Establish more estuarine reserves to minimize anthropogenic impacts, and to provide pro-•	
tected areas for basic and applied research.
Improve the management of estuarine fisheries to preclude excessive use or overharvest of •	
commercially and recreationally important finfish and shellfish populations.
Monitor, assess, and remediate water quality and habitat degradation associated with aqua-•	
culture operations.
Increase the interactions between scientists, resource managers, and policy makers to •	
ensure informed decisions regarding estuaries and coastal lagoons.
Develop education and outreach programs that inform students and the general public of •	
the importance of maintaining healthy and viable estuarine and lagoonal environments.

Best management practices must be instituted as part of an integrated coastal zone management 
strategy to protect coastal land and marine resources and mollify anthropogenic impacts threaten-
ing the conservation and sustainability of coastal lagoon habitats. It is necessary to formulate coastal 
management strategies that address human- induced stressors capable of acting synergistically to 
adversely impact habitats and biotic communities. These strategies must consider and incorporate 
changing hydrologic conditions and drivers, including flooding and droughts resulting from large 
storm events, warming, and atmospheric and ocean circulation features. Such drivers are of funda-
mental importance in transporting, delivering, and cycling of pollutants in coastal ecosystems, and 
they are changing in frequency and magnitude as our climate undergoes changes (Webster et al. 
2005; Emmanuel et al. 2008).

Eutrophication poses perhaps the greatest long- term threat to the ecological integrity of coastal 
lagoons. Lagoonal systems characterized by restricted water circulation, poor flushing, shallow 
depths, and heavily populated watersheds are particularly susceptible to nutrient enrichment impacts 
(Boynton et al. 1996; Kennish 2002). The Barnegat Bay– Little Egg Harbor Estuary and similar 
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embayments such as the Great South Bay (New York), Rehoboth Bay (Delaware), Newport Bay 
and Sinepuxent Bay (Maryland), and Chincoteague Bay (Maryland and Virginia) provide exam-
ples. Even much larger lagoonal systems (e.g., Pamlico Sound) have experienced serious nutrient 
loading and resultant eutrophication problems (Piehler et al. 2004; Paerl et al. 2005, 2006a,b; Paerl 
et al., Chapter 2, this volume).

1.7  nAturAl stressors

Coastal lagoons and shallow estuaries, in general, are highly vulnerable to climate change, sea- level 
rise, droughts, hurricanes and other major storms, and storm surge effects. These factors can signifi-
cantly increase coastal erosion, flooding, the loss of wetlands, and damage to coastal property and 
infrastructure. Salt water intrusion into aquifers and potable water supplies are an additional con-
cern. Ecological responses could include acute changes in the abundance, distribution, and diversity 
of plant and animal populations. Biotic communities in coastal lagoons are faced with adapting to 
considerable natural stress associated with extreme variability in physicochemical conditions such 
as daily, seasonal, and annual fluxes in temperature, salinity, organic matter inputs, wave and cur-
rent action, turbidity, freshwater inflow, winter ice cover, and habitat changes (e.g., loss of seagrass 
beds). To prepare for these changes, some coastal states in the United States are beginning to incor-
porate climate change and sea- level rise into strategic land and habitat planning (e.g., Berke and 
Manta- Conroy 2000; Heinz Center 2002; Brody et al. 2004; Norton 2005).

Since the mid- 1990s, the U.S. mid- Atlantic and Gulf Coast regions have witnessed a sudden 
rise in number of hurricanes and tropical storms. During this time frame, Florida has experienced 
six major hurricanes, while coastal North Carolina has been impacted by eight hurricanes and six 
tropical storms; this elevated frequency is forecast to continue for the foreseeable future (Webster 
et al. 2005; Knutson et al. 2008). These storms have had a range of hydrologic and nutrient load-
ing impacts in the largest lagoonal ecosystem in the United States, the Pamlico Sound (Paerl et al. 
2006a,b, 2009; see Paerl et al., Chapter 2, this volume). Different amounts of rainfall from these 
hurricanes led to variable freshwater, nutrient, and organic matter inputs to Pamlico Sound. This 
variability differentially affected the lagoon’s physicochemical properties (salinity, residence time, 
transparency, stratification, hypoxia), and phytoplankton primary production and community com-
position. Floodwaters from the two largest hurricanes, Fran (1996) and Floyd (1999), exerted multi-
 month to multi- annual effects on hydrology, nutrient loading, productivity, biotic composition, and 
habitat condition (Paerl et al. 2006b, 2009). In contrast, relatively low rainfall coastal hurricanes, 
Isabel (2003) and Ophelia (2005) caused strong vertical mixing and storm surges, but relatively 
minor hydrologic, nutrient, and biotic impacts (Paerl et al. 2006a,b, 2009). Both hydrology and wind 
forcing are important drivers of change and must be clearly integrated with nutrient, sediment, and 
other pollutant loadings when assessing, modeling, and managing short- and long- term ecological 
impacts on coastal lagoons influenced by climate change.

1.8  PlAn of thIs Volume

This volume provides detailed descriptions of the physicochemical and biotic characteristics of 
major coastal lagoonal systems in different regions of the world. It addresses environmental fac-
tors, forcing features, and stressors affecting hydrologic, biogeochemical, and trophic properties 
of coastal lagoon systems. Lastly, it discusses tools and approaches (i.e., indicators, trend analysis, 
modeling) for assessing ecological change, evaluating and managing these systems in the context of 
anthropogenically and climatically induced changes impacting our coastal zones.

Paerl et al. (Chapter 2, Assessing the Response of the Pamlico Sound, North Carolina, USA to 
Human and Climatic Disturbances: Management Implications) investigate the increasing influence 
of human activities on the largest coastal lagoon system in the United States. During the past few 
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decades, this system has experienced accelerated nutrient enrichment, accumulation of other pol-
lutants, sedimentation, and habitat disturbance from rapidly expanding agriculture, industry, and 
urbanization. In addition, Pamlico Sound has, since the mid- 1990s, been affected by a dramatic 
increase in the frequency of tropical storms and hurricanes. Depending on their intensity, direction, 
and rainfall content (and resultant freshwater runoff), these storms have differential impacts on phy-
toplankton productivity and community composition, and nutrient and oxygen cycling. Natural and 
human forcing factors interactively impact water and habitat quality in this ecosystem. Long- term 
water quality and fisheries management strategies should take these interactions into consideration, 
as there is a concern that such impacts may escalate in future years.

Anderson et al. (Chapter 3, Sources and Fates of Nitrogen in Virginia Coastal Bays) report on the 
sources, sinks, and fates of nitrogen in Hog Island Bay, Virginia, a coastal lagoon located along a 
clearly defined eutrophication gradient on the Delmarva Peninsula (United States). Coastal bays of 
the Delmarva Peninsula support a wide diversity of benthic autotrophs, which are thought to play 
a critical role in removal, retention, and transformation of nitrogen. Periodic blooms of ephemeral 
macro algae are a symptom of the mesotrophic condition of this system. Benthic and pelagic autotro-
phy in the Virginia coastal bays is supported primarily by autochthonous nitrogen sources (e.g., ben-
thic remineralization and nitrogen fixation). On an annual basis benthic microalgae accounted for 
most of the nitrogen demand, with phytoplankton, marsh grass, macro algae, and denitrification tak-
ing up the remainder. Carbon and nitrogen taken up by the benthos were rapidly shuttled between 
benthic microalgal and bacterial pools, contributing to retention in the sediments; however, macro-
algae were shown to interfere with uptake, either by reducing light or by competing with benthic 
microalgae. The authors hypothesize that increased eutrophication will provide a positive feedback 
that will reduce the potential of the benthos to take up and retain nitrogen.

Autochthonous nitrogen sources contribute more to total nitrogen input to Hog Island Bay than 
do allochthonous sources. Benthic nitrogen cycling processes, including nitrogen fixation, nitro-
gen remineralization, nitrification, denitrification, anammox, and dissimilatory nitrate reduction 
to ammonium, appear to play an important role in determining nitrogen availability for supporting 
primary production in both pelagic and benthic habitats and, thus, the potential for eutrophication 
of the system.

Christian et al. (Chapter 4, Ecosystem Health Indexed through Networks of Nitrogen Cycling) 
employ ecological network analysis (ENA) to evaluate ecosystem status of nitrogen cycling in 
two well- studied coastal lagoons, Hog Island Bay (United States) and Sacca di Goro (Italy). The 
sites represent a large range of nutrient loading and subsequent trophic conditions ranging from 
mesotrophic to hypereutrophic and dystrophic. Sacca di Goro has much higher nutrient loading and 
clear signs of cultural eutrophication, while Hog Island Bay is minimally impacted by nutrients. 
ENA results reflect the trophic status of the two coastal lagoons. The results are consistent with 
the hypothesis that eutrophication disrupts organization, and that less eutrophic systems may be 
expected to provide more efficient use of nutrients. ENA is shown to be of value in assessing the 
status of these lagoonal ecosystems.

Glibert et al. (Chapter 5, Blooms in Lagoons: Different from Those of River- Dominated 
Estuaries) show that phytoplankton blooms differ in coastal lagoons and river- dominated estuar-
ies. While nutrient loading and availability are necessary for phytoplankton bloom occurrence in 
coastal lagoons, algal production and accumulation are determined not only by the total quality 
of nutrient loading, but also by the nutrient composition, the seasonal timing of nutrient inputs, 
whether nutrient fluxes are episodic or sustained, the physiological status of the primary producers 
at the time of nutrient delivery, and other physical factors that influence nutrient retention and algal 
physiology. Lagoonal phytoplankton blooms are often dominated by picoplankton and may be sus-
tained for long periods of time. Blooms in river- dominated estuaries, by contrast, tend to be highly 
seasonal and dominated by larger- sized phytoplankton (i.e., >10 μm), often diatoms. Furthermore, 
the total production of coastal lagoons is balanced between that of the water column and that of 
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the benthos. Multiple interactive factors determine the amount and fraction of water column and 
benthic production.

Montagna et al. (Chapter 6, Relationship between Macroinfaunal Diversity and Community 
Stability, and a Disturbance Caused by a Persistent Brown Tide Bloom in Laguna Madre, Texas) 
track persistent brown tide (Aureoumbra lagunensis) effects on the macroinfauna in Baffin Bay 
and Laguna Madre, Texas (United States) over a 7- year period (1990 to 1997). They chronicle the 
impacts of this long- term hazardous algal bloom (HAB) on the abundance, biomass, and diversity 
of the benthic macroinfaunal community in Laguna Madre, a coastal lagoon, and Baffin Bay, a 
secondary bay. Results show that increasing concentrations of brown tide during the study period 
correlated with decreases in abundance, biomass, and diversity of the macroinfauna.

Fisher et al. (Chapter 7, The Choptank Basin in Transition: Intensifying Agriculture, Slow 
Urbanization, and Estuarine Eutrophication) summarize their research on nutrient enrichment of the 
Choptank Estuary, a system that serves as a microcosm of eutrophication processes in Chesapeake 
Bay. The focus of this work is to delineate how anthropogenic activities on land (primarily fertilizer 
applications, animal waste production, and human waste disposal) influence nutrient export to the 
estuary, and how estuarine water quality responds to these nutrient inputs. Although most of the 
information is taken from the Choptank, the authors also include parallel measurements in other 
basins of Delmarva for purposes of comparison, notably with the Maryland coastal lagoons.

Kennish et al. (Chapter 8, Seagrass Decline in New Jersey Coastal Lagoons: A Response to 
Increasing Eutrophication) discuss the effects of increasing nutrient enrichment on seagrass and 
other biotic indicators (e.g., hazardous algal blooms) in the Barnegat Bay– Little Egg Harbor Estuary 
(United States). Results of a comprehensive 3- year (2004 to 2006) investigation of seagrass demo-
graphics in the Barnegat Bay– Little Egg Harbor Estuary, a highly eutrophic lagoonal system along 
the central New Jersey coastline, reveal a dramatic decline in plant biomass, density, blade length, 
and percent cover of bay bottom over the study period. Significant shifts are evident in the ecosys-
tem services provided by the beds associated with increasing eutrophic conditions, such as the loss 
of critical habitat for shellfish populations and many other estuarine organisms. Declining seagrass 
abundance is correlated with the occurrence of extensive phytoplankton and benthic macroalgal 
blooms detrimental to seagrass beds in the estuary. Biotic responses to nutrient enrichment in this 
system are similar to those observed in other mid- Atlantic estuaries in the United States.

Fox et al. (Chapter 9, Controls Acting on Benthic Macrophyte Communities in a Temperate and 
a Tropical Estuary) detail the relative importance of bottom- up and top- down controls that act on 
seagrasses and macro algae in Waquoit Bay, Massachusetts (United States), and Jobos Bay, Puerto 
Rico, two shallow enclosed coastal bay systems. In Waquoit Bay, bottom- up controls by nutrients 
structure the benthic macrophyte communities. Where nutrients stimulate algal growth, even high 
numbers of grazers cannot control plant biomass. In Jobos Bay, nutrients and grazers are both 
important in controlling benthic macrophytes, and complex interactions exist between nutrients and 
grazers. In this system, the relative influence of top- down and bottom- up controls and the response 
to changes in these controls differ between producers. A complex interplay exists between bottom-
 up and top- down forces in structuring benthic producer communities in these enclosed water bod-
ies. Nutrients, light, producers, and consumers interact continuously and simultaneously, and these 
connections result in myriad combinations, many of which can control growth and biomass on 
different spatial and temporal scales.

Fong and Kennison (Chapter 10, Phase Shifts, Alternative Stable States, and the Status of Southern 
California Lagoons) provide an overview of the ecological status of southern California coastal 
lagoons. These lagoonal systems have a long history of physical and hydrological modification that 
threatens their structure and function. Empirical, experimental, and theoretical evidence indicates 
that bottom- up forcing has shifted the composition of primary producer communities through at least 
two states along a nutrient- loading gradient in the southern California lagoons. Results of large- scale 
experiments demonstrate that, as nitrogen loadings from highly developed watersheds have increased 
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to the lagoons, producer communities dominated by low abundances of phytoplankton and micro-
phytobenthos are being replaced by blooms of opportunistic green macro algae. Shifts to macroalgal-
 dominated systems are being documented in coastal lagoons worldwide due to increasing nutrient 
enrichment.

Oczkowski and Nixon (Chapter 11, Lagoons of the Nile Delta) chronicle changes that have 
occurred in coastal lagoons of Egypt’s Nile Delta (i.e., Burullus, Edku, Manzalah, and Maryut 
lagoons). An array of human stressors affects these shallow water bodies, including large amounts 
of agricultural drainage and nutrients, direct sewage inputs, fish pond aquaculture, and urbaniza-
tion. Despite these factors, the lagoons remain highly productive, and these systems now produce 
about half of Egypt’s national fish catch. Sewage discharges are problematic, particularly in the 
most altered and industrialized lagoon, Maryut, where the fishery collapsed 30 years ago. Nutrient 
enrichment is also very high in this lagoon. Nutrient loads from agricultural drains and nearby cities 
and towns to the delta and coastal lagoons are increasing, and eutrophication may be an escalating 
problem in future years.

Mutchler et al. (Chapter 12, Origins and Fate of Inorganic Nitrogen from Land to Coastal 
Ocean on the Yucatan Peninsula, Mexico) assess anthropogenic influences on nutrient loading and 
dynamics in coastal lagoons and bays on the northeastern Yucatan coast. They note that the nutri-
ent levels in these water bodies are coupled to the amount of freshwater input from the surround-
ing coastal watershed. Findings from this study suggest that nutrient loading in the region may be 
increasing in response to accelerating development and tourism. The resulting altered coastal nutri-
ent dynamics pose a potential threat to sensitive seagrass beds and coral reefs.

Herrera- Silveira and Morales-Ojeda (Chapter 13, Subtropical Karstic Coastal Lagoons Assess-
ment: SE Mexico The Yucatan Peninsula Case) evaluate the ecosystem condition of 10 coastal 
lagoons of the Yucatan Peninsula, analyzing changes in water quality indicators, submerged aquatic 
vegetation, HABs, and other parameters. Based on this work, the overall ecological health of the 
coastal lagoons is defined as generally good, although two of the lagoons (i.e., the Chelem and 
Bojorquez lagoons) appear to be at risk of cultural eutrophication as evidenced by the occurrence 
of HABs, loss of seagrass cover, and changes in mangrove vegetation condition due to increases in 
land use alteration and waste water inputs from the watershed, as well as hydrological modifications. 
Recommendations are given to preserve ecosystem structure and function (productivity, nutrients 
dynamics, variability), as well as environmental services (water quality, fisheries, recreation) in 
these impacted coastal lagoons.

Barbosa (Chapter 14, Seasonal and Interannual Variability of Planktonic Microbes in a Mesotidal 
Coastal Lagoon [Ria Formosa, SE Portugal]: Impact of Climatic Changes and Local- Human 
Influences) describes the seasonal and annual variability of planktonic microbes in the Ria Formosa 
coastal lagoon in southern Portugal in response to human and climatic forcing factors. The effects 
of increased anthropogenic pressure, both on seasonal and interannual time scales, are evident in 
areas in close proximity to major urban centers. These effects include decreased oxygen satura-
tion, higher and sustained availability of labile organic substrates during summer, and long- term 
increases in the concentrations of dissolved inorganic nutrients, particularly phosphate and ammo-
nium, and phytoplankton biomass during summer. Climate variability strongly impacts planktonic 
microbe flux on seasonal and interannual time scales.

Yin et al. (Chapter 15, Eutrophication Processes in Subtropical Semienclosed Embayments) for-
mulate a comparative analysis of eutrophication processes in contrasting environments in Hong 
Kong waters. They demonstrate how responses to nutrient enrichment, such as the magnitude of 
phytoplankton blooms and the formation of hypoxia, differ in three subtropical semienclosed bays 
(i.e., Deep Bay, Port Shelter, and Tolo Harbour) with different geographical settings and different 
physical processes, nutrient inputs, and nutrient ratios. In addition to nutrient enrichment, climate 
change appears to affect the three bays in terms of reduced dissolved oxygen levels in bottom 
waters.
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Philippart and Epping (Chapter 16, The Wadden Sea: A Coastal Ecosystem under Continuous 
Change) document the time series of abiotic, biotic, and functional changes recorded over many 
years in the Wadden Sea, a large coastal lagoon bounded by the Dutch, German, and Danish coast-
lines and the North Sea. Heavy metals, PCBs, pesticides, nutrients (nitrogen and phosphorus), and 
other pollutants are known to have accumulated in extensive areas of the lagoon during different 
periods from the 1930s to the 1970s. Nutrient enrichment and eutrophication escalated in the 1970s 
and 1980s, and the system has yet to recover completely from these factors. Increasing watershed 
development can be coupled to adverse aquatic impacts recorded in the water body. Climate change 
and sea- level rise are likely to be major drivers of long- term ecosystem change in the system.

Odebrecht et al. (Chapter 17, The Patos Lagoon Estuary: Biotic Responses to Natural and 
Anthropogenic Impacts in the Last Decades [1979–2008]) reveal that natural rather than human 
forcing factors have a greater effect on biotic responses in the Patos Lagoon Estuary (Brazil), a 
river- dominated system. For example, in the Patos Lagoon the species composition, abundance, and 
biomass of microalgae, macrobenthic fauna and flora, and fish assemblages respond most profoundly 
to environmental changes associated with natural events, notably El Niño Southern Oscillation 
(ENSO), rather than to widespread and long- term local impacts of pollution, dredging, and fisheries 
in the estuary. It appears that riverine water exchange between the Patos Lagoon system and the 
Atlantic Ocean has an overriding influence on ecological processes in the estuary, and they reduce 
or mask the effect of human perturbations.

Eyre and Maher (Chapter 18, Structure and Function of Warm Temperate East Australian 
Coastal Lagoons: Implications for Natural and Anthropogenic Changes) recount the different 
stages of maturity (infilling) in three coastal lagoon systems (Wallis Lake, Camden Haven, and 
Hastings River) in Australia. They also explain that structural changes in these coastal systems 
through time significantly affect their function as demonstrated by measures of the ratio of 
benthic to pelagic production and net ecosystem metabolism as a percentage of primary produc-
tion and wild fisheries production (catch/fisher), which show nonlinear changes with increasing 
maturity. The higher retention capacity of immature coastal lagoons combined with their larger 
areas of seagrass also renders them more susceptible to pollutant loads and climate change 
impacts such as sea- level rise.

Solidoro et al. (Chapter 19, Response of the Venice Lagoon Ecosystem to Natural and 
Anthropogenic Pressures over the Last 50 Years) review the array of human forcing factors affect-
ing the largest coastal lagoon in Italy. Principal forcing factors acting on the Venice Lagoon include 
climate change, eustatic sea- level rise, land reclamation, subsidence, channel dredging, sediment 
erosion, aquaculture activities, fishing, altered freshwater inputs, nutrient loading, and chemical 
contaminant inputs. The authors analyze the principal drivers of change and the recent biotic and 
habitat responses observed in this lagoonal system.

Montagna and Li (Chapter 20, Effect of Freshwater Inflow on Nutrient Loading and Macrobenthos 
Secondary Production in Texas Lagoons) present a bioenergetic model that relates macroben-
thic productivity to salinity differences in Texas coastal lagoons. They develop this model for the 
Lavaca– Colorado, Guadalupe, Nueces, and Laguna Madre systems that lie in a climatic gradient 
with decreasing rainfall and concordant decreasing freshwater inflow. Their hypothesis is that cli-
matic variability and inflow differences among the systems alter nutrient loading, which in turn 
affects benthic infaunal communities and maintains secondary production. A long- term dataset on 
macrobenthic biomass, which serves as an indicator of productivity, is used to calibrate the model.
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2 Assessing the Response of 
the Pamlico Sound, North 
Carolina, USA to Human 
and Climatic Disturbances
Management Implications

Hans W. Paerl,* Robert R. Christian, J. D. Bales, 
B. L. Peierls, N. S. Hall, A. R. Joyner, and S. R. Riggs

AbstrAct

The Pamlico Sound (PS) with its sub- estuaries is the largest lagoonal ecosystem in the United 
States. It exhibits periodically strong salinity stratification and an average freshwater residence 
time of 1 year for the sound proper. This relatively long residence time promotes effective use and 
cycling of nutrients, allowing the system to support high rates of primary and secondary produc-
tion, and serve as a vitally important fisheries nursery. This hydrologic characteristic also makes 
the system highly sensitive to nutrient over- enrichment and eutrophication. The PS is experienc-
ing ecological change in response to increasing human activity and climatic perturbations. Human 
impacts include a rise in nutrient, sediment, and other pollutant loads that accompany urbanization 
and agricultural and industrial growth in its watersheds and airsheds. Since the mid- 1990s, the PS 
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has witnessed a sudden rise in tropical storm and hurricane impacts, with eight hurricanes and four 
tropical storms having made landfall in the PS watershed during the 1996 to 2007 period. Each 
of these storms had unique hydrologic, nutrient, and other pollutant loading effects. In addition, 
since the early 2000s, the region has experienced record droughts, which are continuing. Variable 
freshwater discharges from storms and droughts have caused large oscillations in nutrient enrich-
ment, reflected ultimately in differential phytoplankton production, biomass, and community com-
positional responses. Floodwaters from the two wettest hurricanes, Fran (1996) and Floyd (1999), 
and from Tropical Storm Ernesto (2006) exerted long- term (months) effects on hydrology, nutrient 
loads, and algal production. Windy but relatively dry hurricanes, like Irene (1999) and Isabel (2003), 
caused strong vertical mixing, storm surges, but relatively minor changes in river flow, flushing, and 
nutrient loads. These contrasting effects are accompanied by biogeochemical (hypoxia, nutrient 
cycling) and habitat alterations, and associated food web disturbances. Each storm type influenced 
algal growth and compositional dynamics; however, their respective ecological impacts differed 
substantially. Changes in hydrologic and wind forcing resulting from changes in frequency and 
intensity of storms and droughts strongly influence water and habitat quality. These changes must be 
integrated with nutrient loading/dilution effects when assessing and predicting ecological responses 
to nutrient and hydrologic variability on this and other large lagoonal ecosystems.

Key Words: lagoonal estuaries, hurricanes, watersheds, nutrients, water quality management, 
Pamlico Sound, climate change

2.1  IntroductIon

Because lagoons are shallow, semienclosed water bodies, separated from the oceans and seas by 
sandbars, barrier islands, and reefs, they experience restricted water exchange and relatively long 
water residence time. North Carolina’s Pamlico Sound (PS), the largest lagoonal ecosystem in 
North America, typifies these conditions. Its five major watersheds (Neuse, Tar- Pamlico, Roanoke-
 Albemarle, Chowan, and Pasquotank) have a combined area of approximately 80,000 km2 and 
discharge ~21 km3/yr to the PS, which has a surface area of 4350 km2 (Figure 2.1). Together, these 
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basins drain about 40% of North Carolina and about 10% of Virginia. Tidal exchange with the 
coastal Atlantic Ocean and nearby Gulf Stream currently is restricted to three narrow inlets, result-
ing in an approximately 1- year residence time during average hydrologic years (Pietrafesa et al. 
1996). The long residence time provides ample opportunity for resident phytoplankton and vascular 
plants to assimilate nutrient inputs, resulting in high productivity (per unit nutrient input) and fertil-
ity. Moreover, these characteristics allow the PS to serve as a vitally important nursery (Winslow 
1889), supporting approximately 80% of mid- Atlantic commercial and recreationally caught finfish 
and shellfish species (Copeland and Gray 1991).

The PS’s efficient use of nutrients and organic matter also makes the system highly sensitive and 
susceptible to nutrient over- enrichment. The long residence time and low flushing velocities result 
in the accumulation of allochthonous and autochthonous nutrients and organic matter within the 
sound. Long residence times and nutrient/organic matter accumulation are conducive to the forma-
tion of nuisance algal blooms, hypoxia, anoxia, toxicity, aquatic life diseases, and potentially even 
mass mortalities of finfish and shellfish, all of which have been previously documented (Paerl et al. 
1990, 1995, 2006a; Copeland and Gray 1991; Christian et al. 1991; Rudek et al. 1991; Boyer et al. 
1994; Buzzelli et al. 2002).

Like many other estuarine and coastal ecosystems, the PS is under increasing influence of human 
activities, resulting in nutrient enrichment, sedimentation, accumulation of other pollutants, and 
habitat disturbance from rapidly expanding agriculture, industry, and urbanization in the water-
shed and airshed (Stanley 1988; Copeland and Gray 1991; Stow et al. 2001; Burkholder et al. 2006; 
Paerl et al. 2006a, 2007). Studies of key sub- estuaries going back to the early 1970s have shown 
a high degree of sensitivity to phosphorus (P) (in freshwater) and nitrogen (N) (in more marine 
waters) enrichment (Hobbie et al. 1972; Hobbie and Smith 1975; Tedder et al. 1980; Kuenzler et al. 
1982; Paerl 1982; Stanley 1983; Christian et al. 1991; Paerl et al. 2006a, 2006b, 2007). The well-
 documented history of nutrient sensitivity of the PS sub- estuaries has led to the recognition that 
both P and N reductions are necessary to help control eutrophication and its unwanted symptoms 
(North Carolina Department of Environment and Natural Resources [NC- DENR] 1999, 2001; Paerl 
2004, 2006c, 2007).

In addition to being impacted by human activities, the PS is also strongly influenced by climatic 
perturbations. We have entered a new climatic era in the southeastern and mid- Atlantic coastal 
region of the United States (Goldenberg et al. 2001; Emanuel 2005; Webster et al. 2005). Coastal 
North Carolina alone has experienced the effects of at least eight category 2 or higher hurricanes 
and several tropical storms over the past 13 years, including hurricanes Bertha and Fran in 1996, 
Hurricane Bonnie in 1998, four visits from three hurricanes (Dennis, Floyd and Irene) in a 6- week 
period during September and October 1999, Isabel in 2003, Charlie and Alex in 2004, Ophelia in 
2005, and Tropical Storm Ernesto in 2006 (Figure 2.2). Two of these hurricanes, Fran and Floyd, led 
to 100-  to 500- year flood events in the PS watershed (Bales et al. 2000; Bales 2003).

The severe effects of the 1996 and 1999 floods on PS and the sub- estuaries resulted from 
extremely high rainfall in parts of the basin (Bales and Childress 1996; Bales et al. 2000), com-
bined with the results of a long history of human modification and encroachment (e.g., channeliza-
tion, development of the flood plain) in the riverine systems feeding this lagoon (Riggs 2001). The 
key riverine features that affect flooding and interaction of the uplands with PS are addressed by 
Riggs (2001) and summarized here: (1) The morphology and composition of the paleo- and modern 
channel- flood plain systems including tributary drainages in associated uplands control the rate at 
which flood waters move through the system; (2) fluctuations in climate and sea level associated 
with Quaternary glaciation and deglaciation produced complex patterns of erosional incisement 
and sediment deposition; and (3) the location of a particular river segment along the stream gradient 
relative to sea level determines the degree of interaction between riverine and oceanic processes 
at temporal scales ranging from the long  term (millennia to decadal) to short  term (years to single 
storm events).
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Initial assessments of the effects on water quality, habitat, and fisheries of recent tropical 
cyclones on the PS system indicate that such impacts vary substantially in magnitude and dura-
tion (Paerl et al. 2001; Adams et al. 2003; Peierls et al. 2003), with large storm events leaving 
multiannual residual impacts (Peierls et al. 2003; Burkholder et al. 2006; Paerl et al. 2006a, 
2006b). Climatologists forecast a general increase in storm frequency and intensity of Atlantic 
tropical cyclones over the next 10 to 40 years (Goldenberg et al. 2001; Webster et al. 2005; 
Holland and Webster 2007). This poses a repetitive threat to PS and other low- lying Atlantic East 
Coast and Gulf of Mexico coastal regions, which are characterized by numerous large lagoonal 
or semi- lagoonal estuaries, bays, and sounds that drain the coastal plains (i.e., Chesapeake 
Bay, Pamlico Sound, Florida Bay, Lake Ponchartrain, Texas lagoonal estuaries and bays). Our 
ability to predict the effects of such storms on the function and responses of these coastal eco-
systems is limited—we simply have not sufficiently observed the systems under such extremes. 
Fully evaluating the ecological effects of these hurricanes and other intense storms affords a 
unique scientific opportunity to understand the linkages between coastal watershed geology, 
hydrology, biogeochemistry, water quality, and fisheries habitat responses and the resiliency of 
lagoonal ecosystems.

In this contribution, we will largely focus on the magnitudes, duration, and composition of 
planktonic primary producer responses to hydrologic and nutrient perturbations that have resulted 
from these storms as well as droughts. In one key tributary of the PS system, the Neuse River 
Estuary, phytoplankton accounts for at least 80% of “new” primary production that sustains the 
planktonic and benthic food webs (Paerl et al. 1998). Hence, gauging the response of the phyto-
plankton community is of considerable relevance with respect to developing predictive capabilities 
for productivity- trophic, nutrient cycling, habitat, and ecosystem- level responses. These large-scale 
events overlay “normal” seasonal and interannual variations in rainfall, including droughts, extra-
 tropical storms (local thunderstorms and nor’easters), and anthropogenic perturbations, such as 
wastewater, sediment, and fertilizer discharges from watershed activities.

Phytoplankton communities were sampled and analyzed prior to and following the storms. 
Surveys conducted prior to 1999 were mainly confined to the Neuse River and Pamlico River sub-
 estuaries of the PS system, but sampling was extended into PS following the 1999 hurricanes (Paerl 
et al. 2001, 2006b; Peierls et al. 2003). Using these and other studies, we will attempt to reconstruct 
the ecosystem- level responses to the storms, followed by an assessment of how watershed nutrient, 
sediment, and water management may need to adapt in response to periods of elevated tropical 
storm and hurricane activity as well as severe droughts affecting this large lagoonal ecosystem.

2.2  PuttIng thIngs In PersPectIVe: bIogeochemIcAl, 
geologIcAl, And clImAtologIcAl tIme scAles

North Carolina’s barrier islands and associated drowned- river lagoonal estuaries are highly dynamic 
on a geological time scale, and the form of the systems has varied as a function of a changing cli-
mate and sea level. Detailed geologic data demonstrate that this evolutionary history contains a 
record of changing climatic conditions, including periods of both minor and intense storm activity 
(Riggs 1999). Episodic accretion of barriers, collapse and landward migration of specific barriers, 
and the dynamics of inlets through the barriers have resulted from periods of intensified storm 
activity. Local sea level is intimately connected to climatic fluctuations reflecting changing regional 
oceanographic conditions. These patterns of climatic and sea- level oscillation are superimposed on 
the ongoing, large- scale Holocene rise in sea level that affects the overall physical- chemical char-
acteristics of the PS.

The associated ecosystem that develops under such conditions should be geologically resilient, 
characterized by sudden fluctuations followed by rapid recovery. For example, these estuaries and 
barriers may represent a storm- dominated ecosystem, in which flood events periodically flush the 
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system and reset ecological conditions, comparable to a fire- dominated terrestrial ecosystem (Riggs 
2001). Unfortunately, much of the observational data from Atlantic and Gulf Coast systems comes 
from a period of relatively low Atlantic storm activity (the mid- 1960s through mid- 1990s). Hence, 
we have only a rudimentary understanding of system response and recovery to assess either the 
short- or long- term impacts of high- energy events.

2.3  hIstorIc PersPectIVe on humAn And clImAtIc ImPActs

2.3.1  Human Impacts

Over the past 50 years, the PS system has exhibited symptoms of eutrophication associated with 
expanding use of its watersheds (Harned and Davenport 1990; Copeland and Gray 1991). Much of 
the blame for eutrophication and its detrimental impacts has been placed on rapidly growing and 
diversifying nonpoint sources (NPS) of nitrogen entering this largely N- limited system (Tedder 
et al. 1980; Paerl 1983, 1987, 1997; Christian et al. 1986; Stanley 1988; Rudek et al. 1991; Boyer et al. 
1994; Paerl et al. 1995, 2006a, 2006b, 2006c; North Carolina State Senate 1996; Burkholder et al. 
2006). In the Neuse River Estuary NPS, dominated by agriculture, contribute ~80% of the external 
or “new” N loading (NC DENR 1998).

Agricultural expansion during the last 50 years, widespread use of nitrogen fertilizer, proliferat-
ing intensive livestock (swine, cattle) and poultry (chicken, turkey) operations, and watershed urban-
ization have led to unprecedented increases in NPS- N loadings. Loads are estimated to have nearly 
doubled from the 1960s to the 1990s (Dodd et al. 1993; NC DENR 1998; Stanley 1988; Stow et al. 
2001; Paerl et al. 2004; Burkholder et al. 2006). Within the last 20 years, rapidly increasing com-
mercial swine operations increased from <1 million hogs in 1988 to ~10 million in 2008. This has 
elevated North Carolina to one of the nation’s leading pork producers, second only to Iowa (North 
Carolina Department of Agriculture; http://www.ncagr.com/stats/release/HogRelease12.pdf). 
Unlike human waste, swine waste is stored in open lagoons and remains largely untreated. Surface 
and groundwater N releases from expanding animal operations and urbanization have increased 
since the 1980s (Huffman et al. 1994; Gilliam et al. 1997; Spruill et al. 1998). Additionally, atmo-
spheric deposition of volatilized NH3 from animal waste contributes substantially to the NPS- N 
input into the rivers (Paerl and Whitall 1999). For example, volatilization of NH3 from animal 
waste and atmospheric emissions from fossil fuel combustion (NOx) can account for >30% of new 
N loading to the PS system (Paerl and Fogel 1994). Anthropogenically driven increases in nutrient 
loading have led to increases in phytoplankton biomass and algal blooms throughout the PS system 
(Copeland and Gray 1991). This is best documented for the major sub- estuaries of the PS. Nuisance 
cyanobacterial blooms occurred in the upstream, oligohaline segments of the Chowan and Neuse 
River estuaries starting in the 1970s (Tedder et al. 1980; Paerl 1982; Craig and Kuenzler 1983; 
Christian et al. 1986). In addition, increases in chlorophyll a concentrations have occurred in oligo-
haline segments of the Pamlico River Estuary; these frequently exceeded levels that are “accept-
able” (typically <40 μg L–1) by the State of North Carolina Department of Environment and Natural 
Resources (Stanley 1988; NC DENR 2001). Downstream mesohaline estuarine chlorophyll a levels 
also were periodically deemed excessive in the Pamlico and Neuse estuaries, going back as far as 
the 1970s (Hobbie et al. 1972; Hobbie and Smith 1975). Paleostratigraphic studies based on sedi-
ment cores collected in the lower Neuse and Pamlico estuaries have provided additional evidence 
that these sub estuaries of PS have, over the past several decades, experienced accelerating rates of 
eutrophication and declining habitat conditions (Cooper 2000).

2.3.2  clImatIc Impacts

Increases in primary production and algal bloom formation have led to enrichment of organic matter 
in the sediments (Matson et al. 1983; Matson and Brinson 1990), which appears to have exacerbated 
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the frequencies and spatial extent of bottom water and sediment hypoxia and anoxia in these peri-
odically salinity- stratified sub- estuaries (Stanley and Nixon 1992; Paerl et al. 1998; Buzzelli et al. 
2002). The extent to which nutrient- enhanced productivity has led to expanded regions and duration 
of hypoxia and anoxia, however, is uncertain. This is because bottom water hypoxia likely occurred 
as a result of salinity stratification and in the absence of human eutrophication. Hypoxic events 
are highly variable in time and space and are controlled by both chemical and physical processes, 
such as seasonal and interannual variations in freshwater discharge, wind, and air temperature. The 
highly variable “drivers” of hypoxia have translated into variable frequencies of finfish and shellfish 
disease and kills, which have been linked to episodes of bottom-water hypoxia and sulfide emis-
sions (Matson and Brinson 1985; Lenihan and Peterson 1998; Paerl et al. 1998; Eby and Crowder 
2002; Baird et al. 2004; Eggleston et al. 2004).

Despite the inherent variability in primary productivity, algal blooms, hypoxia, habitat, and fish 
kill responses, there are clear increases in trophic state and habitat degradation that have accompa-
nied human nutrient enrichment of this system (Burkholder et al. 2006; Paerl et al. 2006a, 2006b, 
2006c, 2007). Nutrient enrichment has also been accompanied by increased sediment loads, which 
have affected both nutrient status and transparency of the system (Biber et al. 2005). Increased tur-
bidity accompanying enhanced sediment loading has probably not negatively affected phytoplankton 
primary production in this shallow system. More likely, it has negatively affected benthic micro- and 
macrophytes, specifically seagrasses, which are known to have relatively high light requirements 
(>10% of surface irradiance; Biber et al. 2005). Any negative effects on seagrasses may translate into 
positive effects for phytoplankton, as the latter group can better circumvent light limitation and take 
advantage of nutrient supplies that would otherwise be used to support seagrass growth.

2.3.2.1  hurricanes
During the past 12 years, both nutrient and sediment delivery to the PS have been increasingly 
dominated by episodic hydrologic events, including the recent rise in Atlantic hurricane activity 
(Goldenberg et al. 2001; Webster et al. 2005; Holland and Webster 2007), as well as intense record 
periods of drought (http://www.nc- climate.ncsu.edu/climate/drought.php) (Figure 2.2). We appear 
to have entered a new climatic era, which has impacted delivery, processing, and ecological impacts 
of nutrients, organic matter, and other pollutants discharged to this large lagoonal ecosystem (Paerl 
et al. 2007).

Prior to 1996, coastal North Carolina had not been seriously affected by a large hurricane since 
mid- October 1954, when Hurricane Hazel made landfall in South Carolina. Both in terms of trajec-
tory and meteorology, Category 3 Hazel was remarkably similar to Fran (1996) and Floyd (1999) in 
that it delivered a massive amount of rainfall to the North Carolina coastal watersheds. This event was 
followed by a 40- year hiatus in major hurricane impacts on Eastern North Carolina. This lull was sud-
denly broken in the mid- 1990s. Although this lengthy break in hurricane landfalls might seem unusual, 
history argues that it is not. Analysis of well- kept weather records for the North Carolina coastline 
indicates that the region has experienced repeated 10- to 40- year periods of elevated Atlantic hur-
ricane activity (NC Climatological Office: http://www.nc- climate.ncsu.edu/climate/hurricane.php). 
For example, the late 1800s (1880s to 1900) and early to mid- 1900s (1930s to 1950s) were par-
ticularly active hurricane periods, with hurricane landfall frequencies matching those of the late 
1990s.

The most recent period of elevated hurricane activity started in 1996 with the arrival of Bertha 
(July) and Fran (Sept). Category 2 Bertha raked the North Carolina coastline, making landfall near 
Jacksonville, North Carolina, and traveling north across Pamlico Sound. Although Bertha’s high 
winds caused significant storm surges, beach erosion, and structural damage, heavy rainfall was 
confined to the eastern most Outer Banks. Neuse River freshwater discharge records at Kinston 
(USGS site number 02089500), approximately 60 km upstream from the entrance to the Neuse 
River Estuary, showed few effects of Bertha on hydrologic loading to the estuary (Figure 2.3). 
In contrast, Category 3 Hurricane Fran, which struck the North Carolina coast near Wilmington 

http://www.nc-climate.ncsu.edu/climate/drought.php
http://www.nc-climate.ncsu.edu/climate/hurricane.php
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on September 5, 1996, moved inland and stalled over the Piedmont region. During its destructive 
course, which included the Raleigh- Durham area, this large hurricane delivered as much as 50 cm 
of rainfall in gauged areas of the PS watershed, causing extensive, long- lasting (4 weeks) flooding 
in the Neuse River drainage basins (Bales and Childress 1996). In particular, the Neuse River basin 
was heavily impacted. Hydrograph data at the Kinston gauging station showed a massive amount of 
freshwater discharge to the Neuse River Estuary (NRE) (Figure 2.3). This freshwater bolus exhib-
ited very low dissolved oxygen (<2 mg O2 L–1), most likely due to elevated terrestrial organic matter 
loading. Eventually, the entire NRE turned hypoxic from top to bottom for at least a 2- week period 
(Paerl et al. 1998; www.marine.unc.edu/neuse/modmon).

Not surprisingly, fish kills were reported throughout the estuary during this period (Figure 2.4) 
(Paerl et al. 1998). Approximately 2 months after Fran- related flooding, the NRE returned to pre-
 Fran oxic conditions, although higher than seasonally normal freshwater discharge conditions 
prevailed well into the following spring months. This was most likely the result of floodwaters 
continuing to drain from swamps and wetlands, as well as discharge from saturated groundwater 
sources (Bales 2003). Therefore, it appeared that there was significant residual discharge lasting at 
least 6 months after Fran.

Large increases in nutrient loading were attributed to Fran (Figure 2.5). It was estimated that 
nitrogen (N) loading to the NRE associated with Fran’s floodwaters approximated the mean 
annual N load (Paerl et al. 2005), resulting in a doubling of the 1996 annual N load to this estuary 
(Figure 2.5). Unfortunately, Pamlico Sound proper was not routinely monitored for water quality 
until late 1999 (following hurricanes Dennis, Floyd, and Irene). Hence, the potential nutrient enrich-
ment effects of Fran’s floodwaters on the PS were not documented.

Hurricane Bonnie, in mid- September 1998, was another coastal storm with minimal ecologi-
cal impact on the sub- estuaries of the PS. Like Bertha, Bonnie was a windy, relatively low rainfall 
storm, resulting in no significant increase in freshwater runoff or N loading to the NRE or PS 

20072006200520042003200220012000199919981997

Bonnie
Fran

Dennis
Floyd
Irene Isabel Alex Ernesto

Charley Ophelia

199619951994

0

200

400

St
re

am
flo

w
 (m

–3
 s–1

)

600

Bertha

fIgure 2.3 Summary of daily mean streamflow of the Neuse River (as m3 s–1) at Kinston, North Carolina 
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(Figure 2.5b). Hypoxia in the NRE was reduced by strong vertical mixing associated with winds 
from Bonnie, and no increase in fish kills was reported.

During 1999, following a record summer drought, PS was impacted by three successive hur-
ricanes within a 6- week period in September to October. Hurricanes Dennis, Floyd, and Irene 
affected the PS in different ways, but the cumulative hydrologic effect was a record 1 m of rainfall 
over portions of the PS watershed, with peak flows estimated to be greater than the 0.2% exceedance 
level (500- year flood event) in most tributaries to the PS following Floyd (Paerl et al. 2001, 2006a, 
2006b; Bales 2003). Floodwaters inundated the PS sub- estuaries, essentially turning them fresh 
within a few days after Floyd made landfall in mid- September. Then, over the next 3 to 4 weeks 
the floodwaters displaced approximately 80% of the volume of PS. Salinity was depressed to near-
freshwater condition in the Sound’s surface waters, and residence time was reduced from ~1 year to 
approximately 6 weeks (Table 2.1) (Paerl et al. 2001; Bales 2003). Best estimates based on limited 
data suggested that PS received approximately its mean annual external N load and somewhat less 
than its mean annual P load during this 6-week period, meaning that during all of 1999, PS received 
double the normal nutrient loads (Paerl et al. 2001; Peierls et al. 2003) (Figure 2.5).

Primary production in the PS, assessed as increases in chlorophyll a concentration compared to 
prestorm conditions, showed a sudden, highly significant increase following the influx of nutrient-
 laden storm runoff. The sub- estuaries, typified by the Neuse, showed no significant increases in 
chlorophyll a, in large part because they served as freshwater “riverine” conduits with residence 
times of only a few days, compared to the larger PS (Bales 2003), and because the waters were 
highly turbid. In the Neuse River Estuary, chlorophyll a levels initially dropped as the freshwater 
discharge made its way downstream to PS (Figure 2.6). As a result, much of the nutrient- stimulated 
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production took place in the PS proper, largely because the sound had a sufficiently long residence 
time to enable the phytoplankton to assimilate the nutrient load and undergo net growth (Figure 2.7). 
As the floodwaters receded, 3 weeks after the landfall of Floyd (September 17, 1999), chlorophyll a 
concentrations remained relatively high in the PS, and started to show some increases in the Neuse 
River Estuary. Due to the long residence time of this system, nutrient- stimulated primary produc-
tion lasted well into 2000 in the PS (Paerl et al. 2001, 2006a, 2006b; Peierls et al. 2003; Christian 
et al. 2004) (Figure 2.7).

Dennis and Floyd’s floodwaters also delivered large amounts of watershed- derived dissolved and 
particulate organic carbon DOC/POC (Paerl et al. 2001). Analyses of floodwaters transiting the 

tAble 2.1
water residence time in days, calculated from monthly 
mean flow, for two key tributaries (neuse and Pamlico 
river estuaries) and the Pamlico sound Proper

water body

september october

1999 normal 1999 normal

Neuse River Estuary  7  69 11  81

Pamlico River Estuary  7 133 19 175

Pamlico Sound 36 219 79 313

Note: Values are shown for September and October 1999, during the hurri-
cane flood period. These were compared to normal conditions, based 
on mean flows over the previous 10 years.
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fIgure 2.6 Surface water chlorophyll a concentrations in the Neuse River Estuary (NRE) and freshwater 
discharge for the Neuse River (Kinston gauging station, USGS site number 02089500) from 1994 to 2007. 
Also shown are the dates of hurricane and tropical storms that impacted the NRE. Chlorophyll a values were 
derived from 13 ModMon stations that were sampled biweekly on a transect ranging from the head of the 
estuary to a downstream location near the entrance to Pamlico Sound.
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fIgure 2.7 Effects of the three sequential hurricanes, Dennis (D), Floyd (F), and 
Irene (I), on salinity and chlorophyll a concentrations at a location (X) in the western 
basin of Pamlico Sound, during fall 1999. The times of landfall of these hurricanes are 
indicated with arrows. Shown is a SeaWiFs remote sensing image (courtesy of NASA) 
taken on September 23, showing the discharge of sediment and organic matter–laden 
freshwater entering the sound. This was one week after landfall of Floyd (September 
17, 1999). Due to the huge volume of freshwater runoff discharged to the sound, sta-
tion X became fresh. It took nearly a year for normal salinity to return to this location. 
Nutrient- enriched waters led to the stimulation of chlorophyll a at this location and 
throughout the sound; elevated chlorophyll a concentrations were observed well into 
the following spring and summer (2000). (From Paerl, H. W. et al. 2001. Proc. Natl. 
Acad. Sci. USA 98: 5655–5660. With permission.)
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Neuse River Estuary and entering PS during the September to November floodwater discharge period 
indicated that the DOC content was at least twice the normal concentration while POC levels were at 
least three times the concentrations normally encountered. The PS acted like a large trap for organic 
matter. During this same period, approximately 2000 metric tons of particulate nitrogen (PN), or 
60% of the annual external load, was discharged from the sub- estuaries to PS (Bales 2003).

This large load of organic matter helped fuel extensive bottom-water hypoxia, which was exacer-
bated by strong vertical stratification due to the fresh floodwaters overlaying the saltier, denser bot-
tom water in the PS. Considering that we were only able to survey about 30% of the PS, the extent 
of bottom-water hypoxia following the discharge of floodwaters is not accurately known. Extensive 
bottom-water hypoxia was stressful to both finfish and shellfish, as indicated by an increase in 
fish sores, diseases, and kills and benthic shellfish and invertebrate mortality following Floyd 
(Burkholder et al. 2006; Paerl et al. 2006b) (Figure 2.4). Bottom-water hypoxia also forced juvenile 
fish from their preferred habitats. Hypoxic conditions and decreased surface salinity were alleviated 
when hurricane Irene totally mixed the PS as it passed by the Outer Banks in mid- October (Paerl 
et al. 2001). It took several months for nutrient and organic matter levels to return to pre- hurricane 
conditions after this series of disturbances, and increased incidences of fish disease were evident 
until well into the fall and winter of 1999 to 2000. Catches of dominant commercial and sport fishes 
remained markedly low through the following year, 2001 (Crowder and McClellan unpublished 
data). Low recruitment stocks, leading to poor recruitment during the 2 years following Dennis and 
Floyd, as well as higher than usual bottom water hypoxic conditions in the sub- estuaries, appear to 
be leading reasons for this prolonged decline in fisheries resources (Eggleston et al. 2004).

We suspect that the recovery of shellfish and finfish habitats to more desirable conditions would 
have taken longer if Hurricane Irene had not occurred on the heels of Dennis and Floyd. Irene, 
which grazed the Outer Banks in mid- October about a month after Floyd, had maximum sustained 
winds >120 km h–1 but brought only a trace of rainfall to the coast. Irene completely mixed the 
PS, relieving the system of the bottom water hypoxia, which, in retrospect, was of great benefit for 
finfish and shellfish.

Hurricane Isabel made landfall as a Category 2 storm on September 18, 2003, on the Outer 
Banks. The storm crossed the PS, and then moved northward through northeastern North Carolina, 
the Virginia Tidewater, and Chesapeake Bay regions (Figures 2.2 and 2.8). The powerful winds 
(>160 km h–1), storm surges, and high waves associated with Isabel created a new inlet near Hatteras 
Village on the Outer Banks. The new inlet had an immediate and measurable effect on salinity in 
PS, which was documented by the instrumented ferries crossing the PS (see www.ferrymon.org). 
Salinity in eastern PS was relatively low prior to the inlet opening, in large part because plenti-
ful summer rains delivered high amounts of freshwater to the Sound prior to Isabel (Paerl et al. 
2009). The inlet enhanced water exchange between PS and the coastal Atlantic Ocean, increasing 
the overall salinity of the eastern sound by approximately 3 psu. This elevated salinity condition 
prevailed until the Army Corps of Engineers filled the inlet 5 weeks later, returning the sound to a 
lower salinity (Figure 2.8).

fIgure 2.8 (see facing page) Track and hydrologic impacts of Hurricane Isabel, which made landfall on the 
Outer Banks and crossed Pamlico Sound on September 18, 2003. This hurricane created a new inlet between 
the Sound and the Atlantic Ocean. (a) The track and the two North Carolina Department of Transportation 
Ferry Division ferry routes that were instrumented to measure hydrologic conditions (shown as salinity here) 
before and after the storm struck. (b) The location of the new inlet that was formed along the southern part of 
Hatteras Island. (c) How the differences in salinity were monitored between the two focal regions of Pamlico 
Sound that are transected by the two ferries; a western region that is transected by the Cedar Island to Ocracoke 
ferry and an eastern region that is transected by the Swan Quarter to Ocracoke ferry. The ferries recorded 
hydrographic data up to 24 h prior to the hurricane and within 36 h after the hurricane struck. (d) The differ-
ences in salinity between the west and east focal regions prior to and after the new inlet was formed, and after 
the inlet was closed by the Army Corps of Engineers 5 weeks after the inlet was formed. Data were obtained 
by the North Carolina Ferry- Based Water Quality Monitoring Program, FerryMon (www.ferrymon.org).
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Despite high winds, rainfall in North Carolina from Isabel was relatively low (<15 cm in coastal 
North Carolina) (NOAA National Hurricane Center, www.nhc.noaa.gov/), in part because Isabel 
was a fast moving storm. Storm surges within the sounds caused locally severe shoreline erosion 
(up to 28 m), very high sediment loads, and resulting fish kills. Intense vertical mixing within the 
NRE and PS added to the suspended sediment load for several days after the storm. The sediment 
resuspension event caused nutrient enrichment in the water column, which led to nutrient- enhanced 
productivity, accompanied by an increase in phytoplankton biomass (as chlorophyll a). This effect 
was only observed for about a week, however, in contrast to the multi- month chlorophyll a stimula-
tion experienced after Dennis and Floyd. No significant hypoxia and/or fish kills were reported as 
a result of Isabel in either the Neuse River Estuary or PS. Some localized hypoxia, accompanied by 
fish kills, was reported in the northern Albemarle Sound and Chowan River regions, where shore-
line erosion and resultant sediment loadings were greatest. The fish kills likely were due to locally 
heavy rainfall and washout of organic matter from swamps in the Albemarle region that occurred 
as the forward speed of Isabel slowed while crossing the northern PS system. This led to an organic 
matter- enriched freshwater lens overlying saltier bottom water, causing strong vertical stratification 
and promoting water hypoxia.

In mid- September 2005, Hurricane Ophelia, a Category 1 “dry” coastal storm stalled off the 
North Carolina coastline for over 12 hours (Figure 2.2). This storm, like Isabel and Irene, pro-
duced high winds (Figure 2.9a) but relatively little rainfall. An autonomous vertical profiling system 
(Reynolds- Fleming et al. 2002) recorded the rapid water quality changes resulting from that storm. 
The primary initial environmental consequence of Ophelia was intense vertical mixing and sediment 
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resuspension (Figure 2.9b– d) and an abrupt increase in water column turbidity (Figure 2.9d). Within 
2 days of the storm’s passage, phytoplankton biomass more than doubled (Figure 2.9c), producing 
a second increase in water column turbidity (Figure 2.9d). We hypothesize that nutrients released 
from the resuspended sediment were the primary fuel for phytoplankton growth since there was 
no large- scale riverine discharge event associated with this storm (Figure 2.9b). No accompanying 
hypoxia and/or fish kills were reported following Ophelia.

2.3.2.2  smaller storm events (<74 mph)
Several tropical storms which delivered high rainfall to significant portions of the PS watershed also 
have affected water quality and habitat in PS during the past decade. For example, Tropical Storm 
Helene, which passed over the basin in 2000, was followed by a prolonged (several weeks) increase in 
phytoplankton biomass (chlorophyll a) in the mesohaline section of the NRE (Wetz and Paerl 2008). 
More recently, Tropical Storm Ernesto, which struck during mid- September 2006, delivered over 30 
cm of rainfall within the PS watershed (Figure 2.2) and produced a flood pulse in the NRE that was 
followed by an eight fold increase in freshwater flow over the prior condition (Figure 2.10a, b) (Hall 
et al. 2008). Ernesto’s discharge brought with it a very large amount of watershed- derived inorganic 
nitrogen, primarily as nitrate (NO3

–) (Figure 2.10c) (Hall et al. 2008). Ernesto’s freshet caused very 
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strong vertical salinity stratification, which remained in place for several weeks due to ensuing calm 
weather and a lack of vertical wind mixing (Figure 2.10b). This allowed anomalously high concen-
trations of regenerated ammonium (NH4

+) to accumulate in the saline bottom waters (Figure 2.10c). 
The unusually high nutrient availability fueled phytoplankton growth (Figure 2.10d), and a short-
 lived frontal circulation pattern additionally concentrated vertically migrating cells. The result was 
an intense (>200,000 cells mL–1) but highly localized bloom of the toxic dinoflagellate Karlodinium 
veneficum in the mid- estuarine region of the NRE (Figure 2.10d). The collapse of the toxic bloom 
coincided spatially and temporally with several fish kills (Hall et al. 2008).

In addition to specific tropical storms and hurricane events, abnormally low or high peri-
ods of freshwater discharge from local thunderstorms and droughts can also act as important 
drivers of phytoplankton dynamics in lagoonal estuaries. Hydrologic variability during 2003 
provides examples of how short- term and seasonal hydrologic forcing (freshwater discharge) 
can profoundly affect the magnitude and location of phytoplankton biomass in the NRE. In 
the NRE phytoplankton biomass, as chlorophyll a, accumulates in distinct regions of the estu-
ary. Peaks in chlorophyll a, or the “CMAX zone,” forms as a result of the combined effects of 
freshwater discharge, or flow, the nutrient enrichment in this discharge (Figure 2.11), and the 
residence time of specific segments of the estuary. When freshwater discharge is low, flow and 
flushing rates are low and water residence times tend to be long. Under these conditions, phyto-
plankton growth rates (doubling times) are most likely to keep up with relatively low flushing 
rates, leading to the accumulation of phytoplankton biomass, as CMAX, in upstream seg-
ments of the NRE. This can be seen during early February and late June in 2003 (Figure 2.11). 
Conversely, during elevated rainfall and relatively high freshwater discharge periods, flushing 
rates are high relative to phytoplankton growth, causing the CMAX to move to the wider down-
stream segments, where water residence time tends to be longer (Figure 2.11). The composition 
of phytoplankton communities either in or outside of CMAX can also be changed as a result 
of variable discharge, flushing, and residence time conditions, since different phytoplankton 
groups have inherently different maximum growth rates (Pinckney et al. 1998; Valdes- Weaver 
et al. 2006).

Interestingly, the wet spring and early summer period of 2003 played a much more significant 
role in shaping phytoplankton community structure than Hurricane Isabel (September 2003), which 
lashed the NRE with very high winds, caused complete vertical mixing, but delivered relatively 
little rainfall (Figures 2.3 and 2.11).

2.4  whAt hAVe we leArned?

The whole- system manipulation that took place in response to the 1999 hurricanes and subsequent 
hydrologic events provided an opportunity to unravel some of the scientific mysteries of PS and to 
provide a better framework for management of this and other large lagoonal estuarine and coastal 
systems that have relatively long water residence times and retention characteristics.

2.4.1  BIogeocHemIcal and tropHIc consIderatIons

Based on the findings from PS, we conclude that an increase in major storm activity affecting 
lagoonal estuaries will lead to: (1) increased allochthonous and autochthonous nutrient loading; 
(2) higher frequencies, intensities, and spatial coverage of phytoplankton blooms; (3) expansion 
of low oxygen conditions; and (4) degraded fisheries with potential reductions in fisheries produc-
tion. Although it can be argued that primary production and standing stocks of phytoplankton will 
sporadically increase as a result of the large nutrient loads in accompanying hurricane floodwaters, 
there was little short- term evidence that the enhanced primary production of PS has translated 
into increased production at higher trophic levels. If anything, the increased production of phyto-
planktonic organic matter added more “fuel” to support bottom-water hypoxia and anoxia in the 



Assessing the Response of the Pamlico Sound to Human and Climatic Disturbances 35

sound and its sub- estuaries (Paerl et al. 2001). While large amounts of river discharge can enhance 
shelf fisheries or anadromous fishes in oligotrophic estuaries, high discharge events are more likely 
to have a negative effect on lagoonal estuaries such as the PS. Flooding not only adds nutrients, 
organic materials, sediments, and toxic chemicals to the estuary but also leads to strong stratifica-
tion of the water column, a prerequisite to low oxygen concentrations in the bottom water (Buzzelli 
et al. 2002).

Although hypoxia reduces habitat availability and can be physiologically challenging or 
even lethal, oxygenated refuges usually exist in the surface or near- shore waters, allowing 
mobile organisms to evade areas of low habitat quality. In the wake of the 1999 hurricanes, 
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however, refuge areas were reduced significantly by the rapid and dramatic change in salin-
ity (Eby and Crowder 2002; Eggleston et al. 2004). The combined effects of low dissolved 
oxygen, low salinity, and rapid flushing as environmental stressors were probably greater than 
any of them would present alone. In addition, the persistence of these sporadically adverse 
conditions in the bottom waters of the PS likely exacerbated the fishery effects. Finfish and 
mobile shellfish responded with changes in abundance, composition, distribution, migration 
schedules, and resilience, all of which were largely species specific (Eby and Crowder 2002; 
Eggleston et al. 2004; Paerl et al. 2006b). The changing frequencies of environmental pertur-
bations (storms, floods, droughts) play a defining role in the response and recovery of the eco-
system to these perturbations. Response also depends upon the generation time of the affected 
organisms, which can be hours to days for phytoplankton, months to years for benthos, and 
years to decades for fishes.

2.4.2  socIoeconomIc aspects and consIderatIons

Over the past three centuries, humans have severely modified the vast forested wetlands and associ-
ated drainage systems that dominated the North Carolina coastal plain. The large- scale modifica-
tion and elimination of wetlands was accompanied by ever-increasing human encroachment and 
utilization of these marginal lands, primarily for agriculture and silviculture. However, the explosive 
urban growth and development of the past quarter century represented a haphazard approach to land 
use with almost no zoning, little interaction between various government agencies with different 
agendas, and disregard for natural hydrologic and geologic processes. The resulting chaotic pattern 
of development exacerbated the extreme amount of damage and enormously high cost of the 1999 
floods, which was estimated to be in excess of $3.5 billion (National Hurricane Center 1999; also see 
North Carolina Floodplain Mapping Program at http://www.ncfloodmaps.com/default_swf.asp).

Human modifications of the surface drainage systems in the PS watershed fall into three general 
categories, each with its own suite of problematic ramifications. Riggs (2001) listed the following: 
(1) ditching and draining of marginal wetlands and channelization of associated tributary streams 
changed the dynamics of the surface drainage system and led to major land- use changes and loss 
of wetland habitat and biodiversity; (2) modification of floodplains through filling and construction 
of road dams across streams severely modified the flow dynamics, resulting in slower drainage of 
floodwaters, retention of floodwaters in populated areas, and ultimately failure of hundreds of the 
road dams; and (3) suburban expansion of rural North Carolina has significantly increased the rate 
and degraded the quality of stormwater runoff.

The geologic framework and evolutionary history of the PS basin determine the terrestrial and 
hydrologic characteristics of the basin and the resulting flood impacts upon humans and their activi-
ties (Riggs 2001). All land is not equal and human land use and subsequent management should be 
based upon both the geologic and hydrologic dynamics. If future impacts of similar flood events are 
to be minimized, key geologic and hydrologic data of the riverine systems must form the basis of 
land- use and management plans for each drainage basin. The floods of 1999 “rezoned” the Coastal 
Plain for eastern North Carolina at a very high cost.

2.5  An IntegrAted Assessment ProgrAm In resPonse 
to lArge- scAle storm eVents

The issues discussed for PS and its sub- estuaries are symptomatic of other long- residence- time sys-
tems in the United States and worldwide. In the United States, an integrated monitoring, research, 
and assessment program is needed for East Coast and Gulf of Mexico estuarine systems under the 
influence of large storm events that cause major hydrologic, nutrient, and trophodynamic altera-
tions. The development of an effective program for lagoonal systems like the PS requires consid-
eration of at least two questions: (1) What type of assessment program is necessary and sufficient 
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to adequately address the range of ecosystem impacts resulting from major human and climatic 
perturbations? (2) What are the specific issues unique to monitoring and assessment of infrequent 
but important events, known to be major drivers of ecological change in lagoonal ecosystems?

The monitoring and assessment program must be able to answer the following questions.

How far away from “normal” conditions is the system changed by these events?•	
To what extent do these systems recover; what conditions are required for recovery?•	
Are there permanent changes to the ecosystem, and what are they?•	
How do human activities affect recovery?•	
Are any of the changes (short  term or permanent) detrimental to human use and resources?•	

Important features of a long- term monitoring and assessment program include:

Sampling to detect (1) trends, (2) changes in state equivalent to a step function, and (3) con-•	
sequences of infrequent but large- scale events.
Both a routine monitoring component and an event- response component planned well in •	
advance of the approach of a storm.
Spatially and temporally extensive monitoring of key environmental variables, using con-•	
tinuous and time- integrative sampling devices to assess water quality, productivity, and 
turbidity. These would include satellite- and aircraft- flown ocean color and infrared imagery, 
unattended continuous monitoring from platforms, and ships of opportunity (e.g., ferries) 
(Harding et al. 1994, 1995; Woodruff 1996; Buzzelli et al. 2003; Ensign and Paerl 2006).
Measurement of water quality and habitat responses using meaningful, sensitive, and •	
easily deployed indicators of environmental stress. Examples are planktonic community 
composition and activity indicators (Paerl et al. 2005), and the benthic macrofauna indica-
tors, specifically changes in benthic community structure and composition (i.e., Indices of 
Biotic Integrity; Miller et al. 1988), plus sediment composition and contaminants (heavy 
metals, pesticides, PCBs, and PAHs).
Assessment of sediments. The sediments that have filled estuarine basins contain a wealth •	
of paleo- climate and paleo- sea level information for the past 10,000 years of coastal his-
tory (Riggs 1999; Fletcher et al. 2000; Anderson et al. 2001).
Aggregation of meteorological data on storm paths, winds, rainfall, and flooding to pro-•	
vide a quantitative context for catastrophic storms. In the case of PS, this analysis must 
consider the fact that, until recently, the most active period of hurricanes in North Carolina 
(1930 to the 1950s) occurred when the human population was much lower and the amount 
of landscape modification was significantly less.
Assessment of effects of hydrologic, chemical, and sediment loading on biotic communi-•	
ties impacting nutrient cycling, finfish and shellfish habitats, including water column, salt 
marsh, seagrass, and open sediment habitats.
Fish community behavioral, physiological, and health responses to variation in water •	
depth, salinity, temperature, and dissolved oxygen.
Analysis of historical and contemporary data on fisheries landings and how landings •	
respond to intense storm activity. Much of our current thinking in estuarine fisheries man-
agement developed prior to the period of elevated storm activity. We may need to reevalu-
ate the relationship between human activities in coastal watersheds and their effects on 
water quality and fisheries under conditions of more severe events.

Modeling of watershed, water quality, habitat, and fisheries effects of intense storms is a key 
component of an integrated assessment program and is an important tool for synthesizing informa-
tion and providing options for environmental management. For the PS basin there are models for 
land- use effects on nutrients (Stanley 1988), transfer of materials through soils (Chescheir et al. 
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1996), hydrodynamics (Robbins and Bales 1995), water quality and nutrient cycling (Reckhow 1999; 
Bowen and Hieronymous 2000; Borsuk et al. 2001, 2003; Christian and Thomas 2003; Arhonditsis 
et al. 2007), and ecosystem response to hypoxia (Baird et al. 2004). These models might be used 
to address different aspects of storm impacts, but most if not all have a major limitation. The hur-
ricanes of 1999 produced conditions beyond those for which most models have been constructed or 
validated. Extension of model predictions to cover a wide range of infrequent and extreme conditions 
and validation of those predictions are both challenges to, and requirements of, an effective assess-
ment program. In lieu of that, models become minimally usable for understanding these macro-
 events. The challenge to simulating effects of macro storm events is to find ways to quickly integrate 
the results of various independent models to aid in the scientific and management response to these 
events.
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3 Sources and Fates of Nitrogen 
in Virginia Coastal Bays

Iris C. Anderson,* Jennifer W. Stanhope, 
Amber K. Hardison, and Karen J. McGlathery

AbstrAct

Coastal bays, which are typically shallow, located in the photic zone, and have little freshwater 
input, respond differently to nutrient enrichment than do deeper estuaries. Because of the diver-
sity of benthic and pelagic autotrophs they support, coastal bays are capable of modulating the 
effects of nutrient enrichment, derived from both allochthonous and autochthonous sources. We 
describe a study performed in Hog Island Bay, Virginia, located along a eutrophication gradient 
on the Delmarva Peninsula, to determine sources, sinks, and fates of nitrogen (N). On an annual 
basis, allochthonous sources of N, mainly base flow and atmospheric deposition, contributed 13%, 
whereas organic N remineralization (NRemin) in the sediments, supplied 77% of the total N avail-
able to support primary production. On a daily basis, N released by NRemin approximated the 
demand by benthic micro algae. Annually, N demand by benthic micro algae accounted for 55%, 
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phytoplankton 16%, salt marshes 16%, macro algae 7%, and denitrification 6% of total N uptake. 
Maximum daily N assimilation rates for benthic micro algae, macro algae, and phytoplankton were 
remarkably similar despite large differences in standing biomass, suggesting that turnover time is 
a critical parameter regulating availability of N to support continued autotrophic production and 
retention of N in sediments. Experiments were performed in sediment mesocosms taken from Hog 
Island Bay to track 15N into macro algae, benthic micro algae, bulk sediment, and the bacterial-
 specific biomarker D- alanine (D- Ala). When live, macro algae competed with benthic micro algae 
for light and nutrients; when dead, up to half of the incorporated N in macro algae was transferred 
to sediments. Within sediments we observed shuttling of N between bacterial and benthic micro-
algal pools increasing the retention time of N within the system. At nutrient enrichment levels above 
some “critical threshold,” we suggest that pelagic production will become increasingly dominant; 
benthic autotrophs will no longer function to help retain and recycle nutrients, which will then flux 
out into the water column to further support eutrophication.

Key Words: coastal bays, benthic micro algae, base flow, nitrogen cycling, macro algae, nitrogen 
fixation, nitrification–denitrification, remineralization, d- alanine, compound specific isotopes, 
biomarkers

3.1  IntroductIon

The Delmarva Peninsula, located along the mid- Atlantic coast of the United States and encom-
passing coastal areas of Delaware, Maryland, and Virginia, is bordered by shallow coastal bays, 
a common feature of shorelines worldwide. Coastal bays, which occur on all continents except for 
Antarctica, are typically characterized by shallow depth, extension of the photic zone to the benthic 
surface, little freshwater input, and diverse benthic primary producers. Because of their location on 
the land margin and often having a high ratio of watershed area to water surface area, coastal bays 
are uniquely vulnerable to the nutrient enrichment that results from the activities of a large human 
population, currently more than half the total U.S. population, who lives along our coasts (NRC 
2000; EPA 2001). In many regions, nutrient enrichment by reactive nitrogen of coastal waters is 
accelerating due to development and intensification of agriculture, which may partly be due to pro-
duction of biofuels (Galloway et al. 2008; Howarth 2008); in other areas, improved technology has 
reduced inputs of nutrients from both point and diffuse sources (Nixon 2009).

Nutrient enrichment, especially by nitrogen (N), is thought to be the major cause of eutrophica-
tion in coastal systems; however, numerous physicochemical and biotic factors may modulate the 
eutrophication response, particularly in shallow systems (Kennish and Townsend 2007; Paerl et al. 
2007; Nixon 2009). Although the magnitude of N loads to shallow coastal bays is similar to that of 
estuaries, responses to N enrichment may be very different (Nixon et al. 2001; McGlathery et al. 
2007). Based on results of an experimental study performed at the Marine Ecosystems Research 
Laboratory (MERL), Nixon et al. (2001) concluded that, whereas in deeper estuaries (>5 m) water 
column chlorophyll and phytoplankton primary production were correlated with N loading, in shal-
low coastal systems (<2 m), there was no clear correspondence between N inputs and primary pro-
duction. On the other hand, Boynton et al. (1996) were able to show a strong relationship between N 
loading and water column chlorophyll a for the Maryland coastal bays.

Interactions among a variety of biological and physical factors modulate responses of shallow and 
deep coastal systems to nutrient enrichment (Cloern 1999, 2001; Kemp et al. 2005). For example, 
phytoplankton growth in coastal systems varies depending upon water column depth, light avail-
ability, benthic micro algal production, and degree of benthic grazing (Lucas et al. 1999a). In San 
Francisco Bay the presence of large populations of benthic filter feeders, Potamocorbula amurensis, 
was observed to limit phytoplankton abundance despite high nutrient loading. In addition to light, 
other physical factors, such as tidal energy (Monbet 1992), horizontal transport, water residence 
time (Lucas et al. 1999b), and stratification (Kemp et al. 2005), may also modulate eutrophication 
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responses to nutrient addition. These physical factors also play a role in regulating the relative 
importance of benthic vs. pelagic primary production and the coupling between benthic and pelagic 
processes. Whereas phytoplankton may limit light in deep estuarine systems, turbidity caused by 
wind- driven resuspension may be a more important controlling factor in shallow systems (Lawson 
et al. 2007). In coastal bays benthic N cycling processes (Figure 3.1), including nitrogen fixation 
(NFix), nitrogen remineralization (NRemin), nitrification (Nitr), denitrification (Denit), anammox 
(Anam), and dissimilatory nitrate reduction to ammonium, are thought to play an important role in 
determining N availability for supporting primary production in both pelagic and benthic habitats, 
and thus the potential for eutrophication (Sundbäck et al. 2000; Gardner et al. 2006; Fulweiler et al. 
2007; Joye and Anderson 2008).

In shallow photic coastal systems, nutrient enrichment may not cause an increase in total system 
production but instead may cause a shift in dominant species of primary producers with poten-
tial feedbacks that may enhance eutrophication (Sand- Jensen and Borum 1991; Taylor et al. 1995; 
Valiela et al. 1997; McGlathery et al. 2007). Pelagic production increases at the expense of benthic 
production, due most likely to light limitation (Fear et al. 2004; Kemp et al. 2005). As eutrophi-
cation progresses, seagrasses and perennial macro algae are likely to be replaced by ephemeral 
macro algae and epiphytes, and finally by phytoplankton. As this shift occurs among dominant 
primary producers, we would expect changes in rates of organic matter burial and degradation, 
shifts in food web structure, and changes in rates of nutrient recycling and retention (McGlathery 
et al. 2007). The role of benthic micro algae in this cascade remains uncertain, although they clearly 
influence retention and transformation of nutrients in sediments (Sundbäck et al. 2000, 2006; Eyre 
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and Ferguson 2002, 2005; Anderson et al. 2003; Risgaard- Petersen 2003; Ferguson et al. 2007; 
Joye and Anderson 2008). Although the structure of the primary producer community is likely to 
exert a strong influence on biogeochemical process rates, there are currently only limited data avail-
able to enable predictions of how succession within autotrophic communities resulting from nutrient 
enrichment might affect benthic biogeochemistry and its feedbacks (McGlathery et al. 2007; Joye 
and Anderson 2008). It has been assumed that bottom- up effects are more important than top- down 
effects in structuring primary producer communities; however, Heck and Valentine (2007) point out 
that accumulation of primary producer biomass in shallow benthic habitats is more likely controlled 
by consumers than by nutrients.

Succession of dominant primary producers is influenced by physicochemical drivers and their 
interactions, including light availability, water residence time, nutrient enrichment, sediment type 
and biogeochemistry, and grazing. For the most part, N loads to the bays along the northern portions 
of the Delmarva Peninsula are higher than those in Virginia (Giordano 2009), resulting in a regional 
gradient of eutrophication, varying from slightly eutrophied at the Virginia end, to moderately 
eutrophied along the Maryland shoreline, to highly eutrophied in Delaware. The Maryland coastal 
bays appear to be in a state of transition with available metrics indicating degrading conditions with 
increasing macroalgal biomass and blooms of harmful algal species, including Aureococcus ano-
phagefferens (Wazniak et al. 2007; Bricker et al. 2008). In recent years, there has been a reversal 
in trend from decreasing to increasing concentrations of total nitrogen (TN), total phosphorus (TP) 
and chlorophyll a (chl  a), potentially responsible for the leveling off of seagrass abundance, which 
had shown a 320% increase between 1986 and 2001 (Wazniak et al. 2007). Unlike the Maryland 
bays, successful seagrass restoration in some of the Virginia coastal bays suggests the potential for 
improving health (Orth et al. 2006). Because of their location along a regional gradient of eutro-
phication and the transitional states of some of the systems, the Delmarva coastal bays provide an 
excellent opportunity to test hypotheses regarding the drivers that regulate dominance by primary 
producers, trophic status, changes in nutrient cycling and retention that both result from and may 
feed back to cause changes in autotrophic community composition.

The primary sources of allochthonous nutrients to coastal bays along the mid- Atlantic coast 
are wastewater treatment plants and nonpoint sources, including fertilizers, septic systems, animal 
feeding operations, especially poultry production, and combustion of fossil fuels (Giordano 2009; 
Stanhope et al. 2009). Nutrients are transported from watersheds to the coastal bays in atmospheric 
deposition, surface water runoff, and groundwater, which provides sustained stream flow, called 
base flow, during nonprecipitation periods and may also discharge directly to the coastal bays. The 
relative importance of these sources and modes of transport depends on land use and soil char-
acteristics in the watersheds, rainfall, evapotranspiration, presence of a riparian zone or fringing 
marshes, and the ratio of watershed area to waterbody surface area of the coastal bay (Peterjohn and 
Correll 1984; Stanhope et al. 2009). On the Delmarva Peninsula, the shallow unconfined aquifer 
from which base flow and direct groundwater discharge are derived is contaminated with inorganic 
N, primarily from agricultural land use although, as shown in Table 3.1, urban development and 
poultry feeding operations have impacted groundwater in the northern portion of the Delmarva 
Peninsula (Weil 1990; Boynton et al. 1996; Dillow et al. 2002; Stanhope 2003).

Autochthonous sources of nutrients that may also play an important role in supporting primary 
production in coastal bays are NFix and NRemin, both occurring principally in the sediments. 
Since NFix is an anaerobic process, rates are generally higher in the benthos than in the water 
column (Paerl 2009). Although previous work suggested that NFix is not an important source of 
N in saline estuaries, recent data suggest that NFix may indeed provide a considerable amount of N 
in shallow photic coastal systems (Gardner et al. 2006; Fulweiler et al. 2007; Fulweiler and Nixon 
2009). NRemin rates are also likely to be high in shallow photic coastal bays, which generally 
support high rates of primary production. Although some of the organic matter, especially dis-
solved species, are decomposed in the water column, most NRemin occurs in the benthos producing 



Sources and Fates of Nitrogen in Virginia Coastal Bays 47

dissolved inorganic N (DIN) and dissolved organic N (DON), which can support production of both 
benthic micro algae (Anderson et al. 2003) and macro algae (Tyler et al. 2001, 2003). In fact, benthic 
micro algae are thought to provide an important ecological service in shallow photic systems by cap-
ping the sediments and preventing release of ammonium (NH4

+) to the water column where it could 
promote eutrophication. However, benthic micro algae only serve to “cap” the sediment nutrient flux 
if their own biomass or exudates are converted into forms of N and carbon (C) that are either not 
released to the water column or are released in a less biologically labile form. We will later describe 
mechanisms responsible for retention of benthic micro algal- derived N and C in sediments.

Coastal bays of the Delmarva Peninsula support a wide diversity of benthic autotrophs, which 
are thought to play a critical role in removal, retention, and transformation of N in these systems. 
Seagrasses, mainly Zostera marina, were very abundant until the 1930s throughout the Delmarva 
bays; however, they disappeared from the southern Virginia bays as a result of wasting disease and 
the hurricane of 1933 (Orth et al. 2006; McGlathery et al. 2007). An effort to restore Z. marina to the 
Virginia bays in recent years has met with a great deal of success (Orth et al. 2006). In the Maryland 

tAble 3.1
comparison of hog Island bay, Virginia vs. maryland coastal bays

hIb md bays sources

Ratio watershed/lagoon area 0.61 1.60 Boynton et al. (1996); Hayden and Porter (2001); 
Oertel (2001)

% Forested (including wetlands) 51.4 54.2 Porter and Hayden (2001); MD Dept. of Planning 
(2004)

% Agriculture 45.3 34.5

% Developed 3.3 9.4

Total poultry farmsa 1 143 Google Earth; USDA (2002)

Mean residence/flushing time (days) 16 13 Pritchard (1960); Fugate et al. (2006)

Mean phyto. NPP; summer (gC m–2 d–1)b 1.1 0.6 McGlathery et al. (2001); Giordano (2009)

Mean water column chl a (SE) (mg m–3)c 7.3 (1) 11 (2) McGlathery et al. (2001); Wazniak et al. (2004); 
Anderson (unpub); Hardison (unpub)

Max macroalgal biomass (SE) (g dwt m–2)d 96 (62) 187 (64) McGlathery et al. (2001); Wazniak et al. (2004); 
Hardison (unpub)

Direct atmospheric N deposition to bay 
(kg ha–1 yr–1)

9.5 7.9–11.6e Meyers et al. (2001); this chapter

Diffuse + point N loadings (kg ha–1 yr–1)f 4.8 35.6 Boynton et al. (1996) and references therein; 
Stanhope (2003)

Total N loadings (kg ha–1 yr–1) 14.3 43.4–47.1

a One poultry farm was identified in HIB watershed using aerial maps on Google Earth, 2009 Digital Globe, GeoEye, 
Commonwealth of Virginia, USDA Farm Service Agency Map data. The number of poultry farms for MD bays is based 
on Worcester, MD county data.

b Net primary production (NPP) is uptake of C. HIB data were collected in August 1998. MD bays data were for Isle of 
Wight Bay collected in July 2007, July 2008, and August 2008.

c HIB data were collected intermittently from 1998 to 2007. MD bays data were based on medians of monthly measure-
ments for each lagoon from 2001 to 2003.

d HIB data were collected from 1998 to 2000 and 2006 to 2007. MD bays data were collected from surveys in 2001 and 
2003.

e Range encompasses estimates for deposition to the water surface and watershed. Meyers et al. (2001) reduced dry depo-
sition by a factor of 4 to estimate atmospheric deposition to water surfaces.

f Diffuse loadings include direct groundwater inputs and are normalized by water body surface area; 1 kg ha–1 yr–1 = 
0.1 g m–2 yr–1.



48 Coastal Lagoons: Critical Habitats of Environmental Change

bays Z. marina currently occupies approximately 67% of its potential habitat; although its abundance/
coverage has increased by approximately threefold since 1986, that increase has leveled off in the last 
few years (Wazniak et al. 2007). Other benthic autotrophs common to many of the Delmarva coastal 
bays include a variety of macro algae such as Ulva, Gracilaria, Agardhiella, and Chaetomorpha, 
benthic micro algae, including diatoms and both filamentous and coccoid cyanobacteria, and sea-
grasses and their epiphytes (Goshorn et al. 2001; McGlathery et al. 2001, 2004; Glibert et al. 2007).

The presence of benthic autotrophs buffers the effects of nutrient enrichment and reduces the 
potential for eutrophication. The effectiveness of benthic primary producers in removing and 
retaining N depends on: (1) the dominant autotrophic species present and the turnover time of the 
autotroph (McGlathery et al. 2004, 2007); (2) whether the dominant N species is DIN or DON; 
(3) whether the DON is labile and can be taken up by autotrophs (Tyler et al. 2001, 2003); (4) whether 
the source of N is the water column or sediment pore water; (5) residence time in the coastal 
bays (Fugate et al. 2006); (6) resuspension (Lawson et al. 2007) and quality and quantity of light 
(MacIntyre et al. 1996); and (7) potential limitations by phosphate or silicate. Retention of N by 
benthic autotrophs is temporary, with retention time in sediments greatest for rooted macro phytes, 
intermediate for macro algae, and shortest for benthic micro algae (Duarte and Cebrian 1996). A con-
ceptual model shown in Figure 3.1 describes potential fates of N assimilated by benthic auto trophs, 
which may be: (1) grazed and transferred to higher trophic levels; (2) exuded by live or grazed auto-
trophs; (3) decomposed to dissolved organics, which may support benthic and pelagic heterotrophy; 
(4) immobilized to build microbial biomass; (5) mineralized to DIN and DON to support both 
benthic and pelagic autotrophy; (6) converted to gaseous forms (N2, N2O) by coupled Nitr–Denit 
or by Anam; (7) exported as dissolved, particulate, or gaseous species; or (8) buried as recalcitrant 
organic matter (Tyler et al. 2001, 2003; McGlathery et al. 2004; Joye and Anderson 2008). These 
processes are regulated by complex biological–physical–chemical interactions, including but not 
confined to resuspension, tidal mixing and residence time, porewater advection, gaseous exchange 
between water and the atmosphere, and by bioturbation. Given these complexities, it is understand-
able that much remains to be learned about the fate of N taken up by benthic autotrophs over short 
(hours) and long (>1 year) time scales.

In this chapter we will focus on research performed in the Virginia coastal bays over approxi-
mately a 12- year period, from 1997 to 2009. Most of the work was done in Hog Island Bay (HIB), 
the largest of the Virginia coastal bays. We will describe the sources, sinks, and potential fates of N 
and the biological–physical interactions that modulate those fates.

3.2  sources of nItrogen to coAstAl bAys

3.2.1  descrIptIon of tHe VIrgInIa coastal Bays

Studies were performed primarily in HIB, located in the southern portion of the Delmarva Peninsula, 
which forms the eastern shore of the Chesapeake Bay. HIB on Virginia’s Eastern Shore is located 
within the Virginia Coast Reserve (VCR), a National Science Foundation Long Term Ecological 
Research (LTER) site (Figure 3.2). The lagoon extends over an area of approximately 150 km2 
(Oertel 2001). It is both surrounded and intersected by extensive areas of salt marshes and mudflats, 
which are drained by a network of intertidal creeks. Relict oyster reefs are common throughout the 
lagoon. Average water depth within the lagoon is 1 to 2 m at mean low water (MLW); the semidiur-
nal tidal range is 1.1 m along the barrier islands and 1.5 m along the mainland edge (Santos 1996). 
Samples were taken at nine stations (three stations per site) along a transect, established across HIB 
from the mainland border to Hog Island, a barrier island, a distance of approximately 10 km. The 
“Creeks” sites were located at the mouths of tidal creeks draining salt marshes on the mainland 
border of the lagoon; the “Shoals” sites were located mid- lagoon adjacent to relict oyster reefs; the 
“Islands” sites were located adjacent to Hog Island in a back- barrier embayment. The average water 
depth at the three sites is approximately 0.5 m at MLW.
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3.2.2  nutrIent gradIent across coastal Bays

There is typically a nutrient gradient across coastal lagoons, with highest concentrations closest to 
the mainland, reflecting both watershed nutrient inputs to the lagoon and variations in local water 
residence times. Figure 3.3 shows data collected along a transect from the mainland to the barrier 
islands over a 5- year period in HIB. DON concentrations exceeded inorganic N, and represented 
>75% of total dissolved N. Although DON was the most common form of dissolved N in the lagoon 
proper, NO3

– was the dominant N species, comprising 66% to 98% of the TDN pool, in base flow of 
14 streams that discharge to the Virginia coastal bays (Stanhope et al. 2009). The high percentage 
of DON in lagoon waters is likely a product of microbial decomposition and recycling of organic 
matter in both the water column and sediments (Christian et al., Chapter 4, this volume).

3.2.3  allocHtHonous sources of nItrogen to VIrgInIa coastal Bays

Anthropogenic sources of nutrients to surface and groundwater include fossil fuels, fertilizer, 
symbiotic N fixation from leguminous crops, animal waste, septic systems, and wastewater from 
treatment plants (Jordan and Weller 1996; Howarth et al. 2002). The dominant nutrient sources to 
coastal waters vary depending on land-use activities in the watershed. For the watersheds of the 
Virginia coastal bays, agriculture is the primary land cover (56%), followed by forest (39%), devel-
oped land (3%), and wetlands (2%) (Porter and Hayden 2001). Wheat, soybean, corn, and tomatoes 
are the primary crops grown. Tomato plasticulture, an increasingly popular agricultural practice on 
Virginia’s Eastern Shore, has potentially greater impacts on watershed N sources to the coastal bays 
than other crops since 1 ha of tomato plasticulture is predicted to leach 433 kg N y–1 compared to 
35 and 22 kg N y–1 for corn and soybeans, respectively (Giordano 2009). Poultry farming is another 
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important activity especially in the northern county of the Virginia Eastern Shore (Accomack 
County), which had 77 farms and more than 31.7 million broiler chickens raised in 2002, while 
the southern county (Northampton County) had none reported (USDA 2002). Only two creeks, 
Parker and Little Mosquito creeks, that drain to Metompkin and Chincoteague bays, respectively, 
and Chincoteague Channel currently receive permitted wastewater discharges (U.S. Environmental 
Protection Agency Envirofacts Database, http://www.epa.gov/enviro/#water). As a result, nonpoint 
sources are the dominant source of N from the rural watersheds of the Virginia coastal bays. These 
allochthonous sources of nutrients are transported to the coastal bays via base flow, surface water 
runoff, direct groundwater discharge, direct atmospheric deposition, and exchange with the coastal 
ocean. This section will discuss each of these pathways, except ocean exchange, and their relative 
importance in transporting N to the Virginia coastal bays and, in particular, to HIB. Unfortunately, 
little is currently known about exchanges between the coastal bays and ocean, although modeling 
activities currently under way to determine residence times will allow future estimates of inputs and 
exports between bays and the ocean.

3.2.3.1  stream flow
Within watersheds, nutrients enter groundwater during precipitation events by recharge of the aqui-
fer and in direct surface water runoff to streams (stormwater runoff). Base flow, groundwater dis-
charge to streams from the saturated zone of shallow aquifers, provides a sustained flow of water 
in streams when there are no precipitation events. Approximately 56 major streams drain to the 
Virginia coastal bays (Hayden and Porter 2001). Because of the relatively narrow width of the lower 
Delmarva Peninsula (5 to 20 km wide), watershed catchments and stream inputs to the Virginia 
coastal bays are generally smaller than in the upper Delmarva Peninsula and western shore of the 
Chesapeake Bay. As a result, the contributions of total stream flow (base flow and surface water 
runoff) to total N loading of the Virginia coastal bays are expected to be less significant in compari-
son to those lagoons with large watersheds and estuaries with major tributaries that receive greater 
freshwater input, such as the Chesapeake Bay.

Base flow, in comparison to surface water runoff, can be a major conduit for transporting nutri-
ents and freshwater to coastal waters, especially in regions such as the Delmarva Peninsula where 
high aquifer permeability and relatively flat topography promote groundwater recharge instead of 
runoff (Robinson and Reay 2002). In studies conducted in the mid- Atlantic Coastal Plain (Bachman 
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et al. 1998), and specifically in the upper Delmarva Peninsula of Maryland and Delaware (Bohlke 
and Denver 1995; Phillips and Bachman 1996; Jordan et al. 1997c), base flow contributed on average 
between 60% and 80% of total stream flow and represented a significant source of N to low- order 
streams. Monitoring results for a nontidal stream in a Virginia coastal bay watershed demonstrated 
that base flow accounted for 72% to 85% of annual total stream flow (Stanhope et al. in prep) 
(Figure 3.4). Stormwater runoff has also been observed to dilute NO3

– concentrations in base flow 
(Bohlke and Denver 1995; Jordan et al. 1997c). Therefore, surface water runoff relative to base flow 
is likely to contribute a smaller fraction of nutrients to total stream flow in streams of the Piedmont 
and Coastal Plain regions of the Chesapeake Bay.

Methods for estimating N loadings in base flow and surface water runoff from watersheds 
include a direct method and use of watershed models. The direct method involves collecting hydro-
graphic data, including stream discharge rates and stage height, developing a ratings curve to esti-
mate continuous stream discharge rates (Rantz 1982), and taking water samples during base and 
stormwater flow conditions for nutrient analyses (Bachman and Phillips 1996; Jordan et al. 1997b; 
Volk et al. 2006). Hydrograph separation analysis allows differentiation of base flow from surface 
water runoff, a process that can be automated using computer programs (Sloto and Crouse 1996; 
Lim et al. 2005). Statistical and deterministic watershed models, which can be applied to esti-
mate N loadings, vary in complexity and temporal and spatial resolution; examples include the 
Waquoit Bay Nitrogen Loading model based on a mass balance approach (Valiela et al. 1992) and 
the Generalized Watershed Loading Function (GWLF) model, which employs a more mechanistic 
approach (Haith and Shoemaker 1987). Data for these models may include N inputs from various 
land uses/covers (e.g., agriculture, developed land, septic tanks, Nfix, wastewater discharges), N loss 
terms and attenuation in the watershed (e.g., Denit, forest uptake, crop harvest), and water balance 
calculations (e.g., precipitation, aquifer permeability, land- use- specific runoff coefficients, surface 
elevation, evapotranspiration rates). Alexander et al. (2002) provide a review of a variety of water-
shed models.

Stanhope et al. (in prep) quantified base flow nutrient yields for one year (May 2001–April 2002) 
from 14 first- order streams, distributed along a 70 km north–south transect of the Virginia Eastern 
Shore. During base flow conditions (at least 48- hour antecedent period of no precipitation), stream 
discharge rates and nutrient concentrations were measured monthly. Relationships between base 
flow nutrient yields and watershed characteristics (e.g., land cover and soil drainage class) were 
analyzed and used to develop a multiple regression model to predict base flow N yields. To simplify 
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statistical analyses, nine land cover classes found in the watersheds were grouped into three major 
land cover categories of agriculture, forest, and developed land, and six soil drainage classes were 
grouped into three major categories of well drained, poorly drained, and very poorly drained. Base 
flow total dissolved nitrogen (TDN) yields (normalized to watershed area) from predominantly 
forested watersheds (67% to 68% forested) ranged from 0.13 to 2.3 kg N ha–1 yr–1, and from agricul-
tural watersheds (62% to 75% agricultural), ranged from 1.6 to 9.2 kg N ha–1 yr –1. These estimates 
were generally comparable to total stream flow N yield estimates for watersheds in the Delaware 
and Maryland portions of the coastal plain of 0.08 to 1.3 kg N ha–1 yr–1 and 0.94 to 11.2 kg N ha–1 
yr–1, respectively, for predominantly forested (91% to 93%) and agricultural (58% to 64%) water-
sheds (Jordan et al. 1997a; Correll et al. 1999). Base flow TDN yields were positively related to 
percent agricultural land cover, percent developed land cover, and percent very poorly drained soils. 
It was negatively related to percent forested land cover (Figure 3.5). Forested and developed land 
covers together with very poorly drained soil accounted for 91% of the variability of TDN yields 
(p = 0.0001).

The base flow study by Stanhope et al. (2009) occurred during a severe drought and likely underes-
timated TDN loadings to the Virginia coastal bays. To estimate base flow contributions to total stream 
flow under non- drought conditions, stilling wells were installed at three streams (Nickawampus, Greens, 
and Gargatha Creeks) following the completion of the base flow study. The drought ended in November 
2002, and wet year NO3

– yields (November 2002 to October 2003) were on average 1.5 times greater 
than dry year yields (May 2001 to April 2002), largely due to 2.2- fold greater water discharge rates 
(Stanhope et al. in prep.) (Figure 3.6). NO3

– concentrations during the wet year were, however, gener-
ally lower, suggesting dilution of NO3

–- enriched groundwater by water in soil saturated from rainfall. 
Because NO3

– is the dominant N species, representing 66% to 98% of TDN (Stanhope et al. 2009), a 
1.5× scaling factor was applied to base flow TDN loads to account for non- drought conditions.

Using the multiple regression model and the non- drought scaling factor, base flow TDN load-
ing to HIB was estimated to contribute 19% of total allochthonous sources (Figure 3.7a), with an 
average yield from the watershed of 4.5 kg N ha–1 yr–1. To estimate surface water runoff loading to 
HIB, two assumptions were made: (1) surface water runoff represents 30% of the volume of total 
stream discharge, based on an average measured base flow contribution of 70% to total stream flow 
(Bohlke and Denver 1995; Phillips and Bachman 1996; Jordan et al. 1997c); (2) TDN concentrations 
in surface water are similar to those in base flow, which is likely an overestimate since stormwater 
nutrient concentrations are lower than in base flow (Bohlke and Denver 1995; Jordan et al. 1997c). 
As a result, TDN loadings from surface water runoff were estimated to be ~40% of base flow load-
ings and contributed ~8% of total allochothonous sources to HIB (Figure 3.7a).

3.2.3.2  direct groundwater discharge
Direct groundwater discharge (DGWD) to the lagoon is another potentially important N source, 
but estimates of DGWD to coastal waters are limited due to the difficulty and complexity of 
measuring flows that vary extensively across spatial and temporal scales (Burnett et al. 2006). 
In shallow unconfined aquifers, such as the Columbia aquifer in the watersheds of the Virginia 
and Maryland coastal bays, groundwater pathways and rates vary with topography and sediment 
grain size and may bypass the stream systems and discharge directly to the coastal bays or ocean 
(Speiran 1996, Dillow and Greene 1999). Discharge rates to tidal areas are also influenced by 
hydraulic head gradients in response to water level heights, waves, tides, and currents (Abraham 
et al. 2003; Burnett et al. 2006). As with base flow, N concentrations in groundwater discharge 
are affected by land use and sediment biogeochemical processes, such as Denit in organic- rich, 
fine- grained sediments (Reay et al. 1992; Speiran 1996). Methods for estimating DGWD include 
use of seepage meters (Reay et al. 1992), radium isotopes and radon- 222 tracers (Schwartz 2003), 
multilevel piezometers (Dillow et al. 2002), hydrological balance calculations (Dillow and Greene 
1999; Volk et al. 2006), and numerical models, such as MODFLOW (Robinson and Reay 2002). 
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fIgure 3.5 Linear regression of annual TDN base flow yields (kg N ha–1 yr–1) with (a) percent agricultural 
land cover, (b) percent forested land cover, (c) percent developed land cover, and (d) percent very poorly 
drained soils for 12 streams on the Virginia Eastern Shore (Stanhope et al. 2009). Two streams in the study 
were excluded from regression analyses because the first stream had a potential local wastewater source and 
the second stream was identified as an outlier based on studentized deleted residual analysis. For more infor-
mation, see Stanhope et al. (2009).
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Burnett et al. (2006) provide a detailed review of these and other methods, including their strengths 
and weaknesses.

Efforts in Virginia and Maryland have focused primarily on characterizing the occurrence and 
biogeochemical properties of DGWD, with few attempts to quantify discharge and N loading rates. 
For the Maryland coastal bays, Bratton et al. (2004, 2009) have identified fresh groundwater plumes 
under the bays up to 15 m thick and extending more than 1500 m offshore using offshore sediment 
coring and piezometers. Although the freshwater plumes contained NO3

–, their data did not indi-
cate that NO3

– was discharged to the bays because it was overlain by saline groundwater enriched 
with NH4

+, suggesting the occurrence of dissimilatory nitrate reduction to ammonium. Bratton 
et al. (2004, 2009) also found evidence of Denit. Using electrical resistivity studies, fresh ground-
water plumes were located predominantly near shore in fine- grained surficial sediments (Manheim 
et al. 2004). Based on water mass- balance calculations, groundwater flow analysis, and groundwater 
nutrient concentrations, Dillow and Greene (1999) indirectly estimated potential NO3

– loading from 
DGWD to Maryland coastal bays to be 123,400 kg N yr–1 (watershed yield of 2.7 kg N ha–1 yr–1), 
which was one- third of the potential NO3

– loading from base flow of 391,000 kg N yr–1 (watershed 
yield of 8.7 kg N ha–1 yr –1).

To estimate DGWD to HIB, we assumed that the hydrogeology and groundwater systems of the 
Virginia and Maryland coastal bays are similar and applied the above proportion (33%) to base flow 
N loadings from HIB watersheds. As a result, DGWD may contribute about 6% of total allochotho-
nous sources (Figure 3.7a).

3.2.3.3  Atmospheric deposition
Atmospheric deposition includes NH3 emissions from fertilizer, soil, and animal waste and NOx 
emissions from fossil fuel combustion by automobiles and power plants (Russell et al. 1998). 
Atmospheric deposition to coastal waters can be a major N source, estimated to contribute 20% to 
40% of total N inputs to both the watershed and directly to the water surface (Paerl 1997). Direct 
atmospheric deposition (DAD) can be especially significant for coastal bays that have relatively 
unimpacted watersheds or have smaller watershed area than water body surface area, such as HIB 
with a watershed to water body surface area ratio of 0.6.

Meyers et al. (2001) estimated that direct total N (wet + dry; inorganic + organic N) atmospheric 
deposition to Delaware and Maryland coastal bays and Chesapeake Bay ranged from 7.87 to 9.35 kg 
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fIgure 3.6 Comparison of base flow NO3
– loading rates (kg N ha–1 yr–1) for three streams on the Virginia 
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years (Stanhope et al. in prep). The 50- year long- term (1955–2005) precipitation average at Painter, Virginia, 
is 110.2 cm (NOAA 2005).



Sources and Fates of Nitrogen in Virginia Coastal Bays 55

N ha–1 yr–1. Their estimates were based on data from the National Atmospheric Deposition Program 
(NADP) monitoring of wet deposition to watersheds, the U.S. Environmental Protection Agency’s 
Clean Air Status and Trends Network database of dry deposition to watersheds, and calibrated 
atmospheric deposition models. Total N wet deposition was measured in precipitation samples; how-
ever, it is frequently underestimated by 10% to 20% due to deficient preservation methods and losses 
of organic N (ON) and NH4

+ (Keene et al. 2002). Immediate freezing of samples at the time of col-
lection with dry ice and addition of a preservative upon thawing prevented both ON and NH4

+ losses. 
Meyers et al. (2001) accounted for underestimation of N in samples analyzed using the NADP’s pro-
tocol for unfrozen samples by applying a 15% correction factor to wet inorganic N deposition values 
in the NADP database. Dry N deposition, including particulate inorganic and ON and gaseous NH3 
and HNO3, contributes about 43% to total atmospheric N deposition (Russell et al. 2003).

We calculated total N atmospheric deposition to HIB by taking the average wet inorganic N 
deposition measured in samples collected on Hog Island from 1990 to 1999 (Galloway and Keene 
1999) and corrected the values for sample preservation error. Dry deposition was estimated as 
a percentage of the calculated wet deposition and summed with wet deposition to yield total N 
atmos pheric deposition. With a total water surface area of 15,000 ha and a total N deposition rate 
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fIgure 3.7 (a) The percent contribution of various N sources to Hog Island Bay: both allochthonous and 
autochthonous N sources (left), including N remineralization and fixation, and the breakout of specific alloch-
thonous sources (right), including surface water (SW) runoff, direct groundwater (GW) discharge, base flow, 
and direct atmospheric (Atm) deposition to bay surface. (b) The percent contribution of primary producers and 
denitrification (DNF) to total N sinks in Hog Island Bay. 
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of 9.49 kg N ha–1 yr–1, the total DAD contribution to HIB represents 67% of total allochthonous 
sources (Figure 3.7a).

3.2.4  autocHtHonous sources of nItrogen to VIrgInIa coastal Bays

In Virginia coastal bays and similar shallow bays, which receive little or no riverine input, autoch-
thonous sources contribute more to total N input than allochthonous sources. In HIB 13% of N 
came from allochthonous sources and 87% from autochthonous sources (Figure 3.7a). The primary 
autochthonous N sources were NFix and NRemin, accounting for 10% and 77% of total N sources, 
respectively. The relative importance of these so- called internal loading sources in other coastal 
lagoons depends largely on autotrophic community structure, which in turn is determined by nutri-
ent loading, light availability, and water residence time (McGlathery et al. 2004, 2007).

3.2.4.1  nitrogen fixation
NFix is the biologically mediated transformation of atmospheric nitrogen gas (N2) to cellular N 
using the nitrogenase enzyme complex, which is active only under anoxic conditions. In marine 
systems nitrogen-fixing microbes, including both heterotrophic and autotrophic bacteria (O’Neil 
and Capone 1989), are active in a wide variety of habitats including the water column, as epiphytes 
on seagrass leaves or macro algae, in the rhizosphere of rooted macrophytes, in microbial mats on 
the benthic surface, and in biofilms (Capone et al. 1992, 1977; Joye and Paerl 1993; McGlathery 
et al. 1998). Even though autotrophic NFix rates generally exceed heterotrophic rates in coastal sys-
tems, heterotrophic NFix is thought to dominate due to light limitation of cyanobacteria (Joye and 
Anderson 2008). Evidence suggests that heterotrophic NFix by sulfate-reducing bacteria is limited 
by the availability of labile DOM.

NFix rates are most commonly measured using the acetylene (C2H2) reduction technique (Currin 
et al. 1996; Joye and Anderson 2008), which measures the conversion of C2H2 to ethylene by the 
nitrogenase enzyme complex as a proxy for the reduction of N2 gas to NH4

+ + DON. This method 
has been applied to a variety of micro- habitats including sediment cores, excised roots and rhi-
zomes, and seagrass leaves (Capone and Taylor 1977; Paerl et al. 1994; McGlathery et al. 1998). 
Most studies apply the theoretical conversion factor of 3 moles of C2H2 reduced to 1 mole of N2 
fixed to calculate the NFix rate (Joye and Anderson 2008). Although early attempts to calibrate 
the acetylene reduction method by comparison with uptake of 15N2 suggested that the ratio could 
vary over an order of magnitude (Seitzinger and Garber 1987), more recent calibrations suggest 
that a conversion factor of 3 to 4 is suitable for most marine systems (Montoya et al. 1996; Nagel 
2004). Nfix rates have been measured in shallow systems worldwide, equaling as much as 2.85 
mmol N m–2 d–1 (see Joye and Anderson 2008, and references therein). Numerous factors limit 
Nfix, namely the availability of labile organic matter, oxygen, and light. In tropical and temperate 
systems, Nfix rates are correlated with organic substrate availability and are often associated with 
photosynthetic or seagrass root exudates (Paerl et al. 1993; McGlathery et al. 1998; Carpenter and 
Capone 2008). NFix rates have been shown to be higher in seagrass meadows than in unvegetated 
sediments because of the release of photosynthetic exudates by roots and rhizomes (McGlathery 
et al. 1998; Welsh 2000). In HIB, we measured NFix rates in surface sediments (0 to 1 cm) collected 
across the creek–shoal–island transect. Measurements were made seasonally from October 2004 to 
August 2005 in the light and dark using the C2H2 reduction method. Although we did not calibrate 
C2H2 reduction in our study using 15N uptake, we applied a conservative conversion factor of 4:1 
moles C2H2 reduced:moles N2 fixed rather than the theoretical ratio of 3:1 (Hardison unpublished 
data). Our NFix rates likely represent an underestimate of actual rates since all measurements were 
performed only in surface sediment. Measurements of rates in recently established seagrass mead-
ows in HIB are currently under way.
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3.2.4.2  remineralization
Internal recycling of N through NRemin is the dominant autochthonous source in Virginia’s shal-
low coastal lagoons. Organic matter can be mineralized directly to dissolved ammonium (NH4

+) or 
metabolized to dissolved organic N (DON), which can be further mineralized to NH4

+. Mineralization 
of organic matter takes place in the water column and sediments of coastal lagoons under both oxic 
and anoxic conditions. The sediments are thought to be the dominant source of nutrients supporting 
primary production in coastal lagoons since N concentrations are orders of magnitude higher in 
sediment porewater than in the water column (Tyler et al. 2003; McGlathery et al. 2004). The domi-
nant organic substrate in coastal bays is plant detritus (Banta et al. 2004). In general, plants lower in 
structural tissue and higher in nutrient content decay faster; therefore, mineralization rates depend 
largely on the structure of the autotrophic community. For example, Banta et al. (2004) reviewed 
numerous studies, which suggest that detritus from micro- and macro algae have higher decay rates 
than detritus from seagrasses.

The N produced during NRemin of plant detritus may be immobilized by the heterotrophic bac-
terial community to build biomass if the elemental composition of the organic matter undergoing 
remineralization does not satisfy their nutritional requirements. Other fates of NH4

+ produced in the 
sediments by NRemin are (1) immobilization by benthic primary producers; (2) flux to the water col-
umn; (3) sorption to sediment particles; or (4) transformation to NOx via Nitr or N2 gas via Anam or 
coupled nitrification–dinitrication (Joye and Anderson 2008). Net mineralization, usually estimated 
as the flux of NH4

+, NO2
–, NO3

–, and N2, from sediments to the water column in the dark, is gener-
ally much less than gross mineralization, which is based on the turnover of the sediment NH4

+ pool.
Gross mineralization rates are often measured by 15NH4

+ isotope pool dilution, following the 
protocol developed by Blackburn (1979) and modified by Anderson et al. (1997). We measured 
gross mineralization rates in HIB between 1997 and 2002 (Figure 3.8), and used these values to 
estimate the contribution of NRemin to total N sources (Figure 3.7a). NRemin is the largest source 
of N in HIB. Rates measured in HIB were similar to those measured in sandy shallow photic sites 
across the full salinity range of Chesapeake Bay (CB) (range = 4 to 16 mmol N m–2 d–1); however, in 
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fIgure 3.8 Gross mineralization measured in sediments sampled across mainland to barrier island transect 
in HIB. Error bars represent standard errors.
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muddy sediments at oligohaline sites in CB, mineralization rates were as high as 86 mmol N m–2 d–1 
(Anderson et al. in prep.). Net mineralization rates measured at the same time in HIB were at least 
an order of magnitude lower than gross rates (data not shown).

3.3  sInks of nItrogen In coAstAl bAys

3.3.1  aBundance of prImary producers In coastal Bays: seasonalIty

Benthic micro- and macro algae are both present in the Virginia bays year- round, although biomass 
varies seasonally as does the relative importance of productivity of the different groups. Benthic 
micro algal biomass appears to be relatively constant throughout the year, with occasional decreases 
during summer due to grazing or to shading by overlying macroalgal mats. Macroalgal populations 
typically go through boom and bust cycles; they reach a maximum biomass in mid- summer (June-
 July) and typically collapse in late summer, presumably due to high temperatures and self- shading 
within the macroalgal mats (McGlathery 2001). In late summer when macroalgal biomass is low, 
McGlathery et al. (2001) found production by benthic micro algae to be the most important contribu-
tor to total system production. Phytoplankton populations also increase locally after the macroalgal 
bloom, probably fueled by the release of nutrients from decomposing macro algae (McGlathery 
et al. 2001). Monitoring data of macroalgal biomass and of both benthic and water column chloro-
phyll a from sites along the creek–shoal–island transect in HIB illustrate these patterns (Figure 3.9; 
Hardison unpublished data).

3.3.2  seagrasses In HIB

In the 1930s, the Virginia coastal bays underwent a dramatic change in status from a seagrass-
 vegetated state to one dominated by benthic algae when a large hurricane caused the local extinc-
tion of the seagrass (eelgrass, Zostera marina) populations, which were already weakened by a 
pandemic disease (the “wasting disease,” Labarinthula sp.). Following the die- off of eelgrass, the 
lagoons went from a clear- water state to one in which sediments were easily suspended in the water 
column by wind events. An immediate effect of the seagrass loss was the collapse of the scallop 
(Argopecten irradians) fishery and the disappearance of brant geese (Branta bernicla), which fed 
exclusively on seagrass. The lagoon bottoms remained devoid of seagrass until nearly the end of the 
century, and the waters remained turbid. In the late 1990s, a small patch of seagrass was discov-
ered in the coastal bays, spurring a large- scale restoration effort led by Robert Orth at the Virginia 
Institute of Marine Science in collaboration with The Nature Conservancy. Since 2001, >23 million 
seagrass seeds have been introduced into 200 acres of the Virginia coastal bays (including HIB); 
now some 1400 acres are colonized by seagrass (Orth et al. 2010).

3.3.3  nItrogen assImIlatIon By prImary producers

As a part of a large study on N cycling in HIB, we determined N assimilation rates of autotrophs 
collected from replicate sites at three locations along a transect from the mainland creeks across 
the mid- lagoon shoals to the barrier island embayments (Figure 3.10). We calculated N assimila-
tion for benthic micro algae and phytoplankton based on 90% of gross primary production (GPP), 
meas ured in sediment cores with an overlying water column (I.D. 10 cm) and in cores containing 
only water, and a C:N of 9:1 (Sundbäck et al. 1991). Cores were stirred and incubated at in situ light 
and temperature conditions in a Conviron PGR 15 growth chamber. Rates shown may overestimate 
N assimilation since no correction was made for C fixed that was subsequently exuded as extra-
cellular polymeric substances (EPS) and colloidal C, which may account for as much as 70% of 
that fixed (Wolfstein et al. 2002). For macro algae, we calculated N assimilation based on seasonal 



Sources and Fates of Nitrogen in Virginia Coastal Bays 59

measurements of in situ biomass, maximum growth rates, and C:N. Aerial growth rates were scaled 
for self- shading within the macroalgal mat using the model described by McGlathery et al. (2001). 
Without accounting for this self- shading, N assimilation estimates for macro algae could be overes-
timated by as much as 90%.

Marsh N assimilation was estimated based upon results of a flux study performed in Phillips 
Creek marsh, dominated by short- form Spartina alterniflora, and located adjacent to one of the 
mainland creeks that discharges to HIB. Fluxes of DIN and DON (n = 5) were measured bimonthly 
in situ at low tide during daytime (Neikirk 1996; Anderson et al. 1997). We assumed that N uptake 
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from overlying water occurred only during daytime immersion. Immersion times were calculated 
based on hourly tidal heights relative to mean sea level (MSL) for the site and elevations of the 
marsh, referenced to a benchmark at MSL.

Maximum daily N assimilation rates for the benthic micro- and macro algae and phytoplankton 
were remarkably similar despite orders of magnitude differences in standing biomass (Figures 3.9 
and 3.10). At the mid- lagoon shoal sites, maximum N assimilation by macro algae (6.02 mmol N 
m–2 d–1) occurred in mid- summer when macroalgal biomass peaked (average 121 gdw m–2). The ben-
thic micro algal community had highest N assimilation rates during the summer and fall at the main-
land creek and barrier island sites where macroalgal biomass was relatively low (0 to 20 gdw m–2). 
The maximum N assimilation rate by benthic micro algae was 6.2 mmol N m–2 d–1. Maximum daily 
N assimilation by phytoplankton occurred at the shoal sites in August (6.9 mmol N m–2 d–1); how-
ever, this rate was sustained for only a brief period following the macroalgal die- off (Figure 3.10). 
The similarity between the short- term N assimilation rates of the different primary producer groups 
with vastly different standing biomasses implies that the turnover time of nutrients bound in plant 
tissue is a key factor influencing their role in nutrient retention in these shallow lagoons. More work 
is needed to determine these turnover rates in order to understand the consequences of the shift-
ing dominance of primary producers as coastal bays become more eutrophied. When scaled to the 
entire bay and integrated over a year, benthic micro algae accounted for 55%, macro algae for 7%, 
phytoplankton for 16%, and marshes for 16% of total TDN uptake (Figure 3.7b).
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3.3.4  sources of nItrogen to support BentHIc prImary productIon

Figure 3.7a graphically demonstrates that allochthonous sources provide only ~13% of the N 
required to support the diverse primary producers in HIB. The remainder is supplied primarily 
by NRemin of organic N in the sediments. In Figure 3.11, we compare N supplied by NRemin to 
that removed by Denit and by benthic micro algal N demand. For calculation of benthic micro algal 
N- demand in this figure and Figure 3.7b, we conservatively assumed that 50% of the C fixed was 
exuded as EPS or colloidal C. The N necessary to support biomass production was based on a C:N 
of 9 (Sundbäck et al. 1991). The N supplied by benthic NRemin approximated that required for 
benthic micro algal growth. Denit, measured here in the dark by membrane inlet mass spectrometry 
(MIMS), accounted for only 3% to 10% of the N taken up by benthic micro algae on a daily basis and 
5% of the total DIN taken up within the bay on an annual basis (Figure 3.7b). Others have similarly 
observed that, in shallow photic systems when N is limiting, benthic autotrophs outcompete denitri-
fiers for substrate (Sundbäck and Miles 2000; Risgaard- Petersen 2003; Joye and Anderson 2008). 
We noted above that assimilation rates of benthic micro algae were similar to those for macro algae, 
albeit in different seasons. Turnover times for these benthic autotrophs are on time scales of days 
to weeks. Thus, in these photic coastal bays, retention of N in the sediments depends on continuous 
recycling and uptake of N by autotrophs on short time scales.

3.4  fAte of nItrogen AssImIlAted by benthIc 
mAcro- And mIcroAlgAe

Attempts to trace the fate of C and N assimilated by benthic micro algae or macro algae in sediments 
have been fraught with methodological difficulties. It is thought that the benthic micro algal and 
sediment bacterial communities are tightly coupled, which would imply longer N retention within 
the sediments compared to that in macroalgal tissue. Recently, we conducted a series of stable 
isotope tracer experiments to better constrain N uptake and retention by the sediment microbial 
community in HIB. We also considered the influence of living and decaying macroalgal biomass 
on microbial N cycling.

Stable isotope tracers (15N, 13C) are particularly useful for tracking C and N through the sediment 
microbial pool because microbial biomass is difficult to separate from the sediment matrix. In recent 
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studies stable isotopes incorporated into microbial biomarkers have been used to track and distin-
guish nutrient uptake into benthic micro algal and bacterial biomass pools (Boschker et al. 1998; 
Boschker and Middelburg 2002; Tobias et al. 2003). Compound specific isotope analysis (CSIA) 
is perhaps one of the most powerful geochemical tools available to unambiguously trace C and N 
through a system. CSIA is commonly used in microbial ecology because it provides the best tool for 
tracing C into microbial fatty acid biomarkers (Bouillon and Boschker 2006). However, most lipids 
do not contain N, thus making them unsuitable for 15N studies. This is problematic because often the 
ability to trace N in addition to, or instead of, C is preferred. Amino acids (AA) have an advantage 
over lipids because they allow both C and N to be analyzed using CSIA. Specifically, D- amino acids 
(D- AA) from peptidoglycan, a cell wall component found uniquely in almost all species of bacteria, 
have been used as bacterial biomarkers since bacteria are the only organisms to incorporate D- AA 
into their biomass (Pelz et al. 1998; Tobias et al. 2003; Veuger et al. 2005); all other organisms uti-
lize only L- amino acids (L- AA). Recently, Veuger and colleagues were the first to combine CSIA 
analysis of bacterial- specific D- alanine (D- Ala) and L- AA with 15N and 13C labeling to quantify 15N 
and 13C incorporation by sediment microbes (Veuger et al. 2005, 2006). Using bulk sediments and 
AA biomarkers, we conducted two 15N isotope tracer experiments in HIB to study N cycling within 
the sediment microbial community. In the first experiment we tracked the uptake and retention of 
15N- labeled DIN (DI15N) by benthic micro algae and bacteria in the presence or absence of bloom-
 forming nuisance macro algae (Gracilaria) to assess the direct and indirect effects of macro algae 
on bacteria–benthic micro algae coupling (Hardison et al. in prep.- b). In the second experiment we 
tracked the fate of macroalgal- bound 15N after a simulated macroalgal die- off using sediments and 
macro algae from HIB and Isle of Wight Bay, Maryland to evaluate the role of the sediment micro-
bial community in retaining N following a macroalgal die- off (Hardison et al. in prep.- a).

The results from both experiments support a tight coupling between benthic micro algae and 
bacteria in shallow illuminated systems. In the first experiment, we observed DI15N uptake into 
the bulk sediment pool (Figure 3.12a), which was dominated by benthic micro algae, the major 
source of total hydrolysable amino acids (THAA) in this experiment (Figure 3.12b). Labeling of the 
bacterial biomarker D- Ala indicated that bacteria were also actively incorporating the 15N labels 
(Figure 3.12c), most likely through direct DI15N uptake along with organic exudates (EPS) from 
benthic micro algae. Macroalgae, however, significantly decreased 15N uptake by benthic micro-
algae and bacteria. We suggest that macro algae were competing directly with benthic micro algae 
for light and/or nutrients, thereby decreasing benthic micro algal activity. This resulted in an indi-
rect macroalgal effect on sediment bacteria. If bacteria utilized benthic micro algal exudates, then 
diminished benthic micro algal activity likely decreased EPS exudation, which decreased EPS and 
DI15N uptake by bacteria. Our second experiment demonstrated incorporation of up to 30% of 
macroalgal N into the sediments following a simulated macroalgal die- off. Immediately following 
the addition of dead, isotopically labeled macro algae, bulk sediments were enriched in 15N derived 
from macro algae (Figure 3.13a). These enrichments increased throughout the experiment, peaking 
1 to 2 weeks following the die- off. Thus, some of the N temporarily retained within macroalgal 
biomass was deposited in sediments and retained for >2 weeks following the macroalgal die- off. 
Further evidence suggests that this retention was due to incorporation of N by the microbial com-
munity. The ratio of 15N label in the bacterial biomarker, D- Ala, vs. that in L- Ala provided an indi-
cation of the relative importance of bacterial uptake to total microbial uptake (Figure 3.13b). The 
observed ratio suggested that bacteria were responsible for the initial isotopic uptake; however, as 
bacteria remineralized macroalgal biomass, benthic micro algae incorporated relatively more 15N 
(Figure 3.13b).

We conducted our second experiment using sediments and macro algae from HIB as well as Isle 
of Wight Bay, Maryland, and found similar results for both systems. This suggested that our results 
may be applicable to other shallow coastal lagoons along the Delmarva Peninsula. Overall, in our 
isotopic tracer experiments, we observed evidence for shuttling of N between the benthic micro-
algal and bacterial pools. In the presence and absence of living macro algae, bacterial activity was 
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dependent on benthic micro algal activity, suggesting that bacteria used benthic micro algal- derived 
metabolites to support some portion of their production. But for a brief time period following the 
macroalgal die- off, benthic micro algae depended on bacteria to remineralize organic matter into 
inorganic substrates.

3.5  dIscussIon: future trends And PredIctIons

In relatively pristine, temperate coastal bays such as HIB, allochthonous sources of N, delivered via 
base flow, stormwater flow, direct groundwater discharge, and atmospheric deposition, are insuf-
ficient to support the N demand for observed primary production by macro algae and benthic micro-
algae, the dominant autotrophs in the system. Pedersen et al. (2004) in a review of nutrient uptake 
by autotrophic communities in shallow coastal marine bays indicated that nutrient assimilation by 
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autotrophs exceeds inputs when nutrient loads are <50 g N m–2 y–1. In HIB, the N load from all 
allochthonous sources was estimated to be 1.4 g N m–2 y–1 (normalized by water body surface area) 
(Stanhope 2003); thus, the deficit of N required to support the N demand for autotrophic primary 
production, estimated to be 8.8 g N m–2 y–1, must be supplied by remineralization of organic matter 
derived from sinking phytoplankton, macro algae, and benthic micro algae. The ephemeral macro-
algae found in HIB undergo a “boom and bust” cycle, with maximum biomass in June to early July, 
and decay during July to early August. Tyler et al. (2001) observed almost complete decomposition 
of accumulated macroalgal biomass within a 2- week period following the crash of a macroalgal 
bloom in August. Hardison et al. (in prep.- a) observed that up to half of N in dead macro algae may 
be incorporated into sediments, first into bacterial biomass with transfer later into benthic micro-
algal biomass. Although retention of N in autotrophic biomass and sediment is temporary, its reten-
tion may be sustained for longer periods of time by the shuttling of N between benthic micro algal 
and bacterial pools (Hardison et al., in prep.- a, in prep.- b) and by transfer to higher trophic levels 
(van Oevelen et al. 2006). Some of the N derived during decomposition of macroalgal or benthic 
micro algal biomass may be recalcitrant and thereby preserved either in sediments (Veuger et al. 
2006) or released as unavailable DON to the water column, where it may accumulate and, thus, 
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not support phytoplankton growth (Nagata et al. 2003). Components of peptidoglycans have been 
shown to have turnover times of 20 to 67 days in sediments (Veuger et al. 2006) and 10 to 167 days 
in seawater (Nagata et al. 2003). Based on the high D/L amino acid ratio observed in ultra- filtered 
dissolved organic matter (UDOM) from seawater, McCarthy et al. (1998) suggested that a substan-
tial fraction of seawater DON is derived from bacteria. Given the high percentage of DON as TDN 
in coastal bay waters, accumulation of recalcitrant forms of DON is a likely fate of N in coastal 
bays, an area in much need of additional study.

It is expected that the mass of N exported to the coastal ocean or to recalcitrant, buried forms 
in sediments balances allochthonous sources, and is small relative to the mass of N that turns over 
and is available to support primary production in HIB. It has been demonstrated that shallow, photic 
bays do not behave in a predictable manner to increasing N loads. For example, primary produc-
tion does not appear to increase as nutrient loads increase (Nixon et al. 2001). At moderate nutrient 
loads, uptake, retention, and transformation of N by sediments and benthic primary producers may 
be sufficient to modulate a eutrophic response (McGlathery et al. 2007). As nutrient loads increase, 
the autotrophic community will respond with shifts in the dominance of primary producers and a 
trend toward decreasing benthic/pelagic GPP; however, total primary production may remain con-
stant due to interactions between regulators including light, grazers, oxygen, and physical factors 
(Sand- Jensen and Borum 1991; McGlathery et al. 2007; Nixon 2009). However, there is likely to be 
a threshold above which the benthos loses its ability to modulate responses to nutrient enrichment. 
Once past this threshold, it is difficult to restore ecosystem function; studies of eutrophied systems 
undergoing oligotrophication suggest that the reversion of systems to their original state is difficult 
if not impossible to accomplish (Knowlton 2004; Duarte et al. 2009).

Conceptual models portraying ecosystem responses to nutrient enrichments below and above the 
critical threshold for sustaining benthic primary productivity are shown in Figures 3.14a and b. At 
nutrient loads below some “critical threshold,” benthic production, which dominates over pelagic 
production, serves as a sink for N. Benthic autotrophs and heterotrophs cap the sediments, captur-
ing N produced by NRemin and buffering the system from eutrophication. At nutrient loads above 
some “critical threshold,” pelagic production is dominant as phytoplankton limit light available to 
support benthic autotrophy. The sediments are net heterotrophic, releasing remineralized DIN and 
DON into the water column and supporting eutrophication. These models are based on the assump-
tion that sustained benthic autotrophy and shuttling of N among benthic autotrophs, heterotrophs, 
and higher trophic levels will sequester N for extended periods of time, and that release will be 
out of phase with the optimum time for pelagic production. However, that may not be the case in 
other systems. In a field and modeling study by Cerco and Seitzinger (1997) in the Delaware Inland 
Bays, annual phytoplankton production was greater in the presence of benthic micro algal activity 
than in its absence, due to benthic micro algae uptake of N in late winter– early spring and release 
during summer supporting phytoplankton production. The influence of other autotrophs such as 
macro algae in the Delaware Bays study was not addressed. Much additional work is needed to bet-
ter understand the role of benthic microorganisms in modulating nutrient enrichment in shallow 
coastal systems.

3.5.1  potentIal responses to seagrass restoratIon In tHe VIrgInIa coastal Bays

The success of recent seagrass restoration efforts in the Virginia coastal bays offers the opportunity 
to pose hypotheses related to the trajectory of change if seagrasses become the dominant benthic 
autotrophs in these systems. For example, will seagrasses provide long- term retention of N such that 
we will no longer see blooms of ephemeral macro algae every June? Will DON concentrations in the 
lagoons decrease as a result? How will establishment of seagrasses affect sediment biogeochemis-
try, and how will the benthic food web respond? Just as the Virginia coastal bays are in a state of 
transition with a trend toward increasing health, the Maryland coastal bays may also be in a state 
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of transition but with a trajectory opposite to that observed in Virginia. Available indicators sug-
gest degrading conditions with increased nutrient loads and macroalgal blooms and a leveling off 
of seagrass abundance. Have the Maryland coastal bays reached a “tipping point”? Can their health 
be restored? How? Much remains to be done to answer these questions. The Delmarva Peninsula 
offers just such an opportunity.
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threshold.” Light is sufficient to support benthic primary production, which serves as a sink for DIN and DON 
from both the water column and sediment pore water. Organic matter derived from benthic autotrophs and 
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AbstrAct

Assessing ecosystem- level status is a challenge, and several indices from information theory 
are used to assess the status of ecosystems. Food web networks are generally used in these 
assessments, but we have applied them to simpler networks of nitrogen cycling. Specifically, we 
indexed status in the framework of ecosystem health and three of its attributes: organization, 
vigor, and resilience, respectively indexed by ascendency (A), total system throughput (TST), 
and overhead (O). These indices were derived from seasonal networks of nitrogen cycles in two 
coastal lagoons: the Hog Island Bay, Virginia, and the Sacca di Goro, Emilia Romagna, Italy. 
The sites represent a large range of nutrient loading and subsequent trophic conditions from 
mesotrophic to hypereutrophic and dystrophic. As the degree of eutrophication (indexed through 
TN loading) increased, the cycling, efficiency of use of nitrogen, and degree of organization 
decreased. Indeterminacy of flows, as redundancy, increased. A problem of spurious correla-
tions arose in the empirical analysis of ascendency vs. overhead because they share the same 
TST as a component. We propose that log transformations of TST can lessen the problem and 
might be used more generally in the empirical applications of information indices. Our results 
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are encouraging but illustrate the point that, while ecosystem- level assessments with theoreti-
cal foundations are increasingly possible, there remains considerable need for validation with 
empirical information.

Key Words: eutrophication, coastal lagoons, Sacca di Goro, Hog Island Bay, macro algae, ascen-
dency, spurious correlation

4.1  IntroductIon

Ecosystem- based management is challenged by the need for assessments of system- level status 
(Dame and Christian 2006). Traditional assessments of coastal aquatic ecosystems focused on 
population dynamics or community structure. These have been used in numerous situations in 
estuaries, coastal lagoons, and coastal waters among other systems (Niemi and McDonald 2004; 
Jørgensen et al. 2005). Assessments of ecosystem function or structure have had a shorter and less 
pervasive history. This is not to say that coastal aquatic ecosystems have not been assessed. Bricker 
et al. (1999, 2007) provided national assessments of the impacts of eutrophication on coastal aquatic 
ecosystems, and the Millennium Ecosystem Assessment (2005) included coastal systems from a 
global perspective. These are excellent frameworks for large- scale policy making, but may lack 
detailed observations necessary for management of individual systems.

Ecological network analysis (ENA) has been used to assess ecosystem status of individual (Baird 
and Ulanowicz 1989) and multiple aquatic ecosystems (Christensen 1995). ENA begins with the 
formal description of ecosystem components and the interactions between them as networks. The 
interactions are mostly associated with feeding and trophic structure, but biogeochemical cycles 
(Christian et al. 1996, 1998; Bondavalli 2003) have also been studied. Analyses result in indicators 
of: (1) strength of direct and indirect interactions; (2) relative importance of components to overall 
activity; (3) amount of flow involved in cycling vs. passing through the system; and (4) overall sta-
tus of development, structure, and activity. Agencies focused on fisheries management use ENA of 
trophic structure to characterize aquatic ecosystems and to aid decision making (Christensen and 
Pauly 1993; Dame and Christian 2006).

Here we explore the use of ENA of nitrogen cycles in coastal lagoons to assess ecosystem status 
as “ecosystem health” defined by Costanza (1992) and interpreted for ENA by Ulanowicz (1997). 
Healthy ecosystems function well and are structured to do so, whereas less healthy ecosystems are 
not performing these functions as well (Costanza 1992). The image of health for ecosystems is less 
clear than for individual organisms with better defined boundaries. Furthermore, the term conveys 
a bias that promotes normative science (Lackey 2001). However, thoughtful implications and activi-
ties have arisen from the concept (Jørgensen et al. 2005). Ecosystem health is also linked to other 
aspects of status. Westra (1995) used ecosystem “integrity” as a generalization and extension of 
“health.” The chief difference is that the notion of health is good performance (at processing mate-
rials), whereas ecosystem integrity references the “wild” condition. Integrity is perceived in the 
broader context of human cultural, political, and socioeconomic activities.

Synthesizing a longer list, Costanza (1992) defined ecosystem health through three attributes: 
organization, resilience, and vigor. He gave examples for each attribute, but his examples were 
not meant to be all-inclusive. Organization could be represented as biodiversity or connectivity. 
Resilience could be represented as response to perturbation to either resist change or return to some 
nominal condition. In addition, vigor could be represented as productivity or rate of metabolism. 
His “health index” was the product of indices of these three attributes. He recognized the value of 
ecological network analysis in developing the indices but did not fully develop specific ENA indices. 
He did, however, suggest that eutrophication would increase metabolism (vigor), while decreasing 
organization and resilience. Ulanowicz (1997) interpreted the three aspects of ecosystem health in 
the context of his information theoretic ENA indices (Ulanowicz 1986, 1992; Ulanowicz and Norden 
1990), including flow diversity (H), constrained flow structure or average mutual information (AMI), 
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and unconstrained flow structure (S). The total sum of flows (i.e., total system throughput, TST) is 
multiplied by each index, yielding developmental capacity, ascendency, and overhead, respectively.

Information theoretic indices reflect Costanza’s three components of ecosystem health quite 
appropriately (Ulanowicz 1992). Mutual information reflects the degree to which two variables are 
dependent on each other. Organization appears to be characterized by the average mutual informa-
tion (AMI), as a system measure of the direct mutual influence of different compartments directly 
on one another. Resilience can be represented by the unconstrained flows through S. S increases 
with evenness of flows for both donor and recipient compartments and number of flows. These flows 
include imports, exports, dissipation or respiration, and interactions within the system. A major con-
tribution to S consists of the number of parallel pathways among these flows, where resiliency and S 
increase, as more options exist for a unit of material or energy to pass through the system (functional 
redundancies). In other words, removal or reduction of a small number of links has less impact on 
overall flow as resiliency increases. Finally, vigor can be represented by TST, a measure of the activ-
ity of the system. Vigorous systems are expected to have higher TST. Because ascendency is the 
product of AMI and TST and overhead is the product of S and TST, Ulanowicz (1997) proposed a 
graph of ascendency vs. overhead to represent a phase plane of ecosystem health (Figure 4.1).

Coastal aquatic ecosystems are subject to numerous human impacts and stressors (Kennish 
1999; Peterson et al. 2008). These include enrichment of nutrients and organic matter, alterations 
to sediment delivery, habitat disruption, contaminant pollution, overharvesting of resources, and 
now the consequences of climate change. These alter ecosystem functions and health. Of particu-
lar interest are the impacts of eutrophication. Viaroli et al. (2008) reviewed how eutrophication 
of shallow, coastal lagoons alters community structure and biogeochemistry. Dominant primary 
producer communities often shift away from rooted aquatic vegetation to macro algae and blooming 
phytoplankton as nutrient loading increases. These changes alter biogeochemical cycling. To assess 
these changes, we construct and analyze nitrogen networks of different habitats, containing differ-
ent distributions of growth forms of primary producers, of two coastal lagoons with different levels 
of eutrophication. We focused on nitrogen, as it is often the primary controlling nutrient to primary 
production and thereby the health of coastal ecosystems (Kennish 1999; Bricker et al. 1999, 2007; 
Viaroli et al. 2008).

Ecological network analyses of nitrogen cycles have not been conducted as extensively as those of 
trophic structure. Christian et al. (1996) compared the nitrogen networks of three coastal lagoons, an 
estuary, and a rice field. These systems represented a range of eutrophication, primary production, 
hydrogeomorpology, and distribution of primary production associated with phytoplankton, macro-
algae, and phanerogams. Residence time of water within the systems promoted recycling, where the 
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fIgure 4.1 The three components of ecosystem health (organization, resilience, and vigor) proposed by 
Costanza (1992) as diagrammed, using network indices (ascendency, overhead, and total system throughput). 
(From Mageau, M.T., R. Costanza, and R.E. Ulanowicz, Ecosys. Health 1: 201–213, 1995. With permission.)
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degree of recycling was also positively correlated to the proportion of primary productivity associ-
ated with phytoplankton. This was also found in a more developed analysis of 16 seasons of nitrogen 
cycling within the Neuse River Estuary (Christian and Thomas 2003).

Information indices were not used to evaluate these networks of nitrogen cycling. The networks of 
nitrogen cycling contained only five to seven compartments with highly aggregated consumer com-
partments, in contrast to networks focused on trophic structure with perhaps tens of compartments. 
Christian et al. (1996) expressed concern that small networks may not provide the flexibility to use 
information theory. We reevaluate this contention using networks of nitrogen cycling for two coastal 
lagoons that represent mesotrophic and hypereutrophic conditions. Specifically, we evaluate the abil-
ity of information indices to quantify ecosystem status within the framework of Ulanowicz (1997) 
based on Costanza (1992). Further, we assess other ENA indices and compare them to the informa-
tion indices. This represents the first such empirical test of this ecosystem health framework.

4.2  methods

4.2.1  study sItes

Two well- studied coastal lagoons with very different trophic conditions were assessed for network 
construction and analysis: Hog Island Bay (HIB), Virginia, USA (37º 26′ N, 75º 45′ W) and Sacca 
di Goro (GOR), Italy (44º 48′ N, 12º 18′ E). Hog Island Bay is a large, shallow coastal lagoon 
(area ≈100 km2, depth <1–2 m at mean low water with the exception of a deep main channel) 
on the eastern shore of the Delmarva Peninsula and is part of the Virginia Coast Reserve (VCR) 
Long Term Ecological Research (LTER) Site (http://www.vcrlter.virginia.edu/). The Sacca di Goro 
(area ≈26 km2, mean depth ≈1.5 m) is at the mouth of the Po River, receiving water from nutrient-
 rich distributaries, the Po di Volano and Po di Goro.

Large differences in nutrient loading are represented with numerous low and high rates to Hog 
Island Bay and the Sacca di Goro, respectively. Since no large rivers feed Hog Island Bay, nutrient 
inputs from the watersheds are via groundwater and atmospheric deposition (Anderson et al. unpub-
lished data). The shallow aquifer is enriched in nitrogen primarily from agricultural activities which 
represent 55% of the Hog Island Bay watershed (442 km2) (Bohlke and Denver 1995; Hamilton and 
Helsel 1995; Gu et al. 2008). Baseflow nutrient loading rates to Hog Island Bay are low compared 
to other lagoons (Chauhan and Mills 2002; Stanhope 2003; Stanhope et al. 2009), in part due to a 
high removal of NO3

– from groundwater discharging to the streams by denitrification in a narrow 
band of sediments and bank materials (Flewelling personal communication). The Po di Volano is 
the major source of nutrients into the Sacca di Goro with a total loading of dissolved nitrogen from 
all sources exceeding demand most of the time (Christian et al. 1998; Viaroli et al. 2005; Giordani 
et al. 2008).

Both systems have macro algae, microphytobenthos, and phytoplankton but their importance 
within the systems and among habitats differs. Hog Island Bay was formerly vegetated with sea-
grasses, which disappeared in the 1930s as a result of the storm disturbance of disease-  weakened 
populations (Orth et al. 2006). Microphytobenthos and macro algae are currently the dominant pri-
mary producers in the lagoon; however, both natural recolonization of seagrass and recent resto-
ration efforts (since 2006) have increased seagrass areal coverage in localized areas. Benthos is 
generally net autotrophic except in localized, mid-  lagoon areas where macro algae accumulate and 
decay in mid- summer (McGlathery et al. 2001). The water column is typically net heterotrophic 
throughout the lagoon except following the mid- summer macro algal collapse.

Sacca di Goro locations exhibit large amounts of primary production and standing stocks 
by macro algae with mid- to late summer dystrophy (Viaroli et al. 2001; Giordani et al. 2008). 
Gracilaria and Ulva spp. dominate different regions of the lagoon, with the dynamics of Ulva spp. 
most significant to dystrophy (Viaroli et al. 1992). Little microphytobenthic or phytoplankton pro-
duction has been noted (Christian et al. 1998; Viaroli and Christian 2003).
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We consider Hog Island Bay and the Sacca di Goro to be mesotrophic and hypereutrophic 
lagoons, respectively, largely on the basis of nitrogen loading and general characteristics of primary 
production. External nutrient loading and variations in water residence time from the ocean inlet to 
the mainland creeks result in gradients of nutrient inputs and sediment organic matter across Hog 
Island Bay, with the highest concentrations of dissolved nitrogen and sediment organic matter found 
closest to the mainland (McGlathery et al. 2001). We captured that gradient in our sampling sites as 
Creek (Crk) near the mainland, Shoal (Shl), and near Hog Island (HI) (Figure 4.2a). High produc-
tion rates are supported mostly by remineralization in the sediments and efficient internal nutrient 
cycling. Microphytobenthos control benthic–pelagic nutrient coupling (Anderson et al. 2003); in 
particular, nitrogen uptake by benthic algae suppresses denitrification to negligible rates and pre-
vents the efflux of mineralized nitrogen from the sediment to the water column (Havens et al. 2001; 
Tyler et al. 2001, 2003; Anderson et al. 2003).

Two habitats [Gorino (Gor) and Giralda (Gir)] were assessed for the Sacca di Goro (Figure 4.2b). 
Dystrophy is most common in the very shallow and hydrologically isolated area of Gorino with 
intense growth of Ulva spp. (Viaroli et al. 1992). In contrast, Gir is largely devoid of macro algae 
(Bartoli et al. 2001a), and microphytobenthos contribute significantly to overall primary production. 
One important aspect of the ecology of the Sacca di Goro is the farming of the Philippine clam, 
Tapes philippinarum. This invasive but farmed species dominates much of the benthos and can 
control much of the flux of oxygen and nutrients between the sediments and water column (Bartoli 
et al. 2001b; Nizzoli et al. 2007).

4.2.2  network constructIon

We constructed our networks of nitrogen cycling during two periods at each habitat (three in Hog 
Island Bay (HIB) and two in the Sacca di Goro (GOR)). A presumably more productive period in 
spring and early summer (Sp; March to June) was compared to a presumably less productive period 
in late summer and early autumn (Su; August to October).

The generalized network (Figure 4.3), and specific modifications for period and habitat were sim-
ilar to those described by Christian et al. (1996). Dimensional units of standing stock were mmol N 
m–2, and flows were mmol N m–2 d–1. Three compartments were used for primary producers: phyto-
plankton (PHY), macro algae (MAC), and microphytobenthos (MPB). Rooted phanerogams were 
not present in any of the habitats. Dissolved nitrogen was divided into separate inorganic (DIN) and 
organic (DON) compartments. The trypton (TRP) compartment contained non-  phytoplankton N in 
seston including any consumer organisms. Estimates of the importance of size of aquatic consumers 
to nitrogen cycling indicate that planktonic-sized consumers, included in seston, dominate fluxes 
(Christian et al. 1992). The sediment (SED) compartment contained all forms of nitrogen within 
sediments, including nitrogen within and outside of organisms, except MPB. Standing stocks and 
flows were derived from a number of sources.

We quantified both flows between compartments as well as flows connecting internal compo-
nents to the outside of the system. The latter consisted of imports and two forms of outputs: exports, 
and dissipations. Compartments PHY, TRP, SED, DIN, and DON received nitrogen from outside 
the location. All compartments, except MPB, have the potential to export nitrogen from the system. 
Growth of MAC was represented as either export (Hog Island Bay) or dissipation (Sacca di Goro) 
to allow mass balancing of networks. Inadvertently each group chose a different route for growth 
as biomass removal, but the route did not affect our interpretations. Dissipation for both locations 
involved the loss of nitrogen due to denitrification from the sediment. Compartments were inter-
nally connected via feeding, biogeochemical, and detrital pathways. When a flow was considered 
possible but not detectable or could not be inferred from available data, it was given a minimal value 
of 0.001 mmol N m–2 d–1.

Table 4.1 provides a summary of imports, exports, dissipations, and intercompartmental flows 
initially used for the networks. Comments on the sources, logic, or assumptions associated with 
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fIgure 4.2 Maps of (a) Hog Island Bay, Virginia, and (b) Sacca di Goro, Italy. Maps show the three sam-
pling sites in Hog Island Bay (Creek, Shoal, and Hog Island) and the two sampling sites in Sacca di Goro 
(Giralda and Gorino).
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each flow are included. The specific reference is not given for each flow or standing stock in the 
interests of brevity. However, many of the flows derive from the references given in “Study Sites.” 
Much of the information for Hog Island Bay comes from both published and unpublished research of 
McGlathery, Anderson, Tyler, and their colleagues (e.g., McGlathery et al. 2001; Havens et al. 2001; 
Tyler et al. 2001, 2003; Anderson et al. 2003). Most of this work was done in the late 1990s and early 
2000s. Information for the Sacca di Goro largely came from 1997 because the available dataset was 
most complete from investigations under the NICE (Nitrogen Cycling in Estuaries) project (Bartoli 
et al. 2001a; Viaroli et al. 2001, 2006). These data were integrated with additional data from differ-
ent field campaigns, laboratory studies, and literature (e.g., Naldi and Viaroli 2002).

Network analysis is more easily interpreted when flows of matter entering and leaving a given 
compartment, and the ecosystem as a whole, are steady   state (Allesina and Bondavalli 2003). The 
construction of nitrogen cycle networks in coastal ecosystems required quantification of flows 
between different compartments measured directly (e.g., sediment–  water N exchange) or indirectly 
(e.g., N burial, phytoplankton imports and exports) (Table 4.1). The natural variability of coastal 
ecosystems, the application of different flow-  measuring approaches, and errors associated with 
measurements, among other factors, resulted in unsteady flow networks. Therefore, to construct 
robust N networks, rules and procedures for converting field data to flows and standing stocks were 
established (see details in Christian et al. 1992; Christian and Thomas 2003). Once the flow net-
works were constructed using initial values, flows for each compartment were balanced.

In this study, balancing was achieved by a three- step process. The first step, based on expert 
judgment, changed flows in such a way that: (1) it made ecological sense; (2) it went in the direction 
of balancing; (3) it tried to minimize the change in flows perceived to be most reliable; and (4) it 
promoted final closure on imports or exports. In this step and based on the degree of uncertainty 
in the measurements, the original flows were categorized as highly reliable (e.g., standing stocks 
of all compartments but trypton, denitrification, all flows from sediments), intermediately reliable 
(e.g., trypton standing stocks, DIN and DON consumption by macro algae and phytoplankton), and 
least reliable (e.g., imports of all primary producers, DIN and DON consumption by trypton). In 
each case, the maximum adjustment to the flow was allowed to increase with decreased reliability. 

Trypton
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Denitrification

Sediments
Mineralization

N2 fixation
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Ulva/Gracilaria

Phytoplankton

fIgure 4.3 Generalized network of N cycling within Hog Island Bay and Sacca di Goro. Compartments 
include N in three primary producers: phytoplankton, macro algae, and microphytobenthos (MPB); N in tryp-
ton (non- phytoplankton seston including any consumer organisms); dissolved organic (DON) and dissolved 
inorganic (DIN) nitrogen; and all forms of N within sediments (including organisms except MPB).
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tAble 4.1
compartments, flows, and Processes considered in network Analysis of nitrogen cycling 
in sacca de goro (gor) and hog Island bay (hIb)

from to flow Id Process represented flow estimation sources

Input to PHY F01 Loading Chlorophyll  a direct measurement multiplied by inflow

Input to TRP F04 Loading Particulate direct measurement multiplied by inflow 
for both and atmospheric inputs at HIB

Input to DIN F06 Loading DIN direct measurement multiplied by inflow for both 
and atmospheric inputs at HIB

Input to DON F07 Loading DON direct measurement multiplied by inflow for both 
and atmospheric inputs at HIB

Export from PHY F10 Water flow from the 
lagoon to the sea

GOR = tide measurements multiplied by the average 
concentration determined in the lagoon

HIB = by balancing and modeled residence time

Export from MAC F20 Flow from the lagoon 
to the sea

GOR = quantified as 10% of the compartment total 
uptake

HIB = growth of MAC

Export from TRP F40 Water flow from the 
lagoon to the sea

GOR = tide measurements multiplied by the average 
concentration determined in the lagoon

HIB = by balancing and modeled residence time

Export from SED F50 Sediment burial GOR = sedimentation rate times direct determination 
of N content in sediment

HIB = considered insignificant

Export from DIN F60 Water flow from the 
lagoon to the sea

GOR = tide measurements multiplied by the average 
concentration determined in the lagoon

HIB = by balancing and modeled residence time

Export from DON F70 Water flow from the 
lagoon to the sea

GOR = tide measurements multiplied by the average 
concentration determined in the lagoon

HIB = by balancing and modeled residence time

Dissipation from MAC R20 Macroalgae biomass 
increase

GOR = growth as 60% of the compartment total uptake
HIB = considered as export

Dissipation from SED R50 Denitrification From experimental measurements and in situ 
estimations

PHY MPB F13 Phytoplankton 
sedimentation rate

GOR = 1 turnover of stock per day
HIB = 50% stock per day

PHY TRP F14 Phytoplankton 
degradation and 
grazing

GOR = PHY mass balance difference from other 
processes

HIB = 12.5% of donor’s uptake

PHY SED F15 Phytoplankton 
grazing by benthos

GOR = measured clam grazing rates
HIB = 12.5% of donor’s uptake

PHY DIN F16 Phytoplankton release GOR = considered insignificant
HIB = 5% of donor’s uptake

PHY DON F17 Phytoplankton release 35% of donor’s uptake for both lagoons

MAC TRP F24 Ulva degradation GOR = 10% of donor’s uptake
HIB = 10%– 25% of donor’s uptake

MAC SED F25 Ulva sedimentation 
rate

GOR = 10% of donor’s uptake
HIB = 4%–7% of donor’s uptake

MAC DIN F26 Macroalgal release GOR = considered insignificant
HIB = measured directly

MAC DON F27 Macroalgal release GOR = 10% of donor’s uptake
HIB = measured directly
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tAble 4.1 (continued)
compartments, flows, and Processes considered in network Analysis of nitrogen cycling 
in sacca de goro (gor) and hog Island bay (hIb)

from to flow Id Process represented flow estimation sources

MPB PHY F31 Resuspension (alive 
MPB)

Minimum flow (0.001 mmol N/m2/d)

MPB TRP F34 Resuspension (dead 
MPB)

GOR = 10% of donor’s uptake

MPB SED F35 MPB mortality and 
decomposition

GOR = MPB compartment mass balance
HIB = 90% of donor’s uptake

MPB DON F37 MPB release GOR = 35% of the compartment total uptake
HIB = 0 because assumed all goes to sediment

TRP SED F45 Trypton 
sedimentation rate

GOR =1 times the standing stock per day
HIB = 35% of donor’s uptake as sedimented fecal pellets

TRP DIN F46 Trypton 
mineralization

GOR = DIN compartment mass balance
HIB = 15% of donor’s uptake

TRP DON F47 Trypton excretion GOR = considered insignificant
HIB = 50% of donor’s uptake

SED MPB F53 MPB uptake Experimental measurements and in situ estimations
HIB = 80% uptake from sediments

SED TRP F54 Sediment 
resuspension

Experimental measurements and in situ estimations
HIB = 0%

SED DIN F56 Sediment release to 
the water column

Experimental measurements and in situ estimations

SED DON F57 Sediment release to 
the water column

Experimental measurements and in situ estimations

DIN PHY F61 Phytoplankton uptake Experimental measurements and in situ estimations

DIN MAC F62 Macroalgal uptake Experimental measurements and in situ estimations

DIN MPB F63 MPB uptake GOR = minimum flow (0.001 mmol N/m2/d)
HIB = 20% of uptake from water column

DIN SED F65 Sediment uptake Experimental measurements and in situ estimations

DON PHY F71 Phytoplankton uptake Experimental measurements and in situ estimations

DON MAC F72 Macroalgal uptake Experimental measurements and in situ estimations

DON MPB F73 MPB uptake from 
water column

GOR = considered insignificant
HIB = 20% of uptake from water column

DON TRP F74 Net trypton 
consumption

DON compartment mass balance

DON SED F75 Uptake by sediments GOR = uptake fluxes undetectable
HIB = in situ estimations

DON DIN F76 Mineralization GOR = considered insignificant
HIB = measured experimentally

Note: PHY = phytoplankton (compartment 1), MAC = macro algae (compartment 2), MPB = microphytobenthos (compartment 3), TRP = 
trypton (compartment 4), SED = sediments (compartment 5), DIN = dissolved inorganic nitrogen (compartment 6), DON = dissolved 
organic nitrogen (compartment 7). Much of the information for Hog Island Bay comes from both published and unpublished research 
of McGlathery, Anderson, Tyler and their colleagues (e.g., McGlathery et al. 2001; Havens et al. 2001; Tyler et al. 2001, 2003; 
Anderson et al. 2003). Most of this work was done in the late 1990s and early 2000s. Information for the Sacca di Goro largely derived 
from 1997 because the available dataset was most complete from investigations under the NICE project (Bartoli et al. 2001; Viaroli et 
al. 2001a; Viaroli et al. 2006). These data were integrated with additional data from different field campaigns, laboratory studies, and 
literature (e.g., Naldi and Viaroli 2002). Values for which there were no measurements on site or literature values were estimated by 
best professional judgment or by difference in mass balance calculations. More detail is given in the text.
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Balancing proceeded until the balance between imports and exports and dissipations was within 
10%, or when further flow modifications were not ecologically meaningful. In step two, we applied 
the Output- Input and/or the Average algorithms for balancing ecosystem networks using the WAND 
Balance package (see Allesina and Bondavalli 2003). In the case of Hog Island Bay, the Average bal-
ance routine resulted in a substantial distortion of the most dominant flows (i.e., from microphytob-
enthos to sediments and vice versa) than with the Output- Input balance. As flow distortion between 
these compartments was high even after balancing with the Output- Input algorithm, a third step in 
the balancing procedure was included for Hog Island Bay. In this step, the MPB to sediment and the 
sediment to MPB flows in the matrix obtained from the Output- Input balance were substituted by 
their original values, and an Average balance was performed on the modified matrix. This was not 
necessary for networks from the Sacca di Goro, where only the Average balance algorithms were 
used. ENA was applied on 10 balanced matrices using WAND (see Allesina and Bondavalli 2004). 
We have posted each of the balanced networks for input to and the results of all as separate analy-
ses within WAND as Excel files on www.verlter.virginia.edu/cgi-bin/w3-msg12/data/query/datasets/
show_data.html?Qdata_ID=VCR10171

4.2.3  network analysIs and sensItIVIty to uncertaInty

For this chapter, we focus on information indices that could be used to indicate ecosystem health 
and variables that might correlate to the degree of health. We considered average mutual informa-
tion (AMI), unconstrained flow diversity (S), ascendency (A), developmental capacity (C), and over-
head (O), along with total system throughput (TST) (Ulanowicz 1986, 1997). Correlative variables 
include TST, the sum of imports (total N loading), summed N uptake by primary producers, and 
average path length (APL, a measure of degree of cycling) (Finn 1976).

Flow measurement uncertainty resulting from natural and/or experimental variability is a 
concern during the ENA estimation of indices. A simple relative sensitivity analysis was con-
ducted using primary production variability in the network of spring Hog Island Bay Shoals 
as a case study to determine the robustness of selected information indices. Primary produc-
tion (i.e., the flows of N from DIN, DON, and sediments to phytoplankton, macro algae, and 
MPB) for each producer was varied by ±10%, ±25%, and ±40% in the previously balanced flow 
matrix, and the resulting matrix was balanced with the Average algorithm before running the 
network analysis.

At the largest variation in primary production (±40%), the resulting information indices gener-
ally showed variation of less than 10% (Table 4.2). This result is partially from the fact that the 

tAble 4.2
sensitivity Analysis results showing Information theoretic Index Values before 
and after an Increase by 40% in microphytobenthos (mPb) Primary Production 
at shoals site in hog Island bay during spring

Producer
% 

change o A c AmI s h
tn 

loading APl tst PP

MPB 0 46.1 29.1 75.2  1.46   2.31  3.76 0.96 19.83 20.0  8.02

MPB +40 47.9 31.8 79.6  1.45   2.05  3.50 0.96 21.81 21.9  8.92

% change in index values  3.9  9.3  5.9 – 0.7 – 11.3 – 6.9 0.0 10.0  9.5 11.2

Note: O = overhead; A = ascendency; C = capacity; AMI= average mutual information; S = unconstrained flow struc-
ture; H = flow diversity; TN loading = total nitrogen loading; APL = average path length; TST = total system 
throughput; PP = primary production. % change in values = [(value with +40% in MPB – original value)/
( original value)] × 100
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information indices are log-transformed values and partially from the dampening effect that the 
balancing step had on the modified matrix. If the antilogarithms were used, then AMI, S, and H 
would have higher percentage variations; however, our focus is on the more commonly used log 
transformed indices. We explain the dampening effect of balancing as follows. We increased the 
primary production of MPB in the “original” (balanced) matrix from 4.7 to 6.6 mmol N m–2 d–1 
(i.e., +40%). MPB primary production was one of the highest flows in the spring Hog Island Bay 
Shoals network. Subsequent balancing of this new matrix with the average algorithm decreased 
the MPB primary production to 5.7 mmol N m–2 d–1, a value 21.2% above the original. Balancing 
reduced the influence of large uncertainty in the data. Furthermore, no output variable approached 
this percentage (Table 4.2). Therefore, integrating and log transformed indices estimated through 
ENA appear modulated relative to flow measurement uncertainty. This limited analysis supports 
similar assessments (Baird et al. 1998; Christian and Thomas 2003).

4.3  results And dIscussIon

4.3.1  tropHIc status

Hog Island Bay (HIB) is characterized as biologically active but with relatively low nutrient loading 
(McGlathery et al. 2001; Havens et al. 2001; Tyler et al. 2001, 2003; Anderson et al. 2003; Stanhope 
2003), while the Sacca di Goro (GOR) has larger nutrient loading and is eutrophic or hypereutrophic 
with dystrophic crises (Viaroli et al. 1992, 2005; Christian et al. 1998; Giordani et al. 2008). We cat-
egorize Hog Island Bay as mesotrophic to highlight the differences in trophic status as summarized 
in Table 4.3. Six networks from Hog Island Bay represented three habitats, and four networks of two 
habitats represented the Sacca di Goro, with each habitat being modeled for two seasonal periods. We 
used three measures of trophic status: TN loading, N uptake for primary production (PP), and total 
system throughput (TST) as the sum of all flows. TN loading rates ranged from 0.52 to 1.03 mmol 
N m–2 d–1 for the mesotrophic Hog Island Bay, which were one to two orders of magnitude less than 
the 16.1 to 25.3 mmol N m–2 d–1 for the hypereutrophic Sacca di Goro. Primary production was less 

tAble 4.3
ecosystem- level status Indicators estimated through nitrogen network Analyses for 
hog Island bay (hIb) and sacca di goro (gor) during spring (sp) and summer (su)

ecosystem model o A c AmI s h
tn 

loading APl tst PP

HIB Crk- Sp  32.5  21.7  54.2 1.36 2.03 3.39 0.99 15.16  16.0  6.23

HIB Crk- Su  43.9  31.6  75.5 1.40 1.94 3.34 0.52 42.46  22.6  8.98

HIB Shl- Sp  46.1  29.1  75.2 1.46 2.31 3.76 0.96 19.83  20.0  8.02

HIB Shl- Su  77.7  51.3 129 1.44 2.18 3.62 1.03 33.56  35.6 14.8

HIB HI- Sp  17.8  13.2  31.0 1.43 1.92 3.35 0.37 24.00   9.25  3.64

HIB HI- Su  37.2  21.0  58.2 1.48 2.62 4.10 0.97 13.64  14.2  5.10

GOR Gor- Sp 375 188 563 1.41 2.82 4.23 25.3  4.26 133 27.1

GOR Gor- Su 279 125 404 1.33 2.98 4.31 19.6  3.78  93.7 14.3

GOR Gir- Sp 249 111 360 1.28 2.88 4.16 22.1  2.92  86.6  8.39

GOR Gir- Su 182  80.6 263 1.24 2.81 4.05 16.1  3.04  65.0  5.58

Note: HIB sites are Creek (Crk), Shoal (Shl), and Hog Island (HI) and GOR sites are Gorino (Gor) and Giralda (Gir). 
See site locations in Figure 4.2. O = overhead; A = ascendency; C = capacity; AMI= average mutual informa-
tion; S = unconstrained flow structure; H = flow diversity; TN loading = total nitrogen loading; APL = average 
path length; TST = total system throughput; PP = primary production. TN loading, TST and PP are indicators 
of trophic status.
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than 10 mmol N m–2 d–1 in five of six networks for Hog Island Bay (3.64 to 8.98 mmol N m–2 d–1). 
Primary production for Giralda fell within this range. Large macro algal standing stocks and growth 
in Gorino during both periods and in the Shoal site of Hog Island Bay contributed the only primary 
productivities greater than 10 mmol N m–2 d–1. The high primary productivities in Gorino fostered 
the two highest TST values. The next most active site was Giralda. While the most active site in Hog 
Island Bay was where macro algae contributed to high primary productivity (Shoal in summer), all 
Hog Island Bay sites had TST values less than 55% of the lowest site in the Sacca di Goro. Spring in 
the Sacca di Goro had higher values of PP than in summer, whereas the opposite occurred in Hog 
Island Bay, where summer PP had higher values than spring.

Average path length (APL) is a measure of the degree to which material remains in the system 
and thus may be linked to the degree of recycling. It was higher within Hog Island Bay, ranging 
from 13 to 42 path lengths, than in the Sacca di Goro, ranging from 3 to 4 path lengths (Table 4.3). 
The equation for APL calculates higher APL with higher TST and lower TN loading. As TST is 
lower for Hog Island Bay than for the Sacca, the longer path lengths reflected the low rates of load-
ing in the mesotrophic lagoon.

Information indices capture both the amount of activity and degree of organization by containing 
the product of TST and some algorithm of probabilistic interrelationships. Not surprisingly, given 
the higher TST in the Sacca di Goro, its networks’ ascendency (A), capacity (C), and overhead (O) 
are the highest (Table 4.3). The organizational components remove the direct influence of TST, 
but still show differences between networks of the two lagoons. H is flow diversity, reflecting the 
structure of both constrained and unconstrained flows. H of Hog Island Bay networks ranged from 
3.34 to 4.10 bits and were generally less than those of the Sacca di Goro (4.05 to 4.31 bits). AMI, 
the indicator of constrained flow structure, ranged from 1.24 to 1.48 bits. The lowest values were for 
Giralda, while the highest generally occurred within HIB. The spring Gorino network at 1.41 bits 
had a value within the range of HIB networks. S indicates unconstrained flow structure and is the 
difference between H and AMI. S demonstrates considerably greater unconstrained flow structure 
in the Sacca di Goro networks (2.81 to 2.98 bits) than for Hog Island Bay networks (1.92 to 2.32 bits). 
Thus, the higher H values for the Sacca are a result of higher degrees of unconstrained flows or 
evenness of parallel flows.

Clearly, the organizational structure of nitrogen networks from the Sacca di Goro is different 
from that of Hog Island Bay, and the direction of differences is consistent with expectations of 
trophic status. However, are differences associated with geographical location within the systems 
also consistent with expectations? We used pair- wise correlation analysis between measures of 
trophic status (i.e., TN loading, primary production, and TST) with each of the information indices 
(i.e., AMI, S, and H). Although significant Pearson correlations (p < 0.01) were found for either TST 
or TN loading with either S (r = 0.793 for TST and 0.857 for TN loading) or H (r = 0.767 for TST and 
0.804 for TN loading), graphic representation failed to show any patterns across locations within 
lagoons. Furthermore, when correlations of these results from locations within each lagoon were 
determined, no statistically significant correlation was found. Therefore, the information indices 
did not track trophic status within a lagoon, although they did across the two very different lagoons. 
This is likely because H, AMI, and S are logarithmic terms and variations are thereby muted. In 
addition, the simple biogeochemical networks of few compartments may limit sensitivity by limit-
ing opportunities for differences in structure (Christian et al. 1996). Unfortunately, the statistics of 
these information indices remain unstudied.

4.3.2  ecosystem HealtH framework

Costanza’s (1992) identification of ecosystem health as organization, resilience, and vigor is rep-
resented through network analysis as average mutual information (AMI), unconstrained flow 
structure (S), and total system throughput (TST), respectively (Ulanowicz 1997). Ulanowicz 
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(1997) proposed a plot of ascendency (A) vs. overhead (O) that represents a phase plane of eco-
system health. A contains AMI, and O contains S. Both increase as TST increases, as TST is 
multiplied by AMI and S for A and O, respectively. The A vs. O of nitrogen networks provides 
the linear relationship suggested by Ulanowicz (1997) (Figure 4.4). The linear regression equa-
tion is A = 0.449 O + 7.007 with an r2 = 0.985. This relationship demonstrates the relative loss of 
organization (lower A relative to O) with increased eutrophication. Ulanowicz (1997) previously 
postulated that eutrophication can be defined as increased TST with a decrease in organization 
(AMI or A). Our findings support this hypothesis at least in a relative sense. AMI was generally 
lower in the Sacca di Goro networks, although A was higher in the eutrophic system. Given that 
TST values in the Sacca were over 10 times those of the bay, it is not surprising that A values for 
the Sacca di Goro, which are the product of TST and AMI, were higher than for Hog Island Bay. 
Perhaps more significant, the S values in the Sacca are higher, reflecting greater disorganization 
or indeterminacy.

Empirical evaluation of Ulanowicz’s framework (Figure 4.4) has a statistical complication—the 
potential for spurious correlation (Brett 2004). Spurious correlations can arise from shared vari-
ables embedded in the correlated variables. In this case, TST is shared as A = TST × AMI and O = 
TST × S. Such a relationship increases the value of r2 needed to reject the null hypothesis (Brett 
2004). The amount of r2 for the null hypothesis of zero correlation increases as the coefficient of 
variation (CV) of TST increases above that for either AMI or S. As these latter two variables are 
based on logarithms and TST is not, the differences are large. The coefficients of variation of AMI, 
S, and TST are 5.6, 17.0, and 85.9%, respectively. The ratio of CVs of TST:AMI was therefore 15, 
and of TST:S, as 5. Using Monte Carlo simulations, Brett (2004) found random nonshared variables 
of X and Y in X × Z vs. Y × Z gave coefficients of determination over 0.9 when the CV ratios of 
shared to unshared variables were only 4. Thus, a high correlation and well- fit regression would be 
expected for the relationship of A vs. O simply through spurious correlation.

A = 0.449 O + 7.007; r2 = 0.985
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fIgure 4.4 Position of nitrogen networks, within the framework for ecosystem health proposed by 
Ulanowicz (1997), for three sites in Hog Island Bay (HI) and two sites in Sacca di Goro (GOR) during two 
sampling periods (see Section 4.2 for details). Units for Ascendency and Overhead are mmol N m–2 d–1 bits. 
The line represents the 1:1 relationship and not the linear regression equation.
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This complication led to an evaluation of the framework in two alternate ways more appropri-
ate for evaluating empirical information. First, A/O is equal to AMI/S and represents the relative 
amounts of organization to disorganization. This relative index was related to TST (Figure 4.5). The 
A/O values for the Sacca di Goro, where TST is higher, were lower than for Hog Island Bay, sup-
porting our previous interpretations. Also, no trends were obvious within each lagoon. Second, we 
log- transformed TST to reduce its CV, making it more similar to those of AMI and S and evaluated 
the transformed A vs. O framework (i.e., [(log TST) × AMI] vs. [(log TST) × S]). The CV of log TST 
reduced to 27.0%, but still gave ratios of shared to unshared CVs of 1.6 to 4.8. The resultant r 2 of the 
transformed A vs. O lowered to 0.875 (Figure 4.6), which remains near values for random relation-
ships by Brett (2004). While this did not fully equalize coefficients of variation in our study, it did 
reduce the differences significantly. We propose that log transformations of TST might be used more 
generally in the empirical applications of information indices to reduce this statistical problem.

While our recommendation provides some correction to the issue of spurious correlation, the 
problem of shared variables among information indices is much more complicated. H, AMI, and S 
are constructed on the same flows and network structure and represent different probability condi-
tions of those flows. The flows themselves are interdependent and constrained by mass balance. 
Thus, shared variables occurred across hierarchical levels of calculation, and statistical inference 
of the interactions of ascendency, capacity, and overhead is a challenge for which we have only 
provided a beginning.

4.4  conclusIons

Measures and indices of the ecosystem status at the system level are necessary if ecosystem- based 
management is to be a reality. The Millennium Ecosystem Assessment (2005) provides the most 
ambitious attempt, but is focused on global and regional scale conditions. Bricker et al. (1999, 
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fIgure 4.5 The ratio of Ascendency (A) to Overhead (O), representing the relationship of organization 
over resilience, plotted against TST, representing vigor, for three sites in Hog Island Bay (HI) and two sites in 
Sacca di Goro (GOR) during two sampling periods (see Section 4.2 for details). A:O is nondimensional, and 
TST units are mmol N m–2 d–1.
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2007) developed an assessment of eutrophication of coastal systems within the United States with 
ecosystem- specific information. However, neither approach uses the in- depth observational and 
experimental information that exists for some of the better studied coastal ecosystems. ENA pro-
vides this opportunity with several system- level indices (Jørgensen et al. 2005). Our networks have 
tracked nitrogen as an important controlling element to lagoonal dynamics. We have not directly 
addressed the human causes for the differences in nitrogen loading or the consequences to humans, 
as in the broader assessments. Our efforts only address the consequences to the lagoon’s trophic sta-
tus. One might infer that lagoons with less healthy ecosystems are less valuable to humans, but this 
is untested. In fact, the Sacca di Goro is a highly valued ecosystem for its economically important 
seafood production (Bartoli et al. 2001b; Viaroli et al. 2006). Ecological network analysis can be 
extended to include other currencies and human dimensions directly. This is one of the next major 
steps for the methodology.

While most ENA studies have focused on trophic structure, we evaluated ecosystem status 
using nitrogen cycling of two well- studied coastal lagoons: Hog Island Bay, USA, and Sacca di 
Goro, Italy. The latter has much higher nutrient loading with clear signs of cultural eutrophica-
tion, while the former is minimally impacted by nutrients. The less impacted system, Hog Island 
Bay, demonstrated greater cycling of nitrogen (as measured by average path length) with more 
efficient use of the lower amount of loading compared to the highly eutrophic Sacca di Goro. This 
confirms the findings of Anderson et al. (2003). Previously, Christian et al. (1996) found cycling 
(as measured by the Finn Cycling Index) in coastal aquatic ecosystems to be largely associated 
with primary producer growth form, increasing with greater relative importance of phytoplankton 
to primary productivity. However, among the systems with rooted macrophytes and macro algae, 
systems with higher loading had reduced cycling. Thus, as eutrophication alters the sources of pri-
mary production (Viaroli et al. 2008); it may also significantly retard nitrogen cycling and reduce 
efficiency of the element’s use.

We applied information theoretical metrics to index “ecosystem health” properties (sensu 
Costanza 1992) of organization, resilience, and vigor (Ulanowicz 1997). We found ecological 
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fIgure 4.6 Position of nitrogen networks within framework for ecosystem health proposed by Ulanowicz 
(1997), using versions of A and O in which TST is log transformed and multiplied by AMI or S, respectively. 
Networks are for three sites in Hog Island Bay (HI) and two sites in Sacca di Goro (GOR) during two sampling 
periods (see Section 4.2 for details).
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network analysis results reflected the trophic status of the two coastal lagoons. Ulanowicz (1997) 
proposed that eutrophication promoted the increase in total system throughput (TST) while decreas-
ing average mutual information within ascendency. In a sense, eutrophication sets back ecosystem 
development. We found this generally to be the case in the comparisons of the two coastal lagoons. 
Thus, “organization” decreased with eutrophication, while TST rose. Additionally, the “resil-
ience” component or unconstrained flow structure (S), representing indeterminacy and redundancy, 
increased with eutrophication. Thus, ecosystem health as portrayed in this manner does not simply 
improve as all of the three components increase. Rather, the ecosystem status reflects the balance of 
the three. Our results are consistent with the hypothesis that eutrophication disrupts organization, 
and less eutrophic systems may provide more determinant and efficient use of nutrients. While this 
hypothesis appears reasonable, extended testing and generalization remain.
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AbstrAct

Coastal lagoons differ substantially from river- dominated estuaries in the type of high- biomass 
phytoplankton blooms that generally proliferate, the seasonal timing of the blooms, the forms of 
nutrients that support these blooms, and the influence of hydrology on blooms and their nutrient 
dynamics. Coastal lagoons often support blooms of picoplankton (<3 μm in size) that can be sus-
tained for months to years, whereas riverine estuaries often support high- biomass spring diatom 
blooms. These picoplankton blooms are also more likely to be sustained on regenerated forms of 
nitrogen, such as ammonium, urea, or dissolved organic substrates, compared to riverine spring 
blooms, which are generally supported by seasonal nitrate inputs. Regenerated forms of nutrients 
can be sustained in lagoons due to the higher surface:volume ratios and long residence times of 
these systems, both of which lead to a strong coupling between benthic nutrient fluxes and the 
plankton. The picoplankton genera that dominate have physiological characteristics that make them 
well suited to compete effectively for these substrates, but they must have sustained nutrient sources 
and limited grazing losses to maintain bloom biomass for prolonged periods. Using long- term moni-
toring data as well as experimental results, these characteristics are illustrated for Florida Bay and 
the Maryland–Virginia Chincoteague Bay.

Key Words: coastal lagoons, picoplankton, cyanobacteria, brown tide, diatoms, Florida Bay, 
Coastal Bays, Chincoteague Bay, nitrate, ammonium, urea, organic nutrients, HABs, EDABs
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5.1  IntroductIon

It has long been recognized, perhaps simplistically so, that increased nutrient inputs to an estu-
ary should lead to higher algal biomass. While sufficient nutrient availability is a prerequisite for 
blooms, the concept of nutrient limitation of algal production is complex (e.g., Nixon 1995; Cloern 
2001). The relationships between nutrient availability, nutrient loading, and algal production and 
accumulation are now recognized to be determined not only by the total quantity of nutrient load-
ing, but also by the nutrient composition, the seasonal timing of nutrient inputs, whether nutrient 
fluxes are episodic or sustained, the physiological status of the primary producers at the time of 
nutrient delivery, and other physical factors that influence nutrient retention and algal physiology 
(Glibert and Burkholder 2006; Heisler et al. 2008). In attempting to understand the effects of nutri-
ent availability on an ecosystem it is important to make the distinction between effects on total 
biomass and effects on nutrient assimilation or production processes. As initially developed by 
Caperon et al. (1971), and applied more recently to classical river- dominated estuaries, Chesapeake 
Bay, USA, and Moreton Bay, Australia (Malone et al. 1996; Glibert et al. 2006a), primary produc-
tion can be viewed in a manner analogous to a saturation curve in response to nutrient enrichment 
(Figure 5.1). Primary production, the product of biomass and growth rate, may fall in either the 
maximum response or the minimum response region of the curve. The maximum physiological 
response is the initial slope of the saturation curve, where growth rates, but not necessarily biomass, 
are high. Under maximum response mode, the responses to changes in nutrient availability are 
rapid, usually driven by physiological adaptation, but may not necessarily result in large biomass 
changes. Alternatively, the minimum physiological response region is that in which maximum bio-
mass is reached. In the minimum response mode, incremental increases in nutrient availability do 
not result in significant changes in growth, as nutrient uptake processes or productivity may be 
operating at maximal levels. Thus, different nutrients (or other abiotic factors such as light or tem-
perature) may limit biomass and production.

Coastal lagoons represent a class of estuary characterized as shallow, highly enclosed, and typi-
cally quiescent in terms of wind, current, and wave energy relative to their deeper, more dynamic 
counterparts, river- dominated estuaries (Madden et al. 2010). Coastal lagoons also tend to have 
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fIgure 5.1 Generalized relationship between nutrient loading and ecosystem productivity response. The 
“maximum response” region of the curve indicates the region in which physiological rate changes such as 
nutrient uptake or growth rate would be rapid upon changes in nutrient loading, but biomass changes could 
range from small to large. Alternatively, the “minimum response” region reflects the region in which physi-
ological processes may be near maximum levels, thus would show little change upon additional nutrient load-
ing, but high biomass may be attained.
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high surface to volume ratios and can have high wetland to water ratios as well (Bricker et al. 2007; 
Madden et al. 2010). These conditions collectively tend to promote a different dynamic in terms of 
algal proliferation than do river- dominated estuaries. Differences in the quality of the nutrient pool, 
the seasonal timing of delivery, and the source of nutrients, as well as in the resident phytoplankton 
community can lead to fundamentally different types of algal blooms in coastal lagoons than in 
river- dominated estuaries. Here, using data from two well- studied lagoons in the United States, 
Florida Bay and the Chincoteague Bay, part of the Maryland– Virginia Coastal Bays, the nutrient 
and algal bloom dynamics and characteristics of coastal lagoons are described, with an aim of 
highlighting those features that are generally unique to, or are typically significantly different from, 
those of river- dominated estuaries.

Numerous features differentiate lagoonal blooms from classical estuarine blooms. Lagoonal 
blooms are often dominated by picoplankton and may be sustained for long periods of time. Blooms 
in river- dominated estuaries, by contrast, tend to be highly seasonal and dominated by larger- sized 
phytoplankton (i.e., >10 μm), typically diatoms. Furthermore, blooms in lagoons tend to be sup-
ported by regenerated nutrients that may be lower in concentration, but which are made available 
through higher regeneration rates from both water column and benthic processes. (Note that the 
term “bloom” will hereafter refer to significant increases in algal biomass, as opposed to those 
events in which toxic or harmful algal species develop in relatively low numbers in proportion to the 
total phytoplankton community but are nevertheless often referred to as “blooms.”) Highest phy-
toplankton biomass in riverine systems generally occurs in the spring, following maximum runoff 
(e.g., Pennock 1985; Malone et al. 1996). Coastal lagoons, in contrast, may lack the characteristic 
spring blooms of river- dominated systems. Only in summer do temperate river- dominated systems 
resemble those of coastal lagoons when temperatures are warm, flow is reduced, and the spring 
diatom bloom begins to be succeeded by flagellates, cyanobacteria, and other picoplankton that 
thrive on the nutrients regenerated from the spring bloom (Malone et al. 1996). Episodic blooms of 
large dinoflagellates occur in both types of systems, but are generally not long- lived. Furthermore, 
the total production of coastal lagoons is balanced between that of the water column and that of the 
benthos. River- dominated systems, due to their deeper comparative water columns (and reduced 
light penetration), tend to have proportionately more production in the water column, although 
in both cases many factors determine the amount and fraction of the water column and benthic 
production.

It has long been hypothesized that shifts in nitrogen (N) form from NO3
– to NH4

+ lead to com-
munity shifts away from plankton communities dominated by diatoms to those dominated by flag-
ellates, cyanobacteria, and bacteria, in turn, resulting in a shift in composition of higher food webs 
(e.g., Legendre and Rassoulzadegan 1995; Glibert 1998). Food web models based on diatoms as 
the dominant algal producer are likely to consist of zooplankton grazers and to ultimately support 
a larger biomass of secondary producers. Higher export production may result in the development 
of sustained hypoxia or anoxia as this biomass decays (Figure 5.2a). In contrast, where the algal 
community is dominated by flagellates, cyanobacteria, or other picoplankton, the system gener-
ally sustains a proportionately greater flow through the microbial loop (Figure 5.2b; Azam et al. 
1983; Legendre and LeFevre 1995; Legendre and Rassoulzadegan 1995). As shown herein, coastal 
lagoons are more likely to have blooms of the latter category. It is more likely for such blooms to be 
sustained via nutrient regeneration from the benthos, which is proportionately higher than in river-
ine systems due to the high surface to volume ratio of these systems, and the long water residence 
times (Table 5.1), both of which contribute to nutrient retention and nutrient regeneration. Thus, 
using the classical oceanographic terminology (sensu Dugdale and Goering 1967), coastal lagoons 
tend to be supported by regenerated nutrients, whereas river- dominated systems are generally sup-
ported by new nutrients. Coastal lagoons thus can support sustained blooms that conceptually fall in 
the maximal response region of the nutrient response curve, while river- dominated systems tend to 
support spring blooms that fall in the minimal response region of the response curve (Figure 5.1).
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5.2  sIte descrIPtIons And dAtA resources

Florida Bay is a shallow (1 to 2 m), wedge- shaped subtropical lagoon, approximately 2200 km2 in 
area, located at the southern end of the Florida peninsula. It is bounded by the Atlantic Ocean and 
the Gulf of Mexico (Figure 5.3a). The northern boundary of the bay is formed by the Everglades 
wetland system on the Florida mainland, and the eastern and southern boundaries are formed by 
the arc of the Florida Keys and the associated reef track (McIvor et al. 1994). Limited exchange 
with the Atlantic Ocean occurs through the tidal passes between the Keys. On its western border, 
the bay exchanges freely with the Gulf of Mexico, where a small diurnal tide (amplitude of ~0.5 m) 
and westerly currents circulate Gulf water in the bay (Smith 1998). The subtropical ecosystem has 
an average temperature of ~25°C and two distinct meteorological seasons: a November to April 
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fIgure 5.2 Conceptual sketch of the fate of primary production based on oxidized vs. reduced forms of 
nitrogen. (a) River- dominated estuary; (b) coastal lagoon.
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dry season, and a May to October rainy season, during which 75% of the average 152 cm annual 
precipitation occurs (Duever et al. 1994).

Hydrological influences dominate the ecological dynamics in Florida Bay and its Everglades 
watershed. During the rainy season, Florida Bay receives proportionately more freshwater flow 
from the Everglades. However, during the dry season the bay receives very little freshwater input 
and evaporation processes drive salinity. The hydrology of Florida Bay is also complex because 
the water budget and flow have been significantly altered by the filling of Atlantic tidal passes and 
by engineered channelized water flow at the bay’s northern fringes (Madden 2010). Florida Bay’s 
unique geomorphology includes a system of banks and shoals that create barriers to hydrologic 
circulation (Nuttle et al. 2003). Thus, almost all the tide and hydrologic circulation in eastern and 
central Florida Bay is wind driven, with limited oceanic exchange. The region sporadically experi-
ences climatic extremes, including occasional frost, drought, and intense windstorms. Numerous 
tropical storms and hurricanes have impacted the system, particularly through the extirpation of 
benthic macrophytes and mats, resuspension of sediments and interstitial nutrients into the water 
column, and redistribution of sediments and muds (Nuttle et al. 2003; Davis et al. 2004).

Florida Bay has witnessed many ecological changes in the past decades. Since the onset of indus-
trialization in the 1880s, the health of the Florida Bay ecosystem has been negatively impacted 
on both decadal (e.g., increasing eutrophication) and centurial (e.g. changes in land use and water 
management practices within southern Florida) time scales (Fourqurean and Robblee 1999). 
These anthropogenic changes have led to a significant alteration in freshwater flow patterns within 
the Everglades, causing declines in submerged aquatic vegetation (SAV) distribution and abun-
dance (Zieman et al. 1989; Robblee et al. 1991; Fourqurean et al. 1993), increases in pelagic algae 
blooms (Butler et al. 1995; Phlips et al. 1995; Phlips and Badylak 1996; Glibert et al. 2004, 2009a), 
decreases in coral health (Chiappone and Sullivan 1994; Szmant and Forrester 1994), and eco-
nomically important fisheries (e.g., Tortugas shrimp; Nance 1994; Costello and Allen 1996), sport 
fisheries (Tilmant 1989), and manatees (McIvor et al. 1994) within the bay. Although Florida Bay 
receives its freshwater flow from the Everglades, this flow results from managed discharge rather 
than from natural hydrological conditions (Rudnick et al. 1999). Agricultural and human develop-
ment have been intensive in recent decades in southern Florida and the Florida Keys and are thought 
to have changed nutrient inputs to Florida Bay (Lapointe and Clark 1992; Rudnick et al. 2005).

The Coastal Bays are a network of shallow (0.7 to 1.2 m) lagoons located behind the barrier 
island of Assateague Island (Figure 5.3b). These embayments are connected to the Atlantic Ocean 

tAble 5.1
representative surface Areas, total Volumes, and surface:Volume ratios for 
some coastal lagoons and river- dominated estuaries of the u.s. east coast

system type estuary
surface Area 

(km2)
total Volume 
(1000 × m3)

surface:Volume 
(m–1)

Lagoon Florida Bay 1663 1,031,060 0.0016

N. Coastal Bay 54 103,680 0.0005

S. Coastal Bay 335 649,900 0.0005

New Jersey bays 273 308,580 0.0009

Great South Bay 383 421,300 0.0009

Riverine Chesapeake Bay mainstem 6974 51,119,420 0.0001

Delaware Bay 2070 12,668,400 0.0002

Narragansett Bay 416 3,456,960 0.0001

Neuse River 456 1,304,160 0.0003

Note: Values from Bricker et al. (2007).



96 Coastal Lagoons: Critical Habitats of Environmental Change

by two inlets at the northern and southern ends of Assateague Island. Like Florida Bay, the Coastal 
Bays are poorly flushed, nonstratified, and have long residence times (Boynton et al. 1996). In 
fact, flushing rates have been estimated to be on the order of 7% day–1 (Pritchard 1969), which 
approximate 10 to 20 days in the northern segments and >60 days in the largest of the sub- bays, 
Chincoteague Bay (Pritchard 1969; Lung 1994). Collectively the Coastal Bays are about 330 km2 in 
area, about one- seventh the size of Florida Bay, but have a watershed that is about half the size of 
that of Florida Bay (Bricker et al. 2007; Glibert et al. 2007). The watershed of the Coastal Bays has 
traditionally been dominated by farming and forestry, but rapidly increasing residential develop-
ment is occurring (Wazniak et al. 2007). A significant amount of wetland loss has also occurred in 
recent years through the construction of canals and bulkheads (Wazniak et al. 2007). In fact, this 
region is the fastest growing in the state of Maryland and one of the fastest growing regions in the 
United States (Crosset et al. 2004).

Both systems have had extensive, ongoing monitoring programs for many years. Florida Bay has 
been monitored extensively on at least a monthly basis for nearly two decades for a range of chemi-
cal, physical, and biological parameters (Boyer and Briceño 2008), and intensive process- oriented 
studies have been carried out several times a year for the past several years to assess nutrient– 
algal relationships. All monitoring data are available at http://serc.fiu.edu/wqmnetwork. Intensive 
monitoring in the Coastal Bays has been ongoing for nearly two decades as well, with more focused 
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fIgure 5.3 Maps of (a) Florida Bay and (b) mid- Atlantic coastal bays, indicating the spatial distribution of 
monitoring stations in Chincoteague Bay.



Blooms in Lagoons: 97

studies taking place occasionally as blooms or other conditions warrant. All monitoring data are 
available from the Maryland Department of Natural Resources (http:www.eyesonthebay.net) and 
the National Park Service.

Thus, both Florida Bay and the Coastal Bays, especially the largest sub- bay, Chincoteague Bay, 
represent coastal lagoons in regions that are experiencing land- use changes with resulting alterations 
in land- derived nutrient loading. Both have similar dominant physical forces, very low riverine inputs, 
and are increasingly impacted by multiple stressors leading to increasing frequency of algal blooms.

5.3  seAsonAlIty And IntensIty of AlgAl blooms In lAgoons

Florida Bay and Chincoteague Bay experience their annual phytoplankton biomass maximum in 
summer, fall, or early winter, not in spring. Annual data from 10 sites in Florida Bay and 18 regu-
larly monitored sites in Chincoteague Bay for the 5- year period of 1999 to 2003 inclusive show that 
the peak algal biomass was reached ~45% of the time in October and November in Florida Bay, 
whereas ~80% of the time peak biomass was reached in Chincoteague Bay during the months of 
June to September (Figure 5.4). In Florida Bay most of the blooms tend to occur in the dry season, 
with no instances observed in this 5- year period of maximal algal biomass during the wet season of 
April through June (Figure 5.4a).

Florida Bay has historically been a more oligotrophic system than Chincoteague Bay, with gen-
erally low average water column chlorophyll a (Chl  a) concentrations, <1 to 2 μg L–1 (Boyer and 
Keller 2007). Blooms, when they do occur, can be significant, with chlorophyll  a levels exceeding as 
much as 30 μg L–1, depending on the subregion of the bay where they occur (Table 5.2). The average 
concentration of chlorophyll  a in the Coastal Bays, by contrast, is ~4 μg L–1, but it can reach levels 
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fIgure 5.4 Frequency diagrams of the distribution, by month, of the annual peak chlorophyll  a maximum 
for (A) Florida Bay and (B) Chincoteague Bay. For Florida Bay, the sampling period encompasses 1999–2003, 
and 10 sites that span the longitudal gradient, for a total of 120 months surveyed. For Chincoteague Bay 
the sampling period encompasses 1999 to 2003, and 18 sites that span the latitudinal gradient, for a total of 
216 months surveyed.

tAble 5.2
long- term Averages and ranges of chlorophyll  a (μg l–1) 
in florida bay and chincoteague bay by subregion

system sub- region median minimum maximum n

Florida Bay All 0.84 <0.03 35.61 3612

Central bay 1.79 0.11 35.61 542

Eastern bay 0.55 <0.03 11.35 2284

Western bay 1.55 0.14 22.08 786

Chincoteague Bay All 4.11 0.20 78.05 1044

Northern bay 5.86 0.26 78.05 426

Mid-bay 4.77 0.48 49.80 290

South bay 3.06 0.20 25.7 348

Note: Values based on data from the long- term monitoring programs ongoing in each 
system. For Florida Bay, the sampling period encompasses 1989–2003; in 
Chincoteague Bay the sampling period encompasses 1999–2003. The northern 
bay included stations 1, 2, 3, 4, 16, 17, and 18; the mid-bay included stations 5, 
6, 7, 14, and 15; and the southern bay included sites 8, 9, 10, 11, 12, and 13 
(see Figure 5.3).



Blooms in Lagoons: 99

twice those of Florida Bay, occasionally exceeding 60 μg L–1 during blooms (Table 5.2). In both 
cases the blooms represent at least an order of magnitude increase in chlorophyll  a over non- bloom 
conditions.

5.4  domInAnt AlgAl sPecIes comPosItIon And AlgAl sIze sPectrum

Blooms in lagoons are often dominated by phytoplankton that are considerably smaller in cell 
size than those that dominate riverine estuaries. Dominant algal species, although there are cer-
tainly exceptions, are typically those that are <3 μm in size. In Florida Bay, the dominant bloom-
 forming algal genus is the cyanobacterium Synechococcus, whereas in the Chincoteague Bay the 
dominant species of early summer is the pelagophyte Aureococcus anophagefferens. High- biomass 
picoplankton blooms in lagoons may reach near mono- specific proportions. During blooms in 
Florida Bay in 2002 and 2005, for example, Synechocococcus spp. comprised >99% of the phyto-
plankton assemblage and reached 108 cells L–1 (Glibert et al. 2004; Hitchcock et al. 2007; Heil 
et al. unpublished data) and were dominated by three organisms from the same clade V of MC- A 
cluster: Synechococcus sp. WH 8101 (Woods Hole), Synechococcus sp. CB 0201 (Chesapeake 
Bay), and Synechococcus sp. RS 9708 (Gulf of Aqaba). The planktonic cyanobacterial community 
was completely distinct from the benthic community (Boyer unpublished data). Similarly, in the 
Chincoteague Bay, A. anophagefferens has been found to comprise from 85% to 95% of the phyto-
plankton community during bloom periods (e.g., Wazniak and Glibert 2004).

These picoplankton are far more prevalent than diatoms, the typical dominant phytoplankton 
group in spring blooms of riverine estuaries. Diatoms may be found in coastal lagoons as one of 
many algal groups in the ambient flora during periods when blooms are not prevalent, for example, on 
the western fringe of Florida Bay and in the northern sub- lagoons of both Florida and Chincoteague 
Bays (Glibert et al. 2004; Tango et al. 2004). The most common diatoms found in the western edges 
of Florida Bay are Rhizosolenia spp. and Chaetoceros spp. (Hitchcock et al. 2007). During winter 
diatoms may comprise up to 40% of the phytoplankton community in Chincoteague Bay (Tango 
et al. 2004). However, the classic long- chain diatom species, such as Skeletonema costatum, that 
often dominate in spring blooms of river- dominated systems are generally not found in high abun-
dance. Where significant abundances of dinoflagellates are observed in these coastal lagoons, they 
are either associated with benthos, as in Gambierdiscus in Florida Bay (e.g., Babinchak et al. 1986), 
localized to specific subsegments of the estuary, as in the case of Pfiesteria sp. or Prorocentrum 
minimum in Chincoteague Bay (Glibert et al. 2001; Tango et al. 2004) or transported into specific 
regions of the bay, as in Karenia brevis blooms in the western region of Florida Bay.

Once picoplankton blooms occur, they tend to be sustained for periods from weeks to months, 
and in a few cases, years. Sustained blooms of picoplankton such as these have been termed “eco-
system disruptive algal blooms, EDABs” (Sunda et al. 2006). Blooms of Synechococcus spp. in 
Florida Bay are not recent phenomena, although major blooms have occurred in recent years. In 
Florida Bay, one such bloom was observed in the early 1990s in the central and western regions of 
the bay (Boyer et al. 1999; Stumpf et al. 1999). These blooms continued through the 1990s and into 
the early 2000s (Richardson and Zimba 2002; Glibert et al. 2004, 2009a). The Synechococcus spp. 
bloom which began in late 2005 was unprecedented because it occurred in the eastern and north-
eastern region of the bay, which had previously been unaffected by such blooms, and it reached 
chlorophyll  a concentrations of ~30 μg L–1, levels not previously observed (Rudnick et al. 2006; 
Gilbert et al. 2009a). Ecosystem impacts of these blooms have been severe in Florida Bay. The SAV 
community declined significantly in areal coverage (Robblee et al. 1991; Hall et al. 1999; Durako 
et al. 2002). A 100% mortality of sponges also resulted (Fourqurean and Robblee 1999). Landings 
of spiny lobster and pink shrimp also plunged during the period of the blooms in the early 1990s 
(Madden 2010).

In Chincoteague Bay, A. anophagefferens, commonly known as “brown tide,” has bloomed annu-
ally for more than a decade, the period over which such data are available (Trice et al. 2004; Glibert 
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et al. 2007). In fact, there is considerable evidence that the intensity of these blooms increased in 
the decade of the 1990s (Trice et al. 2004; Glibert et al. 2007). Blooms tend to last in this system 
for a period of several weeks, although some brown tide blooms have been known to last months 
to years in other coastal lagoonal systems (e.g., the Texas brown tide of 1989 to 1997; Buskey et al. 
1997, 2001). Annual blooms are now sufficiently dense to cause severe impacts or mortality on 
shellfish and also result in losses of SAV due to reduced light penetration (Gastrich and Wazniak 
2002; Wazniak and Glibert 2004; Glibert et al. 2007).

5.5  nutrIent comPosItIon And sources In lAgoons

Like all algal blooms regardless of location, lagoonal algal blooms must have nutrient sources to 
sustain the biomass that is produced, and the relative composition of the nutrient pool, not just the 
total nutrient quantity, influences which species are likely to proliferate. Nutrient composition within 
coastal lagoons often tends to differ significantly from that of river- dominated systems. Lagoonal 
systems do not generally have elevated concentrations of NO3

– that are frequently observed in river-
 dominated estuaries, particularly in late winter–spring. Whereas concentrations of NO3

– in many 
riverine systems can exceed many tens of μM (e.g., Chesapeake Bay, Glibert et al. 1995; Kemp 
et al. 2005; Neuse River Estuary, Christian et al. 1991; Burkholder et al. 2006), lagoonal systems 
may develop higher relative concentrations of the N from NH4

+ than NO3
– (Burkholder et al. 2006). 

In fact, some lagoons can accumulate very significant levels of NH4
+, >30 μM (Boyer et al. 1999; 

Burkholder et al. 2006; Glibert et al. 2007; Sturgis 2007). In addition, organic forms of N and P 
tend to dominate the nutrient pool in lagoons compared to their respective inorganic nutrient forms 
(Boyer et al. 1999, 2006; Glibert et al. 2007).

In Florida Bay, an examination of nutrient availability at five stations, spanning the entire bay, 
from the period of 1987 through 2006, shows that concentrations of NH4

+ frequently exceed 1 μM, 
and that concentrations of NH4

+ at some stations exceed 5 μM up to 20% of the time (Figure 5.5a). In 
contrast, these same stations rarely have concentrations of NO3

– that exceed 5 μM (Figure 5.5b). 
Likewise, an examination of four stations spanning the length of the Chincoteague Bay, for the time 
period of 1999 to 2004, shows that concentrations of NH4

+ often exceed 5 μM, but rarely do those of 
NO3

– (Figure 5.5c and d). The accumulation of N in these estuaries is not solely a function of limita-
tion by another nutrient. While eastern Florida Bay has historically been considered P- limited, and 
ratios of total N:P clearly demonstrate a proportionate lack of P, such is not the case in Chincoteague 
Bay, where P remains in relatively high concentrations throughout the year, and the total N:P ratio 
is significantly lower than that of Florida Bay (Table 5.3). Both systems also have concentrations of 
silicate that range from several to tens of μM; this nutrient is neither limiting nor generally required 
to sustain the common bloom- forming species of these lagoons. The highly divergent nutrient ratios 
between Florida Bay and Coastal Bays are driven to at least some extent by the differing sediment 
types. Florida Bay is dominated by carbonate sediments, particularly in the eastern region, whereas 
Chinocoteague Bay is dominated by silt and clay. Strong carbonate binding of P is one reason for P 
limitation in Florida Bay (Orem et al. 1999).

Lagoonal estuaries have several sources of NH4
+. Benthic fluxes are an important source (Yarbro 

and Carlson 2008), and these lagoons have significant faunal communities. Sponges, for example, 
in Florida Bay may contribute significantly to N (Corredor et al. 1988; Southwell et al. 2008). The 
shallow nature of these systems also means that nutrient regeneration from benthic fauna would 
be more important to the overlying algal populations than would be the case for deeper estuaries. 
Microbially mediated dissimilatory NO3

– reduction to NH4
+ (DNRA), a process by which NO3

– is 
converted to NH4

+ in the presence of organic matter, has also been shown to be significant in Florida 
Bay where measured rates have ranged from 11 to 170 μM m–2 h–1 (Gardner and McCarthy 2005) . 
While no direct measurements of this process are available for Chincoteague Bay, there is no reason 
to assume that it would not be occurring: DNRA is thought to be more common in aquatic systems 
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fIgure 5.5 Frequency diagrams of the concentrations of NH4
+ (a, c) and NOx– (b, d) for Florida Bay (a, b) 

and Chincoteague Bay (c, d) for representative stations spanning the length of each estuary. Data are based 
on monthly monitoring in both estuaries. For Florida Bay, the sampling period encompasses 1989 to 2003, 
representing a total of 206 measurements for each station, while in Chincoteague Bay, the sampling period 
encompasses 1999 to 2003, representing a total of 58 measurements for each station.

tAble 5.3
summary of Average nutrient ratios Indicated for 
selected stations from the long- term monitoring 
data from florida bay and chincoteague bay

system station nh4
+:no3

– tn:tP n

Florida Bay Barnes Sound 13.29 181 208

Duck Key 2.92 222 209

Little Madeira 11.69 213 202

Rabbit Key 71.58 124 211

Sprigger Bank 13.51 64.6 189

Chincoteague Bay Station 2 16.2 20.9 56

Station 5 7.6 47.8 57

Station 9 10.3 23.7 56

Station 13 13.2 14.4 58

Note: For Florida Bay, the sampling period encompasses 1989–2003; 
for Chincoteague Bay the sampling period encompasses 
1999–2003.
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where the water column is rich in labile organic carbon and low in NO3
– (Tiedje 1988; Burgin and 

Hamilton 2007). Benthic resuspension events are also more prevalent in shallow lagoons and may 
be a significant source of nutrients to the water column (Lawrence et al. 2004).

While sustained hypoxia or anoxia is not common in coastal lagoons due to their shallow and 
well- mixed nature, localized hypoxia can occur, especially on a diel basis, and may be related to 
changes in benthic metabolism due to algal blooms. SAV or benthic macroalgae may die off as 
light penetration is reduced from algal blooms (e.g., Borum et al. 2005). This, too, would lead to 
increased flux of reduced forms of N from the sediment to the water column.

In Florida Bay, it has also been shown that the bacteria in the water column process nutrients 
quite differently from active algal (cyanobacterial) bloom communities (Glibert et al. 2004). In the 
eastern bay region, which has been shown to be P- limited for the phytoplankton, the bacteria are 
more responsive to organic N than P (Glibert et al. 2004). Recently described differences in the 
biochemical demand for P by cyanobacteria and heterotrophic bacteria may explain these differ-
ent responses to N and P (Van Mooey et al. 2009). This suggests that bacteria in the water column 
could also be significant contributors to the regeneration of NH4

+, although direct assays would be 
required to confirm this.

5.6  dIfferentIAl use of nutrIent forms by AlgAl grouPs: 
AlgAl PhysIology

Phytoplankton groups differ in their requirements for, and in their ability to utilize, both inorganic 
and organic forms of N. Use of varying substrates depends on physiological ability of the cells to 
use specific substrates, and on the physiological state (nutrient status, growth rate, etc.) of the cells 
at the time of nutrient supply (Glibert and Burkholder 2006). While diatoms are generally NO3

– 
opportunists, autotrophic and heterotophic picoplankton compete for reduced forms of N. Thus, 
the occurrence of many fast- growing diatoms has been found to be highly correlated with the large 
and/or frequent additions of NO3

– found in river- dominated estuaries (e.g., Goldman 1993; Lomas 
and Glibert 1999). In contrast, recent studies in both enriched coastal areas and oligotrophic oceanic 
systems have shown that while productivity may increase quantitatively with overall N availability, 
the organic N component may contribute disproportionately to the uptake by dinoflagellates, pel-
agophytes, and cyanobacteria (Paerl 1988; Berg et al. 1997; LaRoche et al. 1997; Lomas et al. 2001; 
Glibert et al. 2001, 2006b; Zubkov et al. 2003).

In fact, urea has been previously implicated as an important N source for both A. anophagef-
ferens (e.g., Berg et al. 1997; Lomas et al. 2001; Glibert et al. 2001, 2007) and Synechococcus spp. 
in both fresh and marine systems (Berman and Chava 1999; Collier et al. 1999; Sakamoto and 
Bryant 2001). The assimilation of urea by algae requires the enzyme urease. A survey of 13 algal 
species from multiple algal genera revealed that the highest urease activities per cell were found 
for A. anophagefferens and Synechococcus (Solomon et al. 2010). Berg et al. (1997) also found that 
A. anophagefferens had a higher potential for uptake of urea than for uptake of other N substrates, 
including inorganic and organic amino acids. Several urease genes have been well characterized in 
cyanobacteria, including Synechococcus (clone WH 7805; Collier et al. 1999), and higher rates of 
urease activity have been found for those cells grown on urea than for cells grown on NH4

+ (Collier 
et al. 1999). In laboratory experiments, it has also been observed that at low light, growth of A. ano-
phagefferens was higher when urea was provided as a growth N source than when growth N did not 
include this form (Pustizzi et al. 2004).

The potential for different fractions of the phytoplankton community to respond to inorganic 
and organic substrates was examined in Florida Bay. Using stable isotopic tracer techniques to 
track the relative use of different forms of N in both bloom and non- bloom conditions, it was found 
that the zeaxanthin:chlorophyll  a ratio (an indicator of the relative contribution of cyanobacteria to 
phytoplankton biomass) was positively correlated with the rate of uptake of urea, and negatively 
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correlated with the rate of uptake of NO3
– (Figure 5.6). The opposite pattern was observed for the 

fucoxanthin:chlorophyll  a ratio (indicative of relative diatom and chrysophyte biomass) and the 
zeaxanthin:chlorophyll  a ratio (indicative of cyanobacterial biomass; Figure 5.6), suggesting that 
different algal groups were using different N substrates (Glibert et al. 2004). Similar results have 
previously been observed in mesocosm experiments which varied in their surface to volume ratio. 
In that case, as in Florida Bay, there was a good agreement between the percentage of NO3

– uptake 
and the percentage of diatoms in the phytoplankton community. Conversely, where cyanobacteria 
dominated the assemblages, the percentage of reduced forms of N uptake varied in proportion to the 
percent cyanobacteria (Glibert and Berg 2009). Moreover, in the mesocosm experiments, diatoms 
tended to dominate in the mesocosms with a smaller surface to volume ratio, while cyanobacteria 
dominated in those with a larger surface to volume ratio. Patterns in N utilization in the larger and 
deeper mesocosms were thus comparable to those observed in river- dominated estuaries in spring, 
whereas patterns of N utilization in the smaller and shallower mesocosms were more comparable to 
those observed in coastal lagoons in summer (Glibert and Berg 2009).

5.7  PoIsed on the edge

Blooms in lagoons are “poised on the edge” of success in several ways. First, they compete with 
other primary producers in the system, mainly microphytobenthos, macroalgae, and SAV. Also, 
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fIgure 5.6 Relationships between the percent contribution of different N substrates to total phytoplankton 
N uptake and the composition of the phytoplankton community in Florida Bay in November 2002 as indicated 
by pigment ratios. (a) Gives the relationships between the fraction of urea uptake relative to total N uptake 
and the zeaxanthin: chlorophyll  a ratio (indicative of cyanobacteria); (b) shows the fraction of urea uptake 
relative to the fucoxanthin: chlorophyll a ratio (indicative of diatoms and chrysophytes). (c and d) Show the 
same relationships except relative to the fraction of inorganic nitrogen uptake as NO3

–. The fractional nitrogen 
uptake was determined using 15N tracer techniques as described. (From Gilbert, P.M. et al. Mar. Ecol. Prog. 
Ser., 280: 73–83, 2004. With permission.)
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due to the small size of the cells, they do not have the physiological capability to store large pools 
of nutrients internally, so nutrient limitation is a continual challenge (e.g., Sunda et al. 2006). In the 
context of the Caperon et al. (1971) nutrient response curve (Figure 5.1), production and biomass 
are generally limited by the same nutrient factor. River- dominated estuaries, by contrast, may have 
biomass limited by one factor, such as total N availability (as in the cases of Chesapeake Bay and 
Moreton Bay; Malone et al. 1996; Glibert et al. 2006a), while production may be limited by another 
factor, such as light.

Owing to the generally shallow nature of coastal lagoons, benthic primary producers are in 
competition with water column primary producers for nutrients. Coverage of SAV can be substan-
tial, and is >60% for both Florida Bay and the Coastal Bays, although in both systems SAV has 
been under stress and has had recent die- backs (Durako et al. 2002; Wazniak and Hall 2004). In 
lagoonal systems, benthic chlorophyll  a can be a significant contributor to production, and the pres-
ence of a significant population of benthic producers can help sustain dissolved oxygen levels in the 
water column. In some subregions of Chincoteague Bay, for example, there is more chlorophyll  a 
in microphytobenthos than in the phytoplankton. Macroalgae, also, can be abundant (e.g., McGinty 
et al. 2004). The SAV of Florida Bay has been particularly well studied, and their role in physico-
chemical, primary, and secondary trophic functions of the bay are well established (e.g., Matheson 
et al. 1999; Stumpf et al. 1999; Fourqurean et al. 2002). While these roles are not detailed here, 
the point is that with the relatively high biomass and high production capacity of SAV and benthic 
microalgae, the competition for nutrients with water column phytoplankton is greater than that 
in river- dominated systems. Such competition would also favor those phytoplankton with a high 
uptake capacity for regenerated nutrients (Glibert 1998). A conceptual model relating the trade-
 offs between benthic primary producers and the production of brown tide has been proposed for 
the coastal lagoons of Long Island (MacIntyre et al. 2004). In this model, conditions leading to a 
benthic- dominated state, including high input of NO3

– from groundwater, will lead to low brown 
tide biomass, while conditions leading to a pelagic nutrient environment, including low NO3

– input 
from groundwater and high organic input, will be more suitable to sustain brown tide. The relation-
ship between high brown tide years and low flow (and consequently low NO3

– input) documented for 
Peconic Bay, New York, by LaRoche et al. (1997) substantiates this model and further underscores 
the dependence of brown tide on organic or regenerated sources of nutrients.

Picoplankton such as Synechococcus are especially well adapted to low inorganic nutrient con-
ditions because their small size reduces diffusion limitations in nutrient uptake. However, unlike 
diatoms which have large internal nutrient storage pools (e.g., Dortch et al. 1984; Lomas and Glibert 
1999), picoplankton, because of their small size, are limited in their ability to store nutrients. 
Laboratory experiments on various clones of Synechocococcus have shown that these cells may 
either arrest cell division immediately upon N starvation, or may divide slowly, but only for approxi-
mately one division when they become N- limited (Glibert et al. 1986; Glibert and Ray 1990). A dem-
onstrated response of cyanobacteria is the mobilization of phycobilisome- bound phycobiliproteins 
during periods of N deprivation (Yamanaka and Glazer 1980). Laboratory experiments in which 
Synechococcus was grown over a gradient of light intensities show that cells grown in low light 
had about 20% or more of their N in phycoerythrin, but cells grown in high light had <3% of their 
cell N bound in phycoerythrin (Kana and Glibert 1987). From these experiments it was concluded 
that rapidly grown cells sequester little N in phycoerythrin, and that all phycoerythrin is regulated 
photosynthetically; during N depletion, depending on the clone and its growth conditions, the abil-
ity to grow beyond one doubling is apparently very limited (Glibert et al. 1986; Kana and Glibert 
1987). Although exactly comparable experiments have not been conducted for A. anophagefferens, 
the small size of this cell as well also would limit the extent to which N from pigment pools could 
be mobilized to support growth upon N depletion (Pustizzi et al. 2004). Thus, in order for blooms 
of either species, Synechococcus or A. anophagefferens, to be sustained, nutrients must be supplied 
or regenerated on a continual basis. Pulsed delivery of nutrients will not be able to be acquired and 
stored by the cells to sustain growth.
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Grazing must also be reduced for lagoonal blooms to be sustained. Sunda et al. (2006) note 
that these EDAB species are often unpalatable or toxic, and thereby reduce grazing. The posi-
tive feedbacks of reduced grazing and/or bottom shading contribute to the availability of nutrients 
for these blooms. While no direct data on microbial grazing are available from the Coastal Bays, 
previous blooms of A. anophagefferens in Narragansett Bay, Rhode Island, Great South Bay, New 
York, and of A. lagunensis in Laguna Madre, Texas, provide some insight into grazer dynamics. In 
Narragansett Bay, during a bloom in 1989, the “normal” community of ciliates and heterotrophic 
flagellates was unusually sparse, suggesting reduced grazing (Smayda and Villareal 1989; Smayda 
2008). Depression of grazing of brown tide blooms in New York embayments has also been shown 
(Gobler et al. 2002, 2005; Caron et al. 2004). In Laguna Madre the density of protozoan grazers was 
found to be greatly reduced during blooms, and it was suggested that a thick polysaccharide layer 
around the cells may make it difficult for the protozoa to feed (Buskey and Stockwell 1993; Buskey 
et al. 2001). Allelopathic chemicals may play an important role in maintaining EDAB species also 
(Sunda et al. 2006; Graneli et al. 2008). It has also been suggested that elevation of pH during the 
bloom may have some inhibitory effect on grazers (Buskey 2008).

While sponges have been shown to graze on blooms in Florida Bay (e.g., Peterson et al. 2006), 
the common microbial grazers of Synechococcus are heterotrophic protozoa and ciliates (Campbell 
and Carpenter 1986; Caron et al. 1991; Strom 1991; Jochem 2003). Recently, some red- tide dino-
flagellates, including autotrophic dinoflagellates, have been found to consume Synechococcus 
(Legrand et al. 1998; Jeong et al. 2005; Glibert et al. 2009b). A modified dilution experiment from 
Florida Bay conducted with a Florida Bay Synechococcus spp. bloom population shows that graz-
ing by a mixed flagellate community can be significant (Figure 5.7). However, natural blooms in 
Florida Bay are found to contain >90% Synechocococcus spp., and thus grazing impacts from 
heterotrophic flagellates and ciliates are localized to small subembayments where these microbes 
are able to develop. Microzooplankton grazing also provides an important source of regenerated 
nutrients (Glibert 1998).

The net effects of grazer and nutrient limitation can be seen from nutrient- enrichment bioas-
say experiments conducted similarly in Florida Bay and Chincoteague Bay (Figure 5.8). In the 
examples shown, typical of a larger set of data (Glibert and Heil unpublished), the control treatment 
showed a 20% to 40% decline in chlorophyll  a in 24 h. A similar decline in chlorophyll  a was also 
observed in the P- enrichment treatments in the Coastal Bays, underscoring the lack of limitation by 
this element in that system (see also Table 5.3). Thus, microzooplankton grazing indeed appeared to 
be regulating biomass to some extent. The largest response in chlorophyll  a in the bioassay experi-
ments, in both systems, however, was typically observed when both organic N and organic P were 
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provided in combination (Figure 5.8). Although the bloom populations experienced some limited 
grazing control, as well as modest to severe nutrient limitation, they were able to grow at a level 
higher than that which could be consumed by grazing when both nutrients were provided in their 
preferred form.

5.8  conclusIons

Blooms in lagoons are often different from those in river- dominated systems for several reasons 
(Figure 5.9). They may be dominated by EDAB species, mostly picoplankton, compared to large-
 sized diatoms that are most common in the spring blooms of river- dominated systems. They fre-
quently occur in summer or fall, not during spring, but may also be sustained for very long periods 
of time in some systems. They are not sustained by river- derived NO3

–, but rather by regenerated 
sources of nutrients. They compete well for organic forms of N and P. Owing to their physiology, 
they must have sustained nutrient sources in order for bloom biomass to be sustained; they do not 
have large internal nutrient storage pools. Grazing losses (during blooms) are greatly reduced, and 
when grazing does occur, microzooplankton rather than macrozooplankton are the dominant water 
column grazers. The shallow, retentive nature of lagoons and the high degree of coupling between 
the benthos and the pelagic environment in terms of fluxes of nutrients are conditions that can 
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lead to prolonged blooms of these picoplankton, with significant ecosystem consequences. Thus, 
these systems diverge along the classic lines delineated for herbivorous food web vs. microbial food 
web systems (e.g., Legendre and Rassouzadegan 1995). In general, river- dominated systems, which 
have proportionately greater inputs of oxidized forms of N, appear to have greater abundance of 
large phytoplankton, and the episodic nature of those inputs favors diatoms (Goldman 1993). The 
dominance of regenerated forms of N, and high organic loads, derived from both microzooplankton 
grazing and/or benthic fluxes, favors small- sized phytoplankton with high growth rates (Glibert 

River-dominated
estuary

NH4 NH4
NH4

NO3 PO4

O2 O2 O2

(a)

Coastal lagoon

NH4 NH4PO4

PO4
NO3 O2

O2
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fIgure 5.9 Synthesis schematics contrasting riverine and coastal lagoons in terms of dominant nutrient 
sources, fluxes, and algal blooms. In the river- dominated systems (a), the major source of nutrients is from 
riverine input. Most of the N from this source is in the form of NO3

–. The major sources of nutrients are 
sewage from the human population as well as runoff and groundwater input from agricultural and/or animal 
operations in the watershed. Diatoms are common in the resulting phytoplankton community, and occur often 
as spring blooms. Nutrient regeneration in the benthos can be significant especially when hypoxia or anoxia 
develop. In the coastal lagoons (b), the major nutrient sources are from nonpoint sources. These may include 
sewage from human population, often septic systems rather than treated sewage, as well as runoff and ground-
water input from the agricultural and/or animal operations in the watershed. Although variable, the dominant 
nitrogen form is usually in reduced or organic form, namely NH4

+, urea, or DON. Phytoplankton blooms are 
dominated by cells that are small in size, such as cyanobacteria or brown tide, referred to as ecosystem disrup-
tive blooms, EDABs (sensu Sunda et al. 2006). Nutrient fluxes from the benthos are important in regulating 
the nutrient availability in these systems.
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1998). These fundamental differences in blooms between lagoons and river- dominated estuaries 
have important implications for nutrient management as well as for the development of estuarine 
nutrient criteria for these systems.
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6 Relationship between 
Macroinfaunal Diversity and 
Community Stability, and 
a Disturbance Caused by a 
Persistent Brown Tide Bloom 
in Laguna Madre, Texas

Paul A. Montagna,* Mary F. Conley, 
Richard D. Kalke, and Dean A. Stockwell

AbstrAct

A brown tide, Aureoumbra lagunensis, bloom persisted throughout the 1990s in Baffin Bay and 
upper Laguna Madre, Texas, which resulted in increased phytoplankton biomass and decreased 
bottom light levels. Coincidently, changes in benthic macroinfauna abundance, biomass, and diver-
sity were studied from 1988 to 2000. The combination of the bloom and benthic study allows us to 
perform a post hoc analysis to determine if the brown tide affected macroinfauna. Three hypotheses 
were tested: (1) initial disturbance leads to a diversity loss, (2) more diverse systems resist change, 
and (3) more diverse systems recover more rapidly. Four stations were sampled quarterly, two in 
Baffin Bay in an open bay, muddy bottom habitat, and two in Laguna Madre in seagrass and an 
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adjacent unvegetated habitat. Approximately 75% of invertebrate biomass was lost in both Baffin 
Bay and upper Laguna Madre prior to the brown tide. This loss is linked to the high salinities in the 
bays from 1988 to 1990. In addition, freezes in December 1989 to January 1990 caused two large 
fish kills and probable invertebrate kills. These die- offs resulted in increased ammonium in the 
system, which fueled the brown tide bloom. The loss of macroinfauna decreased the grazing poten-
tial of benthos on the brown tide organism. Both systems revealed decreases in abundance, bio-
mass, and diversity concurrent with the increased concentrations of brown tide. The upper Laguna 
Madre seagrass stations, with the highest diversity, recovered in abundance and diversity during 
later dates, while the muddy bottom habitats, with low diversity, did not. On the other hand, biomass 
recovered at the muddy Baffin Bay stations, but not in the seagrass bed. Thus, the effect of brown 
tide on the macroinfauna is dependent on the habitat and diversity. Community structure changed 
with the onset of brown tide. Species diversity decreased and disturbance tolerant species, such as 
Streblospio benedicti and Prionospio heterobranchia, increased dominance in the system. There 
appear to be two different equilibrium states in this ecosystem: one prior to brown tide and one after 
onset of brown tide. The new equilibrium state is less diverse and lower in abundance and biomass. 
The effect of brown tide on the macroinfauna is important because the benthos, in Baffin Bay and 
Laguna Madre, constitute an important food source for commercial and recreational fish and play a 
role in the regeneration of nutrients to the shallow water ecosystem.

Key Words: benthos, infauna, harmful algal bloom, pelagophyte, Baffin Bay

6.1  IntroductIon

A monospecific algal bloom began in upper Baffin Bay and Laguna Madre, Texas, in January 1990 
and persisted until October 1997 (Buskey et al. 2001). The species, Aureoumbra lagunensis (DeYoe 
et al. 1997), is small, 4 to 5 μm in diameter. It is in the same class, Pelagophyceae, as the brown tide 
alga Aureococcus anophagefferens found in the northeastern United States. Densities of this spe-
cies as high as 1 × 107 cells mL–1 have been recorded. Brown tide is ecologically significant because 
it effectively out- competes other phytoplankton (Stockwell et al. 1993). The origin of the Texas 
brown tide is linked to drought conditions in south Texas during 1988 and 1989, and two freezes in 
the winter of 1989–1990, because these events killed fish and invertebrates and their decomposition 
led to increased ammonium levels in the water (Whitledge 1993; Buskey et al. 1998). The persis-
tence of the brown tide bloom may be due to a long, one year, water residence time in this ecosys-
tem (Shormann 1992), and the ability of the brown tide species to survive high salinities (Buskey 
et al. 1996; Buskey et al. 2001) and utilize ammonium (DeYoe and Suttle 1994). Previous studies 
have measured the impact of brown tide on zooplankton (Buskey and Stockwell 1993; Buskey and 
Hyatt 1995), light attenuation (Dunton 1994), nutrients (Whitledge 1993), and bivalve filter feeding 
(Montagna et al. 1993). Disruption of grazer control has contributed to persistence of the bloom 
(Buskey et al. 1997).

The relationship between brown tide and macroinfauna is less well known and is the subject of 
the current study. From other studies, it is known that brown tide can directly affect the benthic mol-
lusks by interfering with filter feeding (Tracey 1988; Bricelj and Kuenstner 1989), or altering larval 
populations (Ward et al. 2000). Trophic structure could change if the carbon associated with brown 
tide is utilized by the benthic food web, which would result in phytoplankton playing a greater role 
as a primary food source than seagrass (Street et al. 1997). Shading caused by brown tide reduced 
seagrass growth (Dunton 1994), and this led to an 18% to 27% loss of seagrass habitat (Onuf 1996, 
2000). Reduced seagrass area can have a serious consequence for macrofauna because vegetated 
areas have 3 to 50 times more benthos than bare areas (Orth et al., 1984). A diverse benthic com-
munity utilizes seagrass habitats for protection from predators, larval recruitment, and as a detrital 
food source (Orth et al. 1984). Understanding the effect of brown tide on the benthic community is 
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important, because in shallow coastal environments the benthos serve as a food source for higher 
trophic levels and play a role in nutrient regeneration. In particular, upper Laguna Madre supports a 
large commercial black drum fishery (90% of Texas landings) and is a premier destination for sport 
fishing (especially trophy- sized seatrout). With the known links between brown tide and benthos, 
and the importance of benthos in the ecosystem functioning, it is necessary to know what effect 
brown tide has on macrobenthos.

The current study is one of opportunity, not design. So it is useful to frame a context in which to 
perform post hoc analyses. The persistent brown tide was a large- scale disturbance of the ecosys-
tem. Numerous studies have shown that disturbance leads to loss in diversity (Valiela 1995). Elton 
(1958) suggested that a large number of species provides a stabilizing effect in communities. The 
persistent brown tide provides an opportunity to perform a post hoc examination of the relationship 
between disturbance, stability, and diversity. Three hypotheses are tested: (1) that initial disturbance 
leads to diversity loss, (2) more diverse systems resist change, and (3) more diverse systems recover 
more rapidly. The benthic macrofauna community was studied for 12 years between 1988 and 2000 
(2 pre- bloom and 10 during- bloom years) in two different habitat types (open bay bottoms and sea-
grass beds). Abundance and biomass were measured, and diversity was calculated. Both univariate 
and multivariate statistical approaches were used to test for community change across temporal 
treatments (i.e., pre- vs. during- bloom sampling events) and spatial treatments (i.e., Laguna Madre 
vs. Baffin Bay).

6.2  mAterIAls And methods

The study area is Baffin Bay and upper Laguna Madre (Figure 6.1). Laguna Madre is a shallow 
lagoon separated from the Gulf of Mexico by barrier islands. It is one of only four hypersaline 
estuaries in the world (Javor 1989). Upper Laguna Madre is analogous to a primary bay because it 
is connected to the Gulf of Mexico, but this system does not have a direct connection to the Gulf of 
Mexico because exchange occurs from connections in the south (Mansfield Pass in Lower Laguna 
Madre) and from the north (through Aransas Pass in Corpus Christi Bay). In general, water flow in 
Laguna Madre is from south to north, and driven by the dominant southeasterly winds, and increas-
ing in salinity as it moves north (Breuer 1962). Northern cold fronts, mainly in winter, reverse the 
wind- driven circulation allowing some water movement into the northern end of Laguna Madre 
from Corpus Christi Bay, lowering salinity (Copeland et al. 1968). Water movement is primarily 
through the deepened Gulf Intracoastal Waterway. The dredging has reduced salinities in upper 
Laguna Madre over the long term and this has caused increases in seagrass cover (Quammen and 
Onuf 1993). Baffin Bay is a secondary bay that receives freshwater pulses from the watershed via 
three small tertiary bays. Precipitation is low (74 cm year–1) and freshwater inflow is restricted 
to periodic flow in ephemeral creeks that empty into tertiary bays, which then connect to Baffin 
Bay (Orlando et al. 1991). One exception is Petronila Creek, which has a baseflow provided by 
waste water treatment plants. On average, 65% of the total inflow to Baffin Bay is direct precipita-
tion onto the bay surface (http://midgewater.twdb.state.tx.us/bays_estuaries/hydrologypage.html). 
Overall, the combination of low freshwater inflow and high evaporation rates results in a seasonal 
hypersaline environment. Turbidity is high in Baffin Bay because of its shallow depth (3 m), high 
temperatures, and high average wind speeds.

Two sampling stations each are located in open bay and seagrass habitats (Figure 6.1). The Baffin 
Bay stations are located in the open bay near navigation channel Markers 6 and 24, and are thus 
labeled stations 6 and 24. Both sites are bare, muddy bottom habitats at depths near 3 m. The upper 
Laguna Madre stations are located in a seagrass bed near navigation channel Marker 189 at a water 
depth of about 1 m. Station 189G is located in a vegetated portion of the seagrass bed while station 
189S is located in an adjacent unvegetated sand patch. Sampling, at all stations, was performed 
quarterly (January, April, July, and October) beginning in April 1988 and ending in October 2000. 
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Thus, the treatments are arranged in a two- way, partially hierarchical analysis of variance experi-
mental design, where the two main effects are: (1) before and during the brown tide event, with 
unique sampling dates nested within the two periods; and (2) bay systems, with the stations unique 
to Baffin Bay and Laguna Madre nested within bay systems.

At each station a multiparameter sonde was used to measure salinity, temperature, dissolved 
oxygen, and pH just below the surface and at the bottom. Surface and bottom water samples were 
collected for chlorophyll and nutrient analyses. Bottom samples were collected using a Van Dorn 
bottle and kept cold until analysis. Nutrient concentrations were analyzed using standard automated 
nutrient seawater analyses on a Technicon AutoAnalyzer (Whitledge et al. 1981; Whitledge 1993). 
Chlorophyll measurements were made using a fluorometric method (Holm- Hansen et al. 1965) on 
samples extracted using 60% acetone and 40% DMSO (Dagg and Whitledge 1991).

At each station, three replicate sediment samples were taken using a 6.72 cm-diameter plastic 
tube to a depth of 10 cm, preserved with 10% formalin solution, and sorted using a 0.5-mm sieve 
(Montagna and Kalke 1992). The retained organisms were identified to the lowest possible taxa 
(generally species), and counted. Biomass was measured by combining the organisms into larger 
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taxonomic groups (Crustacea, Mollusca, Polychaeta, etc.), which were dried at 55°C for 24 hours 
and weighed to the nearest 0.01 mg. All carbonate shells from the mollusks were removed with 1 M 
hydrochloric acid before weighing.

Species diversity was calculated by pooling all three replicate cores for each date- station com-
bination. Diversity indices were then calculated using Hill’s number 1 (N1) (Ludwig and Reynolds 
1988). Hill’s N1 is calculated by: N1 = eH′, where H′ is the Shannon–Weaver index (Hutcheson 
1970). Hill’s N1 represents the number of abundant species (Ludwig and Reynolds 1988), and thus 
is easier to interpret than most diversity indices.

All statistical analyses were performed using SAS software (SAS Institute Inc. 1991). A two- way 
factorial ANOVA was used to test for differences in macrofaunal abundance, biomass, and diversity 
among stations, dates, and the interaction. Total core abundance and biomass were tested against the 
hydrologic data (salinity, temperature, and dissolved oxygen) as well as bottom water column nutri-
ent concentrations (NO3

– + NO2
–, NH4

+, PO4
3–, SiO4) using a principal components analysis (PCA).

A multivariate analysis was used to test for community structure change between before and after 
brown tide dates. June 1990 was used as the brown tide origination date because high brown tide 
cell counts were first recognized in the bays at this time (Buskey et al. 1996). Species were analyzed 
by nonmetric multidimensional scaling (MDS). All multivariate statistical analyses were performed 
using PRIMER software (Clarke and Warwick 2001; Clarke and Gorley 2006). The MDS procedure 
was used to compare average abundances of individuals of each species for each station- date combi-
nation. The MDS analysis was completed using a Bray–Curtis similarity matrix on log- transformed 
(ln + 1) data. Differences and similarities among communities were highlighted based on clus-
ter analysis calculated from the similarity matrix. A subset of species that represented the spatial 
pattern in an MDS plot was determined using the BVSTEP procedure. The BVSTEP procedure 
employs a step- wise approach to determine the minimum subset of species that can yield the same 
pattern of community structure obtained from the entire dataset (Clarke and Warwick 1998). Cluster 
analysis was performed on samples and significant differences among clusters were computed using 
the SIMPROF procedure. Rank- dominance plots were created to identify diversity trends before and 
during the brown tide event by pooling samples in Baffin Bay and Laguna Madre.

6.3  results

6.3.1  water column

There is a close correspondence between the salinities of Baffin Bay and Laguna Madre, and the 
overall average salinity was 37.7 practical salinity units (psu) (Figure 6.2). From 1988 to 1990, 
there was below-average rainfall in southeast Texas (Buckner et al. 1989, 1990; Buckner and Shelby 
1990), which caused increased salinities in Baffin Bay and Laguna Madre. Salinities remained 
above 30 psu to 1992. In 1992 and 1993, there was above-average rainfall associated with an El Niño 
event, and salinities in the system dropped, ranging between 10 and 30 psu. Salinity increased again 
from 1994 to 1996. Precipitation controls salinity concentrations in Laguna Madre and Baffin Bay 
due to low freshwater runoff and high evaporation.

Bottom water dissolved oxygen (DO) was generally higher in Laguna Madre than Baffin Bay 
(Figure 6.2). The average bottom DO in Laguna Madre was 8.1 mg L–1, and in Baffin Bay, it was 
6.7 mg L–1. The higher DO in Laguna Madre is due to photosynthesis by seagrass, which super-
saturates the water with DO during the day. Concordantly, pH is higher (8.4 on average) in Laguna 
Madre than in Baffin Bay (8.1 on average).

The quantity of brown tide in the system was estimated as chlorophyll  a concentration because 
the water column has contained almost an exclusively monospecific bloom (Buskey and Stockwell 
1993). Chlorophyll a concentrations correspond with brown tide cell counts, which first appeared 
in high concentrations in June of 1990 (Buskey et al. 1996). Chlorophyll concentrations throughout 



120 Coastal Lagoons: Critical Habitats of Environmental Change

the sampling period were similar at all stations and averaged 18.9 μg L–1 for the overall samples 
(Figure 6.2). Laguna Madre was usually slightly lower, with an average of 14.5 μg L–1 compared 
with Baffin Bay, which had an average chlorophyll  a of 23.0 μg L–1. Chlorophyll  a levels increased 
in June 1990 from concentrations below 20 mg L–1 to 50 mg L–1. There were lower chlorophyll  a 
concentrations in winter months. Although there are data gaps between 1993 and 1997, concen-
trations in spring and summer remained high until the bloom receded in January 1998 and 1999 
(Buskey et al. 2001).

A multivariate analysis revealed that dissolved inorganic nitrogen (NOx and NH4
+) was typically 

higher when salinity was high, and chlorophyll  a increased when PO4
3– increased (Figure 6.3). The 

nutrient regime was slightly different in Baffin Bay where it was typically at higher concentrations 
(1.8 μM for NOx, 5.4 μM for NH4

+, 1.1 μM for PO4
3–, and 92 μM for SiO4) than in Laguna Madre 

(1.3 μM for NOx, 2.1 μM for NH4
+, 0.9 μM for PO4

3–, and 78 μM for SiO4). The higher nutrient con-
centrations in Baffin Bay are correlated with the higher chlorophyll values found there.
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for July 1997 through January 1998 are from Buskey et al. (2001).
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6.3.2  macrofauna

There was no significant difference between the two bay systems (Baffin Bay and Laguna Madre) 
in biomass or abundance (P = 0.0511, 0.2124, respectively), but there was a significant difference 
for diversity (P = 0.0254) (Table 6.1). There was a significant difference in biomass, abundance, 
and diversity between the two sampling periods, before and during brown tide (P ≤ 0.0001 for all). 
There was a significant interaction between bay and sampling period for biomass, abundance, and 
diversity (Figure 6.4).

6.3.2.1  Abundance
The overall average abundance for macrofauna was 20,179 m–2. Although the average abundance was 
twice as high in Laguna Madre (27,045 m–2) than in Baffin Bay (13,062 m–2), it was not significant. 
There was a peak abundance between July 1989 and January 1990 (Figure 6.4). High abundances 
were the result of large pulses of a few species. The Baffin Bay maxima corresponded to a large 
increase in the population of Streblospio benedicti, which is both a deposit- and suspension- feeding 
spionid polychaete. Abundance increases in Laguna Madre were caused by large populations of the 
spionid polychaete Prionospio heterobranchia and members of the family Syllidae. By July 1990, 
both systems had low abundance, less than 20,000 individuals m–2. Station 189G, which is located 
in the seagrass bed, maintained higher abundance throughout the sampling period, rarely dropping 
below 40,000 m–2. In Laguna Madre, there was resurgence in abundance starting in the winter of 
1993 and continuing through 2000, except for short periods in 1995 and 1996. Seasonal maxima 
in Baffin Bay occurred in the winter and early spring. Laguna Madre had a seasonal maximum 
only in spring. There was a significant difference in abundance between the two sampling periods. 
Before brown tide, the average abundance was 35,786 m–2, and during the brown tide, the average 
abundance was 17,741 m–2. The difference between the two periods (before and after June 1990) 
was more pronounced in Baffin Bay, where the abundance decreased 3.7 times, from 35,159 to 
9,536 m–2. In contrast, the average abundance in Laguna Madre dropped only 1.4 times, from 36,413 
to 25,611 m–2.

1

0

–1
–1 0

PC 2 (26%)
(a)

1

Sal

NOx

NH4

PO4

SiO4

Temp

ChlPC
 1

 (5
0%

)

3

2

1

0

PC
 1

–1

–2

–3
–3 –2 –1

PC 2
0 1 2–4

(b)

BB BB
BB

BB
BB

BB
BB

BB
BB

BB
BBBBBBBBBB

BB BB

BB
BB

BB
BB

BB

BBBBLM

LM
LM

LM

LM LMLM
LMLMLMLM LM

LM
LMLM

LMLM
LM

LM

LMLM LM

LM LM

fIgure 6.3 Principal components (PC) analysis of water column variables. (a) Vector variable loads for 
ammonium (NH4

+), nitrate+nitrite (NOx), salinity (Sal), phosphate (PO4
3–), temperature (Temp), silicate 

(SiO4), and chlorophyll a (Chl). (b) Sample score plots using bay systems as the symbol where BB = Baffin 
Bay and LM = upper Laguna Madre.



122 Coastal Lagoons: Critical Habitats of Environmental Change

6.3.2.2  biomass
The overall average biomass was 5.24 g m–2. Biomass was four times lower in Baffin (1.80 g m–2) 
than in Laguna Madre (8.56 g m–2). There was a decrease in biomass in both bay systems between 
April and July 1990 (Figure 6.4). In Baffin Bay, the biomass remained close to zero from April 
1990 through 1992 and between 1996 and 1999. Laguna Madre also had lower biomass in 1991 and 
1992, dropping from more than 30 g m–2 to 10 g m–2 or less. The biomass lost before the onset of 
brown tide represented ~75% of the average biomass prior to June 1990. The difference between 
the two periods (before and after June 1990) was more pronounced in Laguna Madre, where the 
biomass decreased 4.1 times, from 24.8 to 6.1 g m–2. In contrast, the average abundance in Baffin 
Bay dropped only 2.4 times, from 3.6 to 1.5 g m–2.

The biomass maxima corresponded with larger quantities of bivalves, in particular Mulinia lat-
eralis, and large, deeper-dwelling polychaetes, including Branchioasychis americana, Scolopolos 
rubra, and Magelona pettiboneae. Unlike abundance, biomass never recovered to the levels that 
existed prior to 1990.

tAble 6.1A
Analysis of macrofaunal characteristics: Analysis of Variance

source f- test df
Abundance

P(n m–2)
biomass
P(g m–2)

diversity
P(n1)

BT BT/Date (BT) 1 0.0081 <.0001 0.0056

Date (BT) BT/MSE 57 <.0001 <.0001 0.0103

Bay Bay/Station (Bay) 1 0.2142 0.0511 0.0254

Station (Bay) Station (Bay)/MSE 2 <.0001 <.0001 <.0001

BT*Bay BT* Bay/MSE 1 0.0032 0.0408 0.0005

MS (Error) 603

Note: ANOVA table with two main effects: before and during brown tide (BT), and bay 
system (Bay), i.e., Baffin Bay (BB) or Laguna Madre (LM).

tAble 6.1b
Analysis of macrofaunal characteristics: summary of means

bt bay
sample 
number

Abundance 
(n m–2)

biomass 
(g m–2)

diversity 
(n1)

666 20,179 5.24 6.1

BB 327 13,062 1.80 2.4

LM 339 27,045 8.56 9.7

B 90 35,786 14.19 7.4

D 576 17,741 3.84 5.8

B BB 45 35,159 3.62 2.1

B LM 45 36,413 24.75 12.7

D BB 282 9,536 1.51 2.4

D LM 294 25,611 6.09 9.1

Note: Summary of (main effects) means for macrofaunal abundance (n m–2), bio-
mass (g m–2), and diversity (N1 index, number of dominant species 0.8 m–1).
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6.3.2.3  diversity
Laguna Madre had higher diversities (Hill’s N1 index average of 9.7) than Baffin Bay stations (N1 
average of 2.4). There was some seasonality in diversity indices (Figure 6.4). Most often the diver-
sity peak fell in the spring and early summer (i.e., April and July). Exceptions occurred at station 
Laguna Madre in 1993 and 1994, when a diversity maximum occurred in January.

In Baffin Bay, N1 diversity was around three to five species prior to brown tide, and then it 
decreased to near one after the onset of brown tide and remained low until 1993. Often from 1989 
through 1993 only one species, Streblospio benedicti, was present in samples.

In Laguna Madre, the vegetated station 189G had the highest maximum and average diversity 
of all stations (23 species and 12.07 species, respectively). There was a large variation in diver-
sity throughout the study, but there was no direct increase or decrease with time. Diversity was 
higher than average until January 1990. It then remained at or below average until April 1993. April 
usually had the highest diversity throughout the sampling period. Diversity in Laguna Madre recov-
ered to pre- brown tide levels in 1998.

2000199819961994199219901988

2000199819961994199219901988

2000199819961994199219901988

0

5

10

D
iv

er
sit

y 
(N

1 
0.

16
 m

–2
)

Bi
om

as
s (

g 
m

–2
)

A
bu

nd
an

ce
 (n

 m
–2

)

15

20

25

0

20000

40000

60000

80000

0

10

20

30

40

50

BB
LM

BB
LM

BB
LM

fIgure 6.4 Macrofaunal change over time in Baffin Bay and upper Laguna Madre. Abundance (n m–2), dry 
weight biomass (g m–2), and diversity (Hill’s N1 index).



124 Coastal Lagoons: Critical Habitats of Environmental Change

There was distinct rank- dominance difference between Baffin Bay and Laguna Madre 
(Figure 6.5). The relative differences between the period prior to and during the brown tide events 
were small in the effect on rank- dominance in both systems. However, the systems behaved very 
differently, with Baffin Bay having much higher dominance than Laguna Madre.

6.3.3  communIty structure

There was a distinct break between recurrent species in the Baffin Bay and Laguna Madre. A 
recurrent species is defined as present on at least 50% of the sampling dates, and is independent of 
abundance. Exceptions to this rule occur in Baffin Bay where, due to the low number of different 
species, percentages as low as 30 were counted. Baffin Bay had fewer recurrent species than Laguna 
Madre. Streblospio benedicti, Mulinia lateralis, and Ampelisca abdita were the recurrent species 
in Baffin Bay. Laguna Madre stations 189G and 189S had 29 and 11 recurrent species, respectively. 
The same species were found in both habitats, making 189S a subset of 189G. Found on at least 90% 
of the sampling dates at both stations were oligochaetes, Capitella capitata, Syllis cornuta, and 
Prionospio heterobranchia. Only Streblospio benedicti was recurrent across bays.

A total of 171 species were found over the entire study period; however, 15 dominant species 
represented a total of 84% of all organisms found (Table 6.2). Of these, the polychaete Streblospio 
benedicti represented 30% over all, but it represented 78% of all organisms found in Baffin Bay. 
A total of 9 of the 15 dominant species were polychaetes, save the bivalve Mulinia lateralis, the 
gastropod Caecum pulchellum, the amphipods Ampelisca abdita and Grandidierella bonnieroides, 
oligo chaetes, and nemerteans.

The multivariate (MDS) analysis of the community indicated that there were large differences 
between Baffin Bay and Laguna Madre (ANOSIM Global R = 0.300, p ≤ 0.001) because they 
separate completely from right to left (Figure 6.6). There was also a difference in community struc-
ture before and after the brown tide in Laguna Madre (ANOSIM Global R =: 0.865, p ≤ 0.001) 
because the before samples separated from the after samples from top to bottom on the right side of 
Figure 6.6. Overlaying a cluster analysis on top of the MDS indicates that there was seriation in the 
temporal change of community structure over time (SIMPROF p = 0.05 at the 40% similarity level). 
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tAble 6.2
Average Abundance (n m–2) of dominant species of benthic macroinfauna in baffin 
bay (mean of stations 6 and 24) and laguna madre (mean of stations 189s and 
189g) before and during the brown tide event

rank taxa species name

baffin bay laguna madre

mean Percentbefore during before during

1 P Streblospio benedicti 22,630  5,233 1,324 1,177 7,591 29.9%

2 P Prionospio heterobranchia – 14 9,062 1,594 2,667 10.5%

3 O Oligochaeta (unidentified) 5 1 3,337 6,398 2,435 9.6%

4 P Mediomastus ambiseta 4,519 871 761 648 1,700 6.7%

5 P Syllis cornuta – 2 3,905 2,074 1,495 5.9%

6 A Ampelisca abdita 2,435 1,657 208 98 1,100 4.3%

7 P Exogone sp. – 17 1,967 1,443 857 3.4%

8 G Caecum pulchellum – – 2,524 569 773 3.0%

9 P Brania furcelligera – – 1,243 774 504 2.0%

10 B Mulinia lateralis 742 987 5 171 476 1.9%

11 A Grandidierella bonnieroides 38 88 969 541 409 1.6%

12 P Capitella capitata – 43 269 1,306 405 1.6%

13 P Heteromastus filiformis 5 – 927 300 308 1.2%

14 N Nemertea (unidentified) 175 12 378 616 295 1.2%

15 P Branchioasychis americana 5 7 837 230 269 1.1%

156 other species 997 591 8,235 6,668 4,123 16.2%

Total 171 species 31,550 9,523 35,951 24,608 25,408 100.0%

Note: Species averaging <1% of the total abundance are combined into the row of other species. Taxa abbrevia-
tions: A = Amphipoda, B = Bivalvia, G = Gastropoda, O = Oligochaeta, N = Nemertea, P = Polychaeta.
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fIgure 6.6 Nonmetric multidimensional scaling (MDS) analysis on species composition by station– date 
combination. Baffin Bay on the right, and Laguna Madre on the left, with symbols representing the year when 
the sample was taken.
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For example, there is a transition in the pattern of points from years 1988 and 1989 at the bottom to 
1991–1993 at the top, and a return to the bottom in later years past 1998.

A total of six species were able to duplicate the same MDS pattern as in Figure 6.7 (BVSTEP 
procedure, Rho = 0.96). These species were Brania furcelligera, Caecum pulchellum, Chione can-
cellata, Elasmopus sp., Sabellidae unidentified, and Syllis cornuta. An examination of these six 
species over time can help explain the effect of brown tide on the benthic community structure 
pattern. The Sabellidae and Chione cancellata were present prior to brown tide, and then virtually 
disappeared. Caecum pulchellum had high abundance through 1992 and then disappeared. Syllis 
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cornuta and Brania furcelligera crashed after the brown tide appeared, but then recovered in 1994, 
crashed again, and recovered again in 1997. Elasmopus sp. was more abundant after 1998 than 
earlier in the record.

It is also useful to examine the six dominant species that were not found in the BEST analysis 
(Figure 6.8). Exogone sp. and Prionospio heterobranchia were dominant in Laguna Madre, but 
rarely found in Baffin Bay. Mediomastus ambiseta and Ampelisca abdita were dominant in Baffin 
Bay, and occurred in high abundances prior to the onset of brown tide but did not occur after onset. 
Streblospio benedicti was dominant throughout, but in higher abundances prior to the brown tide. 

2000199819961994199219901988

2000199819961994199219901988

2000199819961994199219901988

2000199819961994199219901988

2000199819961994199219901988

2000199819961994

Mulinea lateralis

Streblospio benedicti

Ampelisca abdita

Mediomastus ambiseta

Exogene sp.

Prionospio heterobranchia

199219901988

A
bu

nd
an

ce
 (n

 m
–2

)

10000
5000

0

15000
20000
25000
30000

0

2000

4000

6000

8000

A
bu

nd
an

ce
 (n

 m
–2

)
A

bu
nd

an
ce

 (n
 m

–2
)

A
bu

nd
an

ce
 (n

 m
–2

)
A

bu
nd

an
ce

 (n
 m

–2
)

A
bu

nd
an

ce
 (n

 m
–2

)

2000

0

10000
8000

2000

6000
4000

0

30000

60000
40000
20000

0

80000
100000

15000

10000

5000

0

20000

6000

4000

8000

fIgure 6.8 Abundance over time of six dominant species not included in Figure 6.7.
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Mulinia lateralis was present prior to brown tide, but disappeared for a 2- year period after the 
brown tide, and recovered through 2000. Three species: Exogone sp., Oligochaeta, and Polydora 
ligni, occurred primarily after brown tide onset.

6.4  dIscussIon

The relationship between brown tide and macroinfauna has to be interpreted within the context of 
other environmental factors that drive benthic community dynamics. Benthic macrofauna in Texas 
bays react to variation in salinity through changes in community structure (Montagna and Kalke 
1992, 1995). There are no major sources of freshwater discharge into Baffin Bay and Laguna Madre, 
and direct precipitation to the water contributes ~65% of the total freshwater inflow into the estuary 
(Orlando et al. 1991). From 1988 through 1990 southeast Texas had below-average rainfall (Buckner 
et al. 1989, 1990; Buckner and Shelby 1990). The increased salinities that resulted were reflected 
by the benthos through decreases in overall biomass and diversity, and peaks in abundance of spe-
cies that are pioneers or tolerate either a wide range or very high salinities. Diversity at all stations 
decreased prior to brown tide. In Baffin Bay, this decline occurred in July of 1989. Overall, Baffin 
Bay diversity was low due to the small number of species in the muddy- bottom bay. Laguna Madre 
stations had a much higher diversity index, because they were located in a seagrass bed. Diversity at 
both Laguna Madre stations decreased prior to brown tide in January of 1990. Diversity decreases 
corresponded with peaks in abundance, which were primarily monospecific. In Baffin Bay, high 
abundance samples were dominated by the spionid polychaete Streblospio benedicti, while the 
Laguna Madre samples were dominated by the spionid polychaete Prionospio heterobranchia and 
the syllid polychaetes Syllis cornuta and Exogone sp. The high abundance species, in particular 
Streblospio benedicti, are opportunistic and tolerant of stressed environments (Grassle and Grassle 
1974, 1984; Dauer et al. 1981; Dauer 1993).

Approximately 75% of macroinfaunal biomass was lost prior to the onset of brown tide (Table 6.1). 
Biomass loss was correlated with high salinities in 1988 and 1989 and freezes in the winter of 
1989–1990. In shallow water environments, such as Baffin Bay and Laguna Madre, the benthos are 
strongly affected by the water column (Montagna and Kalke 1995). During coastal wind events, 
bottom sediments are disturbed and mixed with the water column. The decomposition of the dead 
macrofauna provided a source of carbon and nitrogen, in particular ammonium, for the water col-
umn. Detrital material, including the dead benthic macrofauna, is broken down by bacteria in the 
sediment to form ammonia (NH3), which in the presence of hydrogen (H+) forms ammonium (NH4

+) 
(Libes 1992). Under most estuarine conditions, ammonium flux is from the sediments to the water 
column. After the benthic invertebrate die- off there was an increase in particulate organic nitrogen 
in the sediments. More ammonium was probably fixed in the sediments by bacteria, increasing the 
flux into the water column. In the shallow water of Baffin Bay and Laguna Madre, disturbance of 
the sediments by storms could further increase the amount of ammonium flux. Benthic biomass 
loss, along with the fish kill during the freezes of 1989 and 1990, produced high concentrations of 
ammonium that could have facilitated the brown tide bloom.

Brown tide was first recognized at the stations in the spring of 1990 when chlorophyll concen-
trations were markedly higher (Buskey and Stockwell 1993). The plankton shifted from a mixed 
to a heavily monospecific community. Dominating water column primary production, the brown 
tide alga could affect the macrobenthos in many ways. The large concentration of the brown tide 
alga represented a new carbon source, which might affect trophic structure if incorporated into the 
benthic food web (Street et al. 1997). Brown tide could directly damage the macroinfauna through 
toxicity or interference with filter- feeding structures (Montagna et al. 1993). Brown tide could dam-
age the larval stages of benthic animals while they inhabit the water column (Buskey et al. 1997). 
Finally, brown tide could alter the benthic habitat.

The bloom of brown tide alga brought a new, large carbon source into Baffin Bay and Laguna 
Madre. As it was incorporated into the food web, there was likely a change in the trophic structure 
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of the benthic community (Street et al. 1997). If animals were able to incorporate brown tide, then 
they could replace those that cannot. Phytoplankton, such as brown tide, has a more negative stable 
carbon isotope value than do seagrasses. Filter- feeding polychaetes from Alazan Bay, a tertiary bay 
of Baffin Bay, had a more negative carbon isotope signature than filter- feeders in Laguna Madre. 
The negative carbon isotope value in Alazan Bay indicated that brown tide was being incorporated 
into the food web. The brown tide signature was not recognized in Laguna Madre, where seagrass 
detritus remained dominant (Street et al. 1997). The lower regions of Alazan Bay are comparable 
to Baffin Bay in salinity, sediment type, and lack of macrophytes. The presence of the brown tide 
signature in Alazan Bay indicated that brown tide could be incorporated into the Baffin Bay food 
web and might affect the benthic community structure.

It is possible that the brown tide alga directly affects the benthic macrofauna through toxicity 
or interference with filter- feeding structures. Aureococcus anophagefferens, the brown tide alga on 
the northeast coast, was shown to block the filter- feeding structures of scallops and other bivalves 
(Tracey 1988; Bricelj and Kuenstner 1989). In this manner, it was directly killing local populations 
of shellfish. The dwarf surf clam, Mulinia lateralis, is the dominant bivalve in Baffin Bay and the 
Laguna Madre. In laboratory studies, M. lateralis utilized brown tide as a primary food source 
(Montagna et al. 1993).

Little is known about the affect of the brown tide alga on benthic macroinfauna larvae. In field 
studies, the increase in brown tide cells coincided with decreases in both microzooplankton and 
mesozooplankton populations and brown tide could be a poor food source or could secrete a sub-
stance that interferes with feeding (Buskey and Hyatt 1995). In the laboratory, some zooplank-
ton species had negative growth rates and increased mortality when fed brown tide as a primary 
food source (Buskey and Hyatt 1995). The brown tide may affect the meroplankton, including ben-
thic larval stages, in ways similar to the studied zooplankton. Harm to larval stages could explain 
the continuation of decreased macrobenthos populations, and why some species were more affected, 
if survival was dependent on the length of stay in the water column and food sources. Streblospio 
benedicti larval growth rates and swimming speeds, but not mortality rates, were reduced in cul-
tures with brown tide relative to the alga Isochrysis galbana, which is about the same size as brown 
tide (Ward et al. 2000). Thus, the brown tide does have harmful sublethal effects for one dominant 
species of meroplanktonic larvae, which could help explain reduced adult population size.

The brown tide alga may alter habitats within Baffin Bay and Laguna Madre, and in turn may 
influence the macroinfauna. Two distinct habitats were studied: (1) the bare, muddy bottom of Baffin 
Bay; and (2) the seagrass habitat of Laguna Madre. There were some similarities in temperature and 
salinity between stations in Baffin Bay and Laguna Madre, but small differences also existed, such 
as dissolved oxygen levels, which were slightly higher in Laguna Madre; nutrient concentrations, 
which were slightly higher in Baffin Bay; and chlorophyll  a concentrations, which were slightly 
lower in Laguna Madre.

Depth was greater at the Baffin Bay stations (3 m) than at the Laguna Madre stations (1 m). 
Disturbance of the sediments by wind- induced waves occurs at both depths. The other effect of 
depth is light penetration, which was reduced in both bays by the brown tide. There were some 
distinct differences between Baffin Bay and Laguna Madre. Both bays supported high abundances, 
but Laguna Madre stations had higher macrofaunal biomass and diversity throughout the study. 
The benthic fauna within the two ecosystems responded differently over time because the temporal 
dynamics in Baffin Bay were always dampened relative to those in Laguna Madre. There were more 
distinct differences between the ecosystems than within the bays.

Baffin Bay stations represented bare, muddy-bottom habitats. The sediment is nearly 75% clay 
(Montagna unpublished data). Macrofaunal abundance was generally below 40,000 m–2, with occa-
sional maximum values of 100,000 m–2. These peaks were usually monospecific, corresponding to 
increases in opportunistic species, including Streblospio benedicti and Ampelisca abdita. Biomass 
in Baffin Bay was low, near 2 g m–2. High biomass generally indicated the presence of the dwarf surf 
clam, Mulinia lateralis. Mulinia lateralis abundance was unusually low during the first 2 years of 
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the brown tide bloom, 1990 to 1992, as was evident in the low biomass numbers. However, M. lat-
eralis was able to successfully feed on brown tide in the laboratory (Montagna et al. 1993). The 
increase in macrofaunal biomass later in the sampling period, 1993, corresponded with the return 
of M. lateralis. Mulinia lateralis is considered a hardy species covering a large range of salinities 
and temperatures (Parker 1975; Montagna and Kalke 1995). It is also an opportunist, being able to 
colonize quickly after a disturbance (Flint and Yuonk 1983; Montagna et al. 1993). Opportunistic 
behavior may explain the relatively quick recovery 2 years after the onset of brown tide. Diversity in 
Baffin Bay was also low. Hill’s N1 Index fell below four species most of the time. From July 1989 to 
January 1992, diversity remained near one, indicating the samples were almost monospecific, being 
heavily dominated by the opportunistic polychaete, Streblospio benedicti.

Seagrass habitats have high abundance and diversity of biota, including macroinfauna (Orth et al. 
1984). Large, diverse populations exist because seagrasses provide protection from predators, food 
abundance, habitat complexity, and sediment stability (Orth et al. 1984). However, a seagrass bed 
is not a uniform habitat, and not all seagrass species provide the same benefits. Seagrass species 
differ in blade shape, canopy complexity, and rhizome biomass. The seagrasses at Laguna Madre 
station 189 were primarily Halodule wrightii (Dunton 1994), a species with narrow leaves and 
small, shallow, finely branched roots and rhizomes (Orth et al. 1984). It has a large surface area to 
biomass ratio, which supports high abundance (Stoner 1980). The seagrass bed is a heterogeneous 
environment with bare sand patches interdispersed within the seagrasses. These patches do not 
provide the aboveground cover or the belowground habitat complexity of the seagrasses. Larval fish 
use the seagrasses for protection from predators, while feeding in unvegetated patches where there 
is better visibility (Holt et al. 1983). Therefore, sand patches provide less protection and are typified 
by greater predation than nearby seagrass habitat. The habitat difference between vegetated and 
unvegetated patches and the grasses explains the lower diversity and abundance of macroinfauna in 
the unvegetated samples. Previous studies showed that abundance and diversity of macrofauna were 
lower within unvegetated patches (Orth 1971; Santos and Simon 1974; Stoner 1980). Macroinfaunal 
abundances in both Laguna Madre habitats were high relative to most previous reports.

Although Laguna Madre stations were different at different times due to habitat variation, the 
two Baffin Bay stations were similar all the time. While the hydrologic data for the stations were 
the same, macroinfaunal abundance varied between the habitats. In the seagrass patch, macroin-
faunal abundance averaged 38,592 m–2, more than double the macroinfaunal abundance in the sand 
patches, which averaged 16,094 m–2. However, the temporal abundance trend was similar for both 
locations. Abundance was low in the early brown tide years, 1990 to 1992, but increased from 1993 
to the end of the study. Based on community structure analysis, the animals present before the 
brown tide were different from those during the bloom.

Laguna Madre macrofaunal biomass was consistently low from 1991 to the end of the study, 
indicating that small organisms, including oligochaetes and syllid polychaetes, dominate the sys-
tem. Peaks in biomass were related to a combination of molluscs and large, deep-dwelling poly-
chaetes. High biomass values were evenly distributed between polychaetes and mollusks at the 
seagrass station. At the unvegetated station, large polychaetes occupying the deeper 3- to 10- cm 
section of the core accounted for much of the biomass (unpublished data). Large polychaetes 
included Branchioasychis americana, Scolopolos rubra, and Magelona pettiboneae. Large poly-
chaetes burrowed more effectively at the Laguna Madre stations due to the larger grain size of 
the sediments.

Diversity at both Laguna Madre stations was higher than that at the Baffin Bay stations. Diversity 
was higher within the seagrass bed than in the sand patches. Seagrass provides protection as well 
as habitat differentiation to the macroinfauna. At the seagrass station (189G), diversity changes 
corresponded with changes in abundance, indicating that the ratio between the total number of 
individuals and number of abundant species was fairly consistent. Diversity remained at or below 
average from January 1990 to October 1992. Seasonal winter peaks found in 1989 returned in 1993 
and 1994. Sand station (189S) diversity did not decline with the onset of brown tide. Diversity in 
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the sand patch decreased later in the study, beginning in July 1992 and continuing through 1994. 
Diversity in Laguna Madre was dependent on habitat, unlike biomass and abundance, which were 
temporally similar at both Laguna Madre stations.

Macroinfaunal biomass, abundance, and diversity decreased from before (April 1988 to May 
1990) the onset of brown tide to after (June 1990 to December 1995) at all the stations. Stations 6 
and 24 were combined since there was no significant difference between the two stations. The afore-
mentioned decreases were greater during the 2 years immediately following the onset of the brown 
tide. Since 1993, there has been some recovery in macrofaunal biomass, abundance, and diversity, 
but values have not returned to the maximal levels found prior to the brown tide. Increases in bio-
mass, abundance, and diversity at later dates were linked to a new macrofaunal community, and this 
is indicated by seriation in the multivariate analysis.

Laguna Madre and Baffin Bay are estuaries and therefore undergo large changes in hydrologic 
variables with time. Within coastal environments, there are many natural variations within a 7- year 
period that could account for changes in the benthic community. Salinity is one such variable. In 
Baffin Bay and Laguna Madre, salinity varied with precipitation. Brown tide originated in hypersa-
line waters following a drought. Laboratory studies have shown that the brown tide species grows 
more rapidly in high salinities (40 psu), but the species is tolerant of low salinities, having been 
found in salinities down to 5 psu (Buskey et al. 1996). Primary production measurements had no 
direct relationship to a variety of salinities (Stockwell et al. 1993). Salinity was high from 1989 
to 1991, and lower in 1992 and 1993 during an El Niño. It increased from 1994 to 1996, but then 
decreased during an El Niño in 1997. The macrofaunal abundance and biomass decreased prior to 
these salinity variations. Salinity and macroinfaunal variation did not correspond well throughout 
the sampling period. Other underlying changes during a 7- year study, such as nutrients, storms, and 
temperature, may also explain the variation (Smayda 1984).

There was change in macroinfaunal communities at all four stations beginning at the onset of the 
brown tide. Changes in abundance, biomass, and diversity occurred by January 1990, before brown 
tide was dominant at the studied stations in Baffin Bay and Laguna Madre. Brown tide dominated 
the phytoplankton beginning in June 1990. The loss of biomass, abundance, and diversity was 
related to the high salinities in the area caused by drought conditions. However, throughout the 
study, community structure did not follow very closely the changes in salinity. Other factors, such 
as brown tide, were also affecting the temporal changes.

Baffin Bay and Laguna Madre stations, although similar hydrographically, differ from one 
another due to habitat variation. Isotopic studies show that, while the brown tide is being incor-
porated into a food web similar to muddy- bottom Baffin Bay, it is not replacing seagrass as the 
primary food source in Laguna Madre (Street et al. 1997). Likewise, macrofaunal abundance recov-
ered in Laguna Madre but not in Baffin Bay. The two bays reacted differently, implying that habitat 
is influencing the macroinfaunal reaction to brown tide.

Considerable research has been performed on how diversity affects stability of an ecosystem. 
It is thought that diversity confers stability. Average diversity over all samples is higher in Laguna 
Madre (N1 9.7) than in Baffin Bay (N1 2.4); therefore, it is reasonable to hypothesize that Laguna 
Madre, the more diverse system, will be more resistant and/or resilient in response to the brown tide 
disturbance. Indeed, this was the case. During the 2 years after the initial onset of brown tide, Baffin 
Bay N1 diversity decreased by 110% from 2.5 to 1.2, and most of the time there was only one spe-
cies, Streblospio benedicti, which is well know as a disturbance indicator species. In contrast, N1 
diversity decreased in Laguna Madre by 40% from 15 to 11. The smaller decrease in Laguna Madre 
can be interpreted as higher resistance to change. The brown tide abated during 1992 and 1993, 
and N1 diversity increased to 14 in Laguna Madre and 2.6 in Baffin Bay, indicating both systems 
recovered equally and were resilient. The only indicator that long- term resilience differed in the 
two systems was the complete recovery of abundance in Laguna Madre from 1997 through 2000. In 
contrast, abundance in Baffin Bay never recovered to pre– brown tide levels.
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Brown tide affected Laguna Madre and Baffin Bay by lowering macroinfaunal biomass, abun-
dance, and diversity. The timing of the decreases, as well as the lack of correlation between brown 
tide and other hydrographic parameters, established this relationship. Habitat altered the way 
brown tide and the macroinfauna interacted during the study period. There were two equilibrium 
states, one before and one after the brown tide bloom. The system prior to the brown tide bloom had 
a mixed plankton community that supported a more diverse community, higher in abundance and 
biomass. The 2 years directly after the onset of the brown tide were indicative of a disturbed envi-
ronment where diversity, abundance, and biomass decreased at all stations. Through time the sys-
tems reached a second equilibrium dependent on the habitat. Baffin Bay stations that incorporated 
brown tide into the food web did not recover in abundance, but increased in biomass and diversity. 
The seagrass stations returned to high abundance, but retained a lower biomass. Diversity in the 
vegetated site returned to pre- bloom levels, while the unvegetated Laguna Madre site did not.

The variation in macrofaunal reaction was significant, because as the brown tide continued more 
seagrasses were lost due to low light levels (Onuf 1996). The loss of seagrasses equaled loss of the 
macrofaunal diversity and abundance. The loss of macroinfaunal diversity and abundance could 
have had additional negative impacts on the ecosystem, because the benthos were important in the 
food web and in nutrient recycling. Therefore, understanding the complex relationship between 
brown tide and the macroinfauna may help explain responses at all trophic levels to disturbance in 
general and, specifically, harmful plankton blooms.
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AbstrAct

The Choptank Basin and Estuary are located on the Delmarva Peninsula in the mid- Atlantic coastal 
plain. The regional hydrology is characterized by nearly uniform seasonal rainfall but large seasonal 
variations in temperature, evapotranspiration, groundwater levels, and stream discharge. Water 
quality in nontidal streams is largely determined by agricultural land use and animal feeding opera-
tions, and nitrogen (N) and phosphorus (P) concentrations have been increasing for decades. Inputs 
from nontidal streams, together with increasing human populations and wastewater discharges, have 
resulted in degraded estuarine water quality, including increases in chlorophyll  a in surface waters 
and declining oxygen in bottom waters. Attempts to reduce losses of N and P from nontidal streams 
in agricultural areas have met with limited success. One targeted watershed in the Choptank Basin 
showed stabilized concentrations of base flow N, along with small decreases in base flow P, a decade 
after extensive application of some best management practices (BMPs) in contrast to the nearby 
Greensboro watershed which was not targeted for BMPs and exhibited increases in base flow N 
and P. An attempt to improve water quality using increased stream buffers has yet to be successful, 
probably because new stream buffers represented only an 11% increase over existing ones.

Based on our observations, we suggest policies to improve water quality in the Choptank basin 
and the mid- Atlantic region in general. We recommend application of water quality standards at 
the watershed scale, reduced caps for wastewater discharges, lower fertilizer applications on agri-
cultural areas, mandatory stream buffers and winter cover crops on farms, and banning of lawn 
fertilizers. Anthropogenically impacted systems, such as the Choptank and Delmarva coastal bays, 
require a more regulated approach at the watershed scale, with long- term monitoring to improve 
water quality.

Key Words: Chesapeake Bay, Choptank River, Delmarva coastal bays, eutrophication, hydrology, 
agriculture, wastewater

7.1  IntroductIon

The Choptank Basin and Estuary are components of a coastal plain tributary of Chesapeake Bay 
on the Delmarva Peninsula. The eutrophication of the Choptank Estuary (Fisher et al. 2006b) can 
be viewed as a microcosm of the eutrophication processes in Chesapeake Bay as a whole. The 
disturbance and degradation of both the Chesapeake Bay and the Choptank Estuary over the last 
few centuries have been well documented (e.g., Cooper and Brush 1993; Staver et al. 1996; Benitez 
2002; Benitez and Fisher 2004; Kemp et al. 2005), and the major drivers of N and P export from the 
terrestrial basins to the estuaries leading to eutrophication are intensive agriculture and urbaniza-
tion (Lee et al. 2001; Koroncai et al. 2003). In the mainstem Chesapeake, algal blooms are common 
in surface waters (Glibert et al. 1995; Harding and Perry 1997; Sellner and Fonda- Umani 1999), 
and oxygen is depleted in bottom waters in summer (Officer et al. 1984; Hagy et al. 2004). The 
Choptank Estuary is currently undergoing the same degradation (Fisher et al. 2006b) that is now 
routinely observed in Chesapeake Bay.

An important difference between the Choptank and the main stem of the Chesapeake Bay is the 
depth and stratification where initial consumption of terrestrial nutrients occurs. Nutrients (N and P) 
enter estuaries in rivers with considerable amounts of turbidity, and the estuarine circulation further 
concentrates particles near the head of an estuary in a region known as the turbidity maximum 
(Meade 1968). In this region, little primary production and nutrient consumption occur due to the 
limited availability of light in the water column (Harding et al. 1986); however, as the water clears 
farther downstream, phytoplankton production and nutrient consumption increase, resulting in a 
chlorophyll a maximum (Fisher et al. 1988). The chlorophyll a maximum in the Chesapeake Bay 
develops just south of the Bay Bridge at Annapolis, where depths are 10 to 50 m, and stratification 
is strong, resulting in vertical isolation of bottom waters and oxygen depletion (Officer et al. 1984; 
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Harding et al. 1986; Fisher et al. 1988). In contrast, the chlorophyll a maximum in the Choptank 
occurs in shallower water (5 to 15 m), with weaker stratification and less isolation of bottom waters 
(Berndt 1999). As a result, there is less oxygen depletion in the Choptank despite higher annual 
average chlorophyll a concentrations of 15 to 20 µg L–1 at the chlorophyll a maximum in the water 
body (Fisher et al. 2006b), compared to 10–15 µg L–1 in the upper Chesapeake (Harding and Perry 
1997). The dinoflagellate blooms known as mahogany tides that commonly occur in the Chesapeake 
Bay mainstem (Glibert et al. 2001; Tango et al. 2002; Marshall et al. 2004) are still only an occa-
sional occurrence in the Choptank Estuary. Despite the somewhat higher average chlorophyll in 
the Choptank, the shallower bathymetry and weaker stratification has limited hypoxia in bottom 
waters, although it is increasing (Fisher et al. 2006b). Oxygen conditions in the Choptank, therefore, 
are somewhat similar to those in Chesapeake Bay in an earlier era, and an understanding of the forc-
ing of eutrophication in the Choptank may provide useful information on the Chesapeake and other 
systems undergoing eutrophication, such as the Delmarva coastal bays (Wazniak et al. 2004).

The primary sources of terrestrial nutrients in the Chesapeake Bay and the Choptank Estuary 
are similar. Intensive agriculture and human waste disposal provide the largest sources of N and 
P (Staver et al. 1996; Lee et al. 2001; Koroncai et al. 2003). Agriculture and forests are the domi-
nant land uses in the basins of both the Choptank and mainstem bay, and population density in 
the Choptank (59 km–2 in 2000; Fisher et al. 2006b) is comparable to the other Chesapeake basins 
(30 to 70 km–2; Carlozo et al. 2008). However, urbanization and wastewater discharges are increas-
ing in both areas (Fisher et al. 2006a; Williams et al. 2006), and in the Choptank the largest waste-
water discharges are concentrated in density- stratified areas of the estuary (Lee et al. 2001), which 
are susceptible to algal blooms.

In the Choptank Basin (Figure 7.1) we have been attempting to quantify the effects of agri-
culture, wetlands, and hydric soils on export of N and P from the land to the estuary. There are 
long- term USGS measurements of hydrology (since 1948) and water chemistry (since 1964) at 
the gauging station near Greensboro, Maryland, and in 2004, we established 17 gauged and 
monitored watersheds (1 to 50 km2) within or near the Choptank Basin with varying propor-
tions of forest (10% to 100%), agriculture (0 to 84%), and hydric soils (15% to 97%) for the 
study of surface waters. We have also installed ~80 piezometers (wells sampling from a limited 
depth stratum) to record groundwater temperature and depth and to measure the process of 
denitrification of agricultural nitrate (NO3

–) as accumulation of excess N2 and N2O in ground-
waters. The long- term goal of these projects is to evaluate the effects on water quality of agri-
cultural Best Management Practices (BMPs) such as stream buffers and water management of 
agricultural ditches.

In addition to providing an example of eutrophication in the Chesapeake region, our research 
in the Choptank also provides useful comparisons with the lagoonal systems that are the main 
subject of this volume. The Delmarva coastal bays are nearby (<80 km) on the eastern margin of 
the Delmarva Peninsula (Figure 7.1), and there are many useful parallels between the Choptank 
and the coastal bays. Here we summarize our research on the Choptank and attempt to relate our 
results to parallel observations in the basins and lagoonal systems of the Delmarva Peninsula.

The main focus of this chapter is an analysis of how anthropogenic activities on land (primarily 
fertilizer applications, animal waste production, and human waste disposal) influence nutrient export 
from land to the estuary, and how estuarine water quality responds to these nutrient inputs. We also 
explore attempts to reduce nutrient losses from land to estuary, and how these might be improved 
in the future. Most of the information is taken from the Choptank Basin, but we also compare these 
results with related measurements from other Delmarva basins, including the coastal bays.

7.2  study sIte

The Choptank Basin (1756 km2) and Estuary (280 km2) are located on the eastern shore of 
Chesapeake Bay on the Delmarva Peninsula, a region of the mid- Atlantic coastal plain of North 
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fIgure 7.1 Inset: The location of the Choptank Basin and coastal bays on the Delmarva Peninsula in 
the mid- Atlantic region of North America. Basins of two USGS gauging stations are also shown. Main 
figure: Choptank Basin and Estuary showing locations of weather stations, the gauged basins in and near 
the Choptank, and the EPA Bay Program Monitoring station ET5.2. The forested basin lies just outside the 
Choptank in the adjacent Nanticoke Basin.
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America (Figure 7.1). The Delmarva Peninsula has low topographic relief (<30 m elevation) and 
incised nontidal stream valleys with poorly drained, hydric soils. The stream valleys are typically 
forested in second- and higher- order streams, and ditched in first- order streams (Norton and Fisher 
2000). The land use of the adjacent uplands is usually dominated by row crops, but increasingly 
row crops are being converted to low-density urban areas (Lee et al. 2001; Benitez and Fisher 2004, 
in review; Fisher et al. 2006a, 2006b for more details). Soils range from well- drained, oxic sandy 
loams to poorly drained clays that are usually hydric and hypoxic (Norton and Fisher 2000). Several 
hydrogeomorphic provinces have been described on Delmarva (Hamilton et al. 1993), consisting 
of the poorly drained uplands in the center of Delmarva, the well- drained lowlands, and the poorly 
drained lowlands close to Chesapeake Bay. Hydric soils and wetlands are more commonly found in 
the poorly drained uplands and lowlands than in the well- drained lowlands.

The Choptank Estuary is a broad, shallow, flooded coastal plain valley with salinities of 0 to 15. 
The tidal region of the former river valley is ~100 km in length, and the maximum depth in a hori-
zontally restricted portion of the estuary is ~30 m. The former river thalweg forms a narrow channel 
of 0.5 to 2 km in width, with typical channel depths of 5 to 10 m. Broad shallows of 1 to 5 km in 
width flank both sides of the channel, with depths of 0 to 3 m; numerous shallow tidal creeks pen-
etrate far inland, particularly in the lower Choptank (Figure 7.1). The upper half of the estuary is 
bordered by tidal wetlands of 10 to 500 m in width, and dense stands of emergent macrophytes grow 
annually to high densities (Traband 2003). Sediments in the estuary are largely soft, organic- rich 
muds, much of which was formerly dominated by oyster bars (Newell et al. 2004).

7.3  methods

7.3.1  Hydrology

Data on surface water discharge were obtained from two sources. Daily discharge data were down-
loaded from the water website of the USGS (www.water.usgs.gov) for the gauging station near 
Greensboro, Maryland (01491000) in the Choptank Basin (Lee et al. 2001; Fisher et al. 2006b). 
The gauged watershed is 293 km2, lies within the poorly drained uplands of Delmarva, and has 
been gauged since 1948 by the USGS. The Greensboro watershed contains less agriculture, more 
forest, and more hydric soils than the Choptank Basin as a whole (Fisher et al. 1998). In 2003, 
the USDA Conservation Effects Assessment Project (CEAP) selected 17 smaller watersheds (1 to 
50 km2 in area) for study of the effects of agricultural management practices on water quality. All 
of these watersheds lie within the Choptank Basin (Figure 7.1) except the 100% forested reference 
watershed, which is in the adjacent Nanticoke Basin. Two watersheds are dominated by forests, and 
in the remainder agriculture is the dominant land use (Table 7.1). Water discharge from the CEAP 
watersheds was calculated from stage measurements collected at 30-min intervals using Solinst 
Leveloggers (model 3001 LT F15/M5) installed in anchored cinderblocks. The raw stage data 
were corrected for variations in barometric pressure using a separate Solinst Barologger (model 
3001 F5/M1.5). Exponential rating curves relating stage (cm) to discharge (m3 s–1) were developed 
from direct discharge measurements using a Gurley pygmy meter at low flows and a StreamPro 
ADCP during storm flows (r 2 = 0.92 to 0.99; Koskelo 2008; Fisher et al. unpublished).

7.3.2  surface water cHemIstry

Surface water chemistry was sampled as both base flow and storm flow. Base flow was collected 
monthly as single surface grab samples during 1986 to 1987 (Norton and Fisher 2000) and during 
2003 to 2008 (Sutton 2006; Sutton et al. 2009b) when there had been no rain for 3 days. Storm flow 
was sampled selectively during seven to eight storms in six basins during 2006 to 2007 (Koskelo 
2008); samples were collected hourly using ISCO model 6700 samplers (two samples composited 
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summary of Physical characteristics in the 17 gauged watersheds of the choptank basin

subbasin
Area, 
km2

 land use, % of subbasin Area hydrologic soil class, % of subbasin Area
% 

hydric

# cAfos

Agriculture developed feedlots forest creP A b c d 1990 2006

USGS (Greensboro) 293.3 48.9 4.6 0.4 45.7 NA 15.4 12.4 13.0 59.2 63.2 NA NA

Kittys Corner 13.5 64.3 2.0 0.9 32.1 0.7 46.2 22.1 23.3 2.5 26.0 2 NA

Cordova 26.5 75.1 4.0 1.3 18.4 1.1 53.8 22.4 16.9 1.2 14.6 5 NA

Norwich Creek 24.5 69.6 1.8 0.4 23.1 5.2 11.7 35.7 21.7 26.5 32.6 1 NA

Blockston Branch 17.0 63.3 0.0 0.3 28.3 8.1 2.3 39.5 20.1 38.0 34.3 2 NA

Piney Branch 14.7 78.0 3.6 1.6 16.2 0.6 57.9 13.6 23.3 0.8 24.1 3 NA

Oakland 10.0 83.8 4.4 1.3 10.3 0.2 74.2 5.9 15.9 0.9 16.8 3 1

German Branch 51.4 67.8 0.2 0.9 26.8 4.2 0.7 36.6 11.7 51.0 45.2 9 NA

Beaverdam Ditch 23.3 62.3 0.8 0.0 32.2 4.6 0.7 27.9 5.3 66.1 64.1 0 NA

Long Marsh Ditch 40.5 54.1 0.4 0.5 40.8 4.2 13.7 22.3 9.5 54.5 63.7 2 NA

Broadway Branch 16.2 61.5 2.3 0.7 35.1 0.4 29.0 12.5 16.9 41.6 58.4 3 NA

Oldtown Branch 11.6 54.3 8.4 1.2 32.3 3.7 29.5 9.6 27.5 32.3 59.9 3 NA

Spring Branch 12.2 74.3 0.3 0.3 21.6 3.5 59.4 8.3 26.8 5.2 32.0 1 NA

North Forge Branch 25.0 59.6 2.1 0.2 30.7 7.4 31.0 16.8 29.8 21.0 51.2 0 NA

South Forge Branch 8.5 62.9 5.3 1.4 28.2 2.2 45.7 11.7 34.3 3.9 38.2 1 NA

Downes 23.4 76.8 5.1 1.7 15.6 0.8 66.6 11.9 19.0 0.4 19.4 6 NA

Willow Grove  8.59 24.0 0.6 0.0 75.4 0.0 0.0 0.5 2.3 97.2 97.2 NA NA

Marshy Hope Forested 0.7  0.0 0.0 0.0 100.00 0.0 50.72 49.28 0.0 0.0 54.4 0 0
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per bottle) over 48 hours. Sampling tubes for the ISCOs ran to a perforated tube mounted on top of 
the anchored cinderblocks housing the data loggers in mid- stream.

Samples were transported to the laboratory on the day of collection of base flow samples and 
within 24 h after the end of a storm event for storm samples. Particulates were filtered at low vacuum 
on tared Whatman GF/F filters, dried at 50°C, and reweighed to 0.01 mg for computation of total 
suspended solids (TSS, mg L–1). Controls to correct for filter weight loss during handling (three per 
storm event) were performed using filtrate. The filtrate was also analyzed for NH4

+, NO2
–

 + NO3
–, 

and PO4
3– using automated colorimetric methods in the HPL Analytical Services Laboratory and 

in the USDA Agricultural Research Service Analytical Laboratory. Colorimetric nutrient analyses 
in both labs have been successfully compared using split samples and standards (McConnell and 
McCarty 2005). Unfiltered samples were autoclaved with persulfate oxidizing reagents to convert 
all forms of N and P to NO3

–
 and PO4

3– (Valderrama 1981). Following digestion, autoclaved samples 
were neutralized to pH 7 and analyzed for NO3

–
 and PO4

3– as described above.

7.3.3  draInage control structures

Many areas of Delmarva have been ditched during the last 200 years to improve the drainage for 
agricultural or residential purposes (Bell 2000). Many of these ditched areas were formerly wooded 
wetlands on hydric soils, which were likely to have been very strong landscape sinks for anthropo-
genic nutrients (see below). These ditched areas now under agricultural land use are large sources 
of nutrients, often discharging water with N concentrations of 700 to 1000 µM (10 to 15 mg N L–1) 
during base flow, primarily as NO3

–. Concentrations of P during storms are 15 to 30 µM (0.5 to 
1.0 mg P L–1), primarily in the form of particulate P and PO4

3– (Hively et al. in review).
In an attempt to restore some of the former wetland function in these drained wetlands, the 

USDA and Maryland Department of Agriculture are installing experimental drainage control struc-
tures that enable the regulation of water level within the drainage ditches via drop- in boards. We 
monitored both surface waters and adjacent groundwaters (see below) of a 1- km long ditch on a 
farm in Caroline County, Maryland, that had a drainage control structure installed in the middle 
of the ditch. Groundwater levels were ~2 m below the soil surface in the original unflooded section 
of the ditch, but damming of surface water by the drainage control raised groundwater to ~1 m 
below the soil surface in soils adjacent to the flooded section of the ditch. The goals of raising the 
water levels in the flooded section of the ditch were to improve water availability to crops during the 
summer months as well as to increase the rate of denitrification of agricultural nitrate in ground-
water by increasing the exposure of nitrate- rich groundwater to C- rich surface soils (for details, 
see Hively et al. in review). We monitored the surface chemistry of this ditch at both the end of the 
flooded and unflooded sections at monthly intervals to assess the impact of the drainage control 
structure on nitrate in ditch waters. Chemistry methods were the same as those described above for 
the watershed sampling.

7.3.4  groundwater pIezometers

Groundwaters were monitored by installation of piezometers which sampled defined depth strata 
in ditch and wetland studies. We augured from the soil surface to depths of 1 to 4 m, and in some 
locations, piezometers were installed at multiple depths within a 2- to 3- m radius in order to sample 
vertical differences in groundwater chemistry in the top of the unconfined aquifer. We pumped 
piezometers dry 24 h prior to sampling to ensure fresh groundwater, and we isolated the inflowing 
groundwaters from exposure to the atmosphere using a sphere with a diameter of ~5 cm floating 
within the piezometer. After removing the float, a 5- cm Teflon bailer was lowered as deeply as 
possible to obtain groundwater at the bottom of the piezometer with the least exposure to the atmo-
sphere. A Teflon stopcock and tubing were inserted into the bottom of the bailer to transfer ground-
water samples from the bailer to 15- mL ground glass stoppered tubes. The Teflon tubing reached the 



142 Coastal Lagoons: Critical Habitats of Environmental Change

bottom of the glass tube, and the tube was filled with one volume of overflow to reduce air exposure 
and eliminate bubbles. After stoppering, the tubes were stored in ice until analyses the next day to 
prevent bubble formation. An additional sample was transferred to a plastic bottle for colorimetric 
chemistry (NH4

+, NO3
–, PO4

3–) or for electrode measurements (pH, conductivity).
Most piezometers were equipped with the same model Solinst data loggers used for stream stage. 

Groundwater depth and temperature in the piezometers were recorded at 30-min intervals, and log-
gers were downloaded at 3- to 6- month intervals. The pressure data were corrected for variations in 
atmospheric pressure, as described above for the stream loggers. Groundwater depth below the soil 
surface was computed from variations in water depth within the piezometers and the fixed depth 
from the soil surface to the bottom of the piezometer.

7.3.5  excess n2, o2, n2o, and cH4

Denitrification is an important process in groundwater which occurs under low or zero oxygen 
conditions, resulting in the conversion of NO3

– into N2 and N2O gases. Quadruplicate ground glass 
stoppered tubes were used for analysis of dissolved gases (N2, O2, and Ar) using a Pfeiffer Vacuum 
model QMG422 quadrupole mass spectrometer fitted with a membrane inlet (MIMS; Kana et al. 
1994, 1998; Kana and Weiss 2002). Concentrations of Ar, N2, and O2 in the samples (µM) were 
computed using sample signals (µamps) and air calibration factors (µamps/µM). Ar concentrations 
were used as a tracer of exchange with the atmosphere prior to and during infiltration of rainwater 
to groundwater, and an inverted solubility curve was used to estimate the effective recharge tem-
perature (Figure 7.2a). We have compared these effective groundwater recharge temperatures to 
in situ temperatures observed at the time of collection (Figure 7.2b), and the cooler recharge tem-
peratures indicate that most recharge occurs in fall, winter, and spring at relatively low temperatures 
(Figure 7.3), which agrees with direct observations of infiltration (e.g., Staver and Brinsfield 1998; 
Figure 7.4).

Equilibrium O2 and N2 concentrations were computed from their respective solubility curves 
in freshwater (Colt 1984) and the Ar- based recharge temperature. The equilibrium concentrations 
were combined with the observed N2 and O2 concentrations measured in the MIMS to compute 
excess N2- N (µM) and % saturation of O2 as follows:

 excess N2- N = 2 * (observed [N2] – equilibrium [N2]) (7.1)

 % saturated O2 = 100 * (observed [O2]/equilibrium [O2]) (7.2)

Excess N2 was expressed per unit N for comparison with NO3- N and usually ranges from near-
zero to ~500 µM N2- N (in excess of the equilibrium N2- N of 1100 to 1500 µM, depending on 
recharge temperature). Excess N2- N represents the amount of NO3

– that has been converted to N2 
gas that is retained in the groundwater. In contrast to supersaturated N2 in groundwater, O2 is usu-
ally undersaturated in groundwater and varies from near- zero to 90% saturation.

The respiratory gases N2O and CH4 were also measured using the same groundwater sampling 
protocol described above. These are end- products of soil metabolism (nitrification, denitrification, 
and methanogenesis), and we use their concentrations to infer processes in the soil upslope of the 
piezometer sampling location. Aliquots of the groundwater samples were removed by syringe from 
the ground glass stoppered tubes and injected into 12- mL borosilicate Labco Exetainer® vials pre-
viously purged with N2 gas. The vials were manually shaken for 2 min to ensure full equilibration 
of the N2 headspace and water. A sample of each respective headspace was injected into both a 
Shimadzu GC- 14B equipped with an electron capture detector (ECD) with a HayeSep Q column 
for N2O analysis and a separate Shimadzu GC- 8A equipped with a flame ionization detector (FID) 
with a HayeSep A column for CH4 analysis. The concentration of each gas was injected at a volume 
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that lies within the linear range of each instrument, and sample concentrations were corrected for 
the influences of pressure, temperature, and solubility.

7.3.6  estuarIne water QualIty data

Data for Choptank station ET5.2 (Figure 7.1) were downloaded from the Chesapeake Information 
Management System (CIMS, www.chesapeakebay.net/data/index.htm). The data consist of monthly 
vertical profiles of temperature (ºC), salinity, oxygen (mg O2 L–1), chlorophyll a (chla, µg L–1), and 
nutrients (NH4

+, NO3
–, TN, PO4

3–, TP) collected by Maryland Department of Natural Resources as 
part of the EPA Chesapeake Bay Water Quality Monitoring Program. Here we have used the data on 
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fIgure 7.2 (a) Inverted Ar solubility curve used to estimate groundwater recharge temperatures from 
observed Ar concentrations. (b) Comparison of Ar recharge temperatures and observed groundwater tem-
peratures in the top of the unconfined aquifer sampled by a piezometer within a forested buffer between an 
agricultural field and tidal waters. Groundwater temperature cycles annually due to heat fluxes through the 
soil, but the Ar recharge temperatures exhibit a damped seasonal cycle primarily reflecting the recharge his-
tory integrated over several months during cooler seasons.
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fIgure 7.3 (a) Regional, long- term precipitation and discharge records (cm month–1) for the Delmarva 
Peninsula based on daily data collected at NADP site MD13 at WREC, the NWS observer station at Royal 
Oak, Maryland, the automated NWS station at Dover, Delaware, and the Horn Point Laboratory weather 
station (see Figure 7.1). Base flow, storm flow, and evapotranspiration for the Choptank River at Greensboro, 
Maryland (USGS sta. 01491000) are from Lee et al. (2001). (b) Comparison of long- term monthly water yields 
(base + storm flow) at Greensboro in the Choptank River and at Birch Branch in the St. Martin Basin of the 
Delmarva coastal bays (USGS sta. 0148471320). Water yields are discharge (m3 month–1) normalized to basin 
area (m2).
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annual average surface chla and summer (June to August) bottom dissolved oxygen (deepest depth 
reported) to quantify interannual trends at this station.

7.4  results

7.4.1  regIonal Hydrology

The hydrology of the region is controlled by rainfall, temperature, evapotranspiration, topography, 
and soil drainage properties. Rainfall in the mid- Atlantic region is relatively uniform throughout 
the year, and Figure 7.3a shows a climatic regional summary for 1980 to 1990. Despite the relatively 
uniform precipitation throughout the year (diagonally striped bars, 8 to 13 cm mo–1) with a slight 
maximum in July, a large seasonal variation in discharge occurs (1 to 6 cm mo–1) with a minimum 
in September due to a large seasonal variation in air temperature (0°C to 26°C); these, in turn, drive 
a parallel pattern of evapotranspiration (ET, 1 to 11 cm mo–1) with a maximum in July, diverting 
rainfall back to the atmosphere as water vapor rather than discharging it as stream water (base flow 
+ storm flow). In the warmer months with highest insolation (April to August), ET plus stream dis-
charge exceeds rainfall, resulting in a net water loss and falling groundwater levels (Figure 7.4). As 
a result, base flow is diminished (Figure 7.3a, open bars). Because soils are very dry in summer and 
absorb much of the precipitation, storm flows are also reduced compared to cooler months with less 
insolation, plant activity, and ET (Figure 7.3a, hatched bars).

Long- term mean stream discharge for the Choptank River and Birch Branch in the drainage basin 
of the coastal lagoons (Figure 7.1) exhibits a similar seasonal pattern. Each has a maximum in spring 
and a minimum in late summer or early fall (Figure 7.3b), which is consistent with the groundwater lev-
els observed regionally (Figure 7.4). However, the Choptank has later spring discharge and recharges 
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fIgure 7.4 Annual summary of groundwater temperature and water depth below ground surface (water 
table depth) in a piezometer sampling the top of the surficial aquifer at 2.8 m depth below ground at a location 
within the basin of the USGS gauge on the Choptank River at Greensboro (see Figure 7.1). Multiple recharge 
events occurred in cooler months (January to May and November to December in 2008), with fewer and 
smaller recharge events in summer (Figure 7.3a). The overall pattern was driven by infiltration events in cooler 
periods and an excess of ET over recharge in summer (Figure 7.3a). Groundwater temperature exhibited a 
similar but inverted cycle primarily due to heat conduction through the ground from the overlying air.
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more slowly in the fall (Figure 7.3b), an effect of the more poorly drained soils in the gauged basin of 
the Choptank, which lies largely in the poorly drained uplands of the Delmarva Peninsula (Lee et al. 
2001). Under very dry conditions (e.g., summer of 2007), surface discharges from the coastal lagoon 
drainages such as Birch Branch virtually dry up due to the small watershed area and moderately well-
 drained soils (Beckert et al. in review). The stream beds become a series of interconnected ponds with 
little flow between them, although it is likely that groundwater flow continues below the surface.

At shorter time scales, moderately sized rain storms induce discharge events of 2- to 4- day 
durations (Figure 7.5a). Koskelo (2008) separated base flow (groundwater- based discharge) from 
storm flow (event- based discharge) in six Choptank watersheds using a new approach incorporating 
discharge patterns and rainfall (Koskelo et al. in review). Using this approach, base flow was found 
to be significantly and inversely related to hydric soils in long- term data due to surface ponding and 
root zone retention of rainfall and subsequent ET (Koskelo 2008). Storm flow was not related to 
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soil drainage properties, but increased significantly with average surface topographic slope of the 
watershed (Figure 7.5b).

7.4.2  water QualIty trends: nontIdal monItorIng statIons

Water quality at the USGS gauging station at Greensboro, Maryland, has been declining for many 
decades (Figure 7.1). In primarily base flow sampling, NO3

– has been increasing since the 1960s 
when water quality monitoring began, and total N (TN) has also increased since 1975 (Figure 7.6a). 
NO3

– in base flow represents about 70% of the TN and is primarily derived from application of fer-
tilizers on agricultural fields, which passes to streams via groundwater (Hamilton et al. 1993). As a 
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result, both annual average TN and NO3
– in Choptank streams are strongly correlated with percent 

agriculture in their watersheds (Fisher et al. 2006b; Figure 7.8).
Annual average total P (TP) concentrations (primarily base flow) have also significantly 

increased since monitoring began in 1970 (Figure 7.6b). Whereas NO3
– is the major component 

of TN, phosphate (PO4
3–) is a smaller component of TP and has not increased significantly over 

time (Figure 7.6b). In both panels of Figure 7.6, which illustrates trends in N and P, the data for 
1984 were excluded from the regressions because of a small number of samples in that water year 
which included a single storm sample with very high concentrations. Overall, the data in this fig-
ure indicate that base flow N and P concentrations in the gauged portion of the Choptank Basin 
(Figure 7.1) have been increasing for several decades. There is significant interannual variation in 
water discharge, but no significant trend; therefore, trends in N and P fluxes (concentrations × water 
discharge) are primarily determined by changes in concentrations.

Similar trends have been observed for base flow in other watersheds within the Choptank Basin. 
Sutton et al. (2009b) compared the concentrations at 15 Choptank CEAP watersheds dominated 
by agriculture (Figure 7.1). These watersheds were sampled in 1985 to 1986 and in 2003 to 2006 
(Figure 7.7). While lacking the detailed time series available for Greensboro (Figure 7.6), the data 
for these watersheds (Figure 7.7) show no evidence of systematic decreases in base flow N or P con-
centrations between 1986 and 2003 to 2006 due to management actions within these watersheds. 
In fact, one watershed (Oakland) exhibited significant increases in TN and NO3

– concentrations, 
similar to Greensboro (Figure 7.6).

One of the agriculturally dominated watersheds in the Choptank Basin shown in Figure 7.7 is the 
German (or Jarmin) Branch watershed, the site of the first targeted watershed program in Maryland 
during 1990 to 1996 (Primrose et al. 1997). Within this watershed there was nearly 100% applica-
tion of the agricultural BMPs of soil conservation and water quality plans, nutrient management 
plans, and conservation tillage, with small increases in riparian buffers and winter cover crops. 
Continuous quantitative data on the management practices are not available except for 1990 to 
1995, and fertilizer and manure applications and other agricultural practices probably varied during 
1996 to 2006. With this caveat, 10 years after the targeted watershed project (more than the median 
groundwater residence time of 8 years in this basin), there were no significant changes in base flow 
N during this 10- year interval (Sutton et al. 2009a). However, base flow N concentrations at German 
Branch did not increase, unlike the Choptank River at Greensboro (Figure 7.6a). Furthermore, TP 
in base flow at German Branch decreased significantly (~50%), again in contrast with increasing 
P at Greensboro (Figure 7.6b). P is difficult to sample quantitatively because it increases dramati-
cally during short- term storm events with large discharges (Fisher et al. 2006b). More than 80% of 
the annual P export from Choptank watersheds occurs during brief storm events (Koskelo 2008), 
making base flow measurements of P unrepresentative of annual export. Furthermore, storm flow 
is rarely sampled adequately in monitoring programs, and the data in Figures 7.6 and 7.7 are essen-
tially base flow data. Nevertheless, the stable N concentrations and decreasing P concentrations in 
base flow at the German Branch watershed compared to the continuous increases at Greensboro 
(Figure 7.6) indicate that intensive management in a targeted watershed program can have a detect-
able effect. Since changes in base flow chemistry were relatively small, insufficient applications of 
effective practices (winter cover crops, stream buffers) or relatively ineffective management actions 
(nutrient management plans, which are not monitored, nor have they ever been tested) resulted in 
small water quality effects detectable only after a decade of time.

7.4.3  water QualIty drIVers of cHange

There are two major drivers of the poor water quality trends reported above (i.e., agriculture and 
sewage disposal). Agricultural lands are the primary driver of water quality in nontidal streams of 
the Choptank Basin and the Delmarva coastal bays due to application of fertilizers and distribution 
of manure from animal feeding operations (Figure 7.8). As a result, nontidal streams in coastal 
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plain areas, including Delmarva, carry large quantities of agricultural NO3
– (Figure 7.8a), and the 

relationship between NO3
– concentration and percent agriculture is nonlinear due to the substitu-

tion of croplands for landscape sinks for NO3
– such as riparian forests and wetlands as the percent 

agricultural land use increases beyond 50%. Loss of the remaining wetland and riparian sites results 
in both new agricultural source areas for NO3

– and losses of denitrifying areas, accelerating the 
increase of NO3

– with additional agricultural land use. In the Maryland coastal bays (St. Martin 
Basin, Figure 7.8b), the percent land use of animal feeding operations, the area covered by the foot-
print of chicken houses within each watershed, was the most important determinant of TN and NO3 
concentrations in nontidal streams. Despite the small area of the actual structure for the feeding 
operation, the distribution of manure from the houses to nearby fields has a significant impact on N 
concentrations in streams. A similar significant relationship between base flow PO4 levels and den-
sity of chicken houses (number per km–2) was also found among the Choptank CEAP watersheds 
(r 2 = 0.47, p < 0.01; Koskelo 2008).

Land use effects on P concentrations in streams are more difficult to quantify. As described 
above, most P is mobilized from watersheds during storms, which are usually vastly under sampled 
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in watershed studies (Koskelo 2008). However, Stone et al. (in review) has documented land use 
effects on N and P in both storm and base flows in the Little Blackwater watershed (Figure 7.9), 
which lies just south of the Choptank Basin (Figure 7.1). In this example from 2005 (Figure 7.9), 
PO4

3– concentrations in storm flows were up to four times higher than in base flows from areas dom-
inated by agriculture; in contrast, areas dominated by forested wetlands showed no such enhance-
ment of PO4 in storm flows. Fisher et al. (2006b), Sutton (2006), and Koskelo (2008) also showed 
P enhancement in storm flows >10 times higher than base flow concentrations in agriculturally 
dominated watersheds of the upper Choptank Basin.
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fIgure 7.8 (a) Effects of percent agriculture (cropland) on nitrate concentrations [NO3
–] in coastal plain 

watersheds. The exponential curve was forced through the extensive summary by Clark et al. (2000) on for-
ested lands (= 0% agriculture). (b) Effects of animal feeding operations on average stream N in the St. Martin 
Basin in the Maryland coastal bays (Beckert 2008). The correlation with TN is significant, whereas the nitrate 
correlation is marginally significant (p = 0.07 and not significant for ammonium (p > 0.10).
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Wastewater discharge is the second major driver of poor water quality. There are 10 wastewater 
treatment plants in the Choptank Basin, which discharge an average of 4.0 kg N and 1.2 kg P per-
son–1 yr–1 primarily to tidal, estuarine waters (Figure 7.10). While the inputs of wastewater N are 
a small fraction (4%) of the Choptank nutrient budget due to the importance of agricultural nitrate 
(Figure 7.8), wastewater P is a large fraction (49%) of the P budget (Lee et al. 2001). The Choptank 
Basin has been slowly urbanizing (Benitez 2002), which has resulted in increases in the size of the 
small towns, the service populations, and wastewater N and P inputs to the estuary. Additions of 
tertiary treatment at several of the larger plants since 1990 have decreased N and P concentrations 
in some discharges, but larger wastewater volumes from increasing service populations have offset 
the effect on fluxes (Fisher unpublished).

7.4.4  agrIcultural n and p reductIon

Due to the importance of agriculture in determining stream N concentrations (Figure 7.8), many 
BMPs have been implemented in the Choptank Basin to reduce N and P losses from croplands. 
The BMPs include: (1) nutrient management plans; (2) conservation tillage; (3) drainage control 
structures; (4) grassed or forested stream buffers (e.g., Conservation Reserve Enhancement Program 
or CREP); and (5) winter cover crops (Staver and Brinsfield 1998). Nutrient management plans are 
documents submitted by farmers to Maryland Department of Agriculture providing details on how 
their farming operations will avoid nutrient losses to surface water and groundwater. Conservation 
tillage is the use of herbicides to control weeds in place of plowing to avoid soil disturbance and 
reduce soil erosion. Drainage control structures are weir- like devices used to control water levels in 
cropland drainage ditches originally dug to improve the drainage of wet areas. Stream buffers are 
vegetated areas that border flowing surface waters (seasonally mowed grasses or managed forests) 
in which no fertilization takes place, but denitrification, plant uptake of N and P, and particle trap-
ping do occur. Winter cover crops are cold- season grasses, such as rye or winter wheat, which stabi-
lize the soil, reduce erosion, and provide N and P uptake during the fall through spring seasons. The 
function of these BMPs is (1) to physically trap soil and P during overland flow events (conservation 
tillage, cover crops, buffers); (2) to induce cool season plant N uptake to reduce nitrate leaching to 
groundwater during infiltration events (cover crops); and (3) to encourage denitrification, primarily 
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storm flow rose to four times the base flow value. (Data from Stone et al. (in review).)
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in groundwater as it flows through a C- rich and O2- poor environment (drainage structures, buffers). 
Lowrance et al. (1997) has reviewed riparian buffers in the Chesapeake region.

The concept behind nutrient management plans is to consider the nonpoint source nutrient con-
tributions of individual farms. These plans have six components involving disposal and storage of 
manure, field management to reduce nutrient losses, and farm management documentation. In the 
plan, farmers are asked to demonstrate attempts to minimize environmental effects of livestock and 
row crop agriculture, and annual plans are now mandatory in the state of Maryland. However, the 
effectiveness of these plans has never been demonstrated at any scale, and there is no monitoring to 
validate whether plans are being followed.

Conservation tillage has two components (“low till” and “no- till”). Both substitute varying 
amounts of herbicide control of weeds for mechanical tillage, and the major goals are to reduce 
energy costs, stabilize soils, and reduce soil erosion. In a paired watershed study, Staver et al. (1994) 
showed that soil erosion was significantly less in the watershed with conservation tillage compared 
to the watershed with conventional tillage. However, despite the reduced soil erosion in the water-
shed with conservation tillage, leaching and transport of crop P increased during overland flows 
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because of the P- rich crop litter concentrated at the soil surface. Therefore, conservation tillage 
appears to reduce soil erosion while increasing P losses from crop fields.

Drainage control structures are being experimentally applied to farm ditches originally cut through 
wetlands to enable adequate drainage for conversion to agriculture. The soils are usually hydric 
(poorly drained, with high water content during the cool season), and the drainage ditches often 
export water with millimolar concentrations of NO3

– (700 to 1000 µM or 10 to 15 mg NO3
–- N L–1) 

from the adjacent agricultural fields. This value is consistent with the extrapolated right y intercept 
(720 µM or 10.1 mg NO3

–- N L–1) for the regression line at 100% agriculture in Figure 7.8A. Drainage 
control structures are used to raise the water levels close to the root zone both to store water in 
groundwater for summer crop use as well as to induce denitrification in C- rich upper soil horizons.

We have strong evidence of denitrification in groundwater entering a drainage controlled ditch 
(Figure 7.11). In this example from the flooded section of the ditch above the drainage control struc-
ture, excess N2- N accumulated in groundwater near the ditch at concentrations of 200 to 400 µM 
above that of atmospheric N2- N equilibrium (~1200 µM). NO3

– shows strong seasonal variations, 
varying from 0 to 700 µM with groundwater levels. During winter and spring, when groundwater 
levels are highest, NO3

– is typically 400 to 700 µM; during late summer and fall, when ground-
water gradients relax (Figure 7.4), NO3

– is much lower (0 to 200 µM). A particularly dry summer 
in 2007 caused low groundwater levels and low concentrations of NO3

–, which did not recover 
until March 2008. Note that less excess N2- N accumulated in groundwater (~350 µM) than the 
net disappearance of NO3

– (~700 µM). This appears to result from diffusive loss of excess N2- N 
from the supersaturated groundwater into the vadose zone above and ultimately to the atmosphere 
(Fox et al. 2009). In contrast with the flooded section of the ditch upstream of the drainage control 
structure, the unflooded control section of the ditch downstream of the drainage control structure 
had groundwater NO3

– levels continuously >1000 µM, and excess N2- N was <100 µM, with little 
seasonal variation (data not shown).

Other gases also accumulate in groundwater associated with the flooded section of the ditch. 
Nitrous oxide- N (N2O- N) is a by- product of both denitrification and nitrification (Wrage et al. 
2001), and in the example in Figure 7.11, N2O accumulates up to 6 µM, considerably higher than 
the atmospheric background of 0.02 nM. Both here and in other datasets (R. Fox, unpublished), 
N2O- N typically accumulates to 0.5% to 5% of the excess N2- N. Methane (CH4) also accumulates 
in groundwater when NO3

– decreases to <100 µM (Figure 7.11). Very high concentrations of CH4 
typically occur at the end of summer when water levels (Figure 7.4), hydrostatic head, and NO3

– 
are low. These high accumulations of CH4 may lead to brief ebullition (degassing) events in which 
gases dissolved in groundwater are partially removed by CH4 bubble formation (August 2007 in 
Figure 7.11).

The drainage control structure improved water quality in surface waters (Figure 7.12). When 
we first began sampling the ditch waters in 2006 (about 1 year after the installation of the drain-
age control structure), there was a large contrast between surface water in the upper, flooded sec-
tion of the ditch (NO3

– = 0 to 200 µM) and the lower unflooded section of the ditch (NO3
– = 500 

to 1200 µM). However, it is clear that over time, NO3
– in the unflooded section of the ditch has 

decreased, either as a result of the very dry year 2007 or as a result of NO3
–- depleted groundwater 

from the upper perched section bypassing the drainage control structure. Regardless of the cause of 
the NO3

– decrease in the unflooded section downstream of the control structure, it is clear that the 
drainage control structure has a large impact on agricultural NO3

– discharged in upstream surface 
waters, allowing significant NO3

– to pass only during the cool season (Figure 7.12) when tempera-
tures are lower and hydrologic gradients are greater (Figure 7.4). However, this BMP is still experi-
mental and has not yet been widely applied in the Choptank.

Strong land cover effects on the concentrations of dissolved gases are observed in groundwater 
(Figure 7.13). CH4 concentrations are highest (average = 23 ± 13 µM) at wetland sites, followed 
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by wet areas close to wetlands (average = 4 ± 2 µM) due to low or depleted O2 and NO3
– as elec-

tron acceptors for respiration. CH4 is lowest under farm fields, grassed CREP buffers, and forests 
(<1 µM) due to the presence of significant amounts of O2 and/or NO3

–. Similarly, N2O is highest in 
wetlands (average = 0.8 ± 0.4 µM) and CREP buffers (average = 0.6 ± 0.4 µM) due to denitrification 
of NO3

– from adjacent agricultural fields, and N2O is lowest in wet areas, farm fields, and forests 
(<0.4 µM) due to apparent reduction (denitrification) of N2O (wet areas) or the presence of O2 (farm 
fields and forests).
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fIgure 7.11 An example of a time series of concentrations of nitrate (NO3
–) and the metabolic dissolved 

gases nitrous oxide (N2O), methane (CH4), and excess N2- N dissolved in shallow groundwaters in the Choptank 
Basin. Excess N2- N routinely accumulated in groundwater up to 25% to 50% of atmospheric N2- N (~1200 μM 
at 12°C) as NO3

– was denitrified as an alternate electron acceptor within the soil matrix under suboxic condi-
tions (8% to 15% saturation, not shown). N2O- N also accumulated to 1–10 μM (~20,000 times the atmospheric 
background of ~0.02 nM) and was typically 0.5% to 5% of the excess N2- N. CH4 accumulated when NO3

– 
was depleted and CO2 became the terminal, alternative electron acceptor. Accumulations of CH4 > ~50 μM 
(~20,000 times the atmospheric background of 2 nM) resulted in ebullition events (bubble formation) which 
stripped out other dissolved gases (August 2007).
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Another BMP implemented in the Choptank Basin to reduce losses of agricultural N and P is 
restoration of stream buffers. These areas were originally cleared for agriculture where slopes were 
low or where topography was altered, primarily on first- or second- order, nontidal streams on farms. 
The CREP program of USDA now makes funds available to farmers to reforest or plant grasses on 
these streamside areas to reduce transport of agricultural N and P from crop fields to streams.

Restoration of forested stream buffers has been quantified for the agriculturally dominated 
Choptank watersheds listed in Table 7.1 by Sutton et al. (2009b). During 1998 to 2005, 11% of 
streamside vegetation (range 1% to 30% within each watershed) was replanted under USDA’s CREP 
Program, increasing the preexisting forested buffers (average = 33%, range = 10% to 48%). Streamside 
lengths were defined as 2 × stream lengths within each watershed. In 2005 total buffered stream-
sides (preexisting + CREP) averaged 44% (range = 12% to 61%) within the watersheds. Multi- year 
water quality data were used to examine the effect of the 11% average increase in streamside vegeta-
tion resulting from the CREP program, but no significant effects were detectable. Concentrations of 
N and P in streams of these watersheds have not changed or have slightly increased in some streams 
over the previous 20 years (Figure 7.7). Sutton et al. (2009b) attributed the lack of a statistically 
detectable effect to (1) the young age of the buffers resulting in low plant uptake and denitrification; 
(2) possible increases in agricultural N and P loading (e.g., increased fertilizers or manure applica-
tions, double cropping, etc.); and/or (3) insufficient implementation of buffers (33% preexisting to 
44% preexisting + CREP). Bypassing of buffers by deeper groundwater flow paths (see Lowrance 
et al. 1997) is another possible explanation for the lack of a significant effect.

The use of winter cover crops is the last BMP implemented in the Choptank Basin to reduce 
losses of agricultural N. Planting of these winter annual grasses as soon as possible after crop har-
vest has been shown to stabilize soil (reducing erosion and P losses) and create demand for N in 
soils after N mineralization and oxidation produce highly soluble NO3

– (Staver and Brinsfield 1998; 
Staver 2001a). Under low evapotranspiration rates in winter, rainfall produces large infiltration 
events which replenish groundwater levels (Figure 7.4) and transports soil NO3

– to the groundwater 
(Staver and Brinsfield 1998; Staver 2001a). Larger rainstorms also generate overland flow which 
transports soil P rapidly to streams (e.g., Figure 7.9; Fisher et al. 2006b). The presence of cover crops 
acts to immobilize N and P during the winter in organic forms, making these available to crops dur-
ing the following growing season. Field- scale tests of winter cover crops have been shown to reduce 
fluxes of both N and P (Staver and Brinsfield 1998), but the aggregate effects of winter cover crops 
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has not been adequately tested at the watershed scale. In the German Branch watershed (described 
above), Sutton et al. (2009a) found no significant changes in base flow N and decreases in base flow 
P after widespread application of BMPs, including winter cover crops. However, winter cover crops 
were one of several BMPs, and only 0% to 4% of crop fields in the German Branch watershed had 
winter cover crops.

7.4.5  estuarIne water QualIty condItIons

During 23 years of water quality monitoring at station ET5.2 in the Choptank Estuary (Figure 7.1), 
there has been no discernable improvements in water quality (Figure 7.14). Annual average values 
of chlorophyll a have increased, with a relatively large interannual variability driven primarily by 
variations in annual river discharge (positive relationship, r2 = 0.57, p < 0.01). Likewise, there has 
been a decrease in summer bottom dissolved oxygen concentrations; however, these are not sig-
nificantly related to river discharge but are negatively correlated with annual average chlorophyll a 
in surface waters (r2 = 0.47, p < 0.01), the source of the sedimenting organic matter that results in 
strong biological oxygen demand in bottom waters.

Projections for water quality over the next decade are worrisome (Figure 7.14). Linear extrapo-
lation of the trend in the upper panel to 2015 predicts annual average chlorophyll a >20 µg L–1, a 
threshold often associated with increased bloom frequency (U.S. Environmental Protection Agency 
2007). Likewise, linear extrapolation of the trend in the lower panel indicates that the average 
summer bottom dissolved oxygen will be approaching the EPA Bay Program’s 30- d water quality 
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criterion (3 mg L–1). Negative excursions in wetter years with higher chlorophyll a are likely to 
result in average summer dissolved oxygen less than the 2 mg L–1, causing severe biological impacts. 
These conditions are not limited to the Choptank Estuary or the Chesapeake Bay, and Wazniak 
et al. (2004) and Beckert (2008) have reported similar conditions in the Maryland coastal bays, 
particularly in summer tidal waters at the northerly, more populated end of these systems.

7.5  dIscussIon

Most agricultural and urban BMPs applied nationally have not been tested quantitatively for effec-
tiveness at the watershed scale (Bernhardt et al. 2005). Despite national programs encouraging vari-
ous economic and agricultural policies (e.g., nutrient management plans, CREP, winter cover crops, 
etc.), little is known about time scales of watershed responses or incremental reductions in export 
of N or P expected for application of BMPs at the watershed scale. The examples of our research 
given above strongly support the need for quantitative evaluation of BMPs to establish time scales 
of response as well as the expected decrease in N or P concentrations per unit BMP applied at the 
watershed scale. Examples of adequate tests are longitudinal studies in one watershed (e.g., Sutton 
et al. 2009a, for the German Branch watershed) or parallel studies in multiple watersheds with 
similar amounts of agriculture but varying amounts of a single BMP (e.g., Sutton et al. 2009b). Our 
strongest research recommendation is for more testing of BMPs at the watershed scale to provide 
quantitative information on response time and reductions of N and P per unit BMP applied.

7.5.1  water QualIty status

It is clear that water quality in the Choptank Estuary is approaching a threshold. Driven by nutrient 
inputs from the terrestrial basin, projections of current trends in the estuary suggest algal blooms 
in surface waters and losses of benthos and fish from bottom waters in the coming decade. Most 
indicators of watershed nutrient inputs from the two largest sources, agriculture (Figures 7.6 to 7.8) 
and sewage (Figure 7.10) indicate that no significant reductions and some increases have occurred 
in the last 40 years (Figures 7.6 and 7.7). Given the relative stability of agricultural land use (Benitez 
and Fisher in review) and increases in human populations (Fisher et al. 2006a), there is little hope 
for improved water quality in the estuary under current conditions and policies.

There are four primary reasons for the lack of progress in water quality in the Choptank Estuary 
and elsewhere: (1) the voluntary approach taken by the EPA Bay Program to improve water quality; 
(2) insufficient implementation and watershed- scale testing of BMPs; (3) time lags for water quality 
improvements to appear; and (4) strong economic incentives to continue business as usual without 
regard to environmental consequences. Each of these reasons is discussed below, and in the next 
section, we present a summary of suggested changes to counteract these reasons for the lack of 
progress in improvements in water quality.

The single largest problem in the Chesapeake Bay watershed is excess N and P entering the 
bay from land (U.S. Environmental Protection Agency 2007). However, despite this, the EPA Bay 
Program has taken a largely voluntary approach, encouraging farmers and homeowners to reduce 
their use of fertilizers, with no oversight or enforcement. However, there are relatively few incen-
tives to reduce nutrient losses. Farmers have strong economic incentives to continue to maximize 
crop yields to get the largest net income by applying fertilizers or manures, and Figure 7.8 provides 
strong evidence that excess agricultural fertilizers and manure are the primary drivers of N con-
centrations in Delmarva streams. Vitousek et al. (2009) show an average of +10 kg ha–1 yr–1 surplus 
of agricultural inputs of N (155 kg ha–1 yr–1) over outputs (145 kg ha–1 yr –1) in the U.S. Midwest, 
although it may be the outliers at the high end of input distributions embedded within a watershed 
that drive patterns such as those shown in Figure 7.8. Similarly, homeowners are given advice by 
the Cooperative Extension Service and other sources to apply lawn fertilizers at a rate of 87 to 
174 lbs N acre–1 yr–1 (equivalent to 99–195 kg N ha–1 yr –1, see http://agbiopubs.sdstate.edu/articles/
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ExEx1016.pdf, accessed August 25, 2009). This rate is equivalent to N applications for corn (100 to 
150 lbs N acre–1 yr–1 or 110 to 170 kg N ha–1 yr–1), one of the most heavily fertilized crops in the 
Choptank Basin. In a study of turf in New England, Guillard and Kopp (2004) used four fertilizer 
types applied at a rate of 147 kg ha–1 yr–1, in the range given above, and found volume- weighted 
mean NO3

– concentrations in leachate from inorganic fertilizers of 5 mg N L–1, in the mid- range of 
average stream NO3

– in agriculturally dominated basins in Figure 7.7. Fertilized lawns can poten-
tially make a large, distributed, and heterogeneous contribution to high groundwater nitrate which 
becomes base flow nitrate in streams. However, the distribution of fertilized lawns is poorly known, 
making a quantitative assessment problematic. Nonetheless, in a nutrient overloaded system, reduc-
ing fertilizers applied for aesthetic reasons should take place before fertilizer reductions on crop 
fields used for food production.

The second reason for lack of progress in water quality in the Choptank Basin is insufficient 
implementation and watershed- scale testing of BMPs. In the targeted watershed study in German 
Branch referred to above (Primrose et al. 1997), nearly 100% compliance with some BMPs was 
achieved (e.g., nutrient management plans, conservation tillage); however, these have not, to our 
knowledge, ever been tested individually at the watershed scale to quantify their effectiveness. 
Sutton et al. (2009a) evaluated the collective effectiveness of all applied BMPs; however, the water 
quality effect was small, and it was impossible to attribute the observed effects to individual BMPs. 
Furthermore, newer and more promising BMPs such as winter cover crops, were only lightly 
used (0% to 4%), and even the CREP program funded by USDA to restore streamside vegetation 
increased the average stream buffer coverage only from 33% to 44% in 15 agriculturally dominated 
watersheds in the Choptank Basin (Sutton et al. 2009b). On average, more than half of all first- and 
second- order streams in the Choptank Basin had no buffers in 2005. More extensive implementa-
tion would provide a stronger water quality signal to detect, and more rigorous testing of individual 
BMPs at the watershed scale would provide a rational and quantitative basis for expectations of 
water quality improvements following implementation.

The third reason for a lack of progress toward improved stream water quality is time lags associ-
ated with groundwater emergence. Groundwater residence times in the unconfined surface aquifer 
are typically years to decades (Winter 1983; Staver 2001b), and some water quality improvements 
in groundwater may have already been achieved; however, there is less systematic monitoring of 
groundwater compared to streams, and groundwater time lags may obscure the effects of BMPs 
influencing groundwater chemistry. Even in our study of the controlled drainage structure described 
above (Figure 7.12), several years were required until the effects of the raised water table on water 
quality in a first- order stream (the ditch) were observed. We may yet detect more effects of some 
current BMPs in surface waters over the coming decade as younger, potentially cleaner ground-
waters reach surface waters, but continued monitoring will be required to quantify these effects.

The final reason for the lack of progress in nontidal water quality is the lack of economic incentives 
for improved water quality. Currently, economic incentives favor a “business- as- usual” approach in 
the absence of regulations or enforcement, and high export rates of N and P are expected from land 
to water under these conditions. Neither farmers nor land owners are penalized for over- applying 
fertilizers (other than the cost of the fertilizer), and there are no economic incentives for improved 
environmental conditions or disincentives for environmental degradation. Only point sources have 
been systematically regulated in response to increases in human populations that provide waste-
water. In the long term, economic incentives due to avoidance of areas with poor water quality may 
provide some pressure to solve these problems, but current prospects are dim, except for pressure 
from a small fraction of the population active in local water quality issues.

7.5.2  water QualIty ImproVement

We have used the data presented here to develop a series of policy recommendations which could 
potentially provide a rational basis for improvements in water quality. These include (1) applications 
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of water quality standards in nontidal watersheds; (2) lower caps on wastewater discharge volume 
and concentrations; (3) lower fertilizer application rates on farms (subsidized); (4) buffers and cover 
crops on crop fields; and (5) limited applications of lawn fertilizers. All of these recommendations 
are described below, and we emphasize that they are based on our own observations. More detailed 
policy considerations by government agencies (e.g., U.S. EPA, USDA NRCS, MD DNR, MDE, etc.) 
will be required to place them into practice.

The first recommendation for improving water quality on Delmarva is the implementation of 
numeric water quality standards for nutrients in nontidal waters at the watershed scale. The U.S. EPA 
(2000) has proposed water quality standards for nutrients in nontidal waters, but to our knowl-
edge these standards have neither been adopted nor applied in the mid- Atlantic region or else-
where. U.S. EPA (2000) recommended 0.71 mg N L–1 (51 µM) and 0.031 mg P L–1 (1 µM) for the 
nutrient ecoregion XIV, which includes Delmarva. These water quality standards are equivalent to 
~5 times the concentrations found in local nontidal streams draining forested areas and are much 
lower than observed concentrations in most agriculturally dominated basins in the Choptank Basin 
(e.g., Figure 7.8) and elsewhere (Jordan et al. 1997; Beckert et al. in review). This indicates wide-
spread regional violation of the recommended, but unenforced, water quality standards.

The original goal of the EPA Bay Program was a 40% reduction of the 1985 N and P loads 
(e.g., Belval and Sprague 1999). From the monitoring data presented above, it is clear that this goal 
has not been achieved in the Choptank Basin, despite optimistic model predictions, and the trends 
are not even in the right direction. A further complication is the fact that the Greensboro watershed 
gauged by USGS (Figure 7.1, 18% of the basin) is not representative of the remaining ungauged 
portion of the Choptank Basin (Lee et al. 2001). The Greensboro watershed has significantly less 
agriculture, more forest, and more hydric soils than most of the basin, which results in relatively low 
N and P concentrations (Lee et al. 2001). Jurisdictionally, half of the Greensboro watershed also lies 
in the state of Delaware, which does not participate in the Maryland tributary strategy.

Attainment of the 40% reductions of the 1985 N and P loads would undoubtedly have large 
impacts on water quality in the Choptank nontidal streams and estuary. In about 1985, N concentra-
tions ranged from 110 µM (1.3 mg L–1) at the Greensboro watershed to 430 µM (6.0 mg L–1) at the 
Oakland watershed (Figures 7.6 and 7.7). If the efforts of the EPA Bay Program had achieved 40% 
reductions in the Choptank, N concentrations would now range over 67 to 260 µM (0.9 to 3.6 mg 
L–1), considerably lower than those currently observed for total N (Figures 7.6 and 7.7). Parallel 
computations for 40% P reductions would result in current P concentrations of 0.5 to 2.5 µM (0.02 to 
0.08 mg L–1), also lower than those currently observed for total P (Figures 7.6 and 7.7). We strongly 
support the original goals of the EPA Bay Program’s 40% reductions, and the numbers estimated 
above could be used as local water quality standards for the Choptank Basin. Attainment of the 
stricter EPA water quality standards should remain a long- term but much more difficult goal to 
achieve in this nutrient- rich basin. Because water yields are relatively uniform regionally at monthly 
to annual time scales (Sutton et al. 2009b), concentrations could be substituted for nutrient loads in 
water quality standards to simplify management protocols.

Evaluation of violation of a water quality standard would require extensive water quality sam-
pling. Quarterly base flow sampling of all HUC 12 or 14 nontidal watersheds for a year could be 
undertaken by an independent agent (e.g., USGS, a local university, or a private consulting com-
pany) to determine attainment or violation of N and P standards in base flow. Validation, certifica-
tion, and standardization of sampling protocols and chemical analyses would be essential. N is 
easier to sample than P, but base flow P can provide an initial value for P status in nontidal streams. 
Incorporating storm flow sampling is desirable, especially for P, but probably too expensive for the 
widespread application suggested here. Following a year of monitoring, watersheds in violation 
of water quality standards should be required to adopt an appropriate mix of the BMPs described 
below, with quarterly monitoring at 5- year intervals to assess progress toward water quality stan-
dards. Selected research watersheds such as those in Table 7.1 or the NAWQA watersheds of USGS 
could be used for more detailed studies. To provide an economic incentive, failure to attain a water 
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quality standard after BMP implementation within a watershed after a decade (close to median 
groundwater residence times) should result in economic consequences for those living and using 
land within the watershed. This approach is similar to the TMDL process of EPA, but would be 
focused on nontidal streams, with fixed deadlines for compliance with concentration standards 
developed locally.

The second recommendation for improving water quality on Delmarva is to lower caps on waste-
water volumes and concentrations. To our knowledge, there are currently only loosely enforced caps 
for wastewater volumes and nutrient mass discharge from wastewater plants, even in areas such as 
the Choptank with degrading estuarine waters (Figure 7.14). The current strategy of many munici-
palities is to add tertiary treatment to reduce the N and P concentrations in order to accommodate 
urban growth and increased wastewater volumes. A better approach would be to add wastewater 
volume caps and to lower N and P mass caps for a tributary or region. This would force wastewater 
plants to find alternative uses for human wastewater, a valuable product that can be better used for 
production of compost (e.g., Milorganite), methane, irrigation, and fertilizer products, rather than 
discharging wastewater into our swimming and fishing waters. Similarly, denitrifying septic sys-
tems should be mandatory on all new construction, and existing septic systems should be retrofit 
within a 5- to 10- year time period.

The third recommendation for improving water quality on Delmarva is to lower fertilizer appli-
cation rates on farms. Fertilizer applications are currently targeted to maximize crop yields under 
the best weather conditions, with little consideration for the environmental consequences of unused 
N and P when crop uptake of N and P is limited by droughts or floods. We suggest that farmers 
apply fertilizers at lower rates to match crop yields. However, N budgets of crop fields are poorly 
known, especially under varying weather conditions (Vitousek et al. 2009). The data of Figure 7.8 
indicate that agricultural land is a significant source of N, but the magnitude and spatial extent of 
excess N applications on crop fields is not clear. We recommend the development of national GIS 
databases on watershed N budgets (HUC 12 or 14), including application rates and crop yields to 
provide a rational basis for better N and P use efficiency. Much of this information is already com-
piled, but not systematically at appropriate spatial scales in a watershed context, and usually without 
spatial reference except at the county level. This recommendation simply endorses better use of 
information already being collected by different agencies.

In a recently funded pilot project, some of the authors are testing an alternative approach to 
reduced fertilizer applications. Economic incentives are being offered to a small group of farmers 
in the Choptank Basin to maintain their soil P and NO3

– concentrations low in the fall at the end of 
the growing season to reduce cold season losses of P in overland flow and NO3

– in infiltrating rain 
water during fall and winter storms. Achieving low soil P and NO3

– in the fall will require repeated 
applications of fertilizers and manures at the rate that they can be utilized by the crops rather than 
a small number of larger applications. The result should be reduced losses of N and P from better 
managed crop fields, an outcome that will be monitored.

The focus of most agricultural policies has been on the production of inexpensive food with max-
imum profits by the producer, usually from increased production in decreasing areas (Benitez 2002; 
Fisher et al. 2006a). However, we suggest that an additional consideration must be the reduction of 
the environmental impact of high- intensity agriculture (Figures 7.6 through 7.8). We support the 
continued economic viability of agriculture on Delmarva, but we are attempting to provide recom-
mendations for policies that reduce the impact of agriculture on water quality (Figure 7.8). We also 
suggest that the deleterious water quality effects of corn- based ethanol production should be added 
to its other problems, including the greater C storage of unfertilized grasslands harvested for bio-
mass (Tilman et al. 2006), greater energy production per unit area for cellulosic biofuels (Cambell 
et al. 2009), and competition with crop production for arable land (Tilman et al. 2009).

The fourth recommendation for improving water quality on Delmarva is mandatory stream 
buffers, drainage control structures, and winter cover crops on at least 50% of agricultural fields. 
Priorities for the 50% could be set by crop type (e.g., corn) or by fertilizer application type or rate 
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(poultry or sludge) with the highest N and P loss rates. Buffers will take land out of agricultural 
production, as many first- order or zero- order streams are found within farm fields or are farm 
ditches. Buffering these areas will segment many fields and remove land that is currently farmed. 
An alternative to buffers for ditches could be the drainage control structures described above. 
Given the apparent, initial success of drainage control structures in reducing NO3

– losses from 
a farm ditch in a former wetland converted to cropland (Figure 7.12), mandatory water controls 
on similar ditches might also be a good recommendation after testing at the watershed scale. 
Likewise, mandating winter cover crops (or unfertilized commodity crops) will have economic 
costs for which farmers should continue to be compensated. Prior to implementation of this recom-
mendation, testing of the assumptions and the previous field- scale measurements should be done 
at the watershed scale.

The last recommendation for improving water quality on Delmarva is to substantially limit the 
use of lawn fertilizers. Given that excess N and P is the single largest problem in Chesapeake Bay 
and most coastal waters, the high rates of fertilizer applications to lawns (see above) seems to have 
no justification. If we are going to ask farmers to sacrifice their highest yields in perfect weather in 
order to reduce the losses of N and P from their fields under less perfect weather conditions, then 
we should also be willing to have a less green turf in our yards for a common cause. However, we 
acknowledge that there has been little quantitative study of the effects of nutrient losses from lawns 
at the watershed scale. There are clearly large losses of N from fertilized turf (e.g., Guillard and 
Kopp 2004), but the areal extent of fertilized lawns and the quantitative significance has yet to be 
rigorously determined at the watershed scale.

Many of these recommendations may seem draconian or invasive. Enforcement of water quality 
standards and BMPs will conflict with individual property rights and established agricultural and 
municipal practices. However, our current high- intensity society generates large amounts of N and P 
in surface waters draining the land that we inhabit (Figures 7.6 through 7.8), with significant impacts 
on coastal and estuarine waters (Figure 7.14). If we want to have clean waters in which to swim and 
fish, we have to take at least some of the steps recommended above. The fluxes of N and P from 
land to water are well known and defined, and the production of our food and disposal of our wastes 
are the largest sources. We have a choice of leaving cleaner waters to future generations if we take 
the steps listed above, or we can leave a legacy of green waters with lifeless bottom conditions.
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AbstrAct

Results of a comprehensive 3- year (2004 to 2006) investigation of the seagrass (Zostera marina 
L.) demographics in the Barnegat Bay–Little Egg Harbor Estuary, a lagoonal system located along 
the central New Jersey coastline, reveal a dramatic decline in plant biomass (g dry wt m–2), density 
(shoots m–2), blade length, and percent cover of bay bottom associated with increasing eutrophic 
conditions. Quadrat, core, and hand sampling, as well as digital camera imaging, at 120 transect 
stations in four disjunct seagrass beds of the estuary during the June to November period in 2004, 
2005, and 2006 indicate distinct changes in demographic patterns leading to significant shifts in 
ecosystem services provided by the beds, such as the loss of habitat for bay scallops (Argopecten 
irradians), blue mussels (Mytilus edulis), blue crabs (Callinectes sapidus), and seatrout (Cynoscion 
nebulosus). Of all the metrics analyzed, seagrass biomass exhibited the most significant decrease 
over the study period, which was evident estuary- wide. For example, the mean aboveground bio-
mass and belowground biomass of Z. marina decreased by 50.0% to 87.7% between 2004 and 
2006, with the greatest decrease occurring in Little Egg Harbor. Shoot density of Z. marina also 
decreased from a mean of 292 shoots m–2 in 2005 to 241 shoots m–2 in 2006. The mean blade length 
of Z. marina was relatively consistent during 2004 (31.83 to 34.02 cm) and 2005 (25.89 to 32.71 cm), 
but decreased greatly during 2006 (18.61 to 19.37 cm), thereby reducing overall plant biomass. A 
progressive seasonal reduction in the percent cover of seagrass in the estuary was apparent during 
each year of the study and correlated well with diminishing eelgrass biomass. The percent cover 
of seagrass in the study area over the June to November period dropped from 45% to 21% in 2004, 
43% to 16% in 2005, and 32% to 19% in 2006. The reduced growth and spatial cover of Z. marina 
during 2006 correlated with lower shoot density and biomass measurements. Declining seagrass 
abundance and biomass in the coastal lagoons of New Jersey signal an ongoing negative response 
to nitrogen over- enrichment, which has also been correlated with the occurrence of phytoplankton 
and benthic macroalgal blooms which are detrimental to seagrass habitat. Macro algae completely 
cover extensive areas of the bay bottom during blooms, particularly when comprised of sheet- like 
forms such as Ulva lactuca. These blooms appear to cause significant dieback of seagrass in some 
areas of the estuary. Recovery of seagrass beds in the estuary will depend on management interven-
tion, including an accelerated remediation program involving a reduction of nitrogen loading from 
coastal watershed areas.

Key Words: Barnegat Bay–Little Egg Harbor Estuary, seagrass, Zostera marina, nitrogen load-
ing, eutrophication

8.1  IntroductIon

Eutrophication poses a serious threat to the long- term health of estuaries throughout the world 
(Kennish 2002a; Orth et al. 2006a). On a global basis, the two dominant sources of nitrogen to estu-
aries and coastal ecosystems are inorganic fertilizers and fossil fuels. Inputs of nitrogen from both 
of these sources are intensifying (Howarth et al. 2002), and forecasts indicate significant continued 
degradation of estuarine habitats (Kennish 2002a; Bricker et al. 2007). Nitrogen over- enrichment 
adversely affects water quality and the benthic habitat regime by promoting phytoplankton and 
macroalgal blooms, epiphytic growth on seagrass blades and shoots, and anoxic conditions in 
bottom sediments (Moore and Wetzel 2000; Kennish 2001; Brush and Nixon 2002; Campbell 
et al. 2003; Irlandi et al. 2004; Lamote and Dunton 2006; Kennish et al. 2007; McGlathery et al. 
2007). In addition, high concentrations of nitrate in the water column can be toxic to seagrasses 
(Burkholder et al. 1992, 1994). Anoxia and associated sulfide production have been linked to the 
overgrowth of thick macroalgal mats on seagrass bed surfaces (Carlson et al. 2004), and sulfide 
buildup in bottom sediments is particularly detrimental to benthic organisms in these habitats. For 
example, Pregnall et al. (1984) noted that nutrient uptake and the energy status of eelgrass (Zostera 
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marina) decreased as sulfide accumulated in the rhizosphere. Much (>70%) of the recent loss of 
seagrass beds in many estuaries has been attributed to eutrophication (Plus et al. 2003; Lamote 
and Dunton 2006).

High nutrient loading and water column turbidity typically elicit aberrant seagrass responses that 
compromise the ecosystem services the beds provide, notably organic carbon production, enhanced 
biodiversity, and habitat stabilization (Larkum et al. 2006). Seagrasses exhibit both physiologi-
cal and morphological responses to nitrogen enrichment (Lee et al. 2004). Altered seagrass habi-
tat commonly impacts resource species, such as bay scallops (Argopecten irradians), hard clams 
(Mercenaria mercenaria), blue mussels (Mytilus edulis), blue crabs (Callinectes sapidus), and fish 
(Cynoscion regalis) (Bologna 2006; Orth et al. 2006b). In severe cases, the food web structure 
changes significantly (Rabalais 2002). Disturbance of seagrass beds due to nutrient over- enrichment 
can be as damaging as major storms, oil spills, dredging events, wasting disease, or other stressors 
(Plus et al. 2003). Because of the devastating ecosystem effects of nutrient over- enrichment, early 
detection and intervention are necessary for effective management actions (Lee et al. 2004).

Seagrasses are important bioindicators of water and sediment quality, and thus have been used 
in ecological studies as biological sentinels (Hemminga 1998; Duarte, 1999; Orth et al. 2006a). As 
demonstrated by Longstaff and Dennison (1999) and Carruthers et al. (2002), seagrasses integrate 
environmental impacts over considerable timescales. Therefore, they are extremely valuable for 
assessing the environmental condition of water bodies. Historically, the declines of seagrass beds 
have been most often ascribed to anthropogenic factors, especially excess nutrients and turbidity 
that adversely affect the structure and function of shallow estuarine systems (Lee et al. 2004; Orth 
et al. 2006a). Shallow coastal lagoons are particularly susceptible to nutrient loading because they 
typically have relatively long water residence times, low freshwater inflow and dilution, and they 
tend to retain nutrients in plant biomass and sediments. Although the consequences of eutrophica-
tion in these bays have been well chronicled, predictive models have been more elusive because 
of insufficient data on the mechanisms responsible for the cascading impacts that typically arise. 
Current conceptual models of coastal bay eutrophication reveal little change in the total system 
metabolism but significant change in biotic structure (McGlathery et al. 2007). Seagrasses have 
high light requirements (Dennison et al. 1993), and light attenuation due to elevated turbidity gener-
ally leads to degrading habitat conditions.

Most of the seagrass beds in New Jersey (~75%) occur in the Barnegat Bay–Little Egg Harbor 
Estuary. While more than 6000 ha of seagrass habitat have been reported in this system (Lathrop 
et al. 2006), some studies indicate that significant losses of seagrass have taken place during the 
past 30 years, possibly reducing the beds by 30% to 60% (Bologna et al. 2000). A GIS spatial 
comparison analysis of submerged aquatic vegetation (SAV) surveys by Lathrop et al. (2001) sug-
gests that a contraction of the seagrass beds to shallow subtidal areas (<2 m) may have occurred 
during this period due to a decrease in available light in response to phytoplankton and macro-
algal blooms as well as epiphytic attenuation. Eutrophy has progressively increased in the estuary. 
Designated as moderately eutrophic in the early 1990s, the estuary was later classified as highly 
eutrophic by application of NOAA’s National Ecosystem Assessment Model (Bricker et al. 2007; 
Kennish et al. 2007).

Increased nutrient loading to the Barnegat Bay–Little Egg Harbor Estuary has raised concern 
over potential impacts on seagrass, as well as biotic communities and other habitats in the system 
(Hunchak-Kariouk and Nicholson 2001). Nutrient enrichment and associated organic carbon load-
ing in this shallow coastal bay system have been linked to an array of cascading environmental 
problems such as increased micro- and macroalgal growth, harmful algal blooms (HABs), high tur-
bidity, altered benthic invertebrate communities, impacted harvestable fisheries, and loss of essen-
tial habitat (e.g., seagrass and shellfish beds) (Kennish 2001; Kennish et al. 2007). The net insidious 
effect of progressive eutrophication is the potential for the permanent alteration of biotic com-
munities and debilitating ecosystem- level impacts. Because the estuary is shallow, poorly flushed 
with low freshwater inflow, and bordered by highly developed watershed areas, it is particularly 
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susceptible to the effects of nutrient loading and other anthropogenic stressors. Consequently, 
research and monitoring programs are targeting priority indicators of eutrophication and associated 
water quality changes in both Barnegat Bay and Little Egg Harbor.

In this study, we examine the demographics of Z. marina in the estuary over the 2004 to 2006 
study period to determine its status and trends. We also discuss the environmental factors responsible 
for changes in the structure and function of the seagrass beds. Assessment of the distribution, abun-
dance, and biomass of seagrasses is important for tracking escalating eutrophic problems. To this 
end, comprehensive in situ sampling of seagrass beds was conducted in the estuary during the spring 
to fall period in 2004, 2005, and 2006. This in situ work was preceded by aerial mapping of the beds 
in 2003, which generated a seagrass- bottom- type map for the estuary (Lathrop et al. 2006).

A major scientific question addressed by this study is whether the biotic responses to nitrogen 
enrichment of the estuary represent a stable, continuous gradient or exhibit significant seasonal and 
interannual variability. The principal objectives therefore are to determine: (1) the spatial habitat 
changes of seagrass in the estuary over annual growing periods; (2) the species composition, rela-
tive abundance, spatial distribution, and potential impacts of macro algae on the seagrass beds; and 
(3) the occurrence and impacts of nuisance and toxic phytoplankton blooms, notably brown tide 
(Aureococcus anophagefferans). The overall hypothesis, in turn, is that nutrient enrichment of the 
estuary correlates with increasing negative biotic responses.

8.2  study AreA

Barnegat Bay–Little Egg Harbor is a lagoonal estuary located along the central New Jersey coast-
line (Figure 8.1). The irregular tidal basin is about 70 km long, 2 to 6 km wide, and 1.5 m deep, 
with a wet surface area of about 280 km2 and a volume of 3.54 × 10 m8 (Kennish 2001). The barrier 
island complex (Island Beach and Long Beach Island) restricts exchange of estuarine water with the 
coastal ocean and contributes to a protracted flushing time of about 74 days in summer. Exchange of 
bay and ocean water occurs through Barnegat Inlet, Little Egg Inlet, and the Point Pleasant Canal.

The adjoining Barnegat Bay watershed covers an area of 1730 km2, and the watershed:estuary 
areal ratio is 6.5:1. A total of 562,493 people live in the surrounding watershed year round, but the 
population approaches 1,500,000 people during the summer tourist season. A north- to- south gradi-
ent of decreasing population density occurs in the watershed. As a result, nutrient loading is highest 
in the northern segment of the estuary (Seitzinger et al. 2001), where low dissolved oxygen levels 
have also been recorded.

8.3  mAterIAls And methods

8.3.1  samplIng desIgn

We established a series of 12 transects within four distinct and representative seagrass beds located 
in Little Egg Harbor (~1700 ha) and Barnegat Bay (~1550 ha) (Figure 8.2). The seagrass beds occur 
on the eastern side of the estuary in well-sorted, fine to medium sands. We conducted water quality, 
quadrat, core, and hand sampling at multiple sampling stations along the transects over the spring 
to fall period (June to November in 2004, 2005, 2006). In 2004 and 2005, we sampled at 10 equally 
spaced stations along each of the 12 east–west trending transects (transects 1 to 6 in Little Egg 
Harbor in 2004 and transects 7 to 12 in Barnegat Bay in 2005), and each transect was sampled three 
times over a 6- month period (June to November). A total of 180 seagrass samples were collected at 60 
transect stations each year, along with more than 1000 biotic and abiotic measurements. In 2006, sea-
grass samples were also collected three times over the June to November sampling period for 80 of 
the 120 sampling stations, and underwater videographic imaging was conducted at all 120 sampling 
stations to characterize the habitat and determine the percent cover of seagrass and macro algae. We 
also recorded more than 1000 biotic and abiotic measurements during the 2006 sampling period.
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Sampling stations along each transect were permanently located with a Differential Global 
Positioning System (Trimble®GeoXT™ handheld unit). Our three field sampling periods com-
menced in June, August, and October and continued until all targeted stations were sampled. No 
samples were collected after November in any year. The in situ sampling methods used in this study 
followed the standard protocols of Short et al. (2002).

The following demographic data were recorded on all sampling dates: (1) presence/absence 
(+/– ) and spatial cover (% cover) of seagrass and macro algae; (2) seagrass biomass (aboveground 
and belowground); (3) seagrass shoot density (in 2005 and 2006); and (4) seagrass blade length. 
Physicochemical data (temperature, salinity, pH, dissolved oxygen, turbidity, and depth) were also 
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collected using either a handheld YSI 600 XL data sonde coupled with a handheld YSI 650 MDS 
display unit, an automated YSI 6600 unit (equipped with a turbidity probe), or a YSI 600 XLM auto-
mated datalogger. However, in 2006 depth measurements were taken using a depth gauge. Secchi 
disk measurements were likewise collected in the survey area together with measurements of several 
nutrient parameters (i.e., nitrate plus nitrite, ammonium, total dissolved nitrogen, phosphate, and 
silica). Sediment composition (percent sand, silt, and clay) was determined at all sampling stations.

8.3.2  samplIng metHods

8.3.2.1  Quadrat sampling
Field sampling was conducted within the shallow seagrass beds by divers following the field meth-
ods of Short et al. (2002). At each sampling station, a 0.25- m2 metal quadrat was haphazardly tossed 
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at the sampling stations to obtain measurements of seagrass and macro algae presence or absence 
and areal coverage. The percent cover of seagrass and macro algae was estimated within each quad-
rat on a scale of 0 to 100% with 5% increments. Lengths were measured with a meter- stick for a 
subset of the seagrass blades, and the mean values were recorded. The diver then visually inspected 
the seagrass bed within the quadrat for evidence of grazing, boat scarring, macro algae, epiphytic 
loading, and eelgrass wasting disease.

8.3.2.2  macro algae sampling
A diver collected macro algae samples at each of the sampling stations during 2004 and 2005. 
These samples were removed from the seagrass bed and placed in 1-L nalgene bottles containing 
formalin adjusted to approximate ambient salinities. The macro algae samples were subsequently 
transported to the Rutgers University Marine Field Station (RUMFS) and later examined for taxo-
nomic identification.

8.3.2.3  core sampling
We used a 10- cm (0.00785-m2)-diameter PVC coring device to collect the seagrass samples, with care 
taken not to cut or damage the aboveground plant tissues, following the methods of Short et al. (2002). 
The diver- deployed corer extended deep enough into the soft sediment to extract all belowground 
fractions (roots and rhizomes). Each core was placed into a mesh bag (3 × 5 mm mesh) and rinsed in 
the field to separate plant material from the sediment. After removing the seagrass sample from the 
mesh bag, the sample was placed in a labeled bag and stored on ice in a closed container prior to trans-
port back to RUMFS. The seagrass samples were carefully sorted in the laboratory and separated 
into aboveground (shoots) and belowground (roots and rhizomes) components. The aboveground and 
belowground fractions were then oven dried at 50°C to 60°C for a minimum of 48 hours. The dry 
weight biomass (g dry wt m–2) of each fraction was then measured to the third decimal place.

8.3.2.4  sediment sampling
Sediment cores were collected at each sampling site during 2004 and 2005 to a depth of ~15 cm 
using a 10- cm-diameter coring device. These samples were analyzed in the laboratory for the per-
cent composition of sand and silt (dry sieving) as well as clay (wet sieving through a 63- µm sieve). 
The sand component was further analyzed for five component size classes.

8.3.2.5  water Quality sampling
Water quality parameters (temperature, salinity, dissolved oxygen, pH, and turbidity) were meas-
ured at all sampling stations using the protocols noted above. The data were obtained prior to biotic 
sampling at each sampling site. Water quality data were collected at a uniform depth (~10 cm) above 
the sediment–water interface.

Water samples were also collected and analyzed for nutrient concentrations during each sam-
pling period. Nitrate plus nitrite, ammonium, total dissolved nitrogen, phosphate, and silica con-
centrations were measured at sampling stations within the seagrass beds. Laboratory analysis of the 
nutrients followed standard methods.

8.3.2.6  Videographic Imaging
Underwater video images of bottom habitats were obtained using a high- resolution digital video 
camera and recording unit as described by Kennish et al. (2006) and Haag et al. (2008). The camera 
(i.e., Seaviewer Sea Drop Camera) is a color unit attached to the video in channel on the recording 
device. The recorder is a SONY mini- DVD camera system (Model# DCR- DVD301). It incorporates 
the audio signal from the Red Hen Systems Video Mapping System (VMS 300) and the video signal 
from the underwater camera. The camera records data in a DVD format, which is later downloaded 
to a personal computer and into a Geographic Information System for analysis. Numerous images of 
the seagrass beds were collected with the Sea Drop Camera along the sampling transects.
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8.4  results: PhysIcochemIcAl condItIons

Table 8.1 summarizes the physicochemical data collected in this study. Mean water temperature over 
the three sampling periods each year (i.e., June–July, August–September, and October–November) 
ranged from 11.29ºC to 24.03ºC, with highest temperatures recorded during the August–September 
period. Salinities were less variable, ranging between 22.65‰ and 30.42‰. The highest salini-
ties occurred in 2004 (29.59‰ to 30.42‰), and the lowest salinities in 2005 (22.65‰ to 25.07‰). 
Greater freshwater inflow in spring and fall produced lower salinities than in mid- summer. The 
pH values were consistent across the sampling stations (7.63 to 8.17); lowest mean pH (7.63 to 
7.70) occurred in 2004. No anoxic or hypoxic events were observed, as dissolved oxygen measure-
ments ranged from 6.78 to 9.83 mg/L. The estuary is shallow, well mixed, and often saturated or 
supersaturated with oxygen. Turbidity varied considerably from a mean value of 1.09 to 6.41 NTU. 
Although Secchi depth was commonly less than 1 m during the summer (Lathrop et al. 2006), it 
averaged ~2 to 2.5 m. Unlimited visibility was documented most frequently in spring and fall at 
times of low phytoplankton abundance.

Bottom sediments in the seagrass beds consisted mainly of silt and sand. At nearly all transect 
stations, for example, the total amount of sand and silt exceeded 80%. The highest concentration 

tAble 8.1
mean Values of key Physicochemical Parameters recorded 
in the barnegat bay– little egg harbor estuary during 
three sampling Periods in 2004, 2005, and 2006

sample 
Period

Parameter

temp 
(ºc)

salinity 
( ‰)

do 
(mg/l) ph

turbidity 
(ntu)

2004- 1 20.97 30.01 7.91 7.64 1.88

(2.87) (0.38) (1.53) (0.15) (1.50)

2004- 2 24.79 30.42 8.53 7.63 2.23

(1.11) (1.12) (1.42) (0.21) (1.99)

2004- 3 11.29 29.59 10.49 7.70 1.09

(1.52) (1.27) (1.48) (0.13) (0.64)

2005- 1 22.23 22.65 8.69 8.06 1.85

(1.99) (4.04) (1.55) (0.15) (3.19)

2005- 2 24.63 25.07 6.78 7.97 3.40

(1.29) (2.99) (1.01) (0.10) (2.43)

2005- 3 12.26 23.52 8.94 8.10 6.41

(3.67) (4.51) (0.32) (0.18) (3.20)

2006- 1 21.94 26.67 8.44 8.17 — 

(2.90) (4.21) (0.78) (0.12)

2006- 2 24.03 25.67 7.37 8.13 — 

(7.14) (4.40) (1.25) (0.22)

2006- 3 14.37 24.97 9.83 7.91 — 

(3.31) (3.65) (0.94) (0.28)

Note: Sample Period 1 = June– July; Sample Period 2 = August– September; 
Sample Period 3 = October– November; Standard Deviation Values in 
Parentheses
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of sand was recorded at the northernmost transect stations in the estuary (transects 11 and 12; see 
Figure 8.2).

The concentrations of dissolved inorganic nutrients are low during the warmer months, primarily 
due to uptake by seagrasses, macro algae, and phytoplankton (Table 8.2), a finding also reported by 
Seitzinger et al. (2001). For example, nitrate plus nitrite levels ranged from 0 to 2.9 µM during the 
June–September sampling period each year, and the highest levels occurred in 2006. A wider range 
of ammonium values was recorded (0 to 8.30 µM), with highest measurements in 2005. Total dis-
solved nitrogen concentrations were similar from year to year, ranging from 0 to 24.2 µM in 2004, 
0.10 to 28.0 µM in 2005, and 10.2 to 33.6 µM in 2006. Phosphate levels (0 to 1.21 µM) were lower 
than those of nitrate and ammonium, typically less than 1 µM. Silica concentrations (0 to 107.3 µM) 
were usually much higher than nitrate or phosphate, peaking in 2006.

8.5  bIotIc IndIcAtors

8.5.1  seagrass dIstrIButIon

The demographic analysis focused on Z. marina, the dominant seagrass species in the estuary, 
because few Ruppia maritima samples were collected in the current study or the recent past. For 
example, Bologna et al. (2001) found that eelgrass covered an area of 1299 ha in Little Egg Harbor 
in 1998, while the aerial extent of widgeon grass was only 6.8 ha. Similarly, Lathrop et al. (2001) 
reported even greater areal coverage of Z. marina in the estuary, amounting to ~2000 ha vs. only 
5 ha for R. maritima.

In the present study, we observed eelgrass along all transects sampled at depths ranging from 
<1 to 2 m. However, the biomass and areal coverage of Z. marina varied considerably both in 
space and time. Conspicuous declining trends were evident in 2004 and 2005, with the highest bio-
mass and percent cover of eelgrass occurring during the June–July period and gradually decreasing 
values observed into the fall season.

tAble 8.2
range of nutrient Values (µm) recorded in the barnegat 
bay– little egg harbor during the three sampling Periods 
in 2004, 2005, and 2006

no3
– plus no2

– nh4
+ tdn Po4 si

2004
0.1–0.3a 0.0–2.1 8.2–15.3 0.03–1.21 9.8–26.4

0.0–0.8b 0.0–1.5 0.0–24.2 0.67–0.89 0.0–18.7

2005
0.00–0.58a 0.60–8.30 8.40–14 0.00–0.24 10.67–37.01

0.00–0.32b 0.02–4.50 0.10–28 0.00–1.00 0.00–44.8

2006
0.00–1.20a 0.00–2.60 1.20–16.6 0.10–2.60 19.00–57.00

0.00–2.70b 0.10–34.00 1.10–33.60 0.00–24.70 0.00–107.3

0.00–2.90c 0.00–5.70 0.00–18.70 0.00–1.10 0.00–50.3

a Sample Period 1 = June–July
b Sample Period 2 = August–September
c Sample Period 2 = October–November
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8.5.2  aBoVeground BIomass

Biomass of Z. marina was measured at 60 stations in Little Egg Harbor in 2004, at 60 stations in 
Barnegat Bay in 2005, and at 80 stations in both Little Egg Harbor and Barnegat Bay in 2006. The 
sampling stations covered a broad area in the estuary and a range of habitat conditions. Seagrass sam-
ples were collected during three sampling periods each year: (1) June–July; (2) August–September; 
and (3) October–November.

In 2004, aboveground biomass peaked during the June–July sampling period and then declined 
through November (Figure 8.3). This pattern held for all transects except transect 2 (Figure 8.4). For 
example, the mean aboveground biomass of the seagrass samples collected during the June–July 
sampling period (106.05 g dry wt m–2) was nearly twice that during the August–September (54.61 g 
dry wt m–2) period and more than five times that during the October–November (18.22 g dry wt m–2) 
period. The highest mean aboveground biomass (87.20 g dry wt m–2) was recorded at the northern-
most transect (6) in Little Egg Harbor, and the lowest mean aboveground biomass (38.76 g dry wt 
m–2) was observed at transect 1 (Table 8.3). An analysis of variance (ANOVA) test showed statisti-
cally significant differences (F = 45.02; P < 0.0001) in the aboveground biomass values between the 
three sampling periods. A Tukey HSD test applied to the data revealed that all mean aboveground 
biomass values per sampling period were significantly different.

A similar temporal pattern of decreasing aboveground biomass of Z. marina was found in Barnegat 
Bay during 2005 (Figure 8.5). This pattern was clearly evident at most of the transects (Figure 8.6). 
For example, the mean aboveground biomass of the Z. marina samples collected during the June–July 
sampling period in 2005 (51.69 g dry wt m–2) was nearly twice that during the August–September 
(28.79 g dry wt m–2) period and more than three times that during the October–November (15.66 g 
dry wt m–2) period. During the 2005 study period, mean aboveground biomass of Z. marina was 
highest at transect 9 (80.23 g dry wt m–2). The lowest mean aboveground biomass value (5.65 g dry 
wt m–2) was recorded at transect 12 (Table 8.4). An ANOVA test showed statistically significant dif-
ferences in the aboveground biomass values of Z. marina among the three sampling periods in 2005 
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(F = 7.349; P = 0.0008). A Tukey HSD test applied to the data revealed that the mean aboveground 
biomass values were significantly different between sampling periods 1 and 2 and sampling periods 1 
and 3.

The mean aboveground biomass of the Z. marina samples collected during the June–July sam-
pling period in 2006 (11.35 g dry wt m–2) was nearly equal to that for the August–September period 
(13.77 g dry wt m–2) and the October–November (12.74 g dry wt m–2) period (Figure 8.7). An 
ANOVA test showed that the differences in aboveground biomass values of Z. marina were not 
statistically significant between the three sampling periods in 2006 (F = 0.18; P = 0.8314). A paired 
t- test was used to compare aboveground biomass between 2004 and 2006 and between 2005 and 
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fIgure 8.4 Mean aboveground Z. marina biomass at six transects (1 to 6) in Little Egg Harbor during 
three sampling periods in 2004. Sampling period 1, June–July; sampling period 2, August–September; and 
sampling period 3, October–November.

tAble 8.3
mean Aboveground and belowground biomass of Zostera marina 
along six sampling transects in little egg harbor during the 
June–november Period in 2004

transect
mean Aboveground 

biomass
mean belowground 

biomass
Aboveground/belowground 

biomass ratio

6 87.20 131.01 0.67

5 86.24 104.48 0.82

4 55.69  52.41 1.06

3 40.13  44.80 0.90

2 49.72  72.24 0.69

1 38.76  48.67 0.78

Note: Values in g dry wt m–2.
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2006. Both tests showed significant differences at the 95% CI, with the 2004–2006 test p- value = 
8.21 × 10–15 and the 2005–2006 p- value = 2.7 × 10–4.

In 2006, the highest aboveground biomass values of Z. marina were found along transects 7 to 
9 (Figure 8.8). The highest mean aboveground biomass value (41.60 g dry wt m–2) was recorded 
at transect 9, and the lowest mean aboveground biomass value (0.79 g dry wt m–2), at transect 
12 (Table 8.5). The biomass measurements were lowest for the northernmost and southernmost 
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transects. The aboveground biomass measurements for Barnegat Bay (transects 7 to 12) in 2006 
were all less than the biomass values for these transects in 2005.

The mean aboveground biomass values for the interior sampling stations (3, 4, 5, 6, 7, and 8) 
exceeded those for the exterior sampling stations (1, 2, 9, and 10) during all 3 years of sampling. 
Environmental conditions were generally more favorable for seagrass growth in the interior areas of 
each bed than near the edges. At the deeper marginal sampling stations (9 and 10), light attenuation 
played a more important role in limiting seagrass biomass than it did in shallower interior stations.

8.5.3  Belowground BIomass

A distinct trend of decreasing belowground biomass of Z. marina was also observed each year, 
consistent with that of declining aboveground biomass. For example, the highest mean belowground 

tAble 8.4
mean Aboveground and belowground biomass of Zostera marina 
along six sampling transects in barnegat bay during the June–
november Period in 2005

transect
mean Aboveground 

biomass
mean belowground 

biomass
Aboveground/belowground 

biomass ratio

12  5.65  41.47 0.14

11 15.04  85.00 0.18

10 16.99  53.37 0.32

 9 80.23 140.23 0.57

 8 49.13 121.17 0.41

 7 25.23  66.30 0.38

Note: Values in g dry wt m–2.
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fIgure 8.7 Mean aboveground biomass of all Z. marina samples collected in the Barnegat Bay–Little Egg 
Harbor Estuary during three sampling periods in 2006. Sampling period 1, June–July; sampling period 2, 
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biomass of seagrass collected in 2004 was recorded during the June–July sampling period (107.64 g 
dry wt m–2), and the lowest mean belowground biomass was observed during the October–November 
sampling period (50.48 dry wt m–2). An intermediate mean belowground biomass value was 
obtained during the August–September sampling period (68.69 g dry wt m–2) (Figure 8.9). Although 
the mean belowground biomass measurements for the June–July and August–September sampling 
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fIgure 8.8 Mean aboveground biomass of Z. marina at 12 transects (1 to 12) in the Barnegat Bay–Little 
Egg Harbor Estuary during three sampling periods in 2006. Sampling period 1, June–July; sampling period 
2, August–September; and sampling period 3, October–November.

tAble 8.5
mean Aboveground and belowground biomass of Zostera marina 
along 12 sampling transects in the barnegat bay– little egg harbor 
estuary during the June–november Period in 2006
transect mean Aboveground 

biomass
mean belowground 

biomass
Aboveground/belowground 

biomass ratio
12  0.79 11.23 0.07

11  5.04 22.62 0.22

10  8.21 18.74 0.44

 9 41.60 81.73 0.51

 8 18.24 59.76 0.31

 7 22.32 47.45 0.47

 6 11.88 56.97 0.21

 5 11.95 61.30 0.19

 4  3.33  9.93 0.34

 3  5.64 36.18 0.16

 2 10.18 17.89 0.57

 1  0.85  1.88 0.45

Note: Values in g dry wt m–2.
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periods followed those of the mean aboveground biomass measurements for these periods, the mean 
belowground biomass for the October–November sampling period was nearly three times higher 
than that of the aboveground biomass. An ANOVA test used to compare belowground biomass 
values between the three sampling periods in 2004 showed statistically significant differences (F = 
6.89; P = 0.0013). A Tukey HSD test applied to the data revealed that the mean belowground bio-
mass values in Little Egg Harbor were significantly different between sampling periods 1 and 2 and 
sampling periods 1 and 3.

The highest mean belowground biomass (131.01 g dry wt m–2) was recorded at the northernmost 
transect (6), and the lowest mean belowground biomass (44.80 g dry wt m–2) was documented at 
transect 3 (Table 8.3). The biomass values for both aboveground and belowground samples followed 
similar spatial distribution patterns; however, temporal differences were evident. Belowground bio-
mass values exhibited more variable temporal trends compared to aboveground biomass values, 
most notable between sampling periods 1 (June–July) and 2 (August–September), when the mean 
biomass increased along two transects (3 and 4) (Figure 8.10).

A distinct trend of decreasing belowground biomass was evident for Z. marina over the 
entire 6- month sampling period in 2005, consistent with that of declining aboveground biomass 
(Figure 8.11). For example, the highest mean belowground biomass of Z. marina samples was 
recorded during the June–July sampling period (141.95 g dry wt m–2), and the lowest mean below-
ground biomass was registered during the October–November sampling period (42.78 dry wt m–2). 
An intermediate mean belowground biomass value was obtained during the August–September 
sampling period (69.03 g dry wt m–2). The mean belowground biomass measurements of Z. marina 
were substantially higher than the aboveground biomass measurements during all three sampling 
periods in 2005. An ANOVA test showed statistically significant differences in the belowground 
biomass values of Z. marina between the three sampling periods (F = 8.88; P = 0.0002). A Tukey 
HSD test applied to the data revealed that the mean belowground biomass values of Z. marina were 
significantly different between sampling periods 1 and 2 and sampling periods 1 and 3.

The highest mean belowground biomass during 2005 (140.23 g dry wt m–2) was recorded 
for transect 9, and the lowest mean belowground biomass (41.47 g dry wt m–2) was observed for 
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fIgure 8.9 Mean belowground biomass of all Z. marina samples collected in Little Egg Harbor during 
three sampling periods in 2004. Sampling period 1, June–July; sampling period 2, August–September; and 
sampling period 3, October–November.
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transect 12 (Table 8.4). Belowground biomass followed similar spatial patterns along each transect. 
For example, interior sampling stations (3 to 8) along transects had significantly higher mean below-
ground biomass values during the 2005 sampling period than did exterior sampling stations (1, 2, 9, 
and 10), a condition also observed in 2004 and 2006.

The mean belowground biomass of Zostera marina was two to nearly five times greater than the 
mean aboveground biomass during 2006. A trend of decreasing belowground biomass of Z. marina 
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fIgure 8.10 Mean belowground biomass of Z. marina at six transects (1 to 6) in Little Egg Harbor during 
three sampling periods in 2004. Sampling period 1, June–July; sampling period 2, August–September; and 
sampling period 3, October–November.
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fIgure 8.11 Mean belowground biomass of Z. marina at six transects (7 to 12) in Barnegat Bay during 
three sampling periods in 2005. Sampling period 1, June–July; sampling period 2, August–September; and 
sampling period 3, October–November.
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was evident over the 6- month sampling period (Figure 8.12), but the decline was not consistent from 
transect to transect (Figure 8.13). The highest mean belowground biomass during 2006 (81.73 g dry 
wt m–2) was recorded for transect 9, and the lowest mean belowground biomass (1.88 g dry wt m–2) 
was registered for transect 1 (Table 8.5). The mean belowground biomass of the Z. marina samples 
collected during the June–July sampling period in 2006 (51.54 g dry wt m–2) exceeded that during 
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fIgure 8.12 Mean belowground biomass of all Z. marina samples collected in the Barnegat Bay–Little 
Egg Harbor Estuary during three sampling periods in 2006. Sampling period 1, June–July; sampling period 2, 
August–September; and sampling period 3, October–November.
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fIgure 8.13 Mean belowground biomass of Z. marina at 12 transects (1 to 12) in the Barnegat Bay–Little 
Egg Harbor Estuary during three sampling periods in 2006. Sampling period 1, June–July; sampling period 2, 
August–September; and sampling period 3, October–November.
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the August–September period (36.08 g dry wt m–2) and the October–November period (24.23 g dry 
wt m–2). An ANOVA test used to compare belowground biomass values of Z. marina between the 
three sampling periods in 2006 showed that the differences were statistically significant (F = 4.60; 
P = 0.0110). A Tukey HSD test applied to the data revealed that the mean belowground biomass in 
2006 was significantly different between sampling periods 1 (June–July) and 3 (October–November) 
but not significantly different between periods 1 (June–July) and 2 (August–September) and periods 
2 (August–September) and 3 (October–November).

A paired t- test used to compare belowground biomass between 2004 and 2006 and between 2005 
and 2006 showed a significant difference at the 95% CI, with the 2004 to 2006 test p- value = 1.4 
10–4 and the 2005 to 2006 p- value = 1.8 10–4. Belowground biomass usually exceeded aboveground 
biomass at the sampling stations during all 3 years of study. As a result, aboveground to below-
ground biomass ratios were less than 1.0 for nearly all transects in all years. The ratios were lowest 
in 2006, when both aboveground and belowground biomass values were significantly reduced rela-
tive to 2004 and 2005.

8.5.4  seagrass densIty

Counts were made of Z. marina density (shoots m–2) over the June–November sampling period 
in 2005 and 2006. The highest density measurements in 2005 were recorded during June–July 
(mean = 479 shoots m–2). Significantly lower densities of Z. marina were observed during August–
September (mean = 163 shoots m–2) and October–November (mean = 233 shoots m–2). The decrease 
in Z. marina density later in the season followed the decline in eelgrass biomass shown previously.

Zostera marina density peaked in 2006 during the June–July period when the mean value was 
378 shoots m–2. Subsequently, density measurements decreased markedly, with a mean value of 171 
shoots m–2 during the August–September period and 174 shoots m–2 during the October–November 
period. The seasonal trend of Z. marina density was consistent with that observed in 2005. A paired 
t- test applied to the data showed a significant difference in seagrass density between 2005 and 2006 
at the 95% CI, p = 0.0065.

8.5.5  seagrass and macro algae coVer

The mean percent cover of the estuarine floor occupied by seagrass was 45% during June–July 
(sample period 1), 38% in August–September (sample period 2), and 21% in October–November 
(sample period 3) in 2004 (Figure 8.14). Spatial cover of seagrass was considerably higher at the 
interior sampling stations (3 to 8) in comparison with the exterior sampling stations (1, 2, 9, and 10). 
In contrast, the spatial cover by macro algae during these sampling periods was substantially less, 
averaging 13% (June–July), 21% (August–September), and 14% (October–November). As illustrated 
in Figure 8.15, the percent cover of macro algae (trend and variation) by transect differed substan-
tially from that of seagrass. Similar to seagrass cover, however, the percent cover of macro algae was 
distinctly higher at interior transect stations than exterior transect stations during the study period. 
Both seagrass growth and areal coverage decreased within the deeper waters.

By comparison, seagrass exhibited a mean spatial cover of 37% during June–July, 43% during 
August–September, and 16% during October–November in 2005 (Figure 8.16). As in 2004, the 
percent cover of eelgrass was higher at interior sampling stations than exterior sampling stations. 
In contrast, the percent cover by macro algae during these periods was substantially less, averaging 
14% (June–July), 7% (August–September), and 2% (October–November) in 2005. As illustrated in 
Figure 8.17, the percent cover of macro algae (trend and variation) by transect differed considerably 
from that of seagrass.

In 2006, the mean percent cover by seagrass during periods 1 (June–July), 2 (August–September), 
and 3 (October–November) was 32%, 23%, and 19%, respectively (Figure 8.18). By comparison, the 
percent cover by macro algae during these periods was substantially less, averaging 2% (June–July), 
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7% (August–September), and 7% (October–November) over the sampling period. As in prior years, 
the percent cover of macro algae by transect differed greatly from that of seagrass. Similar to sea-
grass cover, however, the percent cover of macro algae was generally higher at interior transect 
stations than exterior transect stations during the study period. The percent cover of seagrass and 
percent cover of macro algae was significantly different between 2004 and 2006 as shown by appli-
cation of a paired t- test (seagrass 2004 to 2006, 3.7 × 10–7; macro algae 2004 to 2006, 1.5 × 10–9).

Transect 6
Transect 5
Transect 4
Transect 3
Transect 2
Transect 1

321

Pe
rc

en
t C

ov
er

 S
ea

gr
as

s
80

70

60

50

40

30

20

10

0

Sampling Period

fIgure 8.14 Mean percent cover of Z. marina at six transects (1 to 6) in Little Egg Harbor during three 
sampling periods in 2004. Sampling period 1, June–July; sampling period 2, August–September; and sam-
pling period 3, October–November.
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fIgure 8.15 Mean percent cover of macro algae at six transects (1 to 6) in Little Egg Harbor during three 
sampling periods in 2004. Sampling period 1, June–July; sampling period 2, August–September; and sam-
pling period 3, October–November.
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8.5.6  seagrass Blade lengtH

In 2004, the highest mean length of Z. marina blades (34.02 cm) was observed during sampling 
period 1 (June–July). Subsequently, the mean length of the blades decreased to 32.21 cm during sam-
pling period 2 (August–September) and 31.83 cm during sampling period 3 (October–November). In 
2005, the highest mean length of Z. marina blades (32.71 cm) was also observed during June–July. 
Subsequently, the mean length of the blades decreased to 25.89 cm during August–September, but 
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fIgure 8.16 Mean percent cover of Z. marina at six transects (7 to 12) in Barnegat Bay during three sam-
pling periods in 2005. Sampling period 1, June–July; sampling period 2, August–September; and sampling 
period 3, October–November.

Transect 12
Transect 11
Transect 10
Transect 9
Transect 8
Transect 7

321

5

0

10

15

20

25

30

35

Pe
rc

en
t C

ov
er

 M
ac

ro
al

ga
e

40

Sampling Period

fIgure 8.17 Mean percent cover of macro algae at six transects (7 to 12) in Barnegat Bay during three sam-
pling periods in 2005. Sampling period 1, June–July; sampling period 2, August–September; and sampling 
period 3, October–November.
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then increased again to 28.47 cm during October–November. In 2006, the blade lengths were sub-
stantially shorter. For example, the highest mean blade length of Z. marina (19.37 cm) was observed 
during June–July in 2006. Subsequently, the mean length of the blades decreased to 18.65 cm dur-
ing August–September and 18.61 cm during October–November. An ANOVA test used to compare 
blade length values between the three sampling periods in 2004, 2005, and 2006 showed no statisti-
cally significant differences (F = 0.90; P = 0.4078), (F = 2.04; P = 0.134), and (F = 0.06; P = 0.9427), 
respectively. These data indicate that the blades of Z. marina grew to consistent lengths from spring 
to fall each year.

8.5.7  macro algae composItIon

Thirty- two species of benthic macro algae were recorded during the 2004 sampling period, and 
the majority were red algae (19; Table 8.6). Far fewer species of green algae (11) and brown 
algae (2) were collected. The most common species was the green seaweed, Ulva lactuca, which 
occurred in 59% of the samples, followed by three red seaweeds, Spyridia filamentosa (55%), 
Gracilaria tikvahiae (30%), and Champia parvula (23%). Several other species appeared in at 
least 10% of the samples: two greens, Ulothrix flacca and Enteromorpha intestinalis, and four 
reds, Ceramium deslongchampsii, C. cimbricum, C. strictum, and Neosiphonia harveyi. Only 
two species of brown algae were observed, and they occurred very infrequently. There were 
several species of two red algae genera, Polysiphonia (4) and Ceramium (4); in both cases some 
samples contained fragments that could not be identified to species. The average number of spe-
cies per sample was 3.1, but there was a high degree of variability (SD = 1.6).

A seasonal change in the number of macroalgal species was evident, with maximum numbers 
observed in June and October and minimum numbers in September. However, these changes should 
be viewed with caution because they were associated with disparate sample sizes among the months. 
Despite the differences in sample sizes per month, some seasonal relationships were apparent. With 
the exception of an isolated sample in October, Enteromorpha spp. were only present in samples 
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fIgure 8.18 Mean percent cover of Z. marina on 12 transects (1 to 12) in the Barnegat Bay–Little Egg 
Harbor Estuary during three sampling periods in 2006. Sampling period 1, June–July; sampling period 2, 
August–September; and sampling period 3, October–November.
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tAble 8.6
Percentage occurrence of macro algae in bottom 
samples collected from the seagrass survey Area 
during the June–november Period in 2004 and 2005

occurrence

species 2004 2005

Chlorophyta

 Ulothrix flacca 10.4

 Ulva lactuca 58.9 25.9

 Enteromorpha intestinalis 9.8 3.7

 Enteromorpha clathrata 3.7

 Enteromorpha compressa 0 1.9

 Enteromorpha prolifera 5.5

 Uropsora penicilliformis 0.6

 Percusaria percursa 0.6

 Chaetomorpha linum 3.1

 Cladophora spp. 0.6

 Cladophora servica 1.8

 Codium fragile 2.5

 Bryopis plumose 0 1.9

Rhodophyta

 Audouinella spp. 3.1 3.7

 Gracilaria tikvahiae 30.1 70.4

 Agardhiella subulata 3.1

 Scinaia interupta 2.5

 Champia parvula 23.3 18.5

 Lomentaria baileyana 9.2

 Ceramium deslongchampsii 12.3 11.1

 Ceramium cimbricum 10.4 1.9

 Ceramium strictum 14.1 9.3

 Ceramium diaphanum 9.2 5.6

 Ceramium rubrum 0 3.7

 Ceramium sp. 3.7 18.5

 Spyridia filamentosa 54.6 46.3

 Bostrychia radicans 0.6

 Neosiphonia harveyi 11.0 1.9

 Polysiphonia fucoids 0.6

 Polysiphonia harveyi 1.2

 Polysiphonia stricta 6.1 7.4

 Polysiphonia subtilissima 5.5 3.7

 Polysiphonia spp. 4.9 1.9

 Bonnemaisonia hamifera 0 55.6

 Gellidum pusillum 0 7.4

 Euthora cristata 0 1.9

 Hypnea musciformis 0 5.6

Phaeophyta

 Sphacelaria cirrhosa 1.8

 Ectocarpus siliculosus 1.2 1.9
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taken in June. The only green alga found in September was Ulva lactuca, which occurred in 29% 
of the samples, compared with more than 45% during the other months. The increase in ephemeral 
green algae might indicate the onset of summer nutrient (nitrogen) limitation. These species typi-
cally form blooms during periods of high nutrient availability, providing other factors (e.g., solar 
radiation) are also favorable. In 2004, the blooms were corroborated by field observations which 
showed Ulva lactuca completely blanketing extensive areas of the estuarine floor during the sum-
mer (Figure 8.19). There were no obvious patterns in the abundance of the red or brown algae.

No major seasonal differences were noted in the number of macroalgal species per sample (mean 
and median both ~3). On average, samples contained about two species of red algae and one species 
of green algae. A few samples (3% of the total) contained no algae.

In 2005, nearly a third fewer macroalgal species were found with the majority being red algae 
(Table 8.6). In contrast to 2004 when the most common species was the green seaweed Ulva lac-
tuca, the most abundant species in 2005 were the red seaweeds Gracilaria tikvahiae (present in 
70% of samples), Bonnemaisonia hamifera (56%), Spyridia filamentosa (46%), and Champia par-
vula (19%). Ulva lactuca was still abundant and occurred in 26% of all samples. Two other red 
algae appeared in at least 10% of the samples: Ceramium deslongchampsii (11%) and Ceramium 
sp. unidentifiable to species (18.5%). The average number of species per sample was similar to that 
for 2004 (3.1), amounting to 3.1, 2.5, and 3.5 in August, October, and November, respectively. As in 
2004, red algae dominated the samples, but there were fewer species of green algae, and these forms 
were primarily collected in August, with one species (Ulva lactuca) recorded in November.

Because the macroalgal samples were analyzed in both years on the basis of presence/absence, 
no data were recorded on biomass or relative amounts; a small fragment of Ceramium was equiva-
lent to a large specimen of Ulva lactuca with a biomass of 100 times or more. The vast majority 
of the species found were either ephemeral (e.g., most of the green algae) or small epiphytic forms 
(e.g., the majority of the red algae). There were some relatively large species such as Codium frag-
ile, Gracilaria tikvahiae, and Lomentaria baileyana. Although the total number of species found 
per sample was similar to 2004, green algae were fewer, and red algae more frequent, especially in 
samples taken in October and November.

fIgure 8.19 Bloom of Ulva lactuca in the seagrass study area in Little Egg Harbor during summer 2004. 
Rapid growth of U. lactuca covers extensive area of the estuarine floor during bloom periods.

http://www.crcnetbase.com/action/showImage?doi=10.1201/EBK1420088304-c8&iName=master.img-018.jpg&w=240&h=217
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We observed several differences in the species composition of macroalgal communities 
between 2004 and 2005. For example, 15 species were absent in 2005 that were present in 2004, 
including several species that were very common in the previous year, such as Ulothrix flacca 
and Lomentaria baileyana. It is important to note that the sampling effort completed in 2004 not 
only covered a greater part of the year, but also represented a much greater number of samples. 
These factors may contribute to the absence of some of the macroalgal species, which were 
highly seasonal or relatively rare in 2005, but probably do not explain the absence of common 
species such as Ulothrix flacca and Lomentaria baileyana. We observed seven new species in 
2005, including the red alga Bonnemaisonia hamifera, that were recorded in more than half of 
the samples.

8.5.8  Brown tIde

Brown tide blooms have commonly occurred in the Barnegat Bay–Little Egg Harbor Estuary since 
1995. These blooms are problematic because they increase the attenuation of light in the water col-
umn and adversely affect seagrass, other shallow water habitats, and negatively impact the growth 
of shellfish (e.g., Mercenaria mercenaria) and the survival of bay scallops (Argopecten irradians) 
(Bricelj and Lonsdale 1997; Kennish et al. 2008). Brown tide blooms are caused by a minute alga, 
Aureococcus anophagefferans (Pelagophyceae), which consists of spherical cells about 2 to 4 µm 
in diameter. During past years, peak numbers of A. anophagefferans have commonly occurred 
in June, often discoloring bay waters brown (Olsen and Mahoney 2001). Maximum abundances 
of A. anophagefferans documented by the New Jersey Department of Environmental Protection 
during 2000, 2001, and 2002 exceeded 106 cells mL–1 each year. Gastrich et al. (2002, 2004) noted 
that the magnitude of brown tide blooms in the Barnegat Bay–Little Egg Harbor Estuary was ele-
vated relative to that in other estuaries where impacts on resources had been recorded, with the 
worst conditions observed in Little Egg Harbor. The peak numbers of A. anophagefferans declined 
each year from 2000 (2.155 × 106 cells mL–1) and 2001 (1.883 × 106 cells mL–1) to 2002 (1.561 × 
106 cells mL–1). The years of significant brown tide blooms in the estuary were characterized by the 
occurrence of extended drought conditions, corresponding low freshwater inputs, and elevated bay 
salinity. The maximum abundance of A. anophagefferans declined greatly in 2003 (5.4 × 104 cells 
mL–1) and 2004 (4.9 × 104 cells mL–1), with no blooms reported during either year. Prior to 2000, 
brown tide blooms were observed in Little Egg Harbor during 1995, 1997, and 1999 (Olsen and 
Mahoney 2001).

In 2004, the numbers of A. anophagefferans were well below the level necessary to create bloom 
conditions. This observation was consistent for stations located throughout the estuary, including 
three stations in the seagrass study area. Thus, the probability of phytoplankton shading impacts on 
the seagrass beds was reduced in 2004 relative to 2000–2002.

The abundance of A. anophagefferans appears to have been much lower in the spring and sum-
mer of 2005 than in the peak abundance years of 2000, 2001, and 2002, when cell counts exceeded 
106 cells mL–1 each year. Concentrations of A. anophagefferans ranged from <5,000 to 47,000 cells 
mL–1 in Little Egg Harbor during the May to August sampling period in 2005; highest cell counts 
were found in June. Brown tide was not monitored in the estuary during 2006.

8.6  dIscussIon

Seagrasses provide vital ecosystem services in estuaries as major sources of primary production, 
habitat for benthic communities, nurseries for finfish and shellfish, and a food source for waterfowl, 
turtles, and other organisms. Seagrass beds also serve as Essential Fish Habitat, and they support 
many commercially and recreationally important species. Numerous studies in tropical, subtropi-
cal, and temperate estuarine waters have clearly demonstrated the ecological and functional signifi-
cance of seagrasses (e.g., Kemp 1983, 2000; Dennison et al. 1993; Heck et al. 1995; Hauxwell et al. 
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2003; Larkum et al. 2006). These studies have also shown conclusively that seagrasses are sensitive 
indicators of estuarine water quality and long- term ecosystem health.

Light conditions (i.e., quality and quantity of photosynthetically active radiation; 400 to 700 nm) 
and water clarity are important factors controlling the spatial distribution and productivity of 
seagrasses. As light attenuation increases in the water column, seagrasses will be gradually dis-
placed to shallower waters from deeper subtidal areas (Moore et al. 1996; Moore 2004). Because 
these vascular plants are broadly distributed in shallow estuarine waters, they are also exposed 
to a wide array of other natural and anthropogenic stressors that can be detrimental (Short and 
Wyllie- Echeverria 1996; Bortone 2000; Kenworthy et al. 2001; Kennish 2002a; Kennish et al. 
2007, 2008). For example, nutrient over- enrichment, prop scarring by boats, hurricanes and other 
major storms, temperature increases, sediment influx from coastal watersheds, in- basin dredging, 
infestation by Labyrinthula zosterae (i.e., wasting disease), invasive species, as well as fish farm-
ing and other aquaculture practices have all contributed to seagrass decline in many regions of the 
world (den Hartog 1987; Kennish 2002b; Livingston 2002; Hauxwell et al. 2003; Moore 2004; Orth 
et al. 2006a; Kennish et al. 2007). Escalating coastal development and associated human activities 
have led to increasing impacts on seagrass meadows worldwide, resulting in their retreat to shal-
lower depths (Dixon 2000). In some estuaries, human impacts have completely eliminated seagrass 
beds (e.g., Waquoit Bay, Massachusetts) (Short and Burdick 1996; Kennish 2004). Over the past 
four decades, seagrass loss has increased nearly 10- fold in temperate and tropical regions (Orth 
et al. 2006a).

The decrease of seagrass beds in Barnegat Bay–Little Egg Harbor during the study period is 
not unprecedented for estuarine systems in the mid- Atlantic region. Orth and Moore (1983, 1984) 
and Moore (2004) reported a dramatic decline in Zostera marina beds in Chesapeake Bay and its 
tributaries (e.g., York River Estuary). They also chronicled considerable variations in the growth of 
eelgrass in the bay, a finding corroborated by similar studies of other estuaries (Orth and Moore 
1986; Bortone 2000; Larkum et al. 2006; Orth et al. 2006a). Surveys of seagrass areal coverage 
have revealed broad- scale changes in these subsystems (Robbins 1997; Lathrop et al. 2001). The 
Maryland and Virginia coastal bays are highly susceptible to nutrient over enrichment, and esca-
lating nutrient levels have led to greater water quality degradation and living resource impacts 
(Wazniak et al. 2007). Increasing seagrass abundance observed in these coastal bays between 1986 
and 2001 has leveled off in recent years; as stated by Wazniak et al. (2007, p. S76): “Large areas of 
the bays exhibited nutrient enrichment above threshold levels needed to maintain biotic communi-
ties.” Bricker et al. (2007) reported that 75% of the coastal lagoonal estuaries in the United States 
are highly impacted by eutrophication, which exceeds that of other estuarine types.

Eutrophication poses a serious threat to the long- term health of seagrass beds in U.S. estuaries 
(Nixon 1995; Howarth et al. 2000; Rabalais 2002; Kennish et al. 2007). Nutrient loading, particu-
larly nitrogen, has been responsible for a greater incidence of nuisance and toxic algal blooms and 
epiphytic growth, which has caused shading stress on seagrass beds via light attenuation, especially 
in shallow lagoonal estuaries. Macroalgal overburden can likewise impact seagrasses by directly 
smothering the beds or altering the sediment geochemistry. Sheet- like masses of drifting macro-
algae (e.g., Ulva lactuca and Enteromorpha spp.) are especially problematic because they grow 
rapidly under favorable light and nutrient conditions, often forming a dense canopy up to 0.5 m thick 
over the seagrass. High macroalgal biomass can totally block sunlight transmission to the seagrass 
beds, lead to sulfide buildup in the rhizophere, and cause damage to seagrass habitat and associ-
ated benthic faunal communities. For example, Bologna et al. (2001) reported significant losses of 
Zostera marina habitat in Little Egg Harbor during 1998 as a consequence of macroalgal (e.g., Ulva, 
Codium, and Gracilaria) loading effects. They showed that large increases in algal- detrital biomass 
during the July to October period, which exceeded 400 g AFDW m–2, resulted in complete elimina-
tion of the aboveground biomass of Z. marina in affected areas of Little Egg Harbor by October 
1998. A reduction of bay scallop (Argopecten irradians) population density during 1999 in these 
impacted areas may have been caused by the loss of eelgrass in 1998. Additional losses of bay 
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scallops were reported in 2006. As noted previously, the Barnegat Bay–Little Egg Harbor Estuary 
has been classified as a highly eutrophic system (Kennish et al. 2007, 2008).

Other symptoms of eutrophication problems that signal ecosystem stress have surfaced in the 
Barnegat Bay–Little Egg Harbor Estuary. For instance, recurring phytoplankton blooms have been 
documented, including serious brown tides (Aureococcus anophagefferans) that occurred in 1995, 
1997, and 1999 to 2002 (Olsen and Mahoney 2001; Gastrich et al. 2004; Lathrop et al. 2006). 
Brown tides not only cause shading problems for seagrass beds (Dennison et al. 1989), but also 
adversely affect shellfish populations such as hard clams (Mercenaria mercenaria) and bay scallops 
(Argopecten irradians) (Bricelj and Lonsdale 1997; Bologna et al. 2001). Epiphytic overgrowth on 
seagrass blades significantly reduces photosynthetic oxygen production (McGlathery et al. 2006). In 
severe cases, eutrophication can lead to permanent loss of essential habitat, diminished life support, 
and a sharp decrease in human use of impacted systems.

External nitrogen inputs to the Barnegat Bay–Little Egg Harbor Estuary amounting to ~6.5 × 
10 kg5 N/yr are largely delivered by surface runoff (66%) and atmospheric deposition (22%), and 
secondarily by groundwater (12%) (Wieben and Baker 2009). The mean total nitrogen yield esti-
mate for the Barnegat Bay watershed is 5.4 kg N ha–1 yr–1 (Kennish et al. 2007). Seitzinger et al. 
(2001) found that nutrient levels were highest in the northern part of the estuary due to the effects 
of heavy coastal watershed development in the northern sector. They reported that mean concentra-
tions of nitrate plus nitrite were less than 4 µM. Because of biotic uptake, nitrate plus nitrite levels 
were lowest in the summer. Highest levels were recorded in the winter when autotrophic production 
was at a minimum. The New Jersey Department of Environmental Protection (1996) has chronicled 
more variable nitrate plus nitrite values in the estuary. Mean ammonium concentrations compiled 
by Seitzinger et al. (2001) were less than 2.5 µM. Total nitrogen concentrations ranged from ~20 to 
80 µM. Most nitrogen in the estuary (87% to 90%) occurred in organic form. Phosphate concentra-
tions were less than those of nitrate and ammonium, typically less than 1 µM.

The escalating eutrophication problems in the estuary due to nitrogen loading have raised con-
cern regarding the long- term condition of seagrass habitat in the system. Bologna et al. (2000, 
2001) documented dramatic losses of seagrass cover in Little Egg Harbor during the summer of 
1998, reporting a 62% reduction in coverage of seagrass there between 1975 and 1999. However, 
color imagery obtained later in the spring (May) of 2003 and complemented with boat- based sur-
veys by Rutgers University throughout the estuary revealed that seagrass distribution in the system 
remained reasonably stable between 1998 and 2003 (Lathrop et al. 2006). The apparent decline of 
seagrass beds reported during the 1970s, 1980s, 1990s has not been verified because of the applica-
tion of different mapping techniques. Habitat loss of wetland and estuarine habitat is an ongoing 
major ecological concern in this system (Lathrop and Bognar 2001).

The Barnegat Bay–Little Egg Harbor Estuary is susceptible to eutrophication because of its low 
freshwater inflow, long water residence time in summer (74 days), limited water exchange through 
narrow tidal inlets, restricted circulation, and escalating population growth and development in 
the Barnegat Bay watershed. Recently (2008), the northern part of Barnegat Bay has experienced 
low dissolved oxygen levels characteristic of estuarine waters subjected to progressive eutrophica-
tion. Other mid- Atlantic coastal lagoons, for example, Great South Bay (New York), Rehoboth 
Bay (Delaware), Newport Bay (Maryland), and Chincoteague Bay (Virginia), have similar physical 
characteristics and comparable eutrophic conditions.

When nutrient enrichment persists in estuaries, there are often shifts from large to small phy-
toplankton species and from diatoms to dinoflagellates that can impact benthic fauna. Additional 
impacts include a shift from filter- feeding to deposit- feeding benthos, and a progressive change 
from larger, long- lived benthic forms to smaller, rapidly growing but shorter- lived species (Rabalais 
2002). The net effect is the potential for insidious and persistent alteration of biotic communities in 
the system associated with food web alteration.

Schramm (1999) and Rabalais (2002) described a predictable series of changes in autotrophic 
components of estuarine and shallow marine ecosystems in response to progressive eutrophication. 
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For those systems that are uneutrophied, the predominant benthic macrophytes inhabiting soft 
bottoms typically include perennial seagrasses and other phanerogams, with long- lived seaweeds 
occupying hard substrates. As slight to moderate eutrophic conditions arise, bloom- forming phyto-
plankton species and fast- growing, ephemeral epiphytic macro algae gradually replace the longer-
 lived macrophytes; hence, perennial macroalgal communities decline. With greater eutrophy, dense 
phytoplankton blooms occur along with drifting macroalgal species (e.g., Ulva and Enteromorpha), 
ultimately eliminating the perennial and slow- growing benthic macrophytes, a situation that may be 
taking place in some areas of the Barnegat Bay–Little Egg Harbor Estuary (Kennish 2001; Kennish 
et al. 2007). With hypereutrophic conditions, benthic macrophytes become locally extinct, and 
phytoplankton dominate the autotrophic communities (Wazniak et al. 2007). Excessive nitrification 
also affects secondary production through altered food web interactions (Livingston 2002).

In the present study, seagrass beds were intensely sampled in the Barnegat Bay–Little Egg Harbor 
Estuary during the 2004 to 2006 growing seasons. Metric measurements of the seagrass beds in 
Little Egg Harbor during 2004 showed that the maximum mean aboveground biomass (106.05 g 
dry wt m–2) and belowground biomass (107.64 g dry wt m–2) of Z. marina occurred during the 
June–July period. This is the time when the photoperiod peaks and nutrient levels are favorable for 
plant growth in the system. Eelgrass biomass declined significantly during the succeeding sampling 
periods (August–September and October–November), and by the end of the survey the mean above-
ground biomass had decreased by 82.8% and the belowground biomass by 53.1%.

The biomass measurements were not only higher during the June–September period in 2004, but 
also more variable than those obtained during the October–November period, when the biomass 
was consistently low at all transects. This pattern indicates that the seagrass responds uniformly 
across the study area to decreasing photoperiod, light intensity, and temperature late in the growing 
season. These major controlling factors are more favorable for seagrass growth between June and 
September; however, other factors such as macroalgal abundance, nutrient concentrations, and tur-
bidity may be more locally variable at this time, accounting for the greater range of biomass values 
found along the transects.

A similar trend of Z. marina biomass was evident in Barnegat Bay during 2005. Highest mean 
aboveground and belowground biomass values of Z. marina were recorded during the June–July 
period, which amounted to 51.69 g dry wt m–2 and 141.95 g dry wt m–2, respectively. The highest 
mean density of Z marina also occurred at the time (479 shoots m–2). The mean aboveground and 
belowground biomass also declined after the June–July period. The mean aboveground biomass had 
dropped by 69.7%, and the belowground biomass, by 69.9% at the end of the survey period.

During 2006 sampling, the peak density of Z. marina occurred in June–July (378 shoots m–2), with 
lower density observed in August–September (171 shoots m–2) and October–November (174 shoots 
m–2). The highest mean aboveground biomass of Z. marina (13.77 g dry wt m–2) was recorded dur-
ing the August–September period. In contrast, the highest mean belowground biomass of Z. marina 
(51.54 g dry wt m–2) was registered during the June–July period. While the belowground biomass 
declined appreciably after the June–July period, the aboveground biomass of Z. marina did not 
exhibit a significant seasonal reduction in 2006, although it was very low from the inception of the 
survey period. The substantial estuary- wide decline in seagrass biomass in 2006 correlated with 
elevated turbidity levels, suggesting that water column shading effects may have been responsible, 
possibly due to brown tide or other phytoplankton blooms.

One major concern is the marked decrease in Z. marina biomass observed over the course of 
this 3- year investigation. For example, between 2004 and 2006, the mean aboveground biomass 
of eelgrass at transects 1 to 6 declined in Little Egg Harbor by 87.7% from 59.62 g dry wt m–2 to 
7.31 g dry wt m–2, and the mean belowground biomass decreased by 59.4% from 75.60 g dry wt 
m–2 to 30.69 g dry wt m–2. Similarly, between 2005 and 2006, the mean aboveground biomass of 
eelgrass at transects 7 to 12 in Barnegat Bay decreased by 50% from 32.04 g dry wt m–2 to 16.03 
g dry wt m–2, and the mean belowground biomass, by 52.4% from 84.59 g dry wt m–2 to 40.25 g 
dry wt m–2. Aboveground and belowground Z. marina biomass varied considerably among the 
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sampling transects. Beem and Short (2009) observed a similar reduction of seagrass beds in the 
Great Bay Estuary, New Hampshire, where the seagrass decline was recorded over a longer time 
frame. Additional seagrass biomonitoring is therefore strongly recommended in this estuarine sys-
tem to track potential ongoing degrading conditions.

In an earlier study, Ohori (1982) reported mean aboveground biomass values of Z. marina at a lim-
ited number of sampling stations in Barnegat Bay amounting to 23.6 g dry wt m–2 in 1979 and 42.3 g 
dry wt m–2 in 1980. These values, despite being low, are higher than the mean aboveground biomass 
measurements of Z. marina found in the estuary during 2006. Wootton and Zimmerman (1999), work-
ing in the same region of the bay as Ohori (1982), documented decreasing seagrass biomass over the 
July to November sampling period, similar to that reported here in 2004 to 2006. At the Sedge Islands 
near Barnegat Inlet, their most productive seagrass sampling location, aboveground biomass decreased 
from a mean of 141.23 g AFDW m–2 in July, to 25.05 g AFDW m–2 in August, and 0 g AFDW m–2 
in November. Belowground biomass, which was higher, differed somewhat in trend from that of the 
aboveground biomass, with a mean value of 221.0 g AFDW m–2 in July and 270.69 g AFDW m–2 in 
August dropping to 152.69 g AFDW m–2 in November. No clear trend in the relationship between 
aboveground and belowground biomass was observed during the June to November sampling period.

In a study of seagrass demographics in Little Egg Harbor during 1999, Bologna et al. (2000) found 
gradually increasing monthly biomass from May to August, followed by progressively decreasing 
biomass through October. The maximum biomass of Z. marina (230.0 g AFDW m–2) was ~1.5 times 
greater than that recorded by Vaughn (1982) (149.0 g AFDW m–2). This seasonal (temporal) sequence 
of seagrass biomass, with peak values in August 1999, differed from that reported here and by Ohori 
(1982), with highest biomass values recorded in June–July and subsequent declining values into the 
fall. Vaughn (1982) also ascertained an early (May–June) peak biomass of eelgrass in Little Egg 
Harbor in 1980 to 1981, and he reported a primary production value of 466 g dry wt m–2 yr–2. Hence, 
there may be considerable seasonal variation in seagrass biomass from year to year in the estuary 
based on other studies.

Bologna (2006) also delineated significant differences in habitat complexity and seagrass char-
acteristics between the edge and interior portions of Z. marina beds in Little Egg Harbor. Although 
the conditions in the interior zone of Z. marina beds were clearly better for plant growth than 
those at the edge, the differences in habitat structural complexity did not result in greater faunal 
abundance in the interior zone as reflected by the higher faunal density and secondary production 
observed at the edge of the beds. In addition, noteworthy differences in faunal species composition 
were documented between the two habitat zones due to differences in plant structural features.

The decreasing biomass of seagrass observed in the study area over the June–November period 
during the survey years also corresponded with a marked decrease in the percent cover of sea-
grass from 45% to 21% in 2004, 43% to 16% in 2005, and 32% to 19% in 2006. The change in 
percent cover of macro algae was less consistent. In 2004, the percent cover of macro algae in Little 
Egg Harbor increased from 13% to 21% from June to September and then decreased to 14% in 
November. The increase in areal coverage of macro algae from June to September was likely a 
significant stressor on seagrass at this time and possibly a key factor in its decline. The decrease of 
macroalgal areal coverage was more consistent in Barnegat Bay during 2005, from 14% in June–
July to 7% in August–September, and 2% in October–November. Reduced macroalgal areal cover-
age continued during 2006 with a range from 2% during the June–July period to 7% during the 
October–November period. Low macroalgal and seagrass cover in 2006 suggest that water column 
light attenuation may have played a factor.

The frequency and magnitude of blooms of ephemeral green macro algae, notably Ulva lac-
tuca, appear to be a primary indicator of seagrass success or failure in the estuary. When both the 
frequency and magnitude of these blooms are high, the reduction in seagrass biomass and areal 
coverage can exceed 50% in local areas and in extreme cases can approach 100%. Seagrass dieback 
due to high nutrient availability and associated macroalgal blooms can significantly impact the 
estuarine ecosystem structure and function.
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A decrease in the abundance of bay scallops (A. irradians) in the estuary has been ascribed to the 
loss of seagrass habitat (Bologna et al. 2001). It is likely that other benthic faunal populations in 
the study area, such as the hard clam (M. mercenaria), have also been adversely affected by these 
acute events, but more investigations must be conducted on the benthic faunal communities to deter-
mine the overall effect. If these communities in the heavily impacted areas have also been severely 
downgraded by the loss of critical habitat, then it would be useful to assess potential food chain 
effects on upper- trophic- level organisms. The loss of bay scallops by previous macroalgal blooms 
shows that resource species can be highly susceptible to seagrass decline in the estuary. Bologna 
et al. (2005) reported that blue mussels (Mytilus edulis) settled in Barnegat Bay eelgrass beds in late 
spring at densities greater than 170,000 m–2. Therefore, diminishing seagrass coverage could have a 
dramatic effect on the abundance of this important bivalve as well. Other resource species that use 
seagrass beds extensively, such as the blue crab (Callinectes sapidus), may also be affected.

Several natural and anthropogenic factors create stressful conditions for seagrasses in Little Egg 
Harbor. For example, high water temperatures (>28ºC) in summer concomitant with increasing 
light attenuation caused by phytoplankton (e.g., brown tide) and macroalgal blooms, as well as 
epiphytic overgrowth, can significantly reduce seagrass growth and survival. Infestation of wasting 
disease can exacerbate these effects. Bologna et al. (2000) determined that less than 10% of the 
seagrass samples collected in their surveys were infected by Labyrinthula zosterae, although the 
infection rate varied greatly (0 to 50%). Early summer appeared to be the time of greatest impact of 
wasting disease on the seagrass. They also recorded serious brown tide blooms in the estuary during 
1999. Only a small fraction of the eelgrass samples collected in our study exhibited wasting disease. 
In addition, no brown tide blooms were recorded in the estuary during 2004 and 2005. The occur-
rence of brown tide and macroalgal blooms, turbidity, severity of wasting disease, and magnitude 
of summer temperatures all are likely factors influencing the density, biomass, and spatial coverage 
of seagrass in the estuary.

Moore (2004) examined the relationships between seagrass bed development and water quality 
in the lower region of the York River, Virginia, by sampling along transect stations across vegetated 
and formerly vegetated areas. Based on the analysis of water quality and macrophyte samples col-
lected in this region of the lower Chesapeake Bay, Moore (2004) concluded that the influence of 
seagrass beds on water quality in shallow waters of this system varied seasonally, reflecting the 
capacity of the seagrass to act as sources or sinks for suspended particulates and nutrients. The suc-
cess of seagrasses in the study area may be dependent on the plants’ capacity to regulate high levels 
of suspended particulate concentrations during spring.

A major concern of progressive eutrophication of the Barnegat Bay–Little Egg Harbor Estuary is 
the loss of ecosystem structure and function. Seagrass meadows located in nutrient- enriched areas 
typically experience increasing fragmentation in their spatial configuration. The loss of biotope 
function is manifested first by lost physical structure of the beds followed by food web alteration 
(Deegan 2002). Increased fragmentation of seagrass beds creates greater edge effects that often lead 
to increased mortality and reduced growth of fish, shellfish, and other species inhabiting the beds 
(Debinski and Holt 2002). Through time, the patchiness of the seagrass will also increase, further 
impacting benthic infaunal communities. In severe cases, seagrass meadows can be completely 
decimated, potentially impairing ecosystem function, production, and resource protection.

Declining seagrass biotopes are important indicators of degrading water quality conditions in 
lagoonal estuaries often linked to excessive loading of nitrogen from adjoining coastal watersheds 
and overlying airsheds (Kennish 2002a; Orth et al. 2006a; Bricker et al., 2007). As coastal popula-
tion growth and development continue unabated in many regions of the United States and other 
developed countries in North America, Europe, Asia, and other continents, nutrient management 
strategies and goals are being formulated to remediate impacted estuarine ecosystems. Management 
plans commonly entail the application of nutrient load reductions from surrounding watershed areas 
(e.g., Total Daily Maximum Load in the United States), restoration of seagrass and other in- basin 
habitat, and long- term environmental monitoring of impaired systems. In the United States, there 
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are currently no nationwide numerical criteria in place to limit nitrogen pollution, although the U.S. 
Environmental Protection Agency (2001) published a document that outlines the preferred regional 
approach for developing nutrient criteria and standards for estuarine waterbodies, and a National 
Estuarine Experts Workgroup convened in 2006 has provided guidance on it (Hameedi et al. 2007).

Effective management programs can reverse the effects of nutrient over- enrichment of estuar-
ies. For example, remedial measures implemented in Tampa Bay and surrounding watershed areas 
resulted in the areal expansion of seagrass cover in the bay by more than 30% between 1982 and 
1997. The actions taken to mitigate nitrogen loading problems consisted of wastewater treatment 
upgrades, improved stormwater systems, and changes in fertilizer manufacturing processes and 
agricultural practices. The net effect of this nutrient management strategy was reduced eutrophy 
of the bay manifested by increased water clarity and restoration of seagrass habitat (Greening and 
Janicki 2006). It is clear that collaborative efforts by government agencies, industry, citizens groups, 
and academic institutions can be effective in mitigating nitrogen loading and eutrophication prob-
lems in impacted estuarine systems.

8.7  summAry And conclusIons

The Barnegat Bay–Little Egg Harbor Estuary, similar to other coastal lagoon systems in the mid-
 Atlantic region, is subject to an array of natural and anthropogenic stressors that pose a potential 
threat to the structure of seagrass habitat and the function of the estuarine ecosystem, including 
nutrient over- enrichment, phytoplankton and macroalgal blooms, high turbidity, prop scarring, and 
other factors. With continued population growth and development in the coastal watershed sur-
rounding this shallow estuary, future impacts on seagrass and other vital habitats are likely to 
escalate. Nutrient enrichment and excessive algal growth resulting from anthropogenic activities are 
ongoing problems in this system, and they must be effectively addressed to mollify future impacts. 
However, they require comprehensive research, monitoring, and remediation programs to meet the 
ecosystem- level challenges of environmental problems that have, to this point in time, hampered 
various management intervention strategies.

This investigation of the Barnegat Bay–Little Egg Harbor Estuary yielded a number of impor-
tant findings. For example, the biomass of eelgrass beds in the Barnegat Bay–Little Egg Harbor 
during the 3- year study period (2004 to 2006) exhibited important temporal and spatial reduc-
tion patterns. The density as well as the aboveground and belowground biomass of seagrass varied 
considerably during the spring to fall period, but generally declined from June to November. This 
temporal pattern is attributed to more favorable light conditions during the late spring and summer. 
Aboveground and belowground biomass also varied spatially due to a wide range of physicochemi-
cal conditions over small spatial scales, including marked differences in shading, light availability, 
macro algae cover, and other factors. Of most concern is the low aboveground and belowground 
biomass of Z. marina recorded along transects during 2006 compared to those in 2004 and 2005, 
indicating a 50% to 87.7% decline over the 3- year period. The mean density of shoots also decreased 
from 292 shoots m–2 in 2005 to 241 shoots m–2 in 2006. Diminishing seagrass biomass, density, and 
percent cover of Z. marina in 2006 appear to signal an estuary- wide problem, likely coupled to 
ongoing nutrient enrichment.

Although considerable temporal and spatial variation of eelgrass biomass was observed, eel-
grass blade length was very consistent each year across sampling stations and sampling periods. 
For example, in 2004 there was only a slight decrease in mean eelgrass blade length in Little Egg 
Harbor from June to July (34.02 cm), August to September (32.21 cm), and October to November 
(31.83 cm) despite the gradually declining photoperiod and variable water temperature over the 
6- month study period. The maximum blade length did not vary substantially between eelgrass beds. 
In 2005, the mean eelgrass blade length in Barnegat Bay was more variable, with the highest mea-
surement (32.71 cm) obtained for the June–July period, the lowest measurement (25.89 cm) for the 
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August–September period, and an intermediate measurement (28.47 cm) for the October–November 
period. In 2006, the mean eelgrass blade length was substantially lower, amounting to 19.37 cm in 
June–July, 18.65 cm in August–September, and 18.61 cm in October–November. The reduced eel-
grass blade length also correlated with reduced aboveground biomass values.

The percent cover of seagrass decreased from 2004 to 2006 in concert with the decline of bio-
mass, density, and eelgrass blade length. In 2004, there was decreasing cover of seagrass from 
spring to fall in Little Egg Harbor. The highest mean percent cover of seagrass in June–July (45%) 
was significantly greater than that in August–September (38%) and October–November (21%). In 
contrast, the percent cover of macro algae was lower and more seasonally variable than the percent 
cover of seagrass. For example, the mean percent cover of macro algae increased from 13% in June–
July to 21% in August–September and then declined to 14% in October–November. The highest per-
cent cover of macro algae in August–September probably reflects the greater growth and abundance 
of different algal species at this time.

In 2005, the percent cover of seagrass during June–July, August–September, and October–
November sampling periods in Barnegat Bay amounted to 37%, 43%, and 16%, respectively. The 
percent cover by macro algae during these periods was 14% (June–July), 7% (August–September), 
and 2% (October–November). Once again, the percent cover of both seagrass and macro algae 
declined rapidly from summer into the fall.

The percent cover of seagrass was significantly reduced estuary- wide in 2006, concomitant with 
declining biomass measurements. It amounted to 32% in June–July, 23% in August–September, and 
19% in October–November. The percent cover of macro algae was similarly reduced in 2006, being 
2% in June–July, 7% in August–September, and 7% in October–November. The percent cover of 
both seagrass and macro algae in 2006, as well as in 2004 and 2005, was generally highest in inte-
rior areas of the seagrass beds than in marginal areas.

Most of the macroalgal species in the Barnegat Bay–Little Egg Harbor Estuary belong to a drift 
community. However, macroalgal blooms and patches that blanket the estuarine floor can be par-
ticularly detrimental to seagrass beds and associated benthic fauna. They hinder seagrass growth by 
shading or blocking sunlight and can render the estuarine floor unsuitable for regrowth of seagrass 
for extended periods. Hence, excessive growth of macro algae in the estuary can be extremely dam-
aging to seagrass habitat, a finding corroborated by studies conducted in other coastal bays in the 
mid- Atlantic region and elsewhere.

In 2004, 32 macroalgal species were documented in the Little Egg Harbor survey area. Red algae 
(n = 19) accounted for 59% of the species collected, with green algae (n = 11) comprising 34% and 
brown algae only 6%. Ulva lactuca was the most common algal species, being found in 59% of 
the samples. Sheet- like species, such as U. lactuca, posed the most serious threat to seagrass beds 
because they formed extensive patches that blanketed and damaged the seagrass. In 2005, nearly 
a third fewer macroalgal species were recorded in Barnegat Bay with most species once again 
being red algae. Gracilaria tikvahiae (present in 70% of samples), Bonnemaisonia hamifera (56%), 
Spyridia filamentosa (46%), and Champia parvula (19%) were the most abundant forms.

While brown tide (Aureococcus anophagefferans) blooms may be equally detrimental to seagrass 
beds due to their shading effects, no blooms were observed during the 2004 and 2005 sampling 
periods, but high turbidity measurements in 2006 suggest that brown tide or other major phyto-
plankton blooms may have occurred. The maximum cell counts of A. anophagefferans reported 
in the estuary during 2004 and 2005 amounted to 4.9 × 104 cells mL–1 and 4.7 × 104 cells mL–1, 
respectively. These numbers are far less than those recorded during the bloom years of 2000 to 2002 
(>1 × 10 cells mL–1). Thus, it is very unlikely that A. anophagefferans had any adverse impact on 
the eelgrass beds in the estuary during these 2 survey years.

Annual aerial and in situ surveys of seagrass beds are strongly recommended along with extensive 
water quality measurements to assess ongoing eutrophic conditions in the estuary. In addition, other 
biotic responses to nitrogen loading must be investigated in greater detail, such as phytoplankton 
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and macroalgal blooms and their effects on seagrass habitat. Finally, remedial management actions 
to reduce nitrogen loading from the surrounding watershed should be implemented as soon as pos-
sible to mitigate impacts on essential habitat in the system.
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9 Controls Acting on Benthic 
Macrophyte Communities 
in a Temperate and 
a Tropical Estuary

Sophia E. Fox,* Ylra S. Olsen, Mirta Teichberg, 
and Ivan Valiela

AbstrAct

Seagrass meadows and macro algal canopies are critical coastal habitats that are widely recognized 
for their vital ecological functions and services. Both seagrass and macro algal growth and com-
munity structure can be controlled by nutrients and herbivory. Although these benthic macrophyte 
groups have been studied extensively worldwide, there is still no consensus as to the relative roles of 
the different control mechanisms on their structure and function. To examine the relative influence of 
nutrients and herbivory on growth of seagrasses and macro algae, we conducted a set of field experi-
ments, manipulating the nutrient supply, grazing pressure, or both in a temperate and a tropical estuary. 
In these estuarine systems, seagrass and macro algae were controlled by numerous and dynamic inter-
actions between nutrients and herbivory, whereby nutrient supply considerably altered the potential 
for herbivore control of producer biomass. These results highlight the major role that human- driven 
nutrient loading from land plays in adjacent coastal habitats, and underscore the need for greater 
understanding of the benthic floral community dynamics in shallow estuarine environments.

Key Words: nutrients, herbivory, macro algae, seagrass, estuaries, eutrophication
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9.1  IntroductIon

Shallow estuaries are important coastal ecosystems situated at the interface of land and sea, and, 
therefore, are heavily influenced by human activities and natural processes taking place on land, 
along fringing wetland habitats, and in adjacent bays and oceans. They are shallow in depth, usually 
less than a few meters, with light often penetrating to the bottom. The flora and fauna vary consider-
ably in these coastal systems, but the benthic producer communities generally include microalgae, 
macro algae, and seagrasses.

Human impacts in the coastal zone have led to remarkable restructuring of estuarine benthic 
macro phyte communities (Hauxwell et al. 2001; McGlathery 2001; Fox et al. 2008). Where the 
intensity of human activity on adjacent coastal watersheds is low, seagrass meadows dominate 
the benthic producer communities in estuaries, and diverse macro algal and microalgal communities 
comprise a smaller proportion of the benthic producer biomass and production. As human activities 
increase in these watersheds and the nearby coastal ocean, estuarine producer communities tend to 
shift from seagrass- dominated ecosystems to diatom- and macro algae- dominated systems. Shifts 
in producer community structure at the base of the food web have major implications for ecosys-
tem function and higher trophic level production. It is important to understand which mechanisms 
control shifts in the abundance and species composition of benthic producers in a changing envi-
ronment. In this chapter, we explore the role of different control mechanisms in structuring benthic 
seagrass and macro algal communities in shallow estuaries.

9.2  benthIc mAcroPhyte communIty: structure And functIon

Seagrasses and macro algal canopies are important habitats commonly found in estuaries world-
wide. These benthic producers contribute much of the primary production at the base of most 
estuarine food webs, both temperate and tropical. Macroalgae are an important nutritional food 
source for numerous invertebrates and fish. Seagrasses tend to be less palatable, and enter the 
benthic food web mainly as detritus in temperate estuaries (Cebrián 1999; Cebrián and Duarte 
2001). In contrast, in tropical systems seagrasses are consumed directly by fish, invertebrates, 
and mammals, and can constitute a significant component of consumer diets (Valentine and 
Heck 1999; Kirsch et al. 2002). In addition, seagrasses typically support a diverse algal epi-
phyte community that is heavily grazed by small invertebrates in both temperate and tropical 
estuaries (Orth and van Montfrans 1984; Neckles et al. 1993; Jernakoff et al. 1996; Frankovich 
and Zieman 2005; Peterson et al. 2007; Jephson et al. 2008). Seagrass and macro algal cano-
pies also provide structurally complex environments in which prey can escape their predators 
(Graham et al. 1998; Bologna and Heck 1999). Seagrass ecosystems are widely recognized as 
critical coastal habitats that provide numerous ecological functions and services. Characterized 
by high biomass and productivity, seagrass beds provide an important source of organic carbon 
to coastal ecosystems (Duarte and Chiscano 1999; Green and Short 2003). They also provide 
food and shelter for fish and invertebrates (Lubbers et al. 1990; Heck and Valentine 1995), stabi-
lize sediments (Harlin et al. 1982), alter biogeochemical processes (Blaabjerg and Finster 1998; 
Risgaard- Petersen et al. 1998), and support near- shore fisheries by serving as nursery grounds 
for juvenile fish (Nagelkerken et al. 2002; Heck et al. 2003; Dorenbosch et al. 2004).

9.3  bottom- uP And toP- down controls

Both seagrasses and macro algae are subject to control by nutrients from the bottom up and by her-
bivory and predation from the top down (Valiela et al. 1997; Geertz- Hansen et al. 1993; A. R. Hughes 
et al. 2004; Burkepile and Hay 2006; Heck and Valentine 2007). Nutrients can stimulate growth 
and increase producer biomass, and herbivores can consume producer tissue and reduce biomass. 
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Predators may also exert control from the top of the food web down by consuming herbivores, 
thereby reducing grazing pressure and increasing producer biomass. Although the taxa involved 
may differ, interacting bottom- up and top- down control mechanisms come into play as controls for 
both seagrasses and macro algae.

Nutrients have been shown to control primary productivity in many environments. Nutrient 
enrichment has led to increased leaf growth, production, canopy height, and biomass of seagrasses 
in temperate (Orth 1977; Murray et al. 1992; van Lent et al. 1995) and tropical sites (Powell et al. 
1989; Short et al. 1990; Udy et al. 1999; Ferdie and Fourqurean 2004; Armitage et al. 2005). Some 
studies have also demonstrated a lack of seagrass response to nutrients (Dennison et al. 1987; 
Erftmeijer et al. 1994; Lee and Dunton 2000), perhaps because their nutrient requirements had been 
met, or possibly light may have limited growth (Ibarra- Obando et al. 2004; Ralph et al. 2007). High 
macro algal productivity in coastal waters is partly driven by increased nutrient inputs (Lapointe and 
O’Connell 1989; Sfriso and Marcomini 1997; Valiela et al. 1997; Fox et al. 2008). Opportunistic 
macro algae can readily take up available nutrients from the water column to grow rapidly (Pedersen 
and Borum 1996; Teichberg et al. 2007, 2008).

Top- down control by consumers can also structure producer communities (Valentine and Duffy 
2006; Heck et al. 2006; Heck and Valentine 2007). Today, relatively few vertebrate herbivores 
(fishes, sirenians, turtles, and waterfowl) and sea urchins graze directly on seagrasses (Valentine 
and Heck 1999). Historically, large, specialized seagrass grazers, such as fishes, manatees, and 
turtles, were common, and likely had a large impact on seagrass standing crop (Domning 2001; 
Heck and Valentine 2007). Some fishes, however, still exert a major grazing pressure on seagrasses 
and macro algae in the tropics (Mumby et al. 2006; Valentine et al. 2007). The more common, 
smaller meso- grazers (crustaceans, gastropods, urchins, and other invertebrates) usually feed on 
epiphytic algae growing on seagrass blades (Orth and van Montfrans 1984; Jernakoff et al. 1996; 
Frankovich and Zieman 2005; Moksnes et al. 2008). Seagrasses are, thus, subject to lower grazing 
pressure, so that most seagrass populations might lose <10% of aboveground production to direct 
herbivory (Mateo et al. 2006). Herbivore controls on seagrasses may have either a stimulatory or a 
negative effect on seagrass production (Thayer et al. 1984; Zieman et al. 1984). Moderate grazing 
can stimulate plant growth and increase shoot density (A. R. Hughes et al. 2004), while intense 
grazing can decrease biomass (Heck and Valentine 1995; McGlathery 1995; Cebrián and Duarte 
1998; Alcoverro and Mariani 2002).

Grazers have also been shown to control macro algal biomass (Lewis 1986; Geertz-Hansen et al. 
1993; Menge et al. 1997; T. Hughes et al. 1999; Lotze and Worm 2000; Duffy and Harvilicz 2001; 
Tewfik et al. 2005). Mesograzers, such as amphipods, isopods, and small gastropods, tend to domi-
nate the grazer assemblages in temperate estuaries (Geertz- Hansen et al. 1993; Duffy and Hay 1994; 
Hauxwell et al. 1998; Fox et al. 2009), while large macroherbivores, mainly large gastropods, urchins, 
and fishes, tend to dominate in tropical estuaries, seagrass meadows, and coral reefs. Differences 
in the behavior, grazing rates, territory size, and abiotic and biotic controls of mesograzers and 
macroherbivores suggest substantial differences in the relative abilities of temperate and tropical 
grazer assemblages to control producer growth. Meta- analyses of nutrient and herbivore control of 
seagrasses and macro algae have shown that the relative influence of control mechanisms in marine 
environments is highly variable (Burkepile and Hay 2006; Gruner et al. 2008), the more so in soft 
bottom environments, such as estuaries, and for macro algae (Gruner et al. 2008).

Herbivory effects may also interact with bottom- up effects. Such interactions may take place 
when increased nutrients alter producer and consumer assemblages (Worm et al. 2000; Oesterling 
and Pihl 2001; A. R. Hughes et al. 2004; Heck and Valentine 2007; Fox et al. 2009), and producer 
nutrient content (Heck et al. 2000, 2006; Hemmi and Jormalainen 2002; Boyer et al. 2004). To date, 
there is still no clear understanding of how these processes interact, despite experimental studies in 
seagrass meadows (McGlathery 1995; Heck et al. 2000, 2006; Ruiz et al. 2001; Heck and Valentine 
2007) and in macro algal canopies (Geertz- Hansen et al. 1993; Hauxwell et al. 1998; Lotze et al. 
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2001; Burkepile and Hay 2006; Worm and Lotze 2006; Fox 2008; Fox et al. submitted). There is 
some support, however, for the notion that a nutrient “threshold” exists, at which nutrient effects 
may overwhelm control by herbivory. For macro algae, the effects of nutrient enrichment, herbivory, 
and their interactions are more significant and larger in magnitude for tropical species than for 
temperate species (Burkepile and Hay 2006). The reasoning behind these differences has not been 
well explained, but there is an indication that in low- productivity compared to high- productivity 
environments, there is more likely to be an effect of herbivory on macro algae. Meta- analyses have 
shown that the experimental results, however, were highly variable and depended on algal type and 
how producer responses were measured (Burkepile and Hay 2006; Gruner et al. 2008).

Discerning the relative impacts of top- down and bottom- up mechanisms as ecosystem controls is 
particularly relevant, because we are carrying out a global- scale, human- driven experiment in bot-
tom- up and top- down control (Jackson et al. 2001; Valiela 2006; Bricker et al. 2007). Human devel-
opment of the coastal zone has led to increased nutrient inputs to waters, mainly through terrestrial 
runoff and groundwater flows. Coastline development has also modified coastal areas by decreasing 
natural vegetation and destroying coastal wetlands. Wetlands are a critical habitat, since they serve 
to protect adjacent water quality, by acting as coastal filters that intercept land- derived particulates 
and nutrients (Valiela and Cole 2002). Coastal wetlands, however, are being destroyed at alarming 
rates worldwide, with incredible losses of salt marsh in temperate zones (Valiela and Cole 2002) and 
mangrove areas in tropical regions (Valiela et al. 2001).

The losses of wetland area have been linked to decreases in seagrass habitat extent (Valiela 
et al. 1997; Valiela and Cole 2002), as a result of increased throughput of nutrients and particu-
lates, and subsequent eutrophication and habitat degradation. In a study of 12 estuaries and coastal 
seas, 67% of wetlands and 65% of seagrasses have been lost since the time of human settlement 
(Lotze et al. 2006). These losses trump the widely publicized estimated losses of the world’s 
rainforests, which some environmental groups argue to be up to 50%, and losses of coral reefs, 
estimated at about 20% (IUCN 2008). Seagrass losses in both temperate and tropical regions have 
been increasing rapidly over the last 40 years, suggesting high rates of seagrass decline worldwide 
(Orth et al. 2006).

Coastal seas and estuaries with the longest histories of human impacts and highest human popu-
lations are the most degraded (Lotze et al. 2006). Receiving coastal waters and estuaries are among 
the most nutrient- enriched environments on Earth (Nixon et al. 1986; Valiela 2006). Increased 
nutrient enrichment of estuarine waters leads to a cascade of events in benthic habitats, where 
macro algal and epiphytic algal biomass increase and macro algal blooms form, leading to significant 
losses of seagrass habitats and seagrass- associated taxa. Increased nutrient inputs interact with top-
 down controls whereby in eutrophied estuaries, and macro algal blooms lead to frequent hypoxic 
events, during which oxygen concentrations in estuarine bottom waters plunge below levels suf-
ficient to support invertebrates and fishes. As a result of the hypoxia in eutrophied estuaries, there 
are fewer invertebrates (Oesterling and Pihl 2001; Fox et al. 2009), and fish (Baden et al. 1990; 
Graham et al. 1998). There are further consequences of humans on controls of benthic producers, 
since herbivorous fishes have been subject to intense harvesting pressure (Mumby et al. 2006). The 
lower abundances of herbivorous invertebrates and fishes lead to reduced grazing on benthic mac-
rophytes (Valentine and Heck 1999; Domning 2001; Mumby et al. 2006; Heck and Valentine 2007; 
Fox 2008; Fox et al. submitted).

It seems, therefore, imperative to understand the relative and potentially interactive impacts of 
bottom- up and top- down mechanisms in different environments, to develop strategies to mitigate 
the myriad ways in which we are altering coastal marine ecosystems. Below, we present results from 
experimental manipulations designed to examine the relative influence of bottom- up and top- down 
controls acting on benthic seagrasses and macro algae in a temperate estuary, Waquoit Bay, and a 
tropical estuary, Jobos Bay.



Controls Acting on Benthic Macrophyte Communities in a Temperate and a Tropical Estuary 207

9.4  cAse studIes

9.4.1  waQuoIt Bay, massacHusetts: Bottom- up and top- down controls

The Waquoit Bay estuarine system, located on Cape Cod, Massachusetts, is representative of tem-
perate, shallow, groundwater- fed estuarine embayments in the northeastern United States. The sub-
estuaries of Waquoit Bay are shallow, from 1 to 3 m in depth, and are similar in many other physical 
aspects, including water residence time, sediment character (Carmichael and Valiela 2005), and 
light penetration to 1.5 m depth (M. Teichberg, unpublished). The watersheds of its subestuar-
ies, however, differ in their land covers, and therefore deliver different nitrogen loads to receiving 
estuaries (Table 9.1), mainly through freshwater discharges to estuaries from groundwater inputs 
(Bowen and Valiela 2001). The major forcing mechanism of change on the Waquoit Bay estuarine 
ecosystem is development of the watershed, namely the increase in number of houses and decrease 
in fringing salt marsh, which has increased delivery of nitrogen to estuarine waters (Valiela et al. 
1992, 1997).

The Waquoit Bay estuarine system is an excellent location to investigate alterations of estuarine 
communities in response to changes in nitrogen inputs to coastal waters, since its subestuaries are sub-
ject to a range of nitrogen loads (Bowen and Valiela 2001). Childs River has the highest nitrogen load 
owing to extensive suburbanization of the watershed and high nitrate inputs from individual septic sys-
tems, while Timms Pond has the lowest nitrogen load and inputs from a predominantly forested water-
shed, a result of its location within a state park (Bowen and Valiela 2001) (Table 9.1, Figure 9.1). The 
Quashnet River watershed has a mix of land covers, and delivers an intermediate load to the estuary.

For decades, losses of seagrass area have been increasing in Waquoit Bay (Figure 9.2a), and the 
decrease in seagrass cover is related to nitrogen loading from adjacent watersheds (Figure 9.2b). 
Concurrently, macro algal biomass has been increasing in Waquoit Bay (Valiela et al. 1997; Fox 
2008; Fox et al. 2008), and macro algal biomass is approximately four times higher in estuaries 

tAble 9.1
land- derived nitrogen (n) loads and eutrophication status 
for the estuaries of waquoit bay and Jobos bay

estuary n load (kg n ha–1 y–1) eutrophication status

Waquoit Bay, MA, USA

 Childs River (CR)d,e,g,h 586a Eutrophicb

 Quashnet River (QR)d,e,g,h 436a Eutrophicb

 Jehu Pond (JP)d,e  34a Oligotrophicb

 Sage Lot Pond (SLP)d,e,f,g,h  10a Oligotrophicb

 Timms Pond (TP)d,e   5a Oligotrophicb

Jobos Bay, Puerto Ricoi,j — Oligotrophicc

a E. Kinney, unpublished data.
b Fox et al. 2008.
c Bowen and Valiela 2008.
d Sites included in Waquoit Bay seagrass and macro algae surveys (Figure 9.2).
e Sites included in Waquoit Bay fauna survey (Figure 9.5).
f Sites included in Waquoit Bay seagrass experiment (Figure 9.6).
g Sites included in Waquoit Bay macro algae enrichment experiment (Figure 9.7).
h Sites included in Waquoit Bay macro algae grazing experiment (Figure 9.8).
i Sites included in Jobos Bay seagrass experiment (Figures 9.10 and 9.11).
j Sites included in Jobos Bay macro algae experiment (Figures 9.12 and 9.13).



208 Coastal Lagoons: Critical Habitats of Environmental Change

with high nitrogen loads compared to estuaries with low nitrogen loads (Figure 9.2b). Eutrophied 
estuaries of Waquoit Bay have high macro algal biomass and low seagrass biomass, while in the 
non- eutrophied estuaries the reverse is true (Figure 9.2c). The decline of seagrass biomass and 
the increase in macro algal biomass have been related to both nitrogen loading rates (Figure 9.2b) 
and area of salt marsh fringing the estuary (Figure 9.3). Where there was a large area of fringing 
salt marsh, seagrass biomass was high and macro algal biomass was low. Where there was less salt 
marsh area, macro algal biomass was high, and seagrass was absent (Figure 9.3).

In the higher nitrogen loaded estuaries with smaller area of fringing salt marsh, several symp-
toms of eutrophication have been observed, including the disappearance of seagrass meadows and 
the prevalence of macro algal blooms (Hauxwell et al. 2001; Fox et al. 2008). In the eutrophied estu-
aries, the high macro algal biomass controls the oxygen regime by releasing and consuming oxygen 
during photosynthesis and respiration (D’Avanzo and Kremer 1994). During summer, when respi-
ration and growth rates are highest, the bottom waters of the eutrophied estuary become hypoxic 
on a daily basis (Figure 9.4). In the oligotrophic, low nitrogen loaded estuaries that are dominated 
by high seagrass and low macro algal biomass, estuarine waters are rarely hypoxic. Higher nitrogen 
loads, eutrophication, and the associated hypoxia have effects on the benthic consumer communi-
ties (Fox et al. 2009). Results of benthic invertebrate surveys in seagrass and macro algal canopies 
indicate significantly fewer consumers in estuaries with higher nitrogen loads compared to estuar-
ies with lower loads (Figure 9.5), most likely the result of more frequent hypoxic conditions in the 

Childs
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Quashnet
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Jehu
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fIgure 9.1 Map of Waquoit Bay. Inset shows the location of the bay with respect to the state of 
Massachusetts.
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eutrophied estuaries (Fox et al. 2009). The abundance of grazing epifauna declined two orders of 
magnitude in estuaries with high relative to low nitrogen loads (Figure 9.5), which is an important 
interaction between bottom- up controls and herbivory in coastal estuaries.

The conditions observed in the estuaries of Waquoit Bay are an example of changes taking place 
in macrophyte and consumer community structure related to bottom- up forcings owing to nutrient 
loads and eutrophication status, as well as to top- down effects related to differences in the assem-
blage of consumers. In this framework, we carried out in situ experimental studies examining the 
relative influence of control mechanisms acting on seagrasses and macro algae.

To assess the response of the eelgrass, Zostera marina, to experimental nutrient enrichment, we 
fertilized sediments and removed macro algal biomass in a set of seagrass plots during the sum-
mer months in a Waquoit Bay subestuary with a low nitrogen load, Sage Lot Pond (Table 9.1). The 
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fIgure 9.2 Results from surveys of seagrass and macro algae in Waquoit Bay. (a) Map showing seagrass 
cover (in black) over time in Waquoit Bay. (b) Biomass of seagrass (Zostera marina) and macro algae in 
estuaries of Waquoit Bay with different land- derived nitrogen loads. Lines represent significant regressions, 
for seagrass F = 39.3, p = 0.008, and for macro algae F = 35.9, p = 0.027. (c) Relationship between seagrass 
and macro algal biomass in eutrophied and non eutrophied estuaries of Waquoit Bay. (d) Biomass of different 
macro algal taxa in estuaries of Waquoit Bay with different land- derived nitrogen loads.
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experimental design consisted of control (C) and fertilized (F) plots, in which we did (–A) or did 
not (+A) remove ambient macro algal mats (for a total of 12 plots with three replicates of each of 
the four treatments, C + A, C – A, F + A, and F – A). After 12 weeks, Z. marina biomass response 
showed an interactive effect of nutrients and macro algae. There was no effect of sediment nutrient 
enrichment on growth of eelgrass. Aboveground biomass and shoot density of the eelgrass in fertil-
ized plots were not significantly different from those in control plots (Figure 9.6). In plots where 
the unattached macro algae were removed, the biomass and shoot density tended to be higher than 
in plots with macro algae, although not significantly (F = 4.6, p = 0.063). Further, the mean biomass 
and shoot density of eelgrass in the fertilized plots where algae were removed were higher than any 
other treatment; however, these differences were not statistically significant.

These results suggest that macro algal mats may impose a primary limitation to seagrass growth 
in Waquoit Bay, probably owing to shading and reduction of light to the seagrasses. Light limitation 
has been demonstrated as the primary cause of seagrass decline in many estuaries (den Hartog 1994; 
Short et al. 1995; Hauxwell et al. 2001; McGlathery 2001; Ibarra- Obando et al. 2004), although sul-
fide invasion of seagrasses exposed to anoxic macro algal mats may also contribute to lower seagrass 
growth (Holmer and Nielsen 2007). Sulfide invasion was not likely a mechanism causing lower 
seagrass growth in our study, since the macro algal mats were not dense enough to create anoxic 
conditions and increase sulfide concentrations in sediments. Top- down impacts of grazing were not 
explicitly tested in this manipulation, but grazer abundance in the estuary was high (Figure 9.5), and 
grazing pressure was likely high in all treatments. Grazers of eelgrass in these estuaries are rela-
tively rare, and the abundant mesograzers would likely be feeding on epiphytic algae growing on 
the eelgrass blades and unattached macro algae in the plots (Orth and van Montfrans 1984; Neckles 
et al. 1993; Jernakoff et al. 1996; Moksnes et al. 2008). Grazing in the plots might, therefore, stimu-
late eelgrass growth by removing algal competitors for light and nutrients (Neckles et al. 1993).

The limitation of seagrass growth by algal shading is corroborated by previous work by Hauxwell 
et al. (2001, 2003), and by the low seagrass biomass in estuaries with high macro algal biomass 
(Figures 9.2b and 9.2c). Macroalgal biomass is higher in estuaries with higher nitrogen loads than 
those with lower nitrogen loads (Figure 9.2b). In high nutrient environments, interactions among 
macro algal species lead to domination by a few highly competitive taxa, which are able to prolifer-
ate to form macro algal blooms. This notion is supported by the results from macrophyte surveys in 
Waquoit Bay that reveal the dominance of the macro algae, Cladophora, Gracilaria, and Ulva spp., 
and the absence of the seagrass, Z. marina, in the eutrophied estuaries (Figure 9.2d) (Fox 2008; 
Fox et al. 2008). These taxa are common macro algae that have been shown to bloom in response 
to increased anthropogenic nutrient inputs to coastal waters worldwide (Thorne- Miller et al. 1983; 
Lapointe and O’Connell 1989; Sfriso et al. 1989; Lavery et al. 1991; Thybo- Christensen et al. 1993).
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To understand the relative influence of nutrients and herbivory controls in structuring macro-
algal communities in the estuaries of Waquoit Bay, we carried out two experiments to examine the 
growth response of macro algae to nutrients and grazing. First, to identify the nutrients that effec-
tively control growth in the different macro algal taxa, we assessed responses of the common green 
and red bloom- forming species Ulva lactuca and Gracilaria tikvahiae to short- term enrichment 
with nitrate (NO3

–), ammonium (NH4
+), and phosphate (PO4

3–) in a high and a low nitrogen loaded 
estuary (Teichberg et al. 2008). The macro algal growth response to nutrient enrichment varied by 
species, estuary, and nutrient treatment (Figure 9.7). Growth rates of U. lactuca tended to be higher 
overall than those of G. tikvahiae. Mean U. lactuca growth was higher in controls in the high than 
in the low nitrogen loaded estuary, and growth was significantly higher with the addition of either 
NO3

– or NH4
+ in the low nitrogen loaded estuary (Figure 9.7). In the high nitrogen loaded estuary, 
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U. lactuca growth was not significantly different in nitrogen- enriched than in the control treat-
ments. Growth of G. tikvahiae tended to be higher overall in the low nitrogen loaded estuary, and 
did not respond significantly to nitrogen enrichment in either estuary, although growth tended to be 
higher in the NH4

+ enrichments (Figure 9.7). Neither species grew in response to PO4
3– enrichment 

(relative to the control) or to N + P enrichment (relative to nitrogen enrichment).
These experimental results show that the macro algae were primarily nitrogen limited, with no 

phosphorus limitation during the experiment, as suggested by the results of other studies in tem-
perate estuaries (Howarth 1988; Pedersen and Borum 1996; Teichberg et al. 2007). There were 
species- specific differences in growth rate responses to NO3

– or NH4
+, and U. lactuca may be more 
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nitrogen limited under low nitrogen conditions, where it responds to increased supply of both NO3
– 

and NH4
+. Gracilaria tikvahiae exhibited lower growth rates and, thus, may be less nitrogen limited 

than U. lactuca. Studies of Ulva and Gracilaria spp. growth support these findings (DeBoer et al. 
1978; Lapointe and Tenore 1981). Species- specific differences in growth responses may also be 
controlled by the prior nutrient history of the fronds, the long- term ambient nutrient supply, and 
species- specific differences in nutrient storage capacity (DeBoer et al. 1978; Peckol et al. 1994; 
Aguiar et al. 2003; Fong et al. 2003; Teichberg et al. 2007, 2008).

To examine the effect of long- term nutrient forcing on the relative influence of nutrients 
and herbivory as controls on macro algal growth, we ran an in situ cage experiment in sub-
estuaries of Waquoit Bay, where nitrogen loads, eutrophication status, and grazer abundance 
differed (Fox 2008; Fox et al. submitted). To evaluate the importance of bottom- up control 
of growth of macro algae, we ran the cage experiments in three subestuaries of Waquoit Bay 
(i.e., Childs River, Quashnet River, and Sage Lot Pond) (Table 9.1, Figure 9.1), because we 
wanted to capture the effects of longer- term, regional- scale forcings, like nutrient loading rates 
and annual mean nitrogen concentrations, rather than the short- term responses to experimen-
tal nutrient enrichment. Within each of the three subestuaries, we employed cages with four 
different sized mesh openings to create four grazer treatments, where different numbers of 
consumers were present inside the cages. Four replicate cages of each of the mesh treatments 
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were placed in each subestuary for a total of 48 cages. The use of these three subestuaries with 
different long- term nutrient regimes was particularly important because we knew that the mac-
rophyte taxa and biomass and grazer communities present in the Waquoit Bay estuaries were 
the product of chronic nutrient loading (Fox 2008; Fox et al. 2008, 2009) (Figures 9.2 and 9.5). 
We measured the growth response of three macro algal species (i.e., U. lactuca, Cladophora 
vagabunda, and G. tikvahiae) and growth differed in response to both different long- term nutri-
ent regimes (nitrogen loading rates and eutrophication status) and number of grazers inside 
cages (Figure 9.8). There were fewer grazers in cages in eutrophic (range, 0 to 27 individuals) 
than oligotrophic (range, 29 to 169 individuals) estuaries. Net growth of the two green macro-
algae, U. lactuca and C. vagabunda, was highest in the eutrophied estuaries, where long- term 
nutrient supplies were high and where grazers were fewer (F = 29.2, p < 0.001, for U. lactuca 
and F = 25.6, p < 0.001, for C. vagabunda). Only in the oligotrophic estuary did grazers control 
the growth of the green algae, shown by numerous cages with negative growth (Figure 9.8). In 
contrast, the red alga G. tikvahiae had high growth rates, and there was no significant effect of 
grazing (F = 1.4, p > 0.05).
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In the subestuaries of Waquoit Bay, both nutrients and grazers can control growth of benthic 
macrophytes. For both seagrasses and macro algae, the long- term nutrient regime in surrounding 
waters most likely determined their growth responses. For seagrasses, growth was not stimulated by 
short- term sediment fertilization in the presence of free- floating macro algae, while growth tended to 
increase where macro algae were removed. These results suggest that macro algal biomass accumu-
lation limits growth of the eelgrass, Z. marina, in these estuaries. Macroalgae were predominantly 
controlled from the bottom up by short- term and long- term nutrient supplies, since macro algal 
growth rates increased in response to nitrogen enrichment and were highest in eutrophied estuaries 
with higher nitrogen loads (Figures 9.7 and 9.8). When growth rates of macro algae were high, as 
they were for G. tikvahiae in the oligotrophic estuary, grazers, even in very high numbers, were not 
able to compensate for the rapid growth, and herbivory control was overwhelmed by the bottom-
 up control by nutrients. Accumulations of macro algal mats in the oligotrophic estuary contributed 
to reduced Z. marina growth in experimental plots (Figure 9.6), and are likely to reduce seagrass 
biomass throughout the estuary since herbivory is not controlling macro algal growth.

In the eutrophied estuaries, nutrients not only increased macro algal biomass, but also increased 
frequency and duration of hypoxia (Figure 9.4) that may control the grazer abundance and com-
munity composition (Figure 9.5) (Fox et al. 2009). The abundance of grazers (predominantly small 
crustacean amphipods and isopods, and gastropods) was significantly lower in the eutrophic estu-
aries relative to oligotrophic estuaries, with almost a 25- fold decrease from low to high nitrogen 
loads (Figure 9.5). Eutrophication and the associated hypoxia were most likely responsible for the 
differences in the grazer communities between estuaries (Fox et al. 2009). These studies support 
the notion that nutrients predominate as controls on benthic macrophyte growth in these temperate 
estuaries, by controlling both producer growth and herbivore abundance.

9.4.2  JoBos Bay, puerto rIco: Bottom- up and top- down controls

Jobos Bay is a tropical estuary located on the south coastal plain of Puerto Rico (Table 9.1, Figure 9.9). 
The land cover on the Jobos Bay watershed is a mix of land uses, including extensive agriculture and 
urban development (Bowen and Valiela 2008). The bay is fringed by mangroves, and the benthic 
macrophyte community is dominated by the seagrass Thalassia testudinum, with smaller stands 

Jobos
Bay

PR
Jobos Bay 0

N

5 km

fIgure 9.9 Map of Jobos Bay, Puerto Rico. Inset shows location of Jobos Bay on the south coast of 
Puerto Rico.
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of the seagrasses Syringodium filiforme and Halodule wrightii. Macroalgae are rare and patchily 
distributed. In contrast to the Waquoit Bay system, the land uses on the Jobos Bay watershed appear 
to be decoupled from receiving estuarine waters so that, although nitrogen loads from the watershed 
may be high, nutrient concentrations in the bay are low (Bowen and Valiela 2008). In these relatively 
pristine waters, seagrass cover and biomass have remained largely unchanged over the past 35 years 
(Kolehmainen 1973; Vicente 1975; Y. Olsen unpublished).

Jobos Bay is a good site to study bottom- up and top- down controls on benthic macrophytes in 
the tropics. It is representative of many tropical estuaries because of its low nutrient concentrations, 
oligotrophic status, and the presence of many potential grazers of both seagrasses and macro algae. 
Grazers include manatees, sea turtles, herbivorous fish, and small crustaceans. Sea urchins, a com-
mon grazer of seagrass and macro algae, do inhabit the benthos, but were rarely observed during our 
study period (Y. Olsen unpublished). In the Jobos Bay estuary, we carried out a set of in situ experi-
ments to examine the relative influence of nutrient supply and herbivory as controls on seagrass and 
macro algal biomass.

To test the combined effects of nutrients and grazers on seagrass growth, we simultaneously 
enriched the sediments (with N + P) and excluded mega- grazers with fences in a T. testudinum 
meadow (Olsen and Valiela 2010). Since grazing mega- herbivores exert a significant grazing pres-
sure on seagrasses in tropical estuaries (Kenworthy et al. 2007), we constructed mesh fences around 
plots to exclude manatees and sea turtles. Herbivorous fish are common in the seagrass beds of Jobos 
Bay, and were able to move freely in and out of the fenced plots through large holes in the mesh. 
The experimental design consisted of control (C) and fertilized (F) plots, in which we excluded (– G) 
or allowed (+G) mega- grazers (for a total of 12 plots with three replicates of each of the four treat-
ments, C – G, C + G, F – G, F + G). Although the experimental plots were in an area where manatees 
often fed, there was little evidence of manatee grazing during the study period (from April 2005 to 
May 2006). Fish, however, were attracted to the fences and were abundant in the fenced plots, so 
that the fenced plots fortuitously created an experimental treatment that markedly elevated abun-
dance of fish of all trophic levels (Olsen and Valiela 2010). Bite marks on leaves provided evidence 
of fish grazing on the seagrasses. In contrast, open plots (no fences) had fewer fish and showed few 
signs of grazing. The cages, thus, created significant differences in grazing pressure, primarily by 
herbivorous fish, between treatments, with higher grazing pressure in caged plots relative to open 
plots. Further, there were significantly higher abundances of fish in fertilized caged plots compared 
to unfertilized caged plots and open plots. We took advantage of these conditions to assess the influ-
ence of different porewater nutrient regimes and grazing pressures on the biomass and shoot density 
of T. testudinum (Olsen 2008; Olsen and Valiela 2010).

The seagrass biomass response showed an interactive effect of nutrient enrichment and grazing. 
Both aboveground biomass and shoot density of T. testudinum decreased with increasing number of 
herbivorous fish in the plots (F = 16.2, p = 0.002, for aboveground biomass and F = 51.3, p < 0.001, 
for shoot density) (Figure 9.10). The lowest biomass and shoot densities were found in fertilized 
fenced plots, where grazing pressure was highest. There were clear differences in seagrass cover 
between the control caged plots and the nutrient- enriched caged plots, with a significantly lower 
percentage of the fenced plots covered by seagrass with fertilization (Figure 9.11).

Increased grazing pressure with fertilization has previously been recorded for seagrasses 
(McGlathery 1995, Heck et al. 2000, Goecker et al. 2005). Previous studies have attributed higher 
fish grazing rates to increased palatability of the seagrasses due to lower C:N; however, this is not 
a likely explanation in our study since the percent nitrogen in the seagrass tissues from fertilized 
caged plots was similar to control caged plots, where substantially less grazing occurred (Olsen and 
Valiela 2010). The increase in porewater nutrient supply may have also changed chemical grazing 
deterrent concentrations in the T. testudinum tissues and, thus, altered palatability of the seagrasses 
to grazers. Several studies have shown reduced concentrations of grazing deterrents in response 
to higher nitrogen availability (Buchsbaum et al. 1990; Yates and Peckol 1993), and T. testudinum 
leaves that were high in nitrogen had significantly lower levels of phenolics (Goecker et al. 2005). 
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fIgure 9.10 Aboveground biomass and shoot density of Thalassia testudinum at the end of the manipulative 
field experiment as a function of the mean number of grazing fish in Jobos Bay, Puerto Rico. Lines represent 
significant regressions. (From Olsen, Y.S. and Valiela, I., Estuaries Coasts, DOI 10.1007/s12237-009-9256-7, 
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months of experimental treatment in Jobos Bay, Puerto Rico. (From Olsen, Y.S. and Valiela, I., Estuaries 
Coasts, DOI 10.1007/s12237-009-9256-7, 2010. With permission from Springer Science & Business Media.)
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With increased supply of nutrients, carbon could also have been allocated to growth rather than 
increased storage of defensive compounds (M. Teichberg, unpublished). It therefore seems likely 
that the chemical deterrents of the seagrasses were in some way altered by the sediment fertilizer 
application, making the seagrass more palatable to the numerous grazers that were attracted to the 
fences.

In Jobos Bay, herbivorous fish were able to control seagrass biomass, and grazing pressure was medi-
ated by nutrient enrichment. This experiment provides evidence for significant interactions between 
nutrients and grazing, such that bottom- up mechanisms control the degree of control by herbivores.

To understand the relative influence of nutrient supply and herbivore controls in structuring 
macro algal communities in tropical estuaries, we carried out a field experiment to assess the growth 
response of macro algae to nutrients and grazing in Jobos Bay. To identify the nutrient that effectively 
controls macro algal growth, we examined the responses of the bloom- forming species U. lactuca, 
G. tikvahiae, and Caulerpa mexicana, to short- term enrichment with N or P. The experimental 
design consisted of three nutrient treatments, Control (C), NO3

– (N) , and PO4
3– (P), and two her-

bivory treatments, excluding (– G) or allowing (+G) crustacean grazers for a total of 24 cages with 
four replicates of each of six treatments (C + G, C – G, N + G, N – G, P + G, and P – G). All three 
macro algal species tended to increase growth in response to enrichment with NO3

–
 (Figures 9.12a 

and 9.12b), although only significantly so in C. mexicana (F = 10.7, p = 0.004). Growth rates of 
U. lactuca were significantly higher overall than those of G. tikvahiae and C. mexicana for all treat-
ments. None of the macro algal species grew in response to enrichment with PO4

3–, with all species 
tending to grow less when PO4

3– was added than in control and NO3
– treatments (Figure 9.12c). 

These data suggest that Jobos Bay macro algae were nitrogen limited, with no phosphorus limita-
tion during the experiment, contrary to the results of many studies examining nutrient limitation 
of macro algae in tropical waters (Lapointe et al. 1992; McGlathery et al. 1994). There were also 
species- specific differences in growth rates with NO3

– fertilization, with significantly higher growth 
of U. lactuca than the other species.

To test the interactive effects of nutrients and grazers on macro algal growth, we also manipu-
lated grazer abundance during the nutrient enrichment using cages with different mesh sizes to 
allow (+G) or restrict (– G) grazer access. The macro algal growth response to nitrogen enrichment 
and grazing pressure differed among the different macro algal species (Figure 9.13). Grazers in this 
study were small crustaceans and gastropods, and herbivorous fish were excluded from all of the 
cages. U. lactuca tended to have higher growth with higher nitrogen concentrations in the water col-
umn, and grazers were unable to control growth at low or high nitrogen concentrations. In contrast, 
G. tikvahiae and C. mexicana showed interactive effects of nutrients and grazing (Figure 9.13). 
However, the treatments to which each species responded differed. The growth of G. tikvahiae 
decreased in response to increased grazing pressure only where water nitrogen concentrations 
were low (Figure 9.13; F = 5.14, p = 0.040), while growth of C. mexicana significantly decreased 
with increasing number of grazers only where nitrogen concentrations in the water column were 
high (Figure 9.13; F = 7.53, p = 0.034). The G. tikvahiae growth response to grazing followed a 
pattern that has been shown for macro algae under low nutrient conditions in temperate estuaries 
(Geertz- Hansen et al. 1993; Hauxwell et al. 1998; Lotze et al. 2001; Worm and Lotze 2006; Fox 
2008; Fox et al. submitted). The mechanisms controlling growth of macro algae in Jobos Bay change 
markedly depending on the species involved. Increased nitrogen supply led to growth in all species, 
and there were clear interactions of bottom- up and herbivore controls. The degree of response to 
controlling mechanisms would likely have differed if herbivorous fish were allowed in the experi-
mental cages. Given the highly species- specific nature of the responses, however, we cannot specu-
late as to the results if herbivorous fish had been included in our study.

In Jobos Bay, nutrients and grazers were both important in controlling benthic macrophytes, and 
there were complex interactions between nutrients and grazers. The relative influence of herbivory 
and nutrients and the response to changes in these controls differed among producers. For some 
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species of macro algae, grazer control of biomass was absent or only present at low nutrient con-
centrations, when growth was limited by nutrient supply. For other producers, such as the seagrass 
T. testudinum and the macroalga C. mexicana, grazing overwhelmed growth only when nutrient 
concentrations were high. The experimental nutrient additions may have increased the nutritional 
value of the macrophytes (McGlathery 1995; Boyer et al. 2004), and may have overridden the effect 
of chemical deterrents (Valiela and Rietsma 1984) leading to increased grazing pressure (Bjorndal 
1980; McGlathery 1995; Preen 1995; Heck et al. 2000).

9.5  conclusIons

In Waquoit Bay, seagrass biomass was controlled by macro algal shading, where increased light 
availability by removal of the overlying macro algal canopy tended to lead to higher Z. marina 
biomass and shoot density. The macro algal biomass in these estuaries was nitrogen limited, and 
U. lactuca had the largest growth response to fertilization. Bottom- up mechanisms dominated con-
trol of macro algal biomass, so that where nutrients stimulated algal growth, grazers even in very 
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high numbers could not control biomass. Bottom- up control mechanisms structured the benthic 
macrophyte communities in the Waquoit Bay estuaries.

In Jobos Bay, macro algal growth was nitrogen limited, so that nitrogen supply stimulated an 
increase in macro algal biomass. This study contributes new data to the unresolved arguments regard-
ing the primacy of nitrogen or phosphorus limitation of macro algae in tropical waters (Larned 1998; 
Fong et al. 2001). The macro algal responses to grazing pressure depended on nutrient supply and 
macro algal species. Seagrasses responded to a different combination of bottom- up and top- down 
controlling mechanisms. Seagrass biomass and shoot density were controlled by an interaction 
between porewater nutrients and herbivory, where increased nutrients led to higher grazing pressure 
on seagrasses. Despite previous experimental assessments of interactive effects of bottom- up and 
top- down controls in seagrass meadows, we do not have a clear, predictable understanding of how 
seagrasses respond to simultaneous nutrient enrichment and grazing (McGlathery 1995; Heck et al. 
2000; Hillebrand and Kahlert 2002; Posey et al. 2002; Armitage et al. 2005; Heck and Valentine 
2007), probably owing to the high natural variability in seagrass meadows.

The experimental results highlight some of the many complex interactions taking place in sea-
grass meadows. In Waquoit Bay, nutrients led to lower grazer abundance through hypoxia, and 
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decreased herbivore pressure, while in Jobos Bay, nutrients stimulated herbivory, increasing grazing 
pressure. Nutrients, light, producers, and consumers interact continuously and simultaneously, and 
these connections result in myriad combinations, many of which can control growth and biomass 
on different spatial and temporal scales.

In these studies, we experimentally examined the effects of fertilization on seagrass standing 
stocks, and our results did not show significant direct effects of porewater nutrient enrichment on 
seagrass biomass or shoot density. A dynamic measure (productivity) rather than a static measure 
(standing stock) of seagrass response might have yielded an effect of fertilization (Peterson et al. 
2007), since biomass turnover rates of seagrasses are high, particularly in the tropics (Martinez-
 Daranas et al. 2005).

The results of these experimental manipulations examining the mechanisms of control for sea-
grasses and macro algae overwhelmingly emphasize that the relative primacy of nutrients vs. her-
bivory effects is more nuanced than has previously been thought. There are various mechanisms 
involved (quality of food, cover, predator and prey sizes), and in any one setting, the food web 
may be governed by combinations of factors, and different compartments (plants, grazers, preda-
tors) could respond differently to the control mechanisms. Although the specific mechanisms and 
outcomes may differ from one environment to another, we should expect a complex interplay of 
controlling forces in structuring benthic producer communities.
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10 Phase Shifts, Alternative 
Stable States, and the Status 
of Southern California Lagoons

Peggy Fong* and Rachel L. Kennison

AbstrAct

Our overall objective was to summarize current knowledge of the ecological status or present state 
of primary producer communities in southern California lagoons and the physical and ecological 
processes producing changes in these states. To accomplish this, we address a number of difficult 
questions such as what is the natural state, what target state is “desirable” or “healthy,” what is the 
nature and trajectory of historical change, and can we use this history to predict future changes. The 
answers to these questions were based on a combination of scientific evidence from field surveys, 
experiments, and modeling, as well as a good deal of speculation based on this evidence. As scien-
tists, we were uncomfortable with speculation; therefore, in each case, we tried to clearly state the 
source of our conclusions and our evaluation of their strength.
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We first discussed the prevalence and importance of coastal lagoons in southern California, and 
their unique character that is derived from a combination of physical setting (geology and oceanog-
raphy) and Mediterranean climate. We provided strong evidence that bottom-  up forcing (nutrients) 
in these systems has shifted the state of primary producer communities to dominance by oppor-
tunistic green macroalgae. Further, several feedback loops were identified that may stabilize the 
shifted state, suggesting that southern California communities may exist as alternative stable states, 
where two or more communities may exist under the same environmental conditions (nitrogen sup-
ply rates) and restoration of the “desirable” state may be difficult. We explored how community 
shifts may result in loss of vital ecosystem functions such as nutrient retention, nutrient recycling 
and trophic support. Finally, we speculated on how climate change, especially sea level rise and 
increased sedimentation, may impact southern California lagoons, and we identified knowledge 
gaps and future research needs.

Key Words: southern California, coastal lagoons, phase shifts, alternative stable states, eutrophica-
tion, harmful macroalgal blooms, climate change

10.1  IntroductIon

Coastal estuaries, the transition zones where marine and fresh water mix, are some of the most 
diverse and productive ecosystems in the world, as they intercept land-  derived nutrients and organic 
matter that support both autotrophic primary producers and heterotrophic organisms (Day et al. 
1989). Due to a unique combination of physical setting and climate, most southern California 
estuaries can be considered lagoonal systems, defined as shallow brackish or seawater bodies sepa-
rated from the ocean by a barrier island, spit, or sand bank, and connected at least intermittently 
to the open ocean by restricted tidal inlets (Kennish and Paerl, Chapter 1, this volume). Although 
small in area and set in isolated river valleys, lagoons in southern California are numerous, with 
about 30 of them occurring between Point Conception and the Mexican border (Figure 10.1). A 
diverse set of migratory, resident, and endemic organisms have adapted to the wide ranges of salin-
ity, temperature, water flow, nutrient levels, and productivity typical of southern California lagoons 
(Zedler et al. 2001), while potentially an even more diverse suite of human impacts threatens their 
sustainability. Southern California lagoons are subject to multiple stresses, including hydrologi-
cal modifications, watershed development, contaminants, invasive species, and declining diversity 
(Sutula et al. 2007; Stein et al. 2007; Zedler and West 2008). In this chapter, we focus on one of 
these important stresses, increased nutrient supplies that have resulted in eutrophication.

Coastal lagoons worldwide support key ecosystem functions that include biogeochemical cycling 
and retention of nutrients, and they sustain a diverse array of primary producers and consumers 
(Ferguson et al. 2004). When healthy and functioning as productive ecosystems, coastal lagoons 
provide vital goods and services to human society, including flood abatement, nurseries for fish, con-
trol of coastal erosion, protection of near-  shore water quality, and recreation and tourism (Costanza 
et al. 1997; Kennish 2002; Paerl 2006). Although far less studied, the little evidence that exists 
suggests southern California lagoons provide these same local goods and services (e.g., Zedler 
et al. 2001; Kennison 2008). In addition, southern California lagoons are located along the Pacific 
Flyway, a migratory bird route, providing critical stopover habitat (Lafferty 2001). Our lagoons, 
therefore, function as a critical local and crucial global resource.

Southern California lagoons have a long history of physical and hydrological modification that 
continues to threaten their vital ecosystem functions (Zedler 1982). To date, approximately 90% of 
southern California wetland area has been lost to development (Zedler et al. 2001). In much of the 
remainder, water quality is severely degraded by eutrophication (Boyle et al. 2004; Kennison 2008), 
which is the buildup of excessive organic matter usually as a result of nutrient enrichment (Nixon 
1995). An exponentially increasing coastal human population will cause further development of 
watersheds and accelerate nutrient loading, placing the remaining ecosystems and the services they 
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provide at risk of future degradation and losses. If so, the key functions of biogeochemical cycling 
and retention of nutrients that support vegetation and sustain macrofauna in lagoons may be over-
loaded by severe modification to and degradation of their linked terrestrial systems (Zedler et al. 
2001). Thus, it is important to further our understanding of the current state of lagoon functions, 
as well as the effects of both natural and anthropogenic changes on these functions over time, in 
order to ensure the systems continue to supply essential local and global services in a world being 
transformed by the effects of increasing population growth and global climate change.

10.2  geology And clImAte

California is divided from north to south by the San Andreas Fault, with the largest eastern portion 
on the leading edge of the North American Plate and the most western portion on the Pacific Plate 
(Press and Siever 1997). These two plates form a transform tectonic zone, where the plates move 
past each rather than converging or diverging. As they move, they rub and grind along their edges, 
producing very wide zones of deformation that are extremely tectonically active. The result is that 
the entire coast of California has many mountainous welts, down-  dropped valleys, and limited area 
of flat topography to support bays, estuaries, and coastal lagoons.

Southern California, delineated to the north by Point Conception and to the south by a politi-
cal boundary with Mexico, is also characterized by coastal mountains and limited area of coastal 
plain. Point Conception is where the north–south coastal mountain range of central California turns 
east to form the Transverse Range; the coastline also turns east and runs close and parallel to the 
mountains (Figure 10.1). The meeting of the Transverse Range and the Peninsular Range, a group 
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fIgure 10.1 Map of southern California estuaries and lagoons, with inflowing rivers and the proximity 
of the coastal mountain ranges. Point Conception at the upper left delimits the northern boundary while the 
Mexican border forms the southern limit. (Figure drawn by Kendal Fong.)
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of mountains that run 1500 km from southern California to the tip of Baja, Mexico, forms the 
Los Angeles Basin, the only extent of coastline with a significant area of relatively flat topography. 
As a result, in contrast to other U.S. lagoons on the East Coast and Gulf of Mexico with their broad 
coastal plains, watersheds in California typically are small and isolated.

California’s climate is Mediterranean, characterized by warm dry summers (May to October) 
and cooler wet winters (November to April). In southern California, average daily temperatures 
vary from about 15°C in the north to about 21°C in the south. Rainfall, although universally low, 
also varies along the coast from a low of 20 cm (mean annual precipitation) at the Mexican border 
to almost 40 cm near Point Conception (Zedler 1982). Most rainfall occurs during discreet winter 
storm events, and the frequency and magnitude of these events is tremendously variable both within 
and between years. Ironically, even though annual rainfall is low, flooding occurs relatively fre-
quently. Sequential storms saturate watershed soils, and the resultant runoff can fill floodplains and 
inundate lagoons; in fact, many of the human-  induced physical modifications of both watersheds 
and lagoons of southern California, especially in the Los Angeles Basin during 1930 to 1950, were 
in response to extreme flooding in the early part of the twentieth century (Stein et al. 2007). Drought 
is also common, with evaporation exceeding rainfall during the long dry season (Zedler 1982)

With small watersheds and limited rainfall, the hydrology of many lagoons along the southern 
California coast that are perennially open to tidal influence is dominated by tidal action rather 
than river input for much of the year. Thus, there are strong influences of the near-  shore ocean on 
southern California lagoons. North of Point Conception frequent upwelling and the cold, nutrient-
  rich waters of the California Current running near to shore result in highly productive near-  shore 
environments. In contrast, in southern California, the California current travels offshore, and the 
warmer California Counter Current runs close to shore from south to north, resulting in infrequent 
and episodic spring upwelling and overall lower natural productivity. Tides are mixed and semi-
diurnal, meaning that the two high and two low daily tides are of different height. Mean tidal ampli-
tude is ~1.1 m, while spring tides usually exceed 1.6 m (Zedler 1982). Although these systems are 
generally strongly driven by tides, longshore movement of sand coupled with wave action result in a 
seasonal cycle of beach building and erosion that historically caused migration of the lagoon mouth 
(connection to the ocean) and may have caused seasonal or even permanent lagoon closure in some 
systems (Ambrose and Orme 2000). The duration and frequency of closure under natural conditions 
is unknown, but most likely was extremely variable, as it would have been linked to a combination 
of physical drivers such as tides, waves, rainfall, riverflow, and groundwater influence.

10.3  hydrology And nutrIent suPPly: whAt Is nAturAl?

Because lagoons in southern California have a long history of major modification, it is difficult to 
state with any certainty the natural hydrological regime in these ecosystems. With that caveat, given 
the unique physical setting and climate, it is likely that even the natural hydrology of this region was 
highly variable over space and time, with conditions ranging from permanently closed to continu-
ously open (Figure 10.2). Humans have had myriad effects on watersheds over time that directly 
affected river and lagoon hydrology (Zedler 1996). For example, inflowing streams were dammed 
to create a year-  round water supply, thereby reducing seasonality of inflow while channelization and 
diversion of rivers directly to the ocean for flood control reduced the duration of peak flows. Within 
lagoons, large areas have been filled for airports and urban development or dredged to create deep 
water for marinas and other recreational uses. Hydrological connections to the ocean were severely 
restricted by roads, railroad tracks, and finally freeways. All of these modifications most likely 
enhanced the naturally high variability in hydrology, and this increased variability between systems 
and years resulted in the extreme environmental conditions that characterize southern California 
lagoons today.

The current hydrology of each southern California lagoon depends on its unique history of 
human modifications to watershed and lagoon. Therefore, these lagoons should be considered as 
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fIgure 10.2 Examples of the diversity of lagoons of southern California: open estuarine/lagoon systems 
with a largely continuous connection to both a seasonal river and the ocean in (a) dry and (b) wet seasons; 
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Kendal Fong.)
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a set of systems along a very wide spectrum of conditions. Significant progress has been made 
toward developing a classification scheme for California lagoons with respect to their eutrophica-
tion (Sutula et al. 2007). We have not attempted to re-create those efforts here, but rather we will 
discuss three types of lagoons commonly found in southern California that serve to demonstrate 
their extreme diversity. We discuss systems with largely seasonal river inflow that are usually open 
to the ocean, those with seasonal river inflow that are generally closed off from direct ocean flush-
ing, and those that have had the main inflowing river diverted. However, it is important to stress that 
lagoons may shift along the condition spectrum, over time scales that may vary from occasionally 
to seasonally.

10.3.1  open estuarIne/lagoon systems

Many of the relatively large lagoons in southern California are tidally influenced year round via an 
open connection to the ocean. Highly seasonal river flow results in estuarine conditions during the 
short, wet season and systems that function as marine embayments in the dry season (Figures 10.2a 
and 10.2b). While some maintain an ocean connection naturally due to episodic erosion by river 
water during the wet season and tidal scouring during the dry season, many are maintained open by 
dredging. Management to maintain an open condition is based both on the belief that this may be 
the “natural” state and the practicality that eutrophication may severely impact ecological function-
ing if flushing ceases even for a short time. For example, brief closure of San Elijo Lagoon combined 
with high dry season temperatures resulted in low dissolved oxygen and mass mortality of fish 
and invertebrates (Douglas Gibson personal communication). Lagoons that were mainly open in 
the natural state were likely characterized by relatively large catchment basins with capacities for 
extreme flood events, such as those that occurred in the San Gabriel and Los Angeles rivers.

Nutrient and salinity regimes in open estuaries vary dramatically between wet and dry seasons 
and level of watershed development (Figures 10.2a and 10.2b) (Page et al. 1995; Boyle et al. 2004; 
Kennison 2008). Given the climate and unique geology, we believe that prior to major human devel-
opment and modification, dry season hydrology in open systems was dominated by tidal pumping, 
salinities were oceanic, and the primary source of nutrients was the ocean. There is evidence that 
nutrient import from the ocean drove productivity of Tijuana Estuary as recently as the 1970s 
(Winfield 1980). At present, even in open systems salinity can range from hypersaline in areas that 
have muted tidal influence to brackish in systems where inflowing rivers have changed from sea-
sonal to perennial by addition of treated wastewater or agricultural runoff (Greer and Stow 2003; 
Kennison 2008). For the same reasons, dry season nutrients can also range widely; for example, in a 
study comparing five southern California lagoons, NO3

– was extremely high in the dry season in one 
system with adjacent strawberry fields (maximum mean 1700 µM NO3

–), over an order of magnitude 
greater than the four other estuaries (range 2 to 100 µM NO3) (Kennison 2008).

Wet season hydrology in open systems is a result of both river inflow and tidal flushing 
(Figure 10.2b). Thus, salinity ranges from freshwater at the river entrance to oceanic at the ocean 
mouth, as in a typical estuarine system (Day et al. 1989). However, upstream dams and urban 
development in most of these watersheds reduce peak flows and extend the duration of freshwater 
influence beyond individual storm events. Developed watersheds destabilize terrestrial soils that 
then enter lagoons, while reduced peak floods increase sediment deposition within the lagoons. As 
a result, many lagoons have little shallow subtidal habitat (albeit many have been dredged to create 
“deep” water habitat as mitigation for dredging in ports and marinas, a habitat that may have no 
natural analog in southern California) and large areas of intertidal mudflat and saltmarsh vegeta-
tion that may not have been as extensive in the natural state. In both natural and modified lagoons, 
the river supplies nutrients from the watershed, with the magnitude of loading dependent on the 
nature and degree of watershed nutrient sources. One study found water column nutrients to be 
highest during the wet season in four of five open estuaries, with NO3 ranging from 50 to 1100 µM 
(Kennison 2008). In addition, spatial patterns of higher concentrations at the upstream river end 
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demonstrated a watershed source and dilution down estuary by tidal oceanic water (Page et al. 1995; 
Boyle et al. 2004; Kennison 2008). Overall, water column nutrients during the wet season in south-
ern California lagoons have an extremely wide range compared to other open estuaries (Valiela 
et al. 1992; Nixon 1995; Taylor et al. 1995; Svensson et al. 2000).

10.3.2  freQuently/permanently closed lagoon systems

Many lagoons in southern California have seasonal river flow, yet they are frequently or even perma-
nently cut off from direct oceanic influence by sand bars (Figures 10.2b and 10.2c). Few studies have 
been conducted in these types of systems (but see Ambrose and Orme 2000; Sutula et al. 2004), so 
our understanding of present and past conditions is limited. Most local geologists agree that at least 
seasonal closure, especially of smaller lagoons, is one of several natural conditions that occurred 
historically (Zedler 1982; Ambrose and Orme 2000). There is little doubt, however, that human 
modifications on watersheds and within lagoons have increased the frequency and dur ation of clo-
sure. Management of these systems is mixed, with some lagoons left closed, some opened to tidal 
flushing by dredging during winter to prevent flooding and/or excessive eutrophication, and oth-
ers with one-  way gates that maintain a largely freshwater system. At present, most lagoons that 
remain closed for extensive periods are characterized by small watersheds or watersheds with major 
upstream diversion of freshwater.

Nutrient and salinity regimes in closed lagoons of southern California are poorly understood 
due to a relative paucity of research. The few studies that exist suggest that these systems vary even 
more dramatically than open systems between wet and dry seasons and among levels of watershed 
development and within-  lagoon modification. Their current biogeochemical state, however, depends 
heavily on the recent history of their connection to the ocean (Ambrose and Orme 2000; Sutula 
et al. 2004).

Lagoons that close naturally (i.e., no weirs, tide gates, etc.) in the dry season can vary in salin-
ity from freshwater to hypersaline. This depends, in part, on time of closure, the elevation of each 
lagoon with respect to sea level, the duration and magnitude of anthropogenic freshwater flows in 
the dry season, and the importance of groundwater inputs. Once closed, high rates of evaporation 
during the hot dry season may result in higher salinities (Zedler 1982); however, any salinity regime 
along that gradient is also possible. Based on this same reasoning, dry season nutrient regimes can 
also be extremely variable and depend on the level of watershed development. In lagoons with little 
watershed development and low river inflow in the dry season, we would expect low nutrient sup-
plies and oligotrophic conditions. In lagoons with watersheds subject to continuous river flow due to 
agriculture or where rivers are used for disposal of treated wastewater, we would expect extremely 
high supplies and severe eutrophication. In addition, sediments transported from the watershed and 
deposited in the lagoon during the wet season can regenerate considerable nutrients, supporting 
blooms of primary producers in the dry season (Sutula et al. 2004)

In systems that remain closed even during the wet season, variability in nutrients and salinities 
will be amplified. Where watersheds are small and undeveloped, wet season river inflow supplies 
the only external nutrients to these systems and must result in extreme seasonality in productivity. In 
contrast, where watersheds are developed, high nutrient supplies support eutrophic conditions that 
can only worsen in the wet season as there is little or no capacity for dilution or washout of nutrients 
from the lagoon. More research on these systems is essential to understand present conditions. Even 
more key is to understand what may be the historical or “natural” hydrological state of these systems 
in order to make decisions for future management.

10.3.3  lagoon systems wItH lImIted rIVerIne and oceanIc Influence

Some lagoons in southern California have restricted, episodic, or even complete and perma-
nent diversion of riverine influence, essentially uncoupling these systems from their watersheds 
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(Figures 10.2e and 10.2f). In many cases, these systems are characterized by frequent and even 
permanent reduction of direct oceanic influence due to the lack of significant river flows scouring a 
lagoon mouth. This state is purely a result of human modification of the course of rivers, usually due 
to channelization for flood control. However, historical records of the Los Angeles and San Gabriel 
rivers, which drain large portions of the mountain ranges surrounding the Los Angeles Basin and 
the San Fernando Valley, show they dramatically switched course repeatedly during extremely 
wet years and thus created, abandoned, and reconnected with several lagoons. This suggests there 
may have been a natural counterpart to these types of modifications (Stein et al. 2007). Most likely 
these natural events were limited to lagoons with very large watersheds with significant rainfall 
and strong flooding potential. At present, systems with diverted rivers are remnants of much larger 
lagoons that have been transformed into deep-  water bays for recreational purposes. These small 
remnant systems are often connected to a diverted and channelized main river, and therefore are 
only indirectly connected to the ocean. Connections are often by a small creek with circulation 
restricted by culverts that are well above mean sea level. Thus, freshwater and nutrient supplies are 
either from localized runoff or only during extreme flood events when the river level exceeds the 
culverts (Fong and Zedler 2000). Similarly, oceanic exchange is very muted, limited to tides that 
exceed culvert elevations.

The degree to which the river and the ocean remain connected to these isolated lagoons deter-
mines the nature of the salinity and nutrient regimes. These systems may function as muted open 
systems, with estuarine conditions in the wet season and tidal lagoon conditions in the dry season 
(Figures 10.2e and 10.2f). In the wet season, there may be very local inflowing nutrients from 
culverts and storm drains as well as river-  derived sources (Fong and Zedler 2000). Depending on 
local land use as well as extent of watershed development, wet season nutrient supplies can be very 
high. As these systems are essentially “dead ends” hydrologically, nutrients supplied during the wet 
season accumulate and eutrophication can be extreme. In the dry season, freshwater flow is low 
yet nutrient rich; however, low volume flows may never make it into these systems, and eutrophica-
tion in the dry season may be less extreme. During the dry season, recycled sources may be very 
important; studies in Famosa Slough suggested that the flux of nutrients from enriched sediments 
fueled massive macroalgal and cyanobacterial blooms in summer (Fong and Zedler 2000; Fong 
unpublished data).

10.4  nAture of chAnge In southern cAlIfornIA 
lAgoon communItIes

10.4.1  pHase sHIfts Vs. alternatIVe staBle states: some tHeory

Dramatic shifts in populations, communities, and ecosystems worldwide in response to natural and 
anthropogenic alterations in environmental conditions have focused much attention on the nature 
of change and the processes that drive them (Scheffer et al. 2001; Beisner et al. 2003; Didham and 
Watts 2005). Ecological theory predicts many possible patterns of change for populations and com-
munities. Some studies found ecological communities shifted in a relatively simple linear manner, 
where a given change in a controlling environmental variable produced a predictable community or 
population-  level response (Figure 10.3a). Much recent attention, however, has focused on nonlinear 
shifts, with extreme nonlinearities or phase shifts occurring in response to both natural and anthro-
pogenic changes in environmental forcing functions (Figure 10.3b). Examples span a diversity of 
ecosystems, including the collapse of most major marine fisheries (Roughgarden and Smith 1996), 
desertification of the sub-  Sahara (Xue and Shukla 1993), and shifts from coral- to algal-dominated 
tropical reefs (Hughes et al. 2007).

The rising frequency of rapid collapses from one community state to another, often a less desir-
able state (e.g., Jackson et al. 2001), has renewed interest in whether this process is a simple and 
reversible phase shift, or if these shifts represent alternative stable states (ASS) (Scheffer et al. 2001; 
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removal via tidal flushing. Dashed lines represent the microphytobenthic community, solid lines the macro-
algal community. (a) In the simplest case, a community shift can occur in a linear manner, with an incremental 
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relative abundance of the two dominant communities. This relationship allows prediction of future change 
based on past history of the condition. (b) Communities can also undergo phase shifts, or rapid, catastrophic 
shifts from one dominant community to another over a very short range of environmental change. In this case, 
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Beisner et al. 2003; Didham and Watts 2005). It is important to distinguish between these two meth-
ods of community change because management strategies must be very different for each, if the 
goal is to promote and stabilize the initial, often “desirable,” state. Two key aspects of ASS theory 
with important management implications involve the processes that cause transitions between states 
and those mechanisms that stabilize them. Theory predicts forward shifts from one state to another 
(e.g., F1 in Figure 10.3c) occur at very different points or conditions of the environmental driver than 
backward shifts (e.g., F2) that restore the initial state. Thus, there is a range of environmental condi-
tions, between points F1 and F2, where either of two stable states can occur. At any environmental 
condition between F1 and F2, theory predicts that small disturbances will result in a return to a stable 
state; only large disturbances that push the state beyond the unstable equilibrium (represented by 
the dotted lines in Figures 10.3c and 10.3d) will result in shifts from one state to another. The only 
other mechanism to restore the initial state is to reverse the environmental conditions far beyond 
the forward shift, to F2, often a very difficult and expensive management option. Another key pre-
diction from theory is that, in order for ASS to be maintained, positive feedback mechanisms must 
exist to stabilize each state. These can include abiotic or biotic processes, but must be strong enough 
to buffer these states across a range of environmental conditions (between F1 and F2) and provide 
resilience to small disturbances.

10.4.2  How prImary producer communItIes In soutHern calIfornIa 
lagoons cHange: Bottom-  up forcIng By nutrIents

There is empirical, experimental, and theoretical evidence that bottom-  up forcing has shifted the 
composition of primary producer communities through at least two states along a nutrient-  loading 
gradient in shallow southern California lagoons (Fong et al. 1993a, 1993b; Fong et al. 1994). Results 
of large- scale experiments have demonstrated that as nitrogen loading from highly developed water-
sheds increased to southern California’s lagoons, producer communities dominated by low abun-
dances of phytoplankton and microphytobenthos (MPB) were replaced by blooms of opportunistic 
green macroalgae (Figure 10.4). These community replacements were not smooth, linear transitions 
along the nutrient gradient; rather, changes were abrupt, with communities dominated by either one 
state or another, with few transient transitional states. This pattern of change could be a result of 
either phase shifts (Figure 10.3b) or shifts between stable states (Figures 10.3c and 10.3d), but with 
this type of evidence we are unable to distinguish between these two processes. However, transi-
tions to macroalgal- dominated states have been documented worldwide, with blooms of green or red 
algae dominating many shallow estuaries and lagoons subject to nitrogen enrichment (e.g., Sfriso 
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fIgure 10.4 Results of a field mesocosm experiment modeling lagoons in southern California subject to 
a wide range of nutrient loading. There were 20 treatments varying both nitrogen and phosphorus with five-
fold replication. Communities demonstrated rapid, catastrophic shifts along the nitrogen loading axis, tran-
sitioning from domination by phytoplankton to opportunistic green macroalgae. When both nutrients were 
extremely high, cyanobacteria dominated. (Data from Fong et al. 1993b.)



Phase Shifts, Alternative Stable States, and the Status of Southern California Lagoons 237

et al. 1987, 1992; Raffaelli et al. 1989; Valiela et al. 1992, 1997; Geertz- Hansen et al. 1993; Peckol 
et al. 1994; Marcomini et al. 1995; Page et al. 1995; Hernández et al. 1997; Hauxwell et al. 1998; 
Kamer et al. 2001). Thus, rapid and catastrophic community change driven by bottom- up forces 
may be characteristic of estuarine systems worldwide.

There is mounting evidence that an additional phase shift may be in the process of occurring 
in southern California lagoons presently dominated by macroalgal blooms as nitrogen loading 
continues to rise (Figure 10.4). In systems outside of California, the driving mechanism that lim-
ited macro algal blooms was self- shading of macroalgal mats once they reach a critical density 
(e.g., Peckol et al. 1994; Krause- Jensen et al. 1999; Fox et al. 2008); decomposition of these mats 
leads to release of nitrogen to the water for use by other producers. In estuaries with low to mod-
erate tidal amplitude, macroalgae are replaced by blooms of phytoplankon (Duarte 1995; Valiela 
et al. 1997), and this transition is thought to be dependent on water residence time (Valiela et al. 
2000). In contrast, results of the only in situ enrichment experiment on the West Coast of the United 
States suggest that this final ecosystem transition along a eutrophication gradient will be to benthic 
cyanobacterial mats (Armitage and Fong 2004) rather than to phytoplankton. We hypothesize that 
dominance by benthic cyanobacteria may be attributed to the higher tidal amplitudes regularly 
flushing out phytoplankton and the existence of broad areas of intertidal mudflats providing suitable 
habitat for benthic algae in southern California lagoonal systems. These mats of cyanobacteria are 
unpalatable or even toxic to the dominant herbivores (Armitage and Fong 2004).

A competition model has been developed and tested empirically where the outcome of nutrient 
competition among phytoplankton, macroalgae, and cyanobacterial mats varies along a resource 
(nitrogen) gradient (Figure 10.5a) (Fong et al. 1994). Phytoplankton, with efficient nutrient uptake 
and growth at low nutrient loading rates dominates oligotrophic lagoons subject to low levels of 
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fIgure 10.5 A competition model predicts that the outcome of competition will vary based on nitrogen 
supply, with phytoplankton dominating at low, macroalgae at medium and high, and cyanobacteria at very 
high supplies of nitrogen. (Modified from Fong, P. et al. 1994. Ecol. Monogr. 64: 225–247.)
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nitrogen loading. As nitrogen loading increases, phytoplankton uptake rates saturate and macro-
algae and cyanobacteria, with higher maximum uptake rates, take up a larger percentage of the 
nitrogen and out- compete phytoplankton. Competition experiments along a resource gradient 
conducted in experimental mesocosms modeling southern California lagoons supported this com-
petition model (Figure 10.5b; Fong et al. 1993b). At low loading rates relative to natural systems, 
phytoplankton dominated producer communities. However, opportunistic green macroalgae and 
cyanobacteria with rapid growth capacities dominated experimental units at high nitrogen loading 
rates. Macroalgae and cyanobacteria suppressed phytoplankton via indirect, exploitative competi-
tion when grown together at high nitrogen loading rates.

We speculate that the transition from MPB and phytoplankton to macroalgae may not have been 
the first community shift in open lagoons of southern California. We believe that seagrasses may 
have dominated at least the larger systems prior to scientific documentation in this region. Our rea-
soning is that remnant seagrass populations occur in a few of the more open, well-flushed systems 
of southern California, such as Lower Newport Bay (personal observations) and San Diego Bay 
(Stewart 1991), where a direct connection with the ocean limits nutrients and turbidity and enhances 
water clarity. In addition, seagrasses dominate large lagoons and estuaries in northern California 
(e.g., Huntington and Boyer 2008), as well as many systems around the world (e.g., Hauxwell et al. 
2003). Ecological processes that are driving current shifts from seagrass to other primary producers 
usually involve nutrient- mediated competition for light (e.g., Short and Wyllies- Echeverria 1996; 
Hauxwell et al. 2003); we hypothesize that this same mechanism is responsible for the loss of sea-
grass in southern California lagoons.

10.4.3  posItIVe feedBacks staBIlIze tHe macroalgal- domInated state: 
support for lagoons as alternatIVe staBle states

Field surveys and experiments that demonstrate rapid transitions among community states are often 
unable to distinguish between phase shifts and ASS because limited temporal and/or spatial scales 
usually restrict observations of transitions to single events. For example, in southern California, 
we infer from present conditions in other regions that a transition occurred from seagrass to phyto-
plankton and MPB. However, this most likely happened long enough ago that there is little scien-
tific documentation of this event, and we have yet to observe reversals to seagrass domination. The 
types of evidence that can distinguish between these patterns of change and support ASS include: 
(1) persistent dominance by macroalgae across a wide nutrient supply gradient and (2) the existence 
of strong and consistent positive feedbacks that stabilize the macroalgal state. Below we summarize 
the evidence supporting the concept that southern California lagoons exist as alternative stable 
states driven by the bottom- up force of changing nutrient supply.

The present state of every primary producer community that has been quantitatively surveyed 
in southern California lagoons can be characterized, at least seasonally, as dominated by oppor-
tunistic green macroalgae (e.g., Rudnicki 1986; Page et al. 1995; Kamer et al. 2001; Sutula et al. 
2004; Kennison 2008). Although always associated with some level of enhanced supply of nitrogen 
from the watershed and enriched sediments (e.g., Fong 1986; Ambrose and Orme 2000; Boyle et al. 
2004; Sutula et al. 2004; Kennison 2008), temporal and spatial patterns in these characteristics vary 
widely within and between lagoons. In some lagoons, water NO3

– is extremely high year- round due 
to closely associated agricultural fields (Figure 10.6a). In others, high supplies of NH4

+ occur in the 
wet season (Figure 10.6b). Algal blooms, however, may occur in either wet or dry seasons and do 
not directly correlate to either water column (NO3

– or NH4
+) or sediment (organic content) sources 

of nitrogen (Figure 10.6). The clear disconnect between water nutrient concentration and magnitude 
and timing of blooms (Kennison 2008) suggests that complex direct and indirect feedback mecha-
nisms may support macroalgal blooms, even during times of relatively low external supplies.
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One of the positive feedbacks that stabilizes the present macroalgal- dominated state is the pres-
ence of enriched sediments that sustain supplies of nitrogen to macroalgae beyond direct supply 
of nutrients from the watershed during episodic rainfall and river flow events. Lagoon sediments 
accumulate higher concentrations of organic nutrients during the short rainy season via deposition 
of soils and organic matter (Figure 10.6b) eroded from the watershed and by adsorbing high con-
centrations of inorganic nutrients carried by freshwater flows (Sutula et al. 2004). During the dry 
season, mineralization of organic matter and flux of inorganic nutrients from the sediment result 
in seasonal decreases in sediment nutrient content, providing a source of nitrogen during times 
when macroalgal biomass is highest and water column sources often lowest (Fong and Zedler 2000; 
Kamer et al. 2001; Boyle et al. 2004; Sutula et al. 2004, 2006). This shifts nitrogen cycling from 
the processes of nitrification and denitrification, pathways of permanent loss, to one of recycling of 
nitrogen into algal biomass (Tyler et al. 2003; Sutula et al. 2006).

In one manipulative experiment using dry season water nutrient concentrations, macroalgae 
grew four times as rapidly with estuarine sediments than with inert sands (Kamer et al. 2004b). 
In addition, sediment sources of nutrients greatly reduced and even eliminated strong bottom- up 
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nitrogen limitation of macroalgae during the dry season (Kamer et al. 2004a). Thus, the sediments 
act as a slow release fertilizer to support macroalgal blooms when water column supplies are low, 
providing a strong positive feedback stabilizing the macroalgal community state.

Another positive feedback stabilizing macroalgal dominance is that higher nitrogen supplies 
enhance tolerance of bloom- forming algae to a variety of environmental extremes. First, high nitro-
gen supply ameliorates the negative effects of lowered salinity on growth. For example, in a labora-
tory microcosm experiment, growth of algae subjected to lowered salinity and ambient nutrients 
were suppressed by 50%, while algae subjected to lowered salinity and higher nutrients were sup-
pressed by only 15% (Kamer and Fong 2000). This trait is especially adaptive, as pulses of high 
concentrations of nitrogen from the watershed are always associated with lower salinity because 
of the freshwater transport mechanism. Second, ontogenetic shifts from benthic juvenile to adult 
free- floating stages expand suitable habitat for macroalgal proliferation (Kennison 2008). Benthic 
stages are limited by light to intertidal or very shallow subtidal zones, while floating rafts avoid light 
limitation by occupying the upper layers of water throughout lagoons. Field experiments demon-
strated that this ontogenetic shift is controlled, in part, by thallus size, and the rate at which this size 
is achieved is directly dependent on nutrient supply. Both higher salinity tolerance and ontogenetic 
shifts in habitat usage stabilize the macroalgal- dominated community state in the extreme environ-
mental conditions typical of southern California lagoons.

A major herbivore in southern California lagoons, the mud snail Cerithidia californica, stabi-
lizes the dominant macroalgal state through its trophic interactions. Snails exhibited top- down con-
trol of the microphytobenthos, thereby removing the competitor that may have replaced macroalgae 
when nutrient supply was reduced (Armitage and Fong 2004). In addition, snails facilitate domi-
nance by macroalgae by releasing nitrogen sequestered in sediments (Fong et al. 1997). This may 
be through consumption and subsequent release of nutrients contained in the microphytobenthos or 
through physical disturbance of the sediment enhancing flux of sediment nutrients.

The rapid and highly nonlinear nature of transitions to macroalgal dominance, the prevalence 
and persistence of the present macroalgal state, and the multitude of positive feedbacks stabilizing 
their dominance all support the hypothesis that southern California lagoons exist as alternative 
stable states. Ultimately, however, we will need to quantify the nature of the community response 
to reduction in nutrient supplies to levels below a threshold that caused the forward transition to 
confirm this hypothesis. Will the phytoplankton/MPB state return at the same point it disappeared 
(F1 in Figure 10.3)? Or will nutrient supply need to be reduced even further (to F2) to reestablish the 
original state? The answers to these questions are essential if we want to manage these systems to 
restore or even conserve the present status of the valuable ecosystem functions they provide.

10.5  hAVe communIty shIfts resulted In loss 
of ecosystem functIon?

10.5.1  upward cascadIng negatIVe effects on tropHIc support

One key ecosystem function of coastal lagoons is to support the abundant and diverse community 
of consumers that rely on the high level of lagoon productivity. Macroalgal blooms reduce diversity 
of primary producers via competition for nutrients and light, thus changing the base of this impor-
tant food web. A shift from a microphytobenthic community to macroalgae or cyanobacteria may 
have repercussions that cascade up the food web. In addition, severe blooms may deplete the water 
column and sediments of oxygen (Sfriso et al. 1987; Valiela et al. 1992; Young et al. 1998), resulting 
in fish and invertebrate mortality, producing subsequent changes in both trophic and community 
structure (Raffaelli et al. 1989; Bolam et al. 2000). Several experiments have demonstrated that 
macroalgal mats may have significant negative impacts on the benthic infaunal community (Everett 
1994; Norkko and Bonsdorff 1996; Osterling and Pihl 2001; Paalme et al. 2002; Fox et al. 2009), an 
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important food source for secondary consumers including crabs, fish, and resident and migratory 
shorebirds. A few studies have directly connected macroalgal blooms to negative impacts on higher 
trophic functioning such as shorebird foraging (Stenzel et al. 1976; Lopes et al. 2006).

There is strong evidence that nutrients have upward cascading negative effects in southern 
California lagoons by altering primary producer community structure. In situ experiments manipu-
lating top- down (consumers) and bottom- up (nutrients) processes resulted in shifts in benthic pro-
ducer communities to dominance by cyanobacteria and purple sulfur bacteria with nutrient addition 
(Armitage and Fong 2004). This shift toward cyanobacteria in field communities supported earlier 
predictions from theoretical and experimental work (Fong et al. 1993a, 1993b, 1994.). Nonpredation 
mortality of the major herbivore, the California mud snail, was up to three times higher in nutrient-
 enriched plots, suggesting toxicity by bacteria (Armitage and Fong 2004). Another experiment 
manipulating the third trophic level demonstrated that crabs ameliorated this bottom- up toxicity 
effect, most likely due to the physical disturbance produced by crabs moving across the sediments 
rather than direct consumption (Armitage and Fong 2006). Snails are an important link in the 
trophic structure of California lagoons, supporting both crab and bird populations, making these 
upward cascades of great management concern.

Nutrient- driven macroalgal blooms also have negative upward cascading effects directly on con-
sumers, which may be attributed to changing sediment biogeochemistry. Field surveys showed that 
densities of benthic infauna are one to two orders of magnitude lower under mats of macroalgae 
than they were where mats were absent (Green and Fong, in preparation). Field experiments manip-
ulating macroalgal mat thickness suggested that low and moderate abundances of macroalgae sup-
ported a larger and more diverse infaunal assemblage, but that abundances were severely reduced 
under thick mats (Green and Fong in preparation). Most estuaries surveyed in southern California, 
however, have thick mats at least seasonally (Kamer et al. 2001; Kennison 2008). Recent studies 
of bird behavior link these changes in infauna to negative cascades further up the trophic structure 
as many resident and migratory shorebirds change foraging behavior with macroalgal abundance. 
For example, sandpipers spend more time probing in their search for food when they are on top 
of macroalgal mats, but more time repeatedly pecking when mats are absent (Green and Fong, in 
preparation). As infauna are a major food source for birds and other secondary consumers, macroal-
gal impacts that alter this link of the food chain may signify a significant impairment of this vital 
ecosystem function.

10.5.2  case study of nutrIent retentIon and recyclIng 
In fIVe soutHern calIfornIa lagoons

The biogeochemical cycling of nutrients is one of the primary ecological functions of estuaries and 
lagoons and is essential on a global scale to maintain the health of coastal waters (Conley et al. 
2000; Cloern 2001; Ferguson et al. 2004). Two aspects of biogeochemical cycling, nutrient reten-
tion (uptake of “new” nitrogen entering the system) and nutrient cycling (transfer of nitrogen among 
biotic and abiotic pools), protect other near- shore coastal ecosystems from excessive nutrient sup-
plies (Schaefer and Alber 2007). Lagoon biota and sediments retain nitrogen and phosphorus from 
nutrient- rich terrestrial sources while microbial communities cycle nitrogen via denitrification and 
remineralization of organic compounds (Thybo- Christesen et al. 1993; Eyre and Ferguson 2002; 
Sundbäck et al. 2003). However, if nutrient loads exceed critical thresholds, reduction and even 
loss of these ecosystem functions may result (Cloern 2001; Kemp et al. 2005). The extent to which 
systems stave off loss of function depends on attributes such as hydrology, sediment characteristics, 
oxygen depletion, and biotic filtration (Schramm, 1999; Cloern 2001).

The natural or historical capacity of southern California lagoons to retain and recycle nutrients 
is largely unknown as they have been subjected to such a long history of human modification. That 
they were, in general, linked to small watersheds with highly seasonal rainfall and were semi-
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enclosed by sand bars with muted connectivity to the ocean suggests that residence times were long 
and thus nutrient processing capacities relatively high. The exception may have been during times of 
peak rainfall and flooding, when export to near- shore waters likely dominated. Long- term studies in 
one southern California estuary suggest that cycles of catastrophic storms, flooding, and sedimenta-
tion may be linked to the Pacific Decadal Oscillation, producing benign and stormy decades (Zedler 
and West 2008) that could greatly alter nutrient retention and recycling rates in these systems. In the 
following case study, we summarize results of a field survey quantifying present ecological func-
tions of nutrient retention and recycling (Kennison 2008), and speculate on reasons why we think 
significant loss of these functions has occurred.

Nutrient retention and cycling capacities varied from highly efficient to nonmeasurable among 
five southern California lagoon systems (Kennison 2008), and appeared to be largely independent 
of nutrient loading rate. Mixing diagrams relate salinity, a nonbiologically active substance, to inor-
ganic nitrogen concentration in the water column (e.g., Figure 10.7). A straight line with a negative 
slope indicates that nitrogen is diluted by tidal water but not biologically processed; a line that lies 
below this straight line indicates net uptake (retention) and a line above the straight line indicates 
net generation (recycling) within the lagoon. Two of the five lagoons studied, Carpinteria Marsh 
and Upper Newport Bay, showed considerable retention of nitrate (the dominant nitrogen species 
in all but Tijuana Estuary) despite high to very high inflowing concentrations spanning an order of 
magnitude (Figures 10.7a and 10.7g). At least some southern California lagoons have the capacity to 
absorb anthropogenic nutrient sources, and serve the ecological function of protecting ocean water 
quality. Both of these systems are open lagoons with direct connections to their watersheds, have a 
large proportion of area comprised of intertidal mudflat and salt marsh vegetation, and are ecologi-
cal reserves (Figures 10.8a and 10.8b). Previous studies in Newport Bay showed that large amounts 
of nutrients are taken up and retained by macroalgal blooms and the sediments (Kamer et al. 2001; 
Boyle et al. 2004). The dilemma we face is that, although these processes may support nutrient 
retention functions, excessive macroalgal blooms have strong negative trophic effects and enriched 
sediments may fuel blooms during any season (Figure 10.6). Thus, one key to managing our lagoons 
is balancing within- system health with whole system ecological functions.

Of the five lagoons, only Carpinteria Marsh demonstrated significant nitrogen cycling by generat-
ing ammonium within the lagoon, although the relationship is weak (Figure 10.7b); this function was 
also identified in an earlier study and attributed to sediment nutrient flux to the water (Page et al. 
1995). Uncovering the processes and mechanisms supporting a recycling function in this system may 
be key to maintaining and ultimately restoring this function to other southern California lagoons.

In two of five lagoons (Mugu Lagoon West and Tijuana Estuary), nitrate was diluted and 
exported directly to the ocean with no measurable retention within the system (Figures 10.7c 
and 10.7i). In Tijuana Estuary, ammonium, the dominant nitrogen species in inflowing water in 
this lagoon, was also exported with no measurable uptake (Figure 10.7j). We believe that these 
two lagoons previously supported the functions of retention and recycling based on the current 
functioning of other southern California systems, and had a naturally high retention capacity 
based on climate and geomorphology. That these functions have been reduced below measur-
able amounts or even completely lost over time is most likely a result of each lagoon’s unique 
history of human modifications, and therefore the mechanisms of loss are likely to be different 
for each system.

Investigating the different mechanisms that have acted to limit and even eliminate nutrient reten-
tion in Mugu West and Tijuana Estuary is key to understanding how we may restore this eco-
logical function. Mugu West is an example of a lagoon where the river has been diverted from 
flowing directly through the system, although the disconnection is not as severe as in other systems 
(Figure 10.8c). Calleguas Creek, the main river, was dredged into a channel 10 m deep that carries 
agricultural runoff directly from strawberry fields along its banks. River water only enters Mugu 
West when flood tides back up the nutrient- rich water, displacing it into the western arm. Within 
Mugu West, roads, buildings and airstrips create drastically muted tidal influence, increasing water 
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residence time. Due to these hydrological changes, we hypothesize that both macroalgal bloom 
potential and sediments became nutrient saturated from internal cycling sources, reducing and ulti-
mately eliminating the ability to process chronic “new” anthropogenic inputs, and facilitating dilu-
tion and export of nitrogen to the ocean.

Tijuana Estuary is a large and open system designated as a reserve, with broad intertidal mud-
flats and saltmarsh vegetation (Figure 10.8d). Thus, it is hydrologically more similar to Newport 
and Carpinteria than Mugu West. Yet, like Mugu West, Tijuana Estuary functions primarily as a 
conduit of nitrogen from the watershed to the sea. We hypothesize high concentrations of NH4

+ 
(Figure 10.7j) from pulsed release of treated wastewater directly upstream result in ammonium 
toxicity rather than uptake and cycling. Previous studies suggest this change in ecosystem function 
may be relatively new. During the 1970s, Winfield (1980) determined that Tijuana Estuary was a net 
sink for oceanic nutrients, not a source of terrestrial nutrients to coastal waters. In the 1980s, when 
tidal flushing in this estuary was reduced due to sedimentation (Zedler and West 2008), prolific 
macroalgal mats were found to be taking up large amounts of nutrients from the watershed (Fong 
1986; Rudnicki 1986), implying that the estuary at that time was retaining nutrients. After tidal 
flushing was restored, recent increases in storms and flooding (Zedler and West 2008) most likely 
resulted in the net export of nitrogen from this system.

Mixing diagrams showed no clear patterns of retention or uptake in Mugu Calleguas Creek, a 
system reduced to a deep channel draining agricultural fields with little connectivity to intertidal 
mudflat or vegetation. We hypothesize that the dredging of this channel resulted in complex tidal 
and freshwater mixing patterns, high turbidity, and high flushing rates. Additional complexity is 
added by direct nutrient- rich freshwater inflows from the adjacent strawberry fields timed to indi-
vidual water cycles for each field rather than larger- scale patterns generated by rainfall and subse-
quent river flow. While systems with short water residence times tend to export nutrients and have 
lower nutrient cycling capacity (Nixon et al. 1996; Conley et al. 2000), this is not the only process 
that is controlling nutrient retention in the highly modified Mugu Callguas Creek.

It is critical that future work assesses the degree of natural or historic functionality, focusing on 
the history of water flow and land use for each system, in order to adequately hindcast loss of eco-
logical functions. Macroalgae proliferate, take up, retain, and recycle large amounts of nutrients in 
response to enrichment and hydrodynamic forces. However, in some systems their capacity to “keep 
up” with supply has been exceeded, and these estuaries are not functioning to retain a significant 
portion of the nutrient load. In order to retain invaluable ecosystem services provided by estuaries in 
southern California, managers cannot only look to nutrient reduction but also must consider second-
ary feedback mechanisms, habitat availability for nutrient processing, and both the historic context 
and current condition of hydrodynamic processes within each estuary.

10.6  future chAllenges: clImAte chAnge—how wIll 
It Affect southern cAlIfornIA lAgoons?

Our changing climate is producing a suite of changes in global environmental drivers, including 
sea- level rise, increased CO2 in the air and water, ocean acidification, rising temperatures, and 
changes in weather patterns (Parmesan and Yohe 2003). These global changes will affect overall 
productivity of the ocean as well as species distributions, abundances, and diversity. Predictions 
that have been made for California are tenuous, but include wetter, warmer winters with more rain 
than snow, and therefore more winter and less summer riverflow, resulting in more extreme climatic 
events such as floods, landslides, droughts, and fires (Field et al. 1999). The ocean is expected to 
be warmer and therefore less productive due to nutrient limitation resulting from a more stable 
thermo cline, with subsequent cascades up the food web (Doney 2006). Declines in fish abundances 
in the southern California Bight over the last two decades suggest these changes are well under way 
(Brooks et al. 2002). However, more rainfall combined with even greater development of coastal 
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watersheds may bring more nutrients and sediments into coastal lagoons, and productivity may 
increase even further in these systems (Field et al. 1999).

One of the most serious climate- related concerns for southern California lagoons is sea- level rise, 
which is expected to continue even if we drastically reduce emissions today (IPCC 2007). The ocean 
absorbs more than 80% of the heat added to the global climate system, causing thermal expansion of 
seawater and melting of ice sheets and snow from Greenland and Antarctica. Sea- level rise averaged 
1.8 mm yr–1 from 1961 to 2003, with more recent rates (1993 to 2003) accelerated to 3.1 mm yr–1. 
The Intergovernmental Panel on Climate Change (IPCC) projected a range of sea- level rise from 
0.18 to 0.59 m by the end of the twenty- first century. Uncertainties were generated by the lack of 
studies of ice flow from melting ice sheets, and the high variability of these systems. However, with 
continued warming, snow cover is projected to decrease and ice is projected to shrink, and even 
with a stabilization of these factors, by 2300, sea level is expected to rise by 0.3 to 0.8 m by thermal 
expansion alone. As the IPCC reports, if the Greenland ice sheet is eliminated in the coming mil-
lennia, sea level would rise 7 m, which is comparable to the last interglacial period (125,000 years 
ago) when sea level rose 4 to 6 m.

Mean sea level is predicted to rise between 1.0 and 1.4 m along the California coast by 2100 
(Heberger et. al. 2009). However, it is important to note that this prediction does not include 
Greenland or Antarctic ice melt, so it is likely an underestimate. Key risks include flooding and 
coastal erosion, in some cases of barrier dunes (Heberger et. al. 2009). Sea- level rise will flood areas 
of low land adjacent to lagoons which, if undeveloped, could add to their area. However, in southern 
California, most lagoons are encircled by high- density development. In addition, these lagoons are 
tightly constrained between the ocean and the mountains, limiting the possibility of these systems 
naturally “migrating” upstream. Erosion of barrier dunes may fundamentally change lagoon hydrol-
ogy; one result may be continual tidal flushing, transitioning these lagoons into open embayments.

A second important threat to southern California lagoons that may be related to climate change 
is increased supply of sediments in response to increased storminess. The fourth assessment report 
of the IPCC (2007) predicted an increase in cyclone intensity, with a pole- ward shift of extratropi-
cal storm tracks. Thus, these more intense storms may reach southern California more frequently. 
This trend was confirmed by a long- term study (1858 to 2000) of tidal gauge data in San Francisco 
Bay that detected decadal scale “pulses” in storminess, with heightened storminess in the last two 
decades that peaked during the 1997 to 1998 El Niño Southern Oscillation (Bromirski et al. 2003). 
However, the authors did not relate these patterns to climate change, as values for the current storm-
iness were not unprecedented in the data record. Whether related to climate change or not, storms 
interact with watershed development to determine rates of sedimentation in lagoons. Thus, these 
more intense, and possibly more frequent, storms may increase sedimentation beyond the already 
high rates currently measured in southern California lagoons. Two studies have demonstrated that 
present sedimentation rates are higher than sea- level rise in some southern California lagoons (Greer 
and Stowe 2003; Zedler and West 2008). Sediments from the dunes and rivers filled lagoons and 
channels and elevated marsh plains, with major effects on producer and consumer communities 
including lowered diversity and increased brackish marsh habitat.

More research into the effects of climate change on southern California lagoons is essential for 
their long- term conservation. Key will be determining the balance in each system between sea-
 level rise and sedimentation. Methods that have proven effective include coring of salt marshes 
to quantify accretion rates, analysis of historic data on elevation and tide gauges, application of 
shorebird surveys and zonation studies, and experimental studies on hydrological and physical pro-
cesses (Moorhead and Brinson 1995; Day et al. 1999; Najjar et al. 2000; Wijnen and Bakker 2001; 
Galbraith et al. 2002; Erwin et al. 2006). In addition, a more comprehensive understanding of fac-
tors affecting ecosystem structure and function is needed, including historical and current hydro-
logical regimes, a historical context of the geomorphology of the system, and a degree of current 
degradation. Research on impacts of sea- level rise should be conducted in this ecological context in 
order to strengthen future predictions.
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10.7  conclusIons

Southern California lagoons are set in tectonically active valleys of the coastal mountain ranges, 
resulting, in general, in small and isolated ecosystems. Each has a unique history of human modi-
fications both to the watershed and the lagoon, making it difficult to advance generalizations about 
their functioning. One key to predicting the future may be to understand their historical condition. 
Many believe that most of these lagoons were closed off from the ocean seasonally or episodically. 
A Mediterranean climate with winter rains produced river flows that, depending on their magnitude 
and timing, could scour open the ocean connection. During the long, dry season longshore drift 
of sand resulted in building of the barrier sand dune, migration of this connection southward, and 
ultimately could cause lagoon closure. It is likely the historical condition of these systems con-
tained more shallow water and less intertidal mudflat, and that deeper water (>1 m depth) was rare. 
Seagrasses may have dominated primary producer communities.

With human modification, ocean connections became restricted to one possible opening, sedi-
mentation increased infilling of subtidal areas and elevating marsh plains, and nutrient supplies 
increased dramatically. Although timing and trajectories most likely varied widely, seagrass com-
munities were replaced first by microphytobenthos and then by blooms of macroalgae and cyano-
bacteria, with concurrent changes in consumer communities. At present, southern Caifornia lagoons 
are experiencing upward cascading negative effects of macroalgal blooms. Macroalgae draw down 
sediment oxygen content, killing benthic infauna. High nutrient supplies cause blooms of toxic 
cyanobacteria, which increases mortality of important epibenthic invertebrate grazers. Both of these 
change food supplies to resident and migratory birds. At present, some lagoons may no longer pro-
vide the important ecosystem function of nutrient retention, thus no longer serving to protect water 
quality of other near- shore marine habitats. Climate change will result in sea- level rise flooding 
lagoons and adjacent areas with oceanic water. Climate change may also increase storminess, which 
will further accelerate sedimentation from the watershed as well as cause erosion of barrier dunes.

The ultimate fate of southern California lagoons is highly uncertain. However, they are clearly 
at risk. Southern California lagoons are currently subjected to multiple stresses that continue to 
cause major changes in populations, communities, and trophic structure, and threaten ecosystem 
functioning. These stresses and resultant changes can only accelerate in the future with continued 
coastal and watershed development combined with climate change. If there is any hope of conserv-
ing southern California lagoons, it is essential that we continue efforts to understand their historical 
or “natural state,” study current ecological processes controlling their present status in order to 
predict future responses, and formulate active, adaptive management plans to maintain and restore 
their functioning in the future.
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11 Lagoons of the Nile Delta

Autumn J. Oczkowski* and Scott W. Nixon

AbstrAct

Burullus, Edku, Manzalah, and Maryut are four large (50 to 500 km2), shallow (~1 m deep) lagoons 
on Egypt’s Nile Delta that intercept great amounts of agricultural drainage, sewage, and industrial 
effluents before they are discharged to the oligotrophic eastern Mediterranean Sea. The lagoons have 
been rapidly decreasing in size as fish pond aquaculture, agriculture, and urbanization encroach on 
them. Following the completion of the Aswan High Dam on the Nile River in 1965, Egypt’s fresh-
water resources became fully regulated and the intensity of agricultural irrigation and synthetic 
fertilizer consumption increased, leading to a rise in the amount of agricultural drainage received 
by the lagoons. These factors, combined with increases in upstream population and improvements 
in sewerage infrastructure, have had significant and often dramatic ecological effects. Salinity, as 
well as ecological indicators like Secchi depth (representing turbidity levels) and dissolved oxygen, 
have decreased over time while nutrient concentrations, particularly inorganic nitrogen, have been 
increasing. Commercial fish landings in Burullus, Edku, and Manzalah lagoons have been rising 
since the 1960s and today constitute almost half of Egypt’s national fish catch. In the most altered 
and industrialized lagoon, Maryut, the fishery collapsed by around 1980, when sewage from the city 
of Alexandria was first collected and discharged to the lagoon’s main basin. Nutrient concentrations 
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in this lagoon are also exceedingly high, with recent mean annual dissolved inorganic nitrogen 
(DIN) concentrations far greater than 100 µM. In fact, the Maryut fishery collapsed when DIN con-
centrations reached 100 µM, suggesting that rising inorganic nitrogen inputs may have contributed 
to the system’s breakdown and that even the most productive systems characterized by resistant fish 
species have a limited capacity to assimilate and process nutrients.

Key Words: lagoons, Egypt, Nile Delta, fisheries, nutrients, water quality

11.1  IntroductIon

Of all coastal water bodies, lagoons are thought to be among the most sensitive to environmental 
changes. So-called “choked” lagoons (Kjerfve 1986) are particularly sensitive to human-induced 
alterations such as eutrophication and climate change. With most of the world’s population liv-
ing along the coast, and often adjacent to these systems, most lagoons are already greatly altered 
(Nixon 1982). This was particularly true in the United States and western Europe, where the advent 
of the industrial revolution in the late eighteenth and early nineteenth centuries brought about rapid 
enrichment of coastal systems with sewage and industrial effluents prior to widespread reliable and 
thorough ecological studies which might have documented such changes. In contrast, the coastlines 
of developing countries have been receiving the effects of rapid development and urbanization much 
more recently. Unfortunately, few of these systems are actively being monitored and the effects of 
any changes are again going undocumented. Egypt’s coastal lagoons are unique as the anthropo-
genic impacts on these systems have been accelerating since the mid-1960s and they have been the 
subject of extensive research since the 1950s.

The famous Greek historian Herodotus once wrote that Egypt was the “Gift of the Nile.” He was 
not exaggerating, for without the world’s longest river flowing through it, all of Egypt would be a 
desert. Egypt is an environment of extremes, and the Nile Delta lagoons are no exception. Egyptians 
have understood their dependence on the seasonal variability of the Nile for feast or famine since 
ancient times and have been modifying and extending the river’s floodplains to take better advan-
tage of this necessary resource for more than 5000 years. Up until the mid-1900s, heavy summer 
rains in the Ethiopian headwaters caused an autumn flood in Egypt, irrigating and fertilizing the 
floodplain with nutrient-rich silt. These floodwaters would eventually overflow a large delta wetland 
and flow out into the Mediterranean Sea, supporting both fertile lands for crops and a productive 
fishery along the northern edge of the delta.

Starting in the nineteenth century, small dams built on the delta were able to retain Nile water at 
levels above summer low flows and, along with other dams built further upstream, they were able 
to partially control the hydrology (Dumont and El-Shabrawy 2007). However, it was not until 1965 
that the Aswan High Dam was finally completed, reducing the fall flood by about 90% and giving 
Egyptians full control of their water resources for the first time. By 1967, virtually all of the water 
reaching the delta was used for irrigation (Dumont and El-Shabrawy 2007). The new dam allowed 
farmers to grow three crops a year instead of one, but with the nutrient-rich silt now trapped behind 
the dam, farmers came to rely on synthetic fertilizers to support increased food production and 
an ever-growing national population. From 1965 to 2002, Egypt’s national fertilizer consumption 
increased almost fourfold, from 3.4 × 105 t yr–1 to 13 × 105 t yr–1 (FAO 2008). During this time, pop-
ulation more than doubled (1965 to 2000) and per capita calorie and total protein consumption also 
increased markedly (FAO 2008). The nutrient-rich runoff from agricultural fields and much of the 
human sewage from Cairo, Alexandria, and towns on the delta are released into large drains which 
eventually discharge directly into the Mediterranean or, more commonly, into the four lagoons on 
Egypt’s delta coast (Burullus, Edku, Manzalah, and Maryut). Because water is such a precious 
resource in this country, as much of the land drainage as possible has been diverted to the lagoons.

Burullus, Edku, Manzalah, and Maryut are large (50 to 500 km2), shallow (~1 m deep) lagoons 
along Egypt’s northern coast that lie at the intersection of the fertile Nile Delta and the extremely 
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oligo trophic eastern Mediterranean Sea. They have been changing, both naturally and from human 
activities, since ancient times (Figure 11.1; Butzer 1976). However, it seems that the most rapid 
changes are or “as the result of” related to increasing inputs of nutrient-rich agricultural drainage 
and sewage, and area loss to urbanization and aquaculture have been occurring since the middle of 
the twentieth century, well within the timeframe in which reliable measurements of the chemistry 
and ecology of the systems have been made and allowing us to assess how some of these changes 
may be impacting the productivity of the lagoons (EA Engineering 1997; El-Rayis 2005; Shakweer 
2005, 2006; Okbah and Hussein 2006). As the information presented in this chapter will demon-
strate, the increased drainage, and the nutrients therein, as well as lagoon area loss to urbanization, 
aquaculture, and agriculture, have caused a series of dramatic changes, such as increased eutrophi-
cation, in the delta lagoons.

11.2  the nIle deltA

Egypt’s fertile Nile Delta lies at the intersection of three great deserts: the eastern and western 
deserts on land and an offshore marine desert, the ultra-oligotrophic eastern Mediterranean Sea 
(Figure 11.1). In stark contrast, the delta itself is a 25,000 km2 wedge of intense productivity, with 
densely packed villages and cities set among fertile agricultural fields, fish farms, and the four large 
brackish lagoons. The delta constitutes less than 3% of Egypt’s total land area but provides for about 
40% of the nation’s agriculture, 50% of its industry, and 60% of its national fish catch (Mikhailova 
2001). To accommodate the approximately 34 million inhabitants (half of Egypt’s population), and 
their industry and food sources, the Nile Delta is highly engineered. Agricultural fields have tile 
drainage systems and are connected to a dense network of canals carrying clean Nile water to the 
fields and drains removing field runoff. The density and size of the drains increase downstream 
toward the Mediterranean Sea. Most of the drains are routed to the coastal lagoons, which serve as 
secondary treatment basins for the complex mixture of agricultural runoff, sewage (from the cities 
and villages), and industrial effluents (Figure 11.1).
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fIgure 11.1 Egypt’s Nile Delta with agricultural areas indicated in gray (source data, Digital Chart of the 
World [DCW], Environmental Systems Research Institute, Inc. [ESRI] 1:1,000,000 scale). The Nile flows 
north through Cairo and then splits into the Rosetta and Damietta branches (black lines). Dark gray lines 
represent some of the major drains and canals on the delta (data from DCW). The crosshairs in the center of 
the image correspond to 31º0′E, 31º0′N.
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Aquaculture ponds that encroach on the lagoons and intercept drainage waters have also become 
widespread in recent decades. Egypt’s national aquaculture production increased more than 30-fold 
from 1984 to 2004 (from 15,000 t to 471,535 t), and most of this production occurs in earthen 
ponds around the coastal lagoons (El-Sayed 2007). Most of the ponds are semi-intensively cul-
tured, where the fish are fed a mixture of commercial feed, bycatch, and agricultural byproducts. 
Aquaculture wastes discharge into the lagoons at an unknown rate, and their impact is not well 
known because the ponds are privately operated and records do not appear to be centrally collected 
(Ishak and Shafik 1982).

The sizes of the delta lagoons (Burullus, Edku, Manzalah, and Maryut) have been changing 
for hundreds of years, especially since the Aswan High Dam closed in 1965. Between land recla-
mation for agriculture and aquaculture, the encroachment of urban areas, and siltation associated 
with increased agricultural drainage, the delta lagoons are rapidly shrinking. For example, Kassim 
(2005) reported that Maryut Lagoon shrank by 50% in just 35 years. Manzalah Lagoon is decreas-
ing at a rate of 5 km2 yr–1, while the islands within the lagoon grow at about 3 km2 yr–1, a total open 
water loss of just under 2% yr–1 (Mikhailova 2001). Using our best approximation of current lagoon 
areas, Burullus and Manzalah (500 and 450 km2), are an order of magnitude larger than Edku and 
Maryut at 50 and 63 km2, respectively (Table 11.1). The two larger lagoons are similar in size to the 
Lagoon of Venice (550 km2) and about twice the size of Long Island’s Great South Bay (245 km2).

The lagoons are not of marine origin, but were formed by the pooling of Nile flood waters behind 
the coastal sand dunes in this low lying delta. As early as 6500 years ago, extensive sand ridges 
began to form along the outer margins of the delta creating a barrier behind which marshes and 
lagoons developed (Stanley and Warne 1993). Humans settled in the area at about 7000 B.P. and by 
2000 B.P. were dramatically influencing the delta landscape through intensified irrigation, wetland 
drainage, and the artificial excavation of the Damietta and Rosetta branches of the Nile. Other natu-
rally occurring distributary channels were rerouted for irrigation purposes and by the nineteenth 
century, the area of the lagoons began to decline (Stanley and Warne 1993). At some point, either 
naturally or through human manipulation, the lagoons were connected to the sea via breachways. 
The first record of a lagoon–sea connection for Edku Lagoon was drawn on a map in 1798 by 
French scientists (Samman 1974). After the last normal Nile flood in 1964, the lagoons lost their 
seasonally replenishing freshwater pulse. To compensate for this and maintain the already impor-
tant fishery, drainage canals were designed to discharge into the lagoons rather than directly to the 
Mediterranean Sea (Al Sayes et al. 2007). Thus, it was intended that each lagoon receive very large 
amounts of agricultural drainage, although it is unclear whether the potential impact of increasing 
amounts of fertilizer runoff to the lagoon was considered. It is also impossible to assess the impact 
and importance of agricultural runoff relative to human sewage and industrial effluents as they 
appear not to have been described quantitatively or qualitatively.

tAble 11.1
some basic characteristics of the nile delta lagoons

lagoon
sizea

(km2) salinitya

Agricultural drainage Inflowb

(109 m3 yr–1)
direct sewage Inflowb

(109 m3 yr–1)

Burullus 500 0.5–21 2.5 –

Edku  50 2–28 2 –

Manzalah 450 2–15 7 0.033

Maryut  63 2–5 0.3 0.22–0.35

a Data from Toews (1988); El-Shenawy (1994); EA Engineering (1997); Zaghloul and Hussein 
(2000); Dewidar and Khedr (2001); Okbah and El-Gohary (2002); Okbah and Hussein (2006).

b Data from EA Engineering (1997); El-Rayis (2005); Shakweer (2005); Okbah and Hussein (2006); 
Shakweer (2006); Al Sayes et al. (2007); Dumont and El-Shabrawy (2007); Mageed (2007).
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The physical and chemical characteristics of some lagoons are far better documented than oth-
ers. Of the four lagoons, Maryut Lagoon is the best understood, probably because it lies just inshore 
of Alexandria. Alexandria is Egypt’s second largest city and home to a government research agency 
(National Institute of Oceanography and Fisheries) and a well-regarded oceanography program at 
the University of Alexandria. Many of the earliest studies of lagoon chemistry and biology were car-
ried out in Maryut (Wahby 1961; Aleem and Samaan 1969; El-Wakeel and Wahby 1970; El-Zarka 
et al. 1970). In the mid-1990s, an environmental consulting firm, EA Engineering, Science and 
Technology, Inc., conducted an extensive review of both historical data and then current conditions 
of the lagoon. Over the period of a year, the consulting firm measured water and sediment composi-
tion and quality, including nutrients, heavy metals, and pollutants, as well as documented the flora 
and fauna in the lagoon (EA Engineering 1997). Manzalah was thoroughly studied in the 1960s and 
1970s. While we have a fairly clear picture of lagoon conditions prior to 1980, more recent data are 
sparse, and we have only a poor sense of how different parameters have changed in the last quarter 
century. One exception is that the sedimentology of Manzalah Lagoon is exceptionally well docu-
mented in a series of papers (e.g., Stanley and Warne 1993; Benninger et al. 1998; Randazzo et al. 
1998) which represent a large and important body of work concerning our understanding of the 
evolution, not only of Manzalah, but of the entire Nile Delta. There are a number of papers address-
ing different aspects of Burullus and Edku lagoons, but, with a few notable exceptions (e.g., Dumont 
and El-Shabrawy 2007), many of them are quite narrow in scope and published over a wide range of 
time, such that our understanding of the dynamics of these systems is incomplete.

11.3  PhysIcAl, chemIcAl, And bIologIcAl chArActerIstIcs 
of the deltA lAgoons

The delta lagoons are close to one another and share a similar origin and certain physical and cli-
mactic characteristics. Despite their wide range in size (50 to 500 km2), the mean depth of each of 
the lagoons is ~1 m (Table 11.1). Because they are so shallow, lagoon water temperatures closely 
track air temperatures and vary little spatially. Data from Maryut Lagoon show a typical seasonal 
profile, with air and water temperatures ranging from about 15ºC in the winter to a high of 30ºC in 
the summer (Figure 11.2). Annual rainfall is about 10 to 20 cm, with almost no rainfall from April 
to October (Figure 11.3). Warm temperatures in this dry climate contribute to high rates of evapora-
tion on the order of 160 to 170 cm yr–1, or about 8 to 17 times the amount of rainfall. Depending on 
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the lagoon area and season, this translates to evaporation rates ranging from 10 m3 s–1 to more than 
50 m3 s–1 (Aleem and Samaan 1969; El-Zarka et al. 1970; Toews and Ishak 1984; EA Engineering 
1997; Mikhailova 2001).

11.3.1  Burullus

Burullus is currently the largest coastal lagoon (500 km2) and is centrally located on the delta between 
the Rosetta and Damietta branches of the Nile (Figure 11.1). Separated from the Mediterranean Sea 
by sand dunes to the north, Burullus is surrounded by ever-encroaching fish farms along its south-
ern margin (Radwan 2005). It is estimated that more than 35% of the lagoon area has been lost by 
conversion to fish farms and agricultural lands (Okbah and Hussein 2006). There are seven major 
drains discharging a mix of agricultural water, fish farm drainage, and mixed upstream sewage 
effluent into the lagoon (Figure 11.4). While these drains are distributed along the southern and east-
ern edges of the lagoon, there is also a large canal (Brimbal Canal) that connects the Rosetta branch 
of the Nile to the western edge of the lagoon. This canal used to provide about 50% of the water to 
the lagoon but, after the Aswan High Dam closed, this was reduced to 5% as flow in the Rosetta also 
declined rapidly (Dumont and El-Shabrawy 2007). Today, all of the drains combined provide about 
97% of the incoming freshwater (the remaining 3% is precipitation and groundwater), discharging 
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an average of 2.5 × 109 m3 yr–1, with flows ranging more than threefold, from 80 × 106 m3 mo–1 in 
the winter (January) to 272 × 106 m3 mo–1 in the summer (July) (Table 11.1, Figure 11.3) (Okbah and 
Hussein 2006; Dumont and El-Shabrawy 2007). For some context, the Lagoon of Venice, which 
is of similar size (500 km2) and depth (~1 m) to Burullus, is a well-known example of a heavily 
impacted lagoon. The freshwater inflows to this system are an order of magnitude less, ~0.5 × 
109 m3 yr–1 (Morin et al. 2000).

Although Burullus Lagoon is connected to the sea in its northeast corner through a breachway 
(locally called Boughaz El-Burullus), the lagoon surface is 25 to 60 cm above sea level (Dumont 
and El-Shabrawy 2007). A noticeable drop in lagoon level, down to 20 cm below sea level, is gen-
erally observed in both the summer and winter. The former drop is associated with high levels of 
evaporation and the latter with decreases in agricultural discharge (Al Sayes et al. 2007; Dumont 
and El-Shabrawy 2007)). In general, about 84% of the total lagoon freshwater input is discharged 
through the breachway, while the rest is lost to evaporation (Dumont and El-Shabrawy 2007).

The spatial distributions of water chemistry and water quality parameters are related to the sea-
sons and the hydrologic gradients between drainage and sea water. In general, salinity in this lagoon 
ranges widely from 0.5 in the westernmost corner in the fall to 21 near the breachway in the winter 
(Table 11.1) (Okbah and Hussein 2006). In addition, the drainage water is not completely fresh, and 
salinity in the drains can range from 0 to 3 (Okbah and Hussein 2006). Data from 2003 show that 
both total suspended matter and transparency also varied by season, with total suspended matter 
an order of magnitude greater in the summer than in the winter (149 mg L–1 and 18 mg L–1, respec-
tively) (Radwan 2005; Okbah and Hussein 2006; Al Sayes et al. 2007). Transparency (Secchi depth) 
typically ranges from 20 to 40 cm, with greatest transparency in the fall, before winter wind-mixing 
and after the summer growing period (Radwan 2005). These convert roughly to vertical light atten-
uation coefficients of over 4 to almost 8 m–1. Even in such a shallow system, very little light (<2%) 
reaches the bottom. While these seasonal variations in total suspended matter may be related to 
seasonal changes in productivity due to temperature variations, upstream growing seasons may also 
play an important role in these shifts. Not surprisingly, the total suspended matter in the drains is 
much greater than in the lagoon, and also shows seasonal variation from 225 mg L–1 during summer 
to 85 mg L–1 in the winter (Okbah and Hussein 2006). It seems likely that this allochthonous mate-
rial contributes in some way to the suspended organic matter in the lagoon. In Egypt, as in most of 
the world, summer is the largest growing season when much greater amounts of water and fertiliz-
ers are used. Dissolved oxygen (DO) is higher in the winter than the summer (about 10 to 12 mg L–1 
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vs. 5 to 6 mg L–1). Presumably this increase is due to greater wind-mixing, which may also cause 
the observed decrease in winter water clarity, and an increase of oxygen solubility with decreasing 
water temperatures (Radwan 2005; Okbah and Hussein 2006; Al Sayes et al. 2007). While the sus-
pended matter data do not distinguish between organic and inorganic fractions, the available data 
suggest that increased summertime runoff leads to high system productivity and phytoplankton 
growth, and winter wind-mixing may resuspend benthic organic matter and sediments.

11.3.2  edku

Edku Lagoon lies just west of Rosetta and is currently about 50 km2, less than half of its original 
size (120 to 130 km2) (Table 11.1, Figures 11.1 and 11.5) (Banoub 1983; Zaghloul and Hussein 2000; 
Okbah and El-Gohary 2002). Unlike Burullus, where much of the lagoon has been lost to aquacul-
ture, agricultural land reclamation is primarily responsible for the decline of Edku’s surface area. 
Water movement is more dynamic along the western side of the lagoon, near the breachway (locally 
called Boughaz El-Maadiya). In contrast, the eastern half of the lagoon is heavily vegetated and 
much shallower (<1 m). It is generally believed that the flow through the breachway is stratified, with 
lagoon water flowing out along the surface, and marine water in along the bottom (Shakweer 2006). 
However, like Burullus, this lagoon is not in equilibrium with the Mediterranean as the water level 
of the lagoon is ~70 cm above sea level. This is reflected in a marked salinity gradient within the 
lagoon during all seasons except spring (Figure 11.6). Most of the seawater intrusion is thought to 
occur during the winter months, when wind-mixing is greatest (Shakweer 2006). There are two 
main drains that discharge into the eastern side of the lagoon, the Bersik and Kom Belag (Okbah 
and El-Gohary 2002; Shakweer 2006). The Kom Belag drain releases only about a sixth of the 
Bersik Drain’s effluent. Together they discharge about 2 × 109 m3 yr –1 and exhibit a similar seasonal 
pattern to the Burullus drains, although with a peak in discharge in the fall and not late summer as 
with Burullus (Table 11.1, Figure 11.7) (Shakweer 2006; Al Sayes et al. 2007).

Seasonal patterns in salinity are fairly consistent with our understanding of the hydrodynamics 
in Edku (Figure 11.6). El-Shenawy (1994) conducted seasonal measurements of salinity at five loca-
tions in the lagoon and found that salinity values near the breachway and in the easternmost portion 
of the lagoon (furthest from the breachway) are nearly identical in the spring, when agricultural 
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drainage is lowest. Throughout the rest of the year, salinity is greater near the lagoon–sea connec-
tion than in the east (Table 11.1; Figure 11.6). In the winter, when wind-mixing is presumably high, 
salinity near the breachway is an order of magnitude greater than the rest of the lagoon (27.8 vs. 
about 2.5 for the other four stations). While stormier weather may have driven more Mediterranean 
water into the lagoon, it does not explain why this high salinity water did not mix with the rest of the 
lagoon. Salinity measurements were made at least twice per season (exact frequency is not known), 
so a single storm event cannot explain this difference (El-Shanawy 1994). Further, one might expect 
large differences in water temperature to correspond to the winter differences in salinity as the 
Mediterranean seawater is likely cooler than the very shallow, productive lagoon waters. However, 
temperature variations are extremely small within Edku throughout the year (≤1ºC), but especially 
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in the winter when the station near the breachway was only 0.2ºC cooler than the other stations 
(17.8ºC vs. 18ºC) (El-Shanawy 1994).

Based on five reports published from 1992 to 2004, variations in DO in this lagoon are great 
(up to fivefold within a given season), with no chronological patterns evident. Data from 1992 
and 2000 ranged from 0.9 to 4.5 mg L–1 and were much lower than 1999 and 2004, which ranged 
from 6.7 to 9.9 mg L–1 (El-Shenawy 1994; Siam and Ghobrial 2000; Abbas et al. 2001; Okbah 
and El-Gohary 2002; Shakweer 2006). While some of these differences may arise from different 
sampling frequencies and/or number of sampling stations, they are not acknowledged in any of 
the publications.

While we cannot determine if DO concentrations have changed over time, there is some prelimi-
nary evidence that water clarity has declined significantly since 1970 (Figure 11.8). From June 1969 
to May 1970, the bottom (at about 1 m) was visible throughout most of the year (Samman 1974). By 
the mid-1990s, however, Secchi depth ranged from an average of 30 cm near the breachway to 15 cm 
in the east near the agricultural drains (Soliman 2005). Similar values were observed in 2004, with 
slightly poorer water clarity in the east and poorest water clarity throughout the lagoon in the spring 
(~22 cm) (Shakweer 2006). Surprisingly, and unlike Burullus Lagoon, the greatest seasonal water 
clarity was in the summer (~36 cm), and nearly identical in the winter (~31 cm) (Shakweer 2006). 
The authors attribute low spring clarity to phytoplankton blooms and deeper summer and fall values 
to a lack of wind-mixing and general decrease in turbidity during these seasons.

11.3.3  manzalaH

Manzalah has the most complicated morphology of all the lagoons (Figure 11.9). It is also the subject 
of the widest body of literature, particularly pertaining to fisheries and sedimentology. Although 
most of this information is from before 1990, it provides an excellent picture of the physical and 
hydrodynamic characteristics of this ecosystem. Like all of the lagoons, Manzalah is shallow, but 
it is also mottled with over 1000 islands that have a total area of about 13 km2 (Shakweer 2005). 
The islands fall into three basic morphological categories. The first group is in the north, parallel 
to the coast, and contains islands that are large, sandy, and flat (Randazzo et al. 1998). These are 
thought to represent ancient shorelines (El-Wakeel and Wahby 1970). The second category is in 
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the central and eastern parts of the lagoon and oriented either north–south or northwest–southeast. 
The third type is in the south and smaller than the others. Islands in the latter two categories are 
mud rich and may be the depositional remnants of former branches of the Nile that used to flow 
through this lagoon (Randazzo et al. 1998). Shaheen and Yousef (1980) also report some small 
islands of mollusk shells in Manzalah comparable to Native American Shell Middens. There is 
archaeological evidence that these islands have been occupied for a long time, and most are still 
inhabited by fishermen and farmers (Randazzo et al. 1998; Shakweer 2005). Many of the islands 
appear to be continuously increasing in size as a result of increasing influx of agricultural drainage 
water and silt (Dewidar and Khedr 2001).

Manzalah Lagoon is bordered to the north by the Mediterranean Sea, on the west by the Damietta 
branch of the Nile River, and on the east by the Suez Canal (Figure 11.1). The connection to the 
sea, locally called the Boughaz El-Gameel, is in the northeast corner of the lagoon. There are 
three canals connecting the lagoon with the Damietta, all of which were originally constructed to 
decrease the salinity in the western part of the lagoon (Figure 11.9). The canals were opened prior 
to 1965 and used to supply freshwater only seasonally, during the Nile flood. Today, in the absence 
of the flood, they provide a permanent source of drainage water to the area (El-Wakeel and Wahby 
1970). Manzalah is also connected with the Suez Canal a few kilometers south of the coastal city of 
Port Said, although it is not clear in which direction the water flows at this canal–lagoon interface.
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Prior to the closure of the Aswan High Dam in 1965, groundwater and the Nile flood were the 
primary sources of freshwater to the lagoon. Since then, with the careful year-round regulation of 
Nile water and tile drained fields, virtually all of the freshwater inputs to the lagoon are from the 
Damietta canals and five main drains (Table 11.1, Figure 11.9) (Shakweer 2005). The Bahr El-Bagar 
and Hadus drains discharge 75% of the drainage water to the southeasternmost corner of the lagoon 
and provide about 3.3 × 109 m3 yr–1 and 1.7 × 109 m3 yr–1, respectively. Bahr El-Bagar released 92% 
of the total nitrogen and 25% of the total phosphorus loads to the lagoon annually in 1979 and 1980 
(6200 and 1700 t yr–1, respectively; Toews and Ishak 1984). While the city of Damietta discharges 
about 90,000 m3 d–1 of secondary treated sewage into the western side of the lagoon, it is the south-
eastern corner that is infamous for its pollution and noxious odors (Mageed 2007). Some have 
observed hydrogen sulfide (H2S) bubbling to the surface in this area, where the average H2S con-
centration is about 15 mL L–1 (Samir 2000). Approximately 65% of Cairo’s municipal and industrial 
wastes are discharged to Manzalah through the Bahr El-Bagar drain, explaining the drain’s nutrient-
 rich effluent (El-Sherif and Gharib 2001). Dewidar and Khedr (2001) refer to this southeast region, 
known as the Ghinka sub-basin, as a “black spot” rich in heavy metals and nutrients. Despite the 
apparent pollution, the lagoon overall does not seem to have problems with anoxia or hypoxia, with 
the lowest dissolved oxygen concentration observed by Shakweer (2005) reported at 6.3 mg L–1.

There is some early evidence that, while the drainage inflows to the lagoon have been increas-
ing over time, the amount of water evaporated from the lagoon’s surface has been declining 
(Figure 11.10) (Toews and Ishak 1984). In addition, Cairo’s sewage must have increased markedly in 
the 1980s with the expansion of water and sewer systems in the city (Nixon 2003). Not surprisingly, 
the increased drainage coincides with a general freshening of lagoon waters (Figure 11.11) (Toews 
1988). The salinity of the lagoon declined from approximately 20 in the 1920s and 1930s to about 
3 in 1980. For reference, the average salinity of the drains was approximately 1.3 during the later 
time (Toews 1988). Macrofossil, diatom, and sediment core data also suggest that barrages (small 
dams) on the Damietta branch of the Nile significantly increased freshwater inflows to this lagoon 
as early as 1912 (Appleby et al. 2001; Flower et al. 2001). However, what might not be immediately 
intuitive is the observed decline in the amount of water evaporated. As in the case of the other three 
lagoons, the surface area of Manzalah has been decreasing rapidly, resulting in less surface evapo-
ration (Figures 11.10 and 11.12) (Toews 1988; Randazzo et al. 1998; El-Sherif and Gharib 2001). 
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The loss of lagoon area was estimated at 5.2 km2 yr–1 between 1922 and 1995, with the greatest loss 
along the western and southern borders (Dewidar and Khedr 2001). Others have estimated more 
recent lagoon area losses of 15 km2 yr–1, suggesting that evaporation rates are even lower today 
(Reinhardt et al. 2001). As with the other lagoons, conversions of lagoon area to aquaculture ponds 
and agricultural lands, as well as the building of roads, are primarily responsible for the decline in 
area (Dewidar and Khedr 2001).
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fIgure 11.11 Decline in Manzalah Lagoon mean salinity between 1921 and 1980 (data from Toews 1988). 
Dams built in 1933 and 1951 diverted Nile water to agricultural fields, increasing the amount of agricultural 
drainage discharging into the delta lagoons (data from Appleby et al. 2001). The drops in salinity from 1933 to 
1935 and in 1962 may reflect the increasing effectiveness of the dams. It is unlikely that the lagoon will ever 
become entirely fresh as the primary source of water to the lagoon (drainage) has a salinity >0.
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fIgure 11.12 Manzalah Lagoon open water area decreased by about 60% from 1900 to 2000. (Data from 
Toews 1988; Randazzo et al. 1998; El Sherif and Gharib 2001.)
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11.3.4  maryut

Historically, Maryut is the most studied of all the delta lagoons. This is probably because it lies 
just inshore of the city of Alexandria, the second largest city in Egypt (behind Cairo), making it 
an important resource for more than 3.3 million Egyptians and also easily accessible to scientists 
at the local universities and government research agencies (Figure 11.13) (Nixon 2003). However, 
this lagoon has received much less scientific attention in recent years and has been dismissed by 
many as “entirely polluted” and a “dead lake” due to the large amounts of raw and primary treated 
sewage and industrial wastes it receives from Alexandria. Most current research has shifted away 
from ecology to studies of heavy metal and/or pesticide impacts on local fish populations. We are 
not so quick to dismiss Maryut as a lost cause. A substantial number of fishermen still fish from the 
lagoon’s main basin, despite the fact that it is technically closed to fishing, and this region provides 
both a livelihood and habitat for a number of Egyptians.

Maryut is the most engineered of the four lagoons. While it has been divided into four main 
basins (Main, Fisheries, Southwest, Northwest), only the Main and Fisheries basins are addressed 
in the scientific literature (Figure 11.13). All receive some upstream agricultural drainage and 
untreated industrial effluent, but it is the Main Basin, which lies along Alexandria’s southern shore, 
that is considered polluted and “dead.” Prior to 1993, there were four large outfalls along this city–
sea interface that discharged substantial amounts of raw sewage and untreated industrial wastes 
from more than 1200 manufacturing plants into the lagoon (Abdel-Shafy and Aly 2002; El-Rayis 
2005). After 1993, almost all of the sewage was transferred to one of two treatment plants for pri-
mary treatment. The Western Treatment Plant discharges about 1.8 × 105 m3 d–1 of primary effluent 
directly into the northeast corner of the Main Basin, while the Eastern Treatment Plant discharges 
4.1 × 105 m3 d–1 of primary effluent into an open drain (Kalaa) where it mixes with agricultural 
drainage, raw sewage, and industrial effluents. The mix then travels about 12 km before discharg-
ing into the southeastern corner of the Main Basin (as of 1997, discharge was 8.0 × 105 m3 d–1) 
(Table 11.1; EA Engineering 1997). Today, almost all of the sewage effluent is treated to some 
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degree, although small local sources of untreated domestic and industrial wastewater continue to 
enter the lagoon directly at other locations (EA Engineering 1997).

None of Maryut’s basins have a direct connection to the sea, and the water level in the Main and 
Fisheries basins is carefully maintained at 3.7 m below sea level to allow land drainage to flow into 
them. The very large Omoum drain divides the eastern two basins from the western two. This drain 
is both a source of nutrient-rich drainage water and a sink for Maryut Lagoon water. It is unclear 
exactly how much exchange of water occurs between Maryut and this drain, although numerous 
reports mention Omoum as a significant source of drainage water to the lagoon. A map in an early 
report shows underground pipes leading water from the drain to the lagoon, which the caption 
describes as “… underground pipe connecting the upper limit of the fresh water canal with Lake 
Mariut” (Figure 11.3 from Aleem and Samaan 1969). In addition, the sides of this open canal rise 
only about 0.5 m or less above the water surface, and local fishermen frequently create openings 
in these walls to allow the “fertilizing drain waters” to flow into the lagoon. At the northwestern-
most corner of the Main Basin, surplus lagoon water flows back into the drain at a rate of approxi-
mately 7.2 × 105 m3 d–1. This mix of lagoon and drainage water is subsequently pumped out into the 
Mediterranean Sea at a rate of about 6 × 106 m3 d–1 (El-Rayis and Abdallah 2005). The lagoon water 
going into Omoum drain is about 70% wastewater but, after mixing with the drainage, the sewage 
component dilutes to about 10% (El-Rayis and Abdallah 2005).

Because there is no direct sea connection, salinity is low throughout Maryut Lagoon, rang-
ing from approximately 2 to 5 (Table 11.1) (EA Engineering 1997). This measurable salinity may 
be attributable to either marine groundwater intrusion or agricultural drainage and subsequent 
upstream desalinization of fields. Maryut was actually open to the sea at various points in its his-
tory, the most recent being in 1801, when the French, led by Napoleon, reopened a dyke to the 
sea (El-Wakeel and Wahby 1970; EA Engineering 1997). Despite dramatic changes in the spatial 
distribution and volume of drainage to the lagoon, the transparency of the lagoon has not changed 
much, with Secchi depths generally less than about 50 cm in both 1960 and in 1992, the most recent 
measurements reported (Aleem and Samaan 1969; EA Engineering 1997). In contrast, there was 
a drop in DO concentrations from the 1950s to the 1990s. We compiled all of the available mean 
annual DO measurements into decadal bins, and the results show a clear drop in concentration from 
8 mg L–1 in the 1950s to a lagoon-wide average of less than 4 mg L–1 in the 1990s (Figure 11.14). 
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There is a clear east to west gradient in the Main Basin, with completely anoxic water near the sew-
age outfalls. Studies have reported corresponding H2S odors along this eastern edge for decades 
(Saad et al. 1984; El-Rayis 2005), which we can also personally confirm.

11.4  lAgoon substrAtes

Sediments in the three lagoons with an open exchange with the sea (Burullus, Edku, and Manzalah) 
range from coarse sands near the breachways to fine silty clays further inshore along the south-
ern edges. The poorly sorted sands contain mollusk shells of marine origin, particularly Cardium 
(Randazzo et al. 1998; Al Sayes et al. 2007). Remains of barnacles and the tube worm Mercierella 
are also abundant (Samman 1974). Carbonate (CaCO3) constitutes at least 50% of the total sedi-
ments, and organic matter is generally between 2% and 6% (Abdel-Moati and El-Sammak 1997). In 
Burullus Lagoon, CaCO3 also comprises a substantial portion of the fine-grained sediments (12% to 
34%), with the highest concentrations near the drain mouths. The silty clays in the drains themselves 
are 7% to 8% CaCO3 (Khalil et al. 2007).

While Maryut Lagoon is now composed entirely of fine-grained sediments, the composition of 
its substrate has changed over time. In 1968, the lagoon bottom was covered in a poorly sorted sand–
silt–clay mix, where the sand size fraction was made up entirely of shell fragments, mostly pieces of 
lamellibranches, gastropods, and tubeworms. About 40% of the sediment was composed of CaCO3 
and organic matter was 8% (El-Wakeel and Wahby 1970; El-Rayis 2005). By 1987, just two decades 
later, the organic matter content more than doubled to ~20%. With time, the suspended matter 
coming in from the former drains along the Main Basin’s northern shore, and from Kalaa drain in 
the southeast, had formed a fine-grained, nutrient-rich sludge bed on the bottom of the Main Basin 
(El-Rayis 2005). These northern shore drains closed in 1993 and their effluent was routed to either 
the East or West Treatment Plants for primary treatment. By 1996, the organic matter content of the 
sediments adjacent to these former outfalls had decreased considerably to about 10%. Organic mat-
ter concentrations increased to >20% near the Western Treatment Plant, which discharges directly 
to the lagoon (El-Rayis 2005). Overall, the mean organic matter content for the whole lagoon was 
~14% (El-Rayis 2005). Even with recent declines, overall organic matter content in Maryut is still at 
least twice that of the other lagoons, and Maryut is the only lagoon where the percent organic matter 
exceeds the percent carbonate (Abdel-Moati and El-Sammak 1997).

11.5  PollutAnts

With large amounts of agricultural drainage, sewage, and industrial waste entering the lagoons, 
associated pollutants such as pesticides, herbicides, and heavy metals could have a significant 
impact on the ecology of these systems. Despite the importance of agriculture in the region and the 
number of crops grown per year, pesticides are not heavily used. In the mid-1990s, Egypt applied 
pesticides at a rate of about 1.5 kg ha–1, or half that applied in the United States at the same time 
(Pimentel et al. 1991; Dinham 1995; FAO 2008). Pesticide use is largely (65%) fungicides (Badawy 
1998) and does not seem to be adversely affecting the lagoonal ecosystems (El-Hoshy and Mousa 
1994; Abdel-Moati and El-Sammak 1997; EA Engineering 1997). A recent study of organochlorine 
insecticides and polychlorinated biphenyls (PCBs) in sediments from nine lagoons along the North 
African coast found low to undetectable levels of pesticides in surficial sediments from Burullus, 
Edku, and Manzalah lagoons (Peters et al. 2001). However, Peters et al. (2001) point out that their 
measured concentrations were at least three orders of magnitude lower than previously reported for 
other river and lagoon sediments. They attribute their very low levels to sample location, and lagoon 
heterogeneity. The sampling sites were not characterized by heavy human impact.

There have been many studies of various heavy metals in the sediments, water, and fish of the 
lagoons. Overall, Maryut and Manzalah clearly have the highest levels of heavy metals, while Edku 
and Burullus have low levels typically observed elsewhere in the region (Table 11.2) (Abdel-Moati 
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and El-Sammak 1997; Samir 2000). Only copper (Cu) and cadmium (Cd) levels in Maryut sedi-
ments, and Cd in Manzalah sediments, exceeded the Effects Range-Median (ERM) concentration 
established for the United States by NOAA as a guideline beyond which adverse effects frequently 
occur (Long and MacDonald 1998). Some regions of the lagoons may show a slight enrichment in 
Cu associated with the use of CuSO4 as an algicide to control massive blooms of floating plants and 
macroalgae in the Nile and large drains. However, while mean Cu concentrations in Maryut sedi-
ments were 574 ± 220 μg g–1, values in fish were much lower, at about 12 ± 12 μg g–1 (Abdel-Moati 
and El-Sammak 1997; Adham et al. 1999). Although below ERM concentrations, zinc (Zn), lead 
(Pb), and chromium (Cr) levels in Manzalah and Maryut do exceed the Effects Range-Low (ERL), 
and adverse effects may occur (Long and MacDonald 1998).

Edku and Burullus receive only drainage water and have no large cities or industrial centers 
along their banks. With the exception of Zn in Edku, metal concentrations were below the ERL 
and adverse effects are not likely (Long and MacDonald 1998). Overall, concentrations of Pb, Cu, 
and Zn in sediments in all four lagoons were generally less than those observed in Boston Harbor 
between 1970 and 1995, when sludge and sewage effluent from the city of Boston were being dis-
charged into the system (Zn 224 μg g–1, Cu 111 μg g–1, Pb 136 μg g–1; Bothner et al. 1998). One 
exception to this was Maryut Lagoon, where Cu concentrations were more than five times those 
observed in Boston Harbor sediments (Abdel-Moati and El-Sammak 1997; Bothner et al. 1998).

In the two lagoons that have the highest metal concentrations, Manzalah and Maryut, the distri-
bution of metals in the sediments is spotty and metal contamination does not appear to have clear 
adverse impacts on commercial fish species. Alexandria is Egypt’s industrial center, and the highest 
concentrations of metals were observed in sediments in front of the old outfalls closed in 1993 and 
off the West Treatment Plant, which discharges its effluent directly into the northeastern corner of 
Maryut Lagoon (Abdel-Moati and El-Sammak 1997; El Rayis 2005). While some of these metals 

tAble 11.2
concentrations (μg g–1, ± sd) of Various metals in sediments from the delta lagoons

lagoon
cd 

(μg g–1)
cr 

(μg g–1)
cu 

(μg g–1)
fe 

(μg g–1)
mn 

(μg g–1)
Pb 

(μg g–1)
zn 

(μg g–1)

Burullus 5.2 ± 2.1 25 ± 17 17.9 ± 5.1 85 ± 22 14 ± 6 90 ± 79

Edku 7.3 ± 2.9 19 ± 9 23.6 ± 3.8 115 ± 80 20 ± 8 317 ± 179

Manzalah 11.8 ± 5.6 74 ± 89 35.9 ± 12.3 847 ± 644 79 ± 59 164 ± 238

Ghinka Sub-basina 15 ± 4 221 ± 24 105 ± 11 99 ± 34 188 ± 73

Rest of Basina 7 ± 2 148 ± 33 73 ± 25 65 ± 24 129 ± 55

Maryut 10.8 ± 3.4 574 ± 220 31.9 ± 9.5 598 ± 221 114 ± 55 229 ± 179

ERLb 1.2  81  34 46.7 150

ERMb 9.6 370 270   218 410

Note: Unless otherwise noted, data are from Abdel-Moati and El Sammak (1997). Note that metal concentrations in 
the Ghinka sub-basin of Manzalah lagoon and the rest of Manzalah lagoon are italicized. The Ghinka region 
receives effluent from two large drains, one of which discharges more than half of Cairo’s sewage and industrial 
waste, and metal concentrations are much higher there than in the rest of the lagoon (El-Sherif and Gharib 2001; 
see text for further discussion). Effects Range-Low and Effects Range-Median concentrations published by the 
National Oceanic and Atmospheric Administration’s (NOAA) National Status and Trends Program are included 
for reference.

a Data from Samir (2000).
b When concentrations are below the Effects Range-Low (ERL), adverse effects are not likely to occur. When concentra-

tions exceed the Effects Range-Median (ERM), adverse effects frequently occur (Sediment Quality Guidelines developed 
for the National Status and Trends Program, 6/12/1999, http://response.restoration.noaa.gov/book_shelf/121_sedi_qual_
guide.pdf).

http://response.restoration.noaa.gov/book_shelf/121_sedi_qual_guide.pdf
http://response.restoration.noaa.gov/book_shelf/121_sedi_qual_guide.pdf
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have been observed in detectable to low levels in fish near the sediment “hot spots,” factors like low 
DO are probably more responsible for fish disease and death (Adham et al. 2001). Serum analyses 
suggest that, while heavy metal contamination may have some sublethal effects on fish, the lagoon 
fish were healthier and less stressed than those from nearby fish farms, which have to contend with 
competition for food and overcrowding (Adham et al. 2001). Catfish (Clarias Lazera) caught in the 
western portion of Maryut’s Main Basin, away from these hotspots, often had lower metal concen-
trations than catfish caught in Edku Lagoon (Adham et al. 1999). Sediments from the northwestern 
corner of this basin were also low (El-Rayis and Abdallah 2005). As with Maryut, sediments near 
the Bahr El-Baquar drain (which discharges into Manzalah’s Ghinka sub-basin) had much higher 
metal concentrations than the rest of Manzalah Lagoon (Table 11.2; Figure 11.9). As noted earlier, 
this area is anoxic and H2S has been observed bubbling to the water surface.

Fine-grained sediments near current or recent industrial outfalls and drains that are known to 
discharge large amounts of industrial and urban waste are likely enriched in heavy metals. However, 
the regions near these outfalls are generally inhospitable to higher-trophic-level organisms (includ-
ing commercially important fish), as they also tend to be anoxic with high levels of H2S. While 
metal concentrations in sediments in these hot spots may exceed permissible levels, concentra-
tions quickly decrease to acceptable levels with distance (Abdel-Moati and El-Sammak 1997; Samir 
2000; El Rayis 2005).

11.6  nutrIent dynAmIcs

Dissolved inorganic nitrogen (ammonium, NH4
+; nitrite, NO2

–; and nitrate, NO3
–; or DIN) and phos-

phorus (PO4
–, DIP) concentrations in all four lagoons have been rising since the late 1950s, espe-

cially in Maryut Lagoon. Prior to about 1970, combined NO3
– + NO2

– was generally less than 10 μM 
in the lagoons. However, the most recent data from the 1990s to 2003 reported DIN concentrations 
more than double earlier observations and greater than 10 μM (Figure 11.15). In Maryut Lagoon, 
concentrations increased more than 50 times to very high values (>500 μM DIN). Concentrations 
exceeding 100 μM are extremely rare for coastal systems, and we know of only one other lagoon 
that has had DIN concentrations this high (Nixon 1983; Nixon et al. 2007; Oczkowski and Nixon 
2008). Korle Lagoon in Ghana drains the capital city of Acraa and has DIN concentrations on the 
order of 1000 μM (Nixon et al. 2007). Recent DIP concentrations range from <4 μM in Burullus 
Lagoon to greater than 50 μM in Maryut (EA Engineering 1997; El-Rayis 2005; Okbah 2005; 
Radwan 2005; Al Sayes et al. 2007). DIP concentrations are less than DIN, and a comparison of 
mean annual concentrations suggests that primary production in all four lagoons may be nitrogen 
limited (Oczkowski and Nixon 2008).

The high concentrations of DIN in Maryut are probably due to a number of factors. First, Maryut 
receives all of the city of Alexandria’s sewage. While there is one report that sewage was first intro-
duced into this lagoon in 1981, it seems possible that lesser amounts of sewage were entering the 
lagoon far earlier, as Alexandria lies on the narrow strip of land between the lagoon and the sea. 
Alexandria’s population has grown exponentially over the past five decades, but wastewaters were 
not collected and treated widely until the early 1990s (Nixon 2003; EA Engineering 1997; El-Rayis 
2005). Through USAID sponsored efforts, sewerage infrastructure, including two primary sewage 
treatment plants (East and West Treatments Plants), was established by 1993 and the effluent was 
temporarily discharged into Maryut Lagoon (EA Engineering 1997). Unfortunately, no agreement 
was reached as to where the sewage should be discharged before funding ran out, and Maryut 
has remained the recipient for over a decade. This has had a profound effect on the lagoon water 
quality. In regions close to the drains, dissolved oxygen is essentially zero, and hydrogen sulfide 
concentrations are high. The only inputs of water to Maryut Lagoon are from sewage and some 
agricultural drainage, both nutrient-rich sources, and outputs are denitrification, evaporation, and 
whatever water is pumped out to sea.
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While Maryut certainly receives the most direct sewage effluent, all of the lagoons receive some 
waste, either directly or indirectly. Small villages and towns on the shores of the lagoons, such as 
Baltim on Burullus and El-Mataraya on Manzalah, discharge some untreated waste directly into the 
lagoons (El-Sherif and Gharib 2001; Okbah and Hussein 2006; Al Sayes et al. 2007). In addition, 
cities and towns upstream have little to no sewage treatment infrastructure, and virtually all of this 
sewage is released into septic tanks or drainage canals. Unfortunately, not much is known about 
the amount and nutrient concentrations of these discharges. The annual load of nitrogen and phos-
phorus (N and P, presumably total) from drains to Burullus lagoon are about 2300 and 560 t yr–1, 
respectively, and these loads have quadrupled DIP concentrations between 1970 and 1987 (Okbah 
and Hussein 2006). Drains to Edku supply about 1100 t of DIN and 650 t of DIP annually (Shakweer 
2006). To provide some context for these values, Italy’s Venice Lagoon, a well-known eutrophied 
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1994; EA Engineering 1997; Abdallah 2003; El-Rayis 2005; Okbah 2005; Shakweer 2005.)
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system, receives N and P loads of ~8000 t and 2500 t annually from rivers and urban sewage 
(Morin et al. 2000). This lagoon is also shallow (~1 m) and of similar size (550 km2; Table 11.1) to 
Manzalah, where the Bahr El-Bagar drain alone released 6200 t of N and 1700 t of P to the lagoon 
annually in 1979 and 1980 (Toews and Ishak 1984).

The delta lagoons appear to act as tertiary treatment plants, removing some unknown amount 
of N and P introduced through drains and sewage before discharging lagoon water out to sea. A 
recent study using N and carbon (C) stable isotopes (δ15N, δ13C) to examine the potential influence 
of anthropogenic nutrients on higher trophic levels found a correlation between δ15N values in fish 
tissues and estimated lagoon residence time, where lagoons with longer residence times had heavier 
δ15N values (Oczkowski et al. 2008). This suggests that N removal processes, such as denitrification 
and uptake, may be important as these processes preferentially select for the lighter N isotope (14N), 
leaving the remaining bioavailable N enriched in 15N.

Further evidence was seen in Maryut, a lagoon with one of the longest estimated residence times 
(~45 days). Extraordinary nitrite (NO2

–) concentrations (>40 μM), more than 10 times greater than 
ammonium (NH4

+) concentrations, were measured in a few discrete water samples. Such high NO2
– 

concentrations may occur when the reduction of nitrate (NO3
–) to NO2

– occurs more quickly than 
the conversion of NO2

– to N2 gas, or when the oxidation of NO2
– to NO3

– occurs more slowly than 
nitrification (the oxidation of NH4

+ to NO2
–). The potential importance of either process suggests 

that this system is probably a highly dynamic one for N (Oczkowski et al. 2008).

11.7  PrImAry Producers

The delta lagoons appear to provide a hospitable environment for phytoplankton with optimal con-
ditions for growth throughout the year. As described by Halim and Guerguess in 1981, p. 160, 
“Blooms occur at all times in the lake [lagoon], irrespective of variations in temperature or incident 
light. Neither the reduction in the rate of drainage inflow … nor its increase … appear to reduce or 
induce the blooms.” Phytoplankton composition in the delta lagoons appears to be diverse, with at 
least three times the number of taxa present and higher cell densities than in other coastal lagoons 
on the North African coast in Morocco and Tunisia (Fathi et al. 2001; Flower 2001). Overall the 
phytoplankton composition of the four lagoons is fairly similar, where about a third to half of the 
phytoplankton are diatoms (Bacillariophyceae dominated by Nitzschia sp.) and a third to half are 
green algae (Chlorophyceae, mostly Carteria sp.) (El Sherif 1993; Zhagloul and Hussein 2000; 
El Sherif and Gharib 2001). The dominance of these various groups shifts both seasonally and spa-
tially. For example, although the main phytoplankton species are ubiquitous throughout Manzalah 
Lagoon, there is an east to west variation in phytoplankton composition from diatoms in the most 
eutrophic region (east) to green and blue green algae characteristic of Nile phytoplankton in the west 
(Halim and Guerguess 1981). There are spatial gradients in both composition and cell counts in all 
four lagoons associated with proximity to cities and their waste, agricultural drains, and breach-
ways. Regions with the highest cell counts are close to cities that discharge their waste directly into 
the lagoons (El-Sherif 1993; Okbah and Hussein 2006), while the lowest phytoplankton counts and 
chlorophyll concentrations are frequently found near the agricultural drains (Radwan 2005; Okbah 
and Hussein 2006).

Cell abundance data are sparse and variable, but counts from Edku and Manzalah appear to be 
increasing over time, while the other two lagoons appear to have remained the same or have declined 
(Table 11.3). The lagoon with the highest recorded phytoplankton counts (Maryut) also has nutrient 
concentrations two orders of magnitude greater than the others. Cell counts in the lagoons are com-
parable to more temperate systems, such as Narragansett Bay, Rhode Island (USA), where counts are 
generally less than 5 × 106 cells L–1 for most of the year, but can exceed 25 × 106 cells L–1 during the 
spring or fall blooms (Nixon et al. 2009). In at least two of the lagoons (Manzalah and Maryut), spe-
cies diversity seems to have decreased (Abdalla et al. 1991; El-Sherif and Gharib 2001). The number 
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of species in Manzalah Lagoon has declined from 170 in 1986–1987 to 140 in 1992–1993 (El-Sherif 
and Gharib 2001). Similarly, the number of taxa in Maryut Lagoon declined from 95 in 1960–1961 
to 65 in 1982, and the plankton assemblage shifted from primarily diatoms to green algae (Abdalla 
et al. 1991). Many of the dominant species present year round in 1982 are characterized as pollution 
tolerant and are frequently used as indicators of organic pollution (e.g., Merismopedia tenuissima, 
Planktosphaeria gelatinosa, and Crucigenia tetrapedia) (Abdalla et al. 1991).

Unlike other lagoons described in this volume, these systems are not completely open water sys-
tems; rather, they are a complex continuum of shallow open water, floating and submerged aquatic 
vegetation, wetlands, and Phragmites (australis or communis) and Typha australis fringed islets 
(Samman 1974; Zagholoul and Hussein 2000; Dewidar and Khedr 2001). At the edges of the 
lagoons, channels are cut through the dense Phragmites for boats to pass through to more open 
waters. It has been our experience in Manzalah Lagoon to observe many of the small islands, often 
smaller than 1 km2, populated with fishermen, their families, and a variety of livestock. There is 
almost no information available as to how many islands there are in each of the lagoons, but one 
source estimates over 1000 in Manzalah alone (Shakweer 2005).

Phragmites, Typha, and, to a lesser extent, Arundo and Cyperus (papyrus) cover areas shal-
lower than about 50 cm (Samman 1974; Shaheen and Yousef 1980), beyond which submerged and 
floating plants dominate. In Burullus, emergent macrophytes form a band up to 200 to 330 m wide 
along the lagoon’s northern shore (Ramdani et al. 2001). The more abundant submerged plants 
are Potamogeton pectinatus and Ceratophyllum demersum (Samman and Aleem 1972; Halim and 
Guerguess 1981; Aboul Ezz and Soliman 2000; Shakweer 2006). Perhaps the most widespread 
floating plant in the lagoons, and in all of Egypt, is Eichornia crassipes, the Nile Lily. This plant 
is notorious for clogging agricultural drains and canals and for making navigation very difficult in 
the lagoons. A more recent addition to the floating plant community of Edku Lagoon (and perhaps 
others) is the nitrogen-fixing Azolla filiculoides. It was observed for the first time in Edku in 1991 
and in 1992, when it covered more than half of the lagoon area (El-Shenawy 1994).

tAble 11.3
Phytoplankton cell counts in the nile delta lagoons 
over time

year

burullus edku manzalah maryut

(106 cells l–1)

1976–1977 0.02

1978 2.7

1979 3.4

1982 56

1986–1987 2.3

1987–1988 1.04

1990 3.9

1992–1993 12.4

1995–1996 7.5 >7.6

2000 0.7 4.5

2003 1.9   

Note: Data from Ibrahim (1989); El-Sherif (1993); Gharib (1999); 
Zaghloul and Hussein (2000); Abdalla (1991); EA Engineering 
(1997); El-Sherif and Gharib (2001); Radwan (2005); Okbah and 
Hussein (2006).
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While the lagoons are extremely shallow, albeit with Secchi depths frequently less than one 
meter and high suspended organic matter concentrations, the possibly important role of epibenthic 
algae appears not to have been studied.

11.8  zooPlAnkton And benthIc InVertebrAtes

Despite their physical separation, the lagoons appear to have similar zooplankton populations. 
Rotifers, especially species of Brachionus (B. angularis, B. plicatilis, B. calyciflorus, B. urceo-
laris), are most abundant (Aboul Ezz and Soliman 2000; Mageed 2007). These small, typically 
freshwater zooplankton comprise at least 70%, and often greater than 90%, of the total popula-
tion in the lagoons (Aboul Ezz and Soliman 2000; Abdel Aziz and Aboul Ezz 2004; Mageed 
2007). Other small animals that are present in smaller amounts include Cladocera (mainly Moina 
micrura), Copepoda, larvae of benthic invertebrates, and Ostracoda. In their study of zooplankton 
communities in Edku Lagoon, Aboul Ezz and Soliman (2000) found that, of the remaining zoo-
plankton not identified as Brachionus (~25%), 16% were Copepoda, and most of these were nauplii 
of the genus Acanthocyclops.

General zooplankton abundance has increased in the lagoons. Gharib and Soliman (1998) report 
a 44-fold increase in zooplankton counts (from 6.1 × 104 to 2.7 × 106 individuals m–3) in Edku 
Lagoon from the mid-1970s to the mid-1990s. In Manzalah, counts increased about 19-fold from 
63 × 103 individuals m–3 in 1977 to 936 × 103 individuals m–3 in 2000–2001 to 1212 × 103 individuals 
m–3 in 2003 (Mageed 2007). Counts in Burullus have also increased about 10-fold, with seasonal 
counts from 2001 to 2004 rarely falling below 4 × 105 individuals m–3 and peaking at 2.5 to 3.0 × 
106 individuals m–3 (Dumont and El Shabrawy 2008). In the mid-1990s, Maryut had a population 
of about 3.6 × 105 individuals m–3 despite tremendous amounts of sewage input and chronically low 
DO (annual average of 3.9 mL O2 L–1; Abdel Aziz and Aboul Ezz 2004). Zooplankton populations 
are quite high in all of these lagoons, particularly when compared to the heavily impacted Venice 
Lagoon where, despite similar physical characteristics, mean seasonal zooplankton counts peak at 
about 1.9 × 104 individuals m–3 in the summer and typically do not exceed 1 × 103 individuals m–3 
throughout the rest of the year (Bianchi et al. 2000).

While zooplankton population data are inherently very dynamic, there have been some clear shifts 
in the community composition over time. Soliman (2005) has reported a rise in rotifers from 56% of 
the total counts in 1976–1977 to 92% in 1995–1996, as well as a decrease in copepods (from 32% to 
7%) during this same time in Edku Lagoon. Dumont and El Shabrawy (2008) have thoroughly docu-
mented similar shifts in the lagoons, and in particular Burullus lagoons, from the 1930s to the pres-
ent. These authors describe how, in the 1930s, the zooplankton were marine for most of the year and 
then shifted to freshwater assemblages during the four months during and following the fall flood. 
Since then, the marine species have disappeared from most of the lagoons, except from areas close 
to the breachways. Further, all large-bodied freshwater species have disappeared and small rotifers 
and cladocerans have increased by a factor of 10 or more (Dumont and El Shabrawy 2008). The 
authors attribute these changes to the shift from a marine fishery to a freshwater one dominated by 
omnivorous tilapia, and to increased agricultural drainage. With the closure of the dam, the increased 
nutrient-rich agricultural drainage and associated eutrophication favored smaller species. Increased 
turbidity was likely detrimental to the large filter feeders, including crustaceans, and favored micro-
filtrators like rotifers (see Dumont and El Shabrawy 2008 for a more thorough review).

Much less is known about the benthic invertebrate populations. One study conducted in Maryut in 
1960 listed some of the most common species as Nereis diversicolor (a polychaete), Melania tuber-
culata (gastropod), the amphipods Corophium orientalis, C. volutator, Gammis locusta, G. oce-
anicus, and Chironomid larvae (Samaan and Aleem 1972). We do not know which, if any, of these 
species are present today. In the 1930s, typically marine species of benthic invertebrates, includ-
ing mysids, two polychaetes (Nereis sp.), three amphipods (including Corophium volutator), and a 
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serpulid (Mercierella enigmatica) were reported in Burullus Lagoon (Dumont and El-Shabrawy 
2007). More recently, Reinhardt et al. (2001) provided a list of benthic infaunal taxa from surfi-
cial sediment samples collected from Manzalah in 1990, and it included only two of the species 
described above, notably M. enigmata and Melania tuberculata (as Melanoides tuberculata). Tables 
of molluscan species and their abundances in Edku, Burullus, and Manzalah lagoons are given in 
Bernasconi and Stanley (1994). Unfortunately, living mollusks were not described, although the 
distribution of shells indicated distinct marine, freshwater, and lagoonal influences (Bernasconi and 
Stanley 1994).

11.9  lAgoon fIsherIes

The Nile Delta lagoons produce between 30% and 60% of Egypt’s national fish catch (El-Karachilly 
1991; Radwan and Shakweer 2004; GAFRD 2007; Oczkowski and Nixon 2008), and the two largest 
lagoons (Burullus and Manzalah) provide about 90% of the total lagoonal landings (Figure 11.16). 
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fIgure 11.16 Mean annual commercial fish landings for each of the lagoons from 1957 to 2005. Note the 
different scales on the Y-axes. (Data from El-Zarka et al. 1970; Hashem et al. 1973; Toews and Ishak 1984; 
Fattouh 1990; El-Karachilly 1991; Thomas et al. 1993; EA Engineering 1997; Megapesca 2001; Abdallah 
2003; Hoevenaars and Slootweg 2004; Alsayes 2005; WADI Project 2006.)



276 Coastal Lagoons: Critical Habitats of Environmental Change

While Edku and Maryut are an order of magnitude smaller in size and today contribute little to the 
overall commercial fish catch, this has not always been the case. Maryut, in particular, contributed 
about 30% of the total lagoonal catch in 1980, but today provides just 5%. This change results from 
a decline of Maryut’s fishery and the increase of the landings in the other lagoons (Figure 11.16). 
While total lagoonal landings have been increasing in the Burullus, Edku, and Manzalah lagoons, 
Maryut had a rise in its landings from 1960 to 1980 and then a dramatic decline from 1980 to the 
present. This decline does not appear to be related to fishing effort, as the number of fishermen in 
the lagoon increased only slightly during the period of major fishery decline—from 3200 in 1980 
to 3900 in 1988 (EA Engineering 1997; Rashed 2001). Maryut is the most depressed fishery, with 
yields of ~0.4 t of fish per person, or an order of magnitude less than in the 1970s, before the fish-
ery collapsed (EA Engineering 1997). Fishing in Manzalah appears to be the most profitable, with 
fishermen catching 4 t per person in the late 1980s, while Burullus and Edku yielded about half as 
much (1.8 t per person) during this same time (El-Karachilly, 1991).

Fishing in the lagoons remains largely artisanal. Few boats are mechanized and most fishermen 
still use oars, poles, or sails, and fish are primarily caught using barrier traps, seines, submerged 
traps, trammel nets, and longlines for catfish (Toews and Ishak 1984; EA Engineering, 1997). 
Tilapia dominate the lagoonal fisheries with four species present (Oreochromis aureus, O. niloticus, 
Sarotherodon galilaeus, and Tilapia zillii). Nile tilapia (O. niloticus) is the most abundant (Toews 
and Ishak 1984; Shakweer and Abbas 2005; Al Sayes et al. 2007) and comprises between 75% and 
94% of the total catch in these lagoons (Toews and Ishak 1984; EA Engineering 1997; Al Sayes et al. 
2007). Tilapia are herbivorous/omnivorous feeders with flexible feeding habits and wide environ-
mental tolerances, which probably gives them an advantage in stressed systems and makes them the 
dominant aquaculture fish in Egypt (El-Sayed 2006).

Mullet and catfish also contribute in a small way to the lagoonal landings. In Burullus Lagoon, 
2% and 4% of the catch are mullet and catfish, respectively (Al Sayes et al. 2007). Toews and Ishak 
(1984) observed similar contributions of 2% and 5% to the overall catch (by weight) of mullet and 
catfish in Manzalah Lagoon. Landings consist of four types of mullet (Liza auratus, L. ramada, 
L. saliens, and Mugil cephalus) and two main species of catfish (Bagrus bayad and Clarias Lazera). 
While mullet and tilapia are both omnivorous feeders, mullet are catadromous, often living in estu-
arine or near-shore environments for much of their life cycle, but spawning at sea (Blaber 1997; 
Froese and Pauly 2007). Catfish are generally omnivorous, but feed higher on the food chain than 
tilapia and mullet (Froese and Pauly 2007).

While three of the lagoons have open exchange with the sea, recent stable isotope data (δ13C) 
suggest that the catfish and tilapia are consuming carbon originating from freshwater phytoplank-
ton, terrestrial C3 plant material, and little to no marine phytoplankton (Oczkowski et al. 2008). 
Unfortunately, contributions from benthic algae are unknown. The δ13C results are consistent with 
our conceptual understanding that the main source of carbon to these fisheries is from freshwater. 
The δ15N values in the fish were heavy and indistinguishable among genus, suggesting that freshwa-
ter phytoplankton, rather than synthetically fertilized agricultural detritus, is probably an important 
food source. Tissue δ13C values of mullet from the lagoons sometimes reflected freshwater and ter-
restrial sources, but on other occasions had values similar to offshore Mediterranean fish, which is 
consistent with their catadromous lifestyle. The mullet δ15N values were also consistent with these 
observations (Oczkowski et al. 2008).

Other species (mainly marine or euryhaline) are occasionally recorded in the lagoon catches, 
but in extremely low quantities. These include carp, gilthead seabream (Denis, Sparus aurata), 
European seabass (Karous, Dicentrarchus labrax), sole (Samak Mousa, Solea spp.), meagure (Loot, 
Argyrosomus regius), grouper (Wakkar, Epinephelus spp.), and eel (Hensahn, Anguilla anguilla) 
(GAFRD 2007; Oczkowski et al. 2009; Abdel-Fattah El-Sayed personal communication).
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11.10  lInkIng nutrIents And fIsherIes

Despite, or perhaps because of, tremendous alterations to these lagoon ecosystems, they remain 
highly productive. Each is losing surface area rapidly, each receives large amounts of agricultural 
drainage water and, in some cases, direct sewage inputs. Probably in response to nutrient enrich-
ment, phytoplankton cell counts, in at least some of the lagoons, are increasing (Table 11.3), and 
fish yields (per unit area) are much greater than capture fisheries in marine systems. While cap-
ture fisheries typically do not exceed yields of 40 t km–2 yr–1, these lagoons produce between 90 
and 160 t km–2 yr–1, or levels comparable to intensive aquaculture (Nixon 1988; Megapesca 2001; 
Oczkowski and Nixon 2008). In fact, Maryut, the most intensively fertilized system, is the only 
lagoon that has shown a decline in fish landings, dropping precipitously from a high of 14,000 t in 
1980 to about 4,000 t in recent decades (Figure 11.16). While we can only speculate about the rea-
sons for this decline, we do know that the discharge of raw sewage into the lagoon began in 1981, 
just before the decline began (EA Engineering 1997). If we plot fish landings against available infor-
mation on inorganic nitrogen (IN, which is NO3

– + NO2
– or, when available, DIN) concentrations for 

all of the lagoons, there is an increase in fish yields with increasing IN up to 100 μM. Only Maryut 
was higher, and at that point the fishery declined (Figure 11.17) (Oczkowski and Nixon 2008). As 
increases in IN concentrations and landings in the lagoons are approximately chronological, N and 
associated P appear to stimulate primary and then secondary productivity in these systems, at least 
up until a point, as has been seen in other cross-system comparisons (Nixon and Buckley 2002).

The rise and fall of the Maryut fishery closely follows a theoretical curve described by Caddy 
(1993), who cautioned that adding nutrients to coastal systems will initially increase system pro-
ductivity, but may eventually cause its decline (Figure 11.17). Alexandria’s direct sewage inputs 
may have been the major contributing factor to the collapse of the fishery, but nutrient loads from 
agricultural drains and nearby cities and towns on the delta are increasing in the other three lagoons 
as well. While in situ nutrient concentrations appear to be rising at a much slower rate than Maryut 
experienced, the other lagoons are morphologically and biologically similar enough to suggest that, 
without management intervention, the trends observed in Maryut may be repeated in the future. 
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Dramatically increasing nutrient loads are not unique to these Egyptian lagoons, but are likely com-
mon in coastal systems of many developing nations. For example, DIN exports to the coast of Africa 
are expected to triple between 1990 and 2050 (Seitzinger et al. 2002), and lagoons in Ghana have 
shown a positive relationship between mean annual DIN concentrations and population density, 
where the most polluted lagoon has DIN concentrations of up to 1000 μM and a now nonexistent 
fishery (Nixon et al. 2007). We have been fortunate to observe ecological changes in the Egyptian 
coastal lagoons through the extensive documentation of these systems over the past 50 years. Their 
experience may provide an important cautionary tale of what the lagoons of other rapidly develop-
ing countries may expect if management actions are not implemented.

11.11  future dIrectIons

In compiling the data presented in this review, we noticed a few important gaps in our understand-
ing of these systems that we would like to highlight and suggest as areas for future study. First and 
foremost, there are no recent water or nutrient budgets available for any of these lagoons. It would 
be helpful to have detailed quantitative information available on the recent monthly flows from 
individual drains into each lagoon, as well as some information on nitrogen and phosphorus loads, 
when trying to evaluate the impact of agricultural and aquaculture runoff on the productivity of the 
systems. Aquaculture is playing an increasingly important role in local food production and water 
dynamics in the regions surrounding the lagoons, yet details of pond water consumption and drain-
age, and the nutrient concentrations in these effluents, are unknown, as is how much drainage water 
is discharged into the lagoons and offshore. Again, this information is critical in understanding how 
nutrient loads from these different sources may be impacting (either positively or negatively) the 
lagoonal fisheries. Also, more quantitative information on the primary productivity (chlorophyll a) 
of these systems is needed. Finally, an assessment of the benthic infaunal community and benthic 
primary producers would be useful to compare to earlier studies conducted in the 1930s and 1960s 
and could also provide further insight into how eutrophication may be impacting these lagoons.

In reviewing hundreds of papers published over a span of some 50 years, we have observed that 
some recent work occasionally lacks context. We would encourage scientists to discuss their results 
in the framework of what has been done before in the same lagoon as well as to compare their data 
to conditions in the other lagoons. From an outside perspective, it was often difficult to understand 
why two or more studies conducted in the same system within a few years of one another and 
measuring some of the same parameters (for example, nutrients, Secchi depth, dissolved oxygen) 
yielded different results when there was no discussion of the other work. Occasionally we omitted 
studies from our review when they lacked information on sampling dates, frequency, or units.
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AbstrAct

Land use changes and poor wastewater management threaten valuable coastal resources by aug-
menting nutrient delivery to near-shore ecosystems. Oligotrophic, tropical systems are particularly 
vulnerable because relatively small changes in nutrient load can cause shifts in community com-
position and ecosystem function. In order to examine nutrient dynamics along a rapidly develop-
ing coastline, we characterized water chemistry in a series of cenotes and bays on the Caribbean 
coast of Mexico. We also measured the isotopic and tissue nutrient content of resident seagrasses 
and algae to examine possible nitrogen (N) sources and determine their influence on the nutrient 
status of primary producers in seagrass and coral reef ecosystems. Ranked water column NO3

– 
concentrations were significantly different in cenotes (NO3

–, 62.6 ± 27.7 µM) vs. bays (NO3
–, 2.8 ± 

2.6 µM); however, NH4
+ concentrations were not significantly different (NH4

+, 0.8 ± 1.2 µM and 
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NH4
+, 1.7 ± 2 µM, respectively). NO3

– behaved nonconservatively as it moved through the aqui-
fer and discharged into coastal systems. Vertical profiles within the Sian Ka’an Cenote revealed 
increasing NH4

+ concentrations with depth, while NO3
– and dissolved oxygen declined. These 

patterns suggested that denitrification removes NO3
– within the aquifer. Elevated δ15N values for 

several algal species provided further evidence for nitrogen transformation in the aquifer. At 
Laguna Lagartos, δ15N values of Chara sp. (9‰) and Cladophora sp. (12‰) suggested that intru-
sions of untreated wastewater from nearby residential and tourism developments may enter the 
aquifer. Seagrass tissue nutrient content was similar to other locations in the Caribbean character-
ized by high nutrient inputs, and indicated that nutrient loading to marine ecosystems in the area 
may be increasing along with tourism and development. Based on these observations, land use 
changes associated with the burgeoning tourism industry are altering the coastal nutrient dynam-
ics and threatening the health of economically and ecologically valuable seagrass and coral reef 
ecosystems.

Key Words: nutrients, eutrophication, seagrass, Mexico, Yucatan, wastewater, δ15N, coral reefs, 
groundwater, cenote, watersheds

12.1  IntroductIon

Cultural eutrophication is widely recognized as a serious threat to diverse coastal ecosystems 
around the globe, including coral reefs, mangrove forests, seagrass meadows, and salt marshes 
(Hughes et al. 2003; Pandolfi et al. 2003; Duarte et al. 2008). Concerns regarding cultural eutro-
phication have inspired intensive and ongoing efforts both to quantify nutrient dynamics in coastal 
systems (e.g., Smith et al. 1978; Valiela et al. 1978; Capone and Bautista 1985), as well as to better 
understand the impacts of anthropogenic nutrient enrichment on system structure and function. 
Among the findings of these efforts was recognition that submarine groundwater discharge (SGD) 
(Johannes 1980) is a significant source for nutrients in coastal ecosystems, particularly in locations 
where limestone bedrock and karst topographies are common (Valiela et al. 1978; Johannes 1980; 
D’Elia et al. 1981; Lapointe et al. 1990).

Karst topography is found where rainwater infused with organic and carbonic acids from the 
soil dissolves limestone bedrock and creates porous, heterogeneous substrate that may contain large 
caves and conduits (Worthington et al. 2000). The porous nature of the bedrock facilitates extensive 
horizontal movement of groundwater within the aquifer and can alter the conventional density-
stratified circulation that occurs in more homogeneous aquifers. For instance, Beddows et al. (2007) 
showed that in the Yucatan Peninsula (Mexico) large conduits allowed extensive landward flow of 
seawater up to 10 km inland from the coastline. Such landward flow of seawater contrasts with the 
parallel coastward flow of fresh and salt water observed in conventional density stratified circula-
tion (Cooper 1959). The morphology of the conduits, particularly size and geometry, determines 
the location and degree of fresh and salt water mixing in the aquifer (Beddows et al. 2007). These 
conduits, therefore, greatly influence the amount and chemical composition of SGD delivered to 
coastal systems (Beddows et al. 2007).

In some locations, this SGD constitutes a substantial portion of freshwater and nutrient inputs 
to near-shore environments. Moore (1996) estimated that SGD into coastal waters of the South 
Atlantic Bight in South Carolina represented ~40% of the river water flux, whereas SGD accounted 
for 99% of freshwater flux to the Caribbean along the karstic coastline of the Yucatan Peninsula 
(Worthington et al. 2000). Such large fluxes of SGD have been shown to significantly affect coastal 
ecology by affecting the nutrient availability in these systems (e.g., Valiela et al. 1978; Johannes 
1980; D’Elia et al. 1981). For instance, studies throughout the Caribbean have shown that SGD 
from systems with carbonate sediments typically have high levels of dissolved inorganic nitro-
gen (DIN), particularly in the form of NO3

–, but little soluble reactive phosphorus (SRP; D’Elia 
et al. 1981; Lapointe et al. 1990; Lapointe and Clark 1992). In Discovery Bay, Jamaica, various 
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processes, including terrestrial nitrogen fixation, precipitation, concentration via evapotranspira-
tion, and decomposition in the vadose zone, generated levels of DIN in groundwater in excess of 80 
µg L–1 (D’Elia et al. 1981). Elsewhere in the Caribbean region, changes in land use and wastewater 
inputs led to significant nutrient enrichment of groundwater (Simmons et al. 1985; Lapointe et al. 
1990; Finkl and Charlier 2003). For example, groundwater adjacent to on-site sewage disposal sys-
tems in the Florida Keys experienced up to 5000-fold enrichment of DIN compared to unimpacted 
groundwater (Lapointe et al. 1990). In some cases reduced forms of nitrogen (N) contribute to the 
DIN pool (e.g., NH4

+; Lapointe et al. 1990), but aerobic soil conditions frequently facilitate nitrifi-
cation that results in high NO3

– concentrations in the groundwater (Lapointe et al. 1990). NO3
– is 

highly mobile within soil and groundwater and therefore can easily move through the aquifer and 
export in SGD.

Despite these high DIN concentrations, groundwater in systems with carbonate sediments typi-
cally has relatively low SRP content (D’Elia et al. 1981; Lapointe et al. 1990, 1992). Previous stud-
ies have demonstrated that SRP is removed from groundwater in carbonate sediments because it 
adsorbs to carbonate surfaces, reacts to form apatite, and adsorbs to iron and aluminum oxides 
(De Kanel and Morse 1978; Berner 1981). Experimental additions of phosphate to groundwater in 
the Florida Keys demonstrated that the removal of SRP can be quite rapid, with 95% removal of 
injected PO4

3– occurring within 20 to 50 h (Corbett et al. 2000). Numerous studies have shown that, 
because of these SRP removal processes, primary production in coastal lagoons with carbonate 
sediment tends to be limited by P availability (Lapointe 1987, 1997; Littler et al. 1988; Lapointe and 
O’Connell 1989). This condition can be exacerbated in systems where SGD with high DIN concen-
trations removes any potential N limitation (Lapointe and Clark 1992).

Despite the prevalence of P limitation in Caribbean lagoons, several studies raised concerns that 
SRP enrichment is occurring in some locations. Lapointe (1997) reported apparent increases in DIN 
and SRP concentrations in Discovery Bay, Jamaica, throughout the 1980s. Although the origin of 
SRP was not identified, wastewater from nearby developments was recognized as a potential source 
(Lapointe 1997). Wastewater contamination of groundwater was more definitively established in the 
Florida Keys, where on-site sewage disposal systems contribute to both DIN and SRP enrichment 
(Lapointe et al. 1990). A similar process has been documented in coastal lagoons of the Yucatan 
Peninsula (Carruthers et al. 2005b). Human wastewater, however, is not the only potential source of 
SRP to coastal systems. For instance, agricultural runoff also has contributed to nutrient enrichment 
in the Florida Keys (Lapointe and Clark 1992).

Such increases in DIN and SRP loading to coastal systems are of concern because they can 
lead to dramatic shifts in the structure and function of coastal ecosystems. A common response 
to nutrient enrichment is the development of harmful algal blooms (HABs). In Puerto Rico, Diaz 
et al. (1990) and Corredor et al. (1992) documented changes in seagrass community structure as a 
result of extensive mat formation by the cyanophyte Microcoleus lyngbyaceus. Similar algal blooms 
have occurred in coral reefs throughout the Caribbean region, including Belize (Lapointe et al. 
1992), Florida (Lapointe and Clark 1992; Lapointe 1997; Lapointe et al. 2005a, 2005b), Jamaica 
(Lapointe 1997), and Martinique (Littler et al. 1992). In some instances, the development of these 
algal blooms was directly linked to inputs of land-derived nutrients (Lapointe 1997; Lapointe et al. 
2005a), although other factors, including reduced grazing intensity, likely contributed to the increase 
in algal biomass (Lessios 1988). Because of the link between nutrient enrichment and altered com-
munity composition, cultural eutrophication is a main cause of declines in seagrass meadows and 
coral reefs around the globe (Pandolfi et al. 2003; Duarte et al. 2008).

Based on this previous work demonstrating the significance of SGD and nutrient inputs to coastal 
lagoons, we examined groundwater coastal interactions in several bay and cenote systems on the 
Yucatan Peninsula, Mexico. The Caribbean coast of the Yucatan Peninsula is characterized by karst 
topography, and bays and lagoons receive significant inputs of SGD (Worthington et al. 2000). We 
hypothesized that groundwater in cenotes near developed areas would have high nutrient concen-
trations from inputs of anthropogenic N. In addition, we predicted that algal and seagrass tissue 
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nutrient content would reflect these elevated nutrient concentrations and provide evidence that 
anthropogenic nutrient sources were impacting near-shore ecosystems. By better understanding 
the connections between development, freshwater inflow, and nutrient cycling within these coastal 
systems, we can better assess the risks to these valuable environments.

12.2  methods

12.2.1  study area

This study was conducted in May and June 2007 along the Caribbean Coast of the Yucatan Peninsula 
in Quintana Roo, Mexico (Figure 12.1). Samples for this study were taken from 13 sites: six bay 
sites and seven cenotes (Table 12.1). These sites allow for a comparison of nutrient levels across a 
broad range of salinities and land use. In the past 5 years, the areas around Xaak and Akumal Bay 
have experienced a dramatic increase in development. Prior to 2005, Xaak had no development and 
now is the location of a large resort. The Sian Ka’an bay sites are located in Ascensión Bay within 
the protected Sian Ka’an Biosphere Reserve. Sian Ka’an cenote is in Ascension Bay, where a large 
sinkhole has formed and freshwater upwells through rock into the bay. While development occurs 
around the perimeter, the interior of the reserve remains largely undeveloped. The bay sites are pre-
dominantly marine, whereas the cenote sites include both fresh and brackish waters, with salinities 
ranging between 2 and 19 psu (Table 12.1). Laguna Lagartos is an enclosed inland water body with a 
surface covered by Cladophora sp., a green alga that forms thick mats. Yal Kú Lagoon is connected 
to Laguna Lagartos through subsurface groundwater flow.

12.2.2  sample collectIon and analysIs

Data were collected during May and June 2007. Water column depth, temperature, salinity, dissolved 
oxygen, and pH were measured in situ with a YSI 600 XLM data sonde (YSI Inc., Yellow Springs, 
Ohio). One to six replicate water samples were collected per site for nutrient analysis (Table 12.2). Water 
samples were retrieved from the surface and at depth at Xaak, Akumal Bay, Sian Ka’an Bay mouth, 
Bat Cave Cenote, Pueblo Cenote, Beach Cenote, and Sian Ka’an Cenote. Because of a sharp halo-
cline at Yal Kú Chico, a surface sample was taken where the groundwater emerges at the landward end 
of Yal Kú Chico, and an additional sample was collected at depth in the mouth of the embayment 
where salinity approached that of seawater. Only surface samples were taken at Casa Cenote, Laguna 
Lagartos, Yal Kú Lagoon mouth, and Sian Ka’an Bay middle due to shallow depths and/or well mixed 
water columns.

Water samples collected for nutrient analysis were placed immediately in the dark on ice and 
analyzed the day of collection or frozen at –20°C until analysis. Nitrate + nitrite (NO3

–) concentra-
tions were determined by standard colorimetric analyses after cadmium reduction to nitrite (NO2

–; 
Strickland and Parsons 1972a). Ammonium (NH4

+) concentrations were determined colorimetri-
cally by the indophenol method (Strickland and Parsons 1972b).

In Akumal, Xaak, and Sian Ka’an bays, we collected between two and four replicate samples of 
three seagrass species (Thalassia testudinum Banks ex König, Halodule wrightii Ascherson, and 
Syringodium filiforme Kützing). At sites where low salinity excluded seagrasses, samples of repre-
sentative algal species were sampled and identified. Seagrass and algal tissue samples were imme-
diately placed on ice following collection. In the laboratory, samples were rinsed in deionized water 
and then scraped to remove epiphytes. Algal species were acidified in 10% HCl to remove carbonates 
prior to analysis. All tissues were dried at 60°C and pulverized by hand or using a Wig-L-Bug (Rinn 
Corp., Elgin, Illinois). δ15N, %C, and %N were measured using a Carlo Erba 2500 elemental analyzer 
coupled to a Finnigan MAT Delta+ isotope ratio mass spectrometer at the University of Texas Marine 
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Science Institute. Stable isotope ratios are presented as δ15N relative to atmospheric N2. Seagrass 
sample dry weight was used to calculate the elemental content and to determine C:N ratios.

Tissue phosphorus (P) content was determined using a modified version of methods described in 
Fourqurean et al. (1992a) and Solorzano and Sharp (1980). Dried samples with known weights were 
combusted at 500°C, and P was extracted through acid hydrolysis. SRP concentrations were deter-
mined colorimetrically and converted to sample %P based on the dry weight, and used to determine 
C:N:P concentrations of sample tissue.

Three replicate biomass cores of seagrass species were collected at Xaak, Akumal Bay, and 
Sian Ka’an to estimate above- and belowground biomass and root:shoot ratio. A 15-cm-diameter 
corer was used to sample T. testudinum, and a 9 cm diameter corer was used to sample H. wrightii 
and S. filiforme. Samples of each species present were collected at each site. Cores were sieved in 
the field to remove sediment from the roots and rhizomes. After collection, seagrass samples were 
placed in plastic bags and refrigerated upon arrival to the laboratory. Processing of all biomass 
samples was completed within 3 days of their collection. In the laboratory, biomass cores were 
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sorted by species, and the aboveground portions of the shoots were separated from the belowground 
portions. Samples were then dried at 60°C to estimate seagrass biomass (g m–2).

12.2.3  statIstIcal analysIs

Statistical analyses were performed using Statistical Analysis System version 9.1 (SAS, Cary, North 
Carolina). One-way and two-way analyses of variance (ANOVA) were done on elemental and iso-
topic composition of seagrass species with site and year as factors. Species and site were factors 
in ANOVAs performed on seagrass biomass data. Residuals of the fitted models were tested for 
homogeneity of variance and departures from normality. Kolmogorov–Smirnov tests indicated sig-
nificant departures from normality for the variables above- and belowground biomass and %P of 
Thalassia testudinum tissue (p < 0.05). These variables were log10-transformed to satisfy the nor-
mality assumption. For all other seagrass variables, no transformations were necessary. Post hoc 
Tukey Honestly Significantly Different tests were performed to identify differences among treat-
ment combinations. For all analyses, alpha was set at 0.05.

For water column NO3
– and NH4

+ concentrations, comparisons were made between bays and 
cenotes. Sites were assigned to bay or cenote classification as presented in Tables 12.1 and 12.2. 
Normality assumptions were not met for the nutrient concentrations; therefore, one-way ANOVA 
was performed on ranked nutrient data. Post hoc Tukey Honestly Significantly Different tests were 
performed on the ranks to identify differences among treatment combinations. For all analyses, 
alpha was set at 0.05.

12.3  results

12.3.1  water cHemIstry

Water column NO3
– differed between cenote and bay sampling sites; however, NH4

+ concentration 
did not (NO3

–: n = 27, df = 1, F = 48.76, p < 0.0001; NH4
+: n = 23, df = 1, F = 2.85, p > 0.11). An 

overall trend of decreasing NO3
– concentrations with increasing salinity is apparent (Table 12.2). 

The cenote sites had an average salinity of 10 ± 8.6 psu (–× ± SD), and the bay sites had salinity of 
32.8 ± 7.2 psu, with average NO3

– concentrations of 62.6 ± 27.7 µM and 2.8 ± 2.6 µM, respectively. 

tAble 12.1
sampling sites and habitat/land use characteristics of the study sites

study site type of system/habitat description salinity land use characteristics

Xaak Bay Bay, shallow reef and seagrass beds 37 Large resort

Yal Kú Chico Bay, salt wedge estuary fed by cenote Surface: 12 
Depth: 38

Undeveloped forest

Yal Kú Lagoon Bay, salt wedge estuary fed by cenote 37 S developed, N undeveloped

Akumal Bay Bay, shallow reef and seagrass beds 37 Large resort

Sian Ka’an Bay mouth Bay, inlet to Caribbean from bay 20 Nature reserve

Sian Ka’an Bay middle Open bay between tidal channel and inlet 24 Nature reserve

Sian Ka’an Cenote Cenote, submarine groundwater discharge 19 Nature reserve

Bat Cave Cenote Cenote  3 Forested NW of development

Pueblo Cenote Cenote  2 Forested NW of development

Laguna Lagartos sinkhole Cenote 11 Forested NE of development

Laguna Lagartos Cenote, open lagoon 11 Forested NE of development

Beach Cenote Cenote  5 Undeveloped forest

Casa Cenote Cenote, inlet fed by cenote 11 Forested inland of small resorts
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tAble 12.2
water column Parameters at All sites

location 
temperature 

(°c)
salinity 
(psu)

do 
(mg l–1) ph

no3
– 

(μm)
nh4

+ 

(μm)
chl 

(μg l–1)

cenote systems
Yal Ku Chico 26.0 (1) 11.6 (1) 3.3 (1) 7.3 (1) 74.9 (1) n.d. 0.2 (1)

Bat Cave 25.0 ± 0 (2) 2.7 ± 0 (2) 3.1 ± 1.3 (2) 7.6 ± 0.1 (2) 65.3 ± 44.3 (2) 0.1 ± 0.1 (2) 0.3 ± 0.1 (2)

Pueblo Cenote 25.9 ± 0.5 (4) 2.4 ± 0.1 (4) 3.9 ± 1.2 (4) 7.7 ± 0.2 (4) 65.0 ± 18.2 (5) 2.1 ± 1.1 (4) 2.9 ± 1.5 (4)

Laguna Lagartos 26.4 ± 0.7 (3) 10.5 ± 0.1 (3) 4.0 ± 1.5 (3) 7.5 ± 0.2 (3) 58.1 ± 26.6 (4) 3.7 ± 2.5 (3) 4.4 ± 6.9 (3)

Beach Cenote 25.3 ± 0 (2) 5.2 ± 0.1 (2) 2.6 ± 0.4 (2) 7.4 ± 0 (2) 62.8 ± 24.9 (2) 0.2 ± 0.1 (2) 0.3 ± 0.1 (2)

Casa Cenote 25.8 ± 0 (4) 11.1 ± 0.2 (4) 2.9 ± 1.7 (4) 7.3 ± 0.1 (4) 85.1 ± 10.1 (6) 0.0 ± 0 (2) 0.4 ± 0.4 (6)

Sian Kaan Cenote 25.8 ± 1.7 (2) 19.4 ± 0.1 (2) 2.4 ± 2.5 (2) 7.3 ± 0.1 (2) 10.9 ± 10.8 (6) 2.6 ± 3.0 (3) 0.4 ± 0.4 (3)

bay systems
Xaak Bay 28.3 ± 0.5 (3) 37.0 ± 1.3 (3) 5.1 ± 0.7 (3) 8.1 ± 0.1 (3) 2.2 ± 0.9 (5) 0.0 ± 0 (4) 0.2 ± 0 (4)

Yal Ku Chico Mouth 28.8 (1) 37.6 (1) 6.6 (1) 8.3 (1) 1.0 (1) 0.0 (1) 0.2 (1)

Yal Ku Lagoon Mouth 29.1 (1) 37.0 (1) 6.6 (1) 8.3 (1) 0.6 (1) 0.0 (1) 0.3 (1)

Akumal Bay 28.8 ± 0.4 (2) 37.1 ± 0.9 (2) 5.5 ± 0.5 (2) 8.4 ± 0.1 (2) 1.7 ± 2.2 (4) 0.0 ± 0 (4) 0.3 ± 0.3 (4)

Sian Ka’an Mouth 28.3 ± 0.4 (2) 24.0 ± 1.6 (2) 6.5 ± 0.4 (2) 8.0 ± 0.1 (2) 6.8 ± 3.0 (4) 2.2 ± 0.4 (6) 0.6 ± 0.2 (2)

Sian Ka’an Mid 28.3 (1) 19.8 (1) 6.5 (1) 8.0 (1) 2.5 (1) 2.5 (1) 0.5 (1)

Average
Cenotes 26.0 (±0.9) 10.0 (±8.6) 3.4 (±1.5) 7.5 (±0.3) 62.6 (±27.7)* 1.7 (±2.0) 1.5 (±2.9)

Bays 28.5 (±0.4) 32.8 (±7.2) 5.9 (±0.8) 8.2 (±0.2) 2.8 (±2.6) 0.8 (±1.2) 0.3 (±0.2)

Note: Values are –× ± SE (n). * indicates significant differences between bay and cenote sites. α = 0.05. n.d. = not determined.
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Within the cenote sites, NO3
– concentrations were highest at Casa Cenote and lowest at Sian Ka’an 

cenote (Table 12.2). At the bay sites, the mouth of Sian Ka’an had the highest NO3
– concentrations 

(Table 12.2). NH4
+ concentrations in cenote and bay sites were 1.7 ± 2 µM and 0.8 ± 1.2 µM, respec-

tively. NH4
+ concentrations were higher at Laguna Lagartos than at all other sites (Table 12.2). To a 

lesser extent, the Pueblo Cenote and Sian Ka’an had relatively elevated NH4
+ concentrations.

Vertical profiles from the Sian Ka’an cenote and mouth of the bay contrasted greatly (Figure 12.2). 
Cenote NO3

– and DO concentrations decrease rapidly at depth along with increasing NH4
+. At the 

mouth site, NO3
– concentrations are higher at the surface with slightly higher salinity. NH4

+ and DO 
concentrations are constant through the water column.

12.3.2  seagrass BIomass

ANOVA indicated significant main effects of location and species for log10-transformed above-
ground biomass; however, the location × species interaction term was not significant. (Table 12.3; 
Figure 12.3). Aboveground seagrass biomass differed significantly at all three sites (p < 0.05 in 
all comparisons), with the highest values in Sian Ka’an (410 ± 172 g m–2), intermediate values in 
Akumal Bay (184 ± 177 g m–2), and lowest values in Xaak. Also, T. testudinum (332 ± 228 g m–2) 
had significantly greater aboveground biomass than H. wrightii (124 ± 146 g m–2) and S. filiforme 
(101 ± 64 g m–2). For log10-transformed belowground biomass, the location × species interaction 
term was significant (Table 12.3). Belowground biomass for T. testudinum tended to be high at all sites, 
while the belowground biomass of H. wrightii was highest at Sian Ka’an (Figure 12.3). Belowground 
biomass of S. filiforme was relatively low at all sites and was not collected at Sian Ka’an.

The root:shoot ratio also exhibited significant main effects of location and species but no sig-
nificant interaction term (Table 12.3). The root:shoot ratios of seagrass were significantly lower 
(p < 0.05) in Akumal Bay (3.8 ± 1.7) and Sian Ka’an (3.1 ± 4.1) than Xaak (10.9 ± 6.4), reflecting the 
greater aboveground biomass at this location. Similarly, the large amounts of aboveground biomass 
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for T. testudinum led to significantly greater root:shoot ratios (12.6 ± 5.3) when compared to those 
for H. wrightii (2.9 ± 2.4) and S. filiforme (4.6 ± 2.7).

12.3.3  plant Isotope Values and tIssue nutrIent content

δ15N values for algae were elevated at several sites, especially those collected from Laguna Lagartos 
(9‰ and 12‰ for Chara sp. and Cladophora sp., respectively; Table 12.4) and the Sian Ka’an 
Mouth (13‰ for Batophora sp.; Table 12.3). δ13C values, on the other hand, were exceptionally 
depleted, as exemplified by Boodleopsis pusilla (–40‰), an aggregate mixture of Derbesia sp. and 
Polysiphonia sp. (–41‰), and Caulerpa verticillata (–45‰).

Isotope values and tissue nutrient content for seagrass species showed few spatial trends 
(Table 12.4). δ13C values for T. testudinum were significantly lower at Xaak compared to Akumal 
Bay, and H. wrightii had higher %P content in Akumal Bay compared to Xaak.

No site differences in δ15N values, %C, or %N were detected for any of the three seagrass species.

12.4  dIscussIon

Results of this study led to three conclusions relative to the nutrient dynamics in the coastal lagoons 
of the Caribbean coast of the Yucatan Peninsula: (1) groundwater was characterized by high nutrient 
concentrations; (2) isotopic signatures of algae suggested the presence of anthropogenic N sources 
to coastal systems; and (3) seagrass tissue nutrient contents indicated possible changes in the nutri-
ent loads to bay systems.

12.4.1  water column processes In cenotes and Bays

The high concentration of NO3
– in groundwater was consistent with reported values for SGD in the 

Caribbean region (Table 12.5) and other locations with carbonate substrata (Marsh 1977; Johannes 
1980). At all cenote sites, NO3

– was the dominant form of N in the DIN pool, and NH4
+ was rela-

tively low in most cases. However, somewhat elevated NH4
+ concentrations were present in Laguna 

Lagartos (3.7 ± 2.5 µM) and, to a lesser extent, Pueblo Cenote (2.1 ± 1.1 µM) and Sian Ka’an Cenote 

tAble 12.3
results of two-way AnoVA examining effects of location 
(Akumal bay, sian ka’an, and Xaak) and species (H. wrightii, 
S. filiforme, and T. testudinum) on seagrass biomass Variables

response Variable factor df ms F p-value

Log10 aboveground biomass Location
Species
Location × species

2
2
3

3.1
1.4
0.2

28.6
13.5
2.1

<0.0001*
0.0001*
0.1

Log10 belowground biomass Location
Species
Location × species

2
2
3

1.8
3.4
0.3

23.3
44.6
3.4

<0.0001*
<0.0001*

0.04*

Root:shoot Location
Species
Location × species

2
2
3

60.4
79.6

26

6.7
8.9
2.9

0.01*
0.001*
0.06

Note: n = 4 for all location and species combinations except T. testudinum (n = 3) and 
S. filiforme (n = 0) from Sian Ka’an. * indicates significance at α = 0.05.
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(2.6 ± 3.0 µM). These values were slightly higher than NH4
+ concentrations in groundwater in the 

unimpacted Dzilam Lagoon (1.69 ± 0.4 µM; median ± SE) on the northern coast of the Yucatan 
Peninsula, Mexico (Medina-Gómez and Herrera-Silveira 2003), but they were at the low end of 
the range of values for impacted groundwater in the Florida Keys (0.77 to 2579 µM; Lapointe et al. 
1990). Although NH4

+ was higher at the Sian Ka’an Bay site (Table 12.2), values were lower than 
seasonal (3.3 to 11.1 µM) and annual means (5.06 to 8.66 µM) for sites along the northern coast of 
the Yucatan Peninsula, where shrimp farming, urban wastewater, and SGD are believed to contrib-
ute to nutrient loading (Álvarez-Góngora and Herrera-Silveira 2006). Based on these patterns of 
DIN concentrations alone, there was no strong signal of anthropogenic nutrient inputs during the 
sampling period.

Despite the lack of measurements of SRP in this study, collections from 2005 at some of these 
same locations showed that concentrations were <0.5 µM (Table 12.5; Mutchler et al. 2007). 
Fresh- and brackish water systems that were characterized by high NO3

– and NH4
+, such as Casa 

Cenote and Laguna Lagartos, did not have significantly higher SRP concentrations than did bay 
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tAble 12.4
elemental and Isotopic composition of Algae and seagrasses collected at study sites in 2007

site species n δ15n (‰) δ13c (‰) %c %n %P c:n c:P n:P c:n:P

Algal species
Beach Cenote Cladophora sp. 2 6.2 ± 0.9 –32.4 ± 2.4 26.6 ± 2.7 2.4 ± 1.1 0.2 ± 0.0 14 ± 5 420 ± 64 33 ± 17 420:33:01

Casa Cenote Derbesia & Polysiphonia 
aggregate

1 5.5 –41.2 34.7 4.7  9

Bat Cave Cladophora 1 6.1 –21.6 18.7 1.3  17

Pueblo Cenote Boodleopsis pusilla 1 7.8 –40.3 29.1 2.9  12

Laguna Lagartos Chara sp. 1 9 –26.9 24.2 2.6 0.2 11 300 27 300:27:01

Cladophora sp. 1 12 –20.4 24 2 0.1 14 500 35 500:35:01

Sian Ka’an mouth Batophora sp. 1 12.5 –24.1 26.9 1.9 0 16 1929 117 1929:117:1

Yal Kú Lagoon Caulerpa verticillata 2 3.9 ± 0.0 –45.1 ± 0.2 22.4 ± 26.1 3.3 ± 3.9  8 ± 1

seagrass species
Akumal Bay Halodule wrightii 2 1.5 ± 2.5a –10.0 ± 1.0a 29.2 ± 3.2a 1.6 ± 0.5a 0.2 ± 0.0a 19 ± 7a 419 ± 65a 24 ± 5a 419:24:01

Syringodium filiforme 2 2.4 ± 0.5a –7.1 ± 3.7a 24.1 ± 0.3a 1.6 ± 0.0a 0.2 ± 0.1a 17 ± 0.1a 434 ± 175a 25 ± 10a 437:25:01

Thalassia testudinum 2 4.6 ± 1.0a –7.9 ± 0.7a 30.9 ± 1.7a 2.2 ± 0.2a 0.2 ± 0.1a 17 ± 1a 425 ± 241a 26 ± 15a 425:26:01

S. Akumal Bay Thalassia testudinum 2 6.1 ± 1.9a –11.0 ± 0.5ab 30.9 ± 1.5a 2.2 ± 0.4a 0.12 ± 0.0a 16 ± 2a 462 ± 9a 28 ± 4a 462:28:01

Sian Ka’an mouth Halodule wrightii 1 6.1 –18.2 35.4 2.4  17

Thalassia testudinum 2 5.8 ± 0.9a –8.7 ± 0.1ab 32.34 ± 3.3a 1.8 ± 0.1a  0.1 ± 0.0a 21 ± 1a 625 ± 64a 30 ± 2a  625:30:1

Xaak Halodule wrightii 2 2.5 ± 1.3a –9.4 ± 0.8a 31.4 ± 0.7a 1.8 ± 0.1a 0.1 ± 0.0b 21 ± 1a 737 ± 25b 36 ± 2a 737:36:01

Syringodium filiforme 2 –0.7 ± 1.4a –6.5 ± 2.0a 22.2 ± 4.9a 1.7 ± 0.5a 0.1 ± 0.0a 15 ± 1a 478 ± 223a 32 ± 17a 478:32:01

Thalassia testudinum 2 4.2 ± 0.8a –11.4 ± 2.1b 32.1 ± 0.2a 2.3 ± 0.6a 0.1 ± 0.0a 17 ± 5a 630 ± 10a 38 ± 12a 630:38:01

Note: For seagrasses, means (–× ± SD) with the same letter are not significantly different than means for the same species at a different site (p > 0.05).
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tAble 12.5
representative water chemistry (µm) of sgd throughout the caribbean region (–× ± sd unless otherwise specified)

location year (season) water type
salinity 

(‰) nh4
+ no3

– + no2
– srP study

Discovery Bay, Jamaica 1987–1996 Springs 28 0.22 ± 0.07 27.86 ± 5.80 0.33 ± 0.06 Lapointe 1997

Florida Keys, USA 1987 (summer) Groundwater control 0.5 ± 0.5 1.4 ± 0.48 0.2 ± 0.23 0.14 ± 0.11 Lapointe et al. 1990

Groundwater impacted 13.4 ± 2.5 346 ± 222 125 ± 133 4.0 ± 3.35

Celestún Lagoon, Mexico 1989–1990 Groundwater 
discharge

2.8 1.75 62.95 0.62 ± 0.3 Calculated from data in Herrera-Silveira 
1996

Caribbean coast, Mexico 2007 (dry) Cenotes 10 ± 8.6 1.7 ± 2 62.6 ± 27.7 n.r. This study

Akumal vicinity, Mexico 2005 (dry) Cenotes 32 2.0 ± 1.9 45.1 ± 29 0.4 ± 0.1a Calculated from data presented in 
Mutchler et al. 2007

Northern coast of Yucatan 
Peninsula, Mexico

2000 Groundwater n.r. 4.7b 120.52b 0.75b Calculated from data in Aranda–Cirerol 
et al. (2006)

Dzilam Lagoon, Mexico 1998–1999 Groundwater 2.3b 1.69b 85.3b 0.6b Calculated from data in Medina-Gómez 
and Herrera-Silveira (2003)

Note: n.r. = not reported.
a Indicates measurement of inorganic P as ortho-phosphate.
b Indicates median values.
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sites with low DIN availability (Mutchler et al. 2007). The low SRP availability probably resulted 
from the adsorption of SRP to carbonate surfaces as well as Fe and Al oxides (De Kanel and Morse 
1978; Berner 1981). As noted previously, experimental additions in the Florida Keys indicated that 
95% of PO4

3– could be removed within 20 to 50 h of addition, and that removal may occur within 
short distances of the SRP source (Corbett et al. 2000). Assuming that conditions during this study 
were similar to those encountered in 2005, we would expect that the groundwater DIN:SRP ratio 
was characteristically high for carbonate systems (Lapointe et al. 1992).

Comparing these nutrient concentrations to benchmarks for eutrophic conditions in the Caribbean 
indicated that the bay systems in this study may be slightly enriched. Lapointe et al. (1993) exam-
ined natural nutrient gradients in coral reefs of the Belize Barrier Reef (which is contiguous with 
the barrier reef along the eastern Yucatan Peninsula) and determined that concentrations of ~1 µM 
DIN and 0.1 µM SRP were sufficient for the development of macroalgal blooms. Further exami-
nation of studies conducted around the globe showed that these limits were generally applicable. 
Coral reefs where macroalgal overgrowth occurred were associated with nutrient concentrations 
above these thresholds (Lapointe 1997). If these thresholds were reliable predictors of eutrophic 
conditions in the Caribbean, average concentrations of DIN (3.5 ± 3.4 µM) and possibly SRP (0.3 ± 
0.04 µM; Mutchler et al. 2007) in the bay systems have the potential to support extensive growth 
of macroalgae. Casual observations made during sampling in Akumal Bay appear to support this 
contention as the area of seagrass covered by patches of Ceramium sp. seemed to increase from 
2005 to 2007.

12.4.2  nutrIent sources for algae and seagrass

Patterns of nutrient distribution similar to those observed in this study have been attributed to both 
natural (D’Elia et al. 1981) and anthropogenic causes (Lapointe et al. 1990; Herrera-Silveira 1996; 
Lapointe 1997; McClelland and Valiela 1998; Lapointe et al. 2005a). In Discovery Bay, Jamaica, 
D’Elia et al. (1981) concluded that high NO3

– and low PO4
3– concentrations resulted from natural 

processes such as precipitation, release during decomposition, concentration via evapotranspira-
tion, N fixation, and adsorption of P to carbonate surfaces. However, Lapointe et al. (1990) demon-
strated N enrichment of groundwater by on-site sewage disposal systems in developed areas of the 
Florida Keys. Wastewater contamination of groundwater resulted in up to 5000-fold N enrichment 
of the groundwater. Because hypoxic conditions in the drainage fields inhibited nitrification, most 
of the enrichment was due to additions of NH4

+ (Lapointe et al. 1990). Numerous additional studies 
over the past decade have used stable isotope analyses to highlight the importance of land-derived 
N sources to coastal ecosystems (McClelland and Valiela 1998; Umezawa et al. 2002; Lapointe 
et al. 2005a).

Stable isotope analyses of algae in this study provided evidence that anthropogenic N sources 
contributed to nutrient loads in several cenote systems. Wastewater-derived N sources tend to have 
high δ15N values (5‰ to 9‰ for untreated wastewater; 10‰ to 22‰ for treated wastewater) as a 
result of fractionation during nitrogen transformations (Kreitler 1975; Aravena et al. 1993). For 
example, effluent from septic tanks in Florida had δ15N values that ranged from 4.6‰ to 19.5‰ 
(Lapointe and Krupa 1995a, 1995b). These elevated isotope signatures of wastewater N have been 
used to examine whether anthropogenic N represented a significant source for groundwater and 
coastal systems (McClelland and Valiela 1998; Lapointe et al. 2005a; Cole et al. 2006). Cole et al. 
(2005) also demonstrated that δ15N values of macrophytes were effective indicators of anthropo-
genic N in aquatic systems, observing a linear relationship between δ15N values of macrophytes 
and wastewater contributions to nutrient loading in Cape Cod, Massachusetts. In this study, δ15N 
for Cladophora sp. (12.0‰) and Chara sp. (9.0‰) from Laguna Lagartos as well as Boodleopsis 
pusilla (7.8‰) from Pueblo Cenote clearly suggested the presence of substantial wastewater inputs 
(Table 12.3). These measurements reinforced earlier values for Cladophora sp. (10‰) and δ15N 
of NO3

– (7‰ ± 0.4‰) obtained in 2005 at Laguna Lagartos (Mutchler et al. 2007). In fresh and 
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estuarine water bodies of Cape Cod, δ15N values of similar magnitude were obtained for mac-
rophytes in Ashumet Pond (6.4‰ to 13.8‰) and Great Pond (7.6‰ to 9.9‰; Cole et al. 2005). 
Wastewater contributions to these ponds were estimated to be 80% and 60% of the total N load. 
Similarly, macroalgae in coral reefs near sewage outfalls in Boca Raton, Florida, had an average 
δ15N value of 8.5‰ ± 1.3‰ (Lapointe et al. 2005a). Although we did not quantify the contribution of 
wastewater N to nutrient loads in Laguna Lagartos, comparisons with these other locations suggest 
that wastewater contamination is significant. Laguna Lagartos is located between Akumal Pueblo 
and a series of resorts that line the nearby beaches. Nutrients from injection wells or septic systems 
associated with these developments may easily move through the karst bedrock and into the ground-
water that supplies Laguna Lagartos (Whitney et al. 2003).

Wastewater contamination has also been observed in water quality monitoring that is con-
ducted by the Centro Ecologico Akumal, a local nonprofit organization in the area (CEA 2008). 
Counts of Escherichia coli in Laguna Lagartos, Yal Kú Lagoon, and several other freshwater 
springs near Akumal (including SGD inputs to Akumal Bay) previously exceeded thresholds 
established by the Mexican government (CEA 2008), and spikes in E. coli were correlated with 
the summer tourist season and rainfall events. This second line of evidence provides strong cor-
roboration that widespread input of nutrients from wastewater infiltrates the ground water around 
Akumal Pueblo.

Interestingly, exceptionally high δ15N values were also observed in samples of Batophora sp. 
collected from the Sian Ka’an Biosphere Reserve. Such high values, suggestive of anthropogenic 
N sources, were surprising since the reserve is relatively isolated from any nearby development. 
The high algal δ15N values suggested that despite the protected status and remoteness of this area, 
anthropogenic nutrient sources may be traveling longer distances than expected. If wastewaters 
were in fact entering this system, this would have serious implications for the management of the 
Biosphere Reserve and potential human impacts on the ecosystem; however, elevated δ15N values 
could result from other processes.

Nitrogen transformations such as denitrification also lead to progressive 15N enrichment of the 
DIN pool (Mariotti et al. 1988). It is possible that the spatial differences in δ15N values observed 
in this study arose from variability in denitrification rates among our sites rather than inputs of 
anthropogenic N. For instance, the thickness of the vadose zone and length of residence times 
for groundwater in the biogeochemically active upper aquifer may be important determinants for 
the relative importance of denitrification and isotopic signatures of DIN (Cole et al. 2006). Sites 
with longer residence times and thick vadose zones would be expected to have higher δ15N values. 
Without robust estimates of N transformations, it is difficult to assess the relative importance of 
denitrification and anthropogenic N sources in determining algal tissue δ15N values; however, it is 
likely that both processes are involved.

To further examine this issue, we plotted salinity vs. NO3
– to characterize the mixing and removal 

of NO3
– within the aquifer along the Yucatan Peninsula (Figure 12.4). Although this approach has 

typically been applied to linearly connected systems (Fisher et al. 1988), we included all study sites 
in the diagram. The aquifer in our study area extends from Puerto Morelos in the north to the Sian 
Ka’an Biosphere Reserve in the south and consists of a highly porous cavernous zone with ~700 
km of anastomosing caves (Beddows et al. 2007). These interconnected underground caves permit 
large-scale movement of groundwater over long distances and make identification of linear con-
nections of study sites difficult. For example, 39% of the 30 cm amplitude semidiurnal tidal signal 
is transmitted to the free water surfaces of cenotes 6 km inland (Beddows 1999). These character-
istics of the aquifer suggest a distinct possibility that distant study sites are, in fact, hydrologically 
linked, although perhaps not linearly. In addition, we reasoned that spatially heterogeneous N mix-
ing should be apparent in the graph as departures from expected trends associated with conservative 
and nonconservative mixing. For example, lateral inputs of sewage from New York City generated 
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a convex curve for NO3
– and salinity mixing in the Hudson River (Fisher et al. 1988). Thus, we 

considered this approach to be valid for identifying N removal processes and inputs to help resolve 
ambiguities in algal tissue δ15N values.

Examination of the salinity vs. NO3
– relationship indicated that differences in N mixing may exist 

among our study sites (Figure 12.4). Assuming that the relatively fresh waters of Pueblo Cenote and 
Bat Cave were representative end-members for the study area as a whole (for comparison to ground-
water in other areas of the Caribbean see Table 12.5), Casa Cenote, Yal Kú Chico, and possibly 
Laguna Lagartos had higher NO3

– values than would be expected for either conservative mixing or 
nonconservative mixing with N removal. This pattern is very similar to values obtained previously 
from these study sites (Mutchler et al. 2007); however, in that instance, Laguna Lagartos served as 
the freshwater end-member, and interpretations of N mixing for the site were ambiguous.

Several potential explanations exist for the mixing patterns observed in Casa Cenote, Yal Kú 
Chico, and Laguna Lagartos. First, conservative mixing occurred but a temporal decrease in end-
member NO3

– concentrations resulted in a convex mixing diagram (Loder and Reichart 1981). 
Alternatively, lateral inputs of NO3

– from other sources caused localized elevation in NO3
– along 

the salinity gradient as was observed in mixing diagrams for the Hudson River mentioned above 
(Fisher et al. 1988). Without having a better understanding of temporal variability and flushing 
time of the aquifer near these sites, it was impossible to rule out temporal variation as a factor 
controlling the shape of the mixing diagram. However, the fact that δ15N values of macroalgae and 
NO3

– concentrations in Laguna Lagartos were both higher than the freshwater end-member sug-
gested that anthropogenic N with elevated δ15N signatures entered the system. If the elevated δ15N 
values of macroalgae resulted from denitrification, we would have expected to see a decline in NO3

– 
concentrations. Unfortunately, we did not have isotope data from Casa Cenote or Yal Kú Chico to 
evaluate the source of N in those systems.

The N mixing diagram indicated that a different scenario occurred at the Sian Ka’an study sites. 
In this location, a concave, nonconservative mixing line best describes the relationship between 
NO3

– and salinity (Figure 12.4). Although this could have arisen from a temporal increase in 
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fIgure 12.4 The relationship between NO3
– concentration and salinity at all sampling sites. Dashed line 

is the conservative mixing line created by connecting the average NO3
– concentration for freshwater (salinity 

< 3 psu; –× = 65.1 µM) and marine (salinity > 35 psu; –× = 1.7 µM) end members in the study area. The solid 
line is the exponential fit (y = 139.92*e (–0.13x)) to all data (R2 = 0.80) and shows nonconservative mixing with 
N removal.
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end-member NO3
– concentration, the pattern was consistent with N removal. In this case, the high 

δ15N values of macroalgae in Sian Ka’an would have resulted from denitrification as opposed to 
anthropogenic inputs. A water column profile of the cenote in Sian Ka’an showed that NO3

– and DO 
both declined with depth. These hypoxic conditions in the cenote may be conducive to denitrifica-
tion (Figure 12.2). In addition, we noted distinct sulfurous odors and sulfur bacteria at depths >2 
m in the cenote. Outside of the cenote, Ascension Bay is a shallow, well-mixed estuary with inputs 
from the tidal channels that drain extensive mangrove forests. Denitrification may occur in the sedi-
ments and contribute to further N removal as water mixes with marine inputs from the Caribbean. 
At the Sian Ka’an mouth sampling location where the marine influence was greatest, NO3

– levels 
were nearly identical to those of Xaak, the marine location at the northern end of the study area 
(Table 12.2).

The δ15N values of seagrasses provided no clear indication of extensive inputs of wastewater or 
terrestrial N to the marine locations. Values for all three species were within the ranges reported 
elsewhere for these species (Fry et al. 1987; Moncreiff and Sullivan 2001; Carruthers et al. 2005a, 
2005b). It is worth noting, however, that values for T. testudinum (Table 12.4) were similar to values 
for the species collected in Nichupte Lagoon (5.49 ± 0.77 at Nichupte south; 9.06 ± 0.73 at Nichupte 
north) where evidence suggests inputs of wastewater may occur (Carruthers et al. 2005b). Although 
it is conceivable that the δ15N values of T. testudinum reflected the influence of nitrogen sources 
with elevated δ15N, this seems unlikely given a lack of similar trends for H. wrightii and S. filiforme. 
Interestingly, δ15N values of H. wrightii collected in 2007 actually showed a significant decline from 
2005 (Table 12.5). This trend was apparent for the other two seagrass species but was not statisti-
cally significant. Such a reduction could be an indication that nitrogen sources or the nitrogen load-
ing rates are temporally variable at these sites.

12.4.3  nutrIent Impacts on plants and algae

One of the objectives of this study was to determine if elevated nutrients in the cenote systems 
generated eutrophic conditions and altered seagrass growth dynamics. Despite the relatively high 
NO3

– concentrations in many of these systems, the elevated nutrient levels were not accompanied by 
extensive phytoplankton or macroalgal biomass characteristic of advanced eutrophication. Overall, 
chlorophyll a (chl a) concentrations were generally low (Table 12.2). Chlorophyll a concentrations at 
Sian Ka’an (0.5 ± 0.2 µg L–1), Xaak (0.2 ± 0.0 µg L–1), and Akumal Bay (0.3 ± 0.3 µg L–1) were much 
lower than average values (2.7 µg L–1) reported for the dry season in lagoons that experience a range 
of nutrient inputs along the northern coast of the Yucatan (Álvarez-Góngora and Herrera-Silveira 
2006). However, chlorophyll a for our sites were close to threshold values for eutrophication (0.3 to 
0.5 µg L–1) in the Great Barrier Reef Lagoon (Bell and Elmetri 1995) and were slightly lower than 
average concentrations (0.55 to 1.85 µg L–1) at sites in the Florida Keys that receive land-based nutri-
ent enrichment by seasonal rain events (Lapointe et al. 2004). These comparisons suggested that 
chlorophyll a concentrations were at or near levels associated with eutrophication. Laguna Lagartos 
and Pueblo Cenote, where NH4

+ availability was greatest, had distinctly higher chlorophyll a con-
centrations (4.4 ± 6.9 µg L–1 and 2.9 ± 1.5 µg L–1, respectively; Table 12.2). For many algae, NH4

+ is 
the preferred form of nitrogen (McCarthy et al. 1977), and low NH4

+ or SRP availability may have 
limited phytoplankton growth at most locations we studied.

In addition to having higher nutrient and chlorophyll a concentrations, Laguna Lagartos also dif-
fered from other locations in that Cladophora sp. grows extensively at the site. In fact, mats of the 
algae were removed from the surface in August 2006 (CEA 2008). Although we do not know how 
frequently such removal of algae occurs, it is apparent that the nutrient load delivered to the lagoon 
supported much greater biomass than was observed in our phytoplankton estimates. The prevalence 
of N in Laguna Lagartos was also apparent from the elevated %N content of macroalgal tissues at 
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the site. N content of tissues for Cladophora sp. and Chara sp. were 2% and 2.6%, respectively. 
These values were approximately double those reported by Lapointe et al. (2005b) in their broad-
scale study throughout the Caribbean region. Because of higher %C contents, however, the C:N 
ratios of algae from Laguna Lagartos (11 and 14 for Chara sp. and Cladophora sp., respectively) 
were similar to those reported for green algae in south Florida (12.4 ± 3.2). Chlorophyta from the 
Caribbean region had a mean C:N of 20.5 ± 4.9. Based on these comparisons (and those of other 
algae in Table 12.4), macroalgae from sites with relatively high NO3

– (Casa Cenote, Pueblo Cenote, 
and Laguna Lagartos) were less N limited than algae from other locations in the Caribbean region 
and had tissue nutrient contents more like macroalgae from south Florida where nutrient enrichment 
and episodic upwelling reduce the likelihood of nutrient limitation (Lapointe et al. 2005b).

Although we had limited data on the P content of macroalgal tissues, a few trends were appar-
ent. Tissue P content for algae from Beach Cenote and Laguna Lagartos (Table 12.4) was nearly 
double the values reported for green algae from south Florida (0.08 ± 0.03%) and Codium isthmo-
cladum from the Caribbean region (0.04 ± 0.01%). However, N:P ratios (Table 12.4) were similar to 
those of green algae from south Florida (35.5 ± 8.41; Lapointe et al. 2005b). Typically, N:P ratios 
>30:1 are interpreted as P limited (Smith 1984; Lapointe et al. 1992). Using this benchmark, the 
data suggested that algal growth in Beach Cenote and Laguna Lagartos were limited slightly by P 
availability; whereas Batophora sp. at the mouth of Sian Ka’an showed signs of severe P limitation. 
These observations are consistent with the notion that groundwater near Akumal Pueblo experi-
enced nutrient enrichment, but anthropogenic nutrient sources were absent from Sian Ka’an.

Seagrass tissue nutrient contents suggest that inputs of high nutrient SGD from the cenote sys-
tems may be impacting near-shore marine systems. For all three species, %C declined significantly 
from 2005 to 2007, dropping approximately 2% to 6% (Table 12.5). The %N of T. testudinum was 
significantly higher in 2007, and the %P increased significantly for T. testudinum in Akumal Bay. 
In addition, H. wrightii had significantly higher %P content in Akumal Bay compared to Xaak. 
Together, these trends implied that nutrient availability in coastal waters increased over time and 
was more pronounced in areas adjacent to human development.

Seagrasses are reported to have median C:N:P values of 474:24:1 (Duarte 1990), and macro-
phytes in general have a ratio of 550:30:1 (Atkinson and Smith 1983). Based on these benchmarks, 
it appears that all three seagrass species in Akumal Bay were at or near a balance in nutrient content 
and even may have been slightly elevated in N. Comparisons with other studies in the Caribbean 
region indicated that nutrient content of T. testudinum in Akumal Bay was exceeded only by plants 
from Bocas del Toro in Panama, where high freshwater inputs resulted from rainfall across moun-
tainous terrain (Tables 12.6 and 12.7). T. testudinum in Akumal Bay has very similar C:N:P ratios 
to plants collected from the Bojórquez Lagoon sites (Table 12.6; sites BJ3 and BJ4) in Nichupte 
Lagoon on the northeast coast of the Yucatan Peninsula (van Tussenbroek et al. 1996). Bojórquez 
Lagoon is considered an impacted site that is surrounded by tourism development and has elevated 
P in the sediments (van Tussenbroek et al. 1996). This similarity coupled with the changes in nutri-
ent content since 2005 suggested that Akumal Bay is undergoing nutrient enrichment. The average 
change in the C:P and N:P ratios for the three seagrass species in Akumal Bay was a substantial 
decline of 52% and 39%, respectively. The C:N:P ratios of seagrasses in Xaak also changed in the 
last 2 years; however, not nearly to the extent that was observed in Akumal Bay. The average C:P 
ratio for all three seagrasses in Xaak declined 22%, but there was a slight average increase in N:P of 
2%. The difference in magnitude of change between Akumal Bay and Xaak demonstrated that the 
two embayments are on different trajectories regarding nutrient availability. It will be important to 
monitor this situation closely because Akumal Bay is one of the few places where green sea turtles 
regularly forage on seagrass, and a large beach front hotel was constructed at Xaak between 2005 
and 2007. Therefore, changes in nutrient loading of these bays with continued coastal development 
may affect the seagrass populations and hence the supply of forage for sea turtles.
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tAble 12.6
comparisons of stable Isotope and tissue nutrient content of seagrasses collected in 2005 and 2007

species site year n δ15n (‰) %c %n %P c:n c:n:P

Akumal Bay 2005 3 5 ± 1a 36 ± 0.6a 2 ± 0.2a 0.16 ± 0.06a 20 ± 2a 626:32:1

H. wrightii 2007 2 1.53 ± 2.54b 29.16 ± 3.16b 1.56 ± 0.53a 0.18 ± 0.01a 19 ± 7a 419:24:1

Xaak 2005 3 4 ± 0.2a 36 ± 2a 2 ± 0.2a 0.1 ± 0.01b 25 ± 2a 910:36:1

2007 2 2.47 ± 1.30b 31.43 ± 0.73b 1.77 ± 0.09a 0.11 ± 0.001b 21 ± 1a 737:36:1

Akumal Bay 2005 3 3 ± 1a 29 ± 0.6a 2 ± 0.2a 0.08 ± 0.02a 21 ± 3a 955:46:1

S. filiforme 2007 2 2.40 ± 0.47a 24.06 ± 0.34b 1.61 ± 0.01a 0.15 ± 0.06a 17 ± 0.1b 437:25:1

Xaak 2005 3 1 ± 3a 28 ± 0.5a 2 ± 0.2a 0.13 ± 0.02a 20 ± 3a 582:29:1

2007 2 –0.73 ± 1.43a 22.18 ± 4.91b 1.69 ± 0.52a 0.13 ± 0.03a 15 ± 1b 478:32:1

Akumal Bay 2005 3 7 ± 1a 32 ± 2a 1 ± 0.3a 0.06 ± 0.01a 29 ± 5a 1336:47:1

2007 2 4.64 ± 0.95a 30.92 ± 1.65b 2.16 ± 0.18b 0.22 ± 0.11b 17 ± 1b 425:26:1

T. testudinum Xaak 2005 3 6 ± 1a 36 ± 0.2a 2 ± 0.2a 0.11 ± 0.03ab 22 ± 2a 867:40:1

2007 2 4.24 ± 0.82a 32.07 ± 0.23b 2.27 ± 0.64b 0.13 ± 0.003ab 17 ± 5b 630:38:1

S. Akumal Bay 2007 2 6.10 ± 1.91a 30.94 ± 1.51b 2.22 ± 0.40b 0.17 ± 0.01b 16 ± 2b 462:28:1

Sian Ka’an mouth 2007 2 5.81 ± 0.88a 32.37 ± 3.33b 1.80 ± 0.10b 0.13 ± 0.0001ab 21 ± 1b  625:30:1

Source: Data from Mutchler et al. 2007.
Note: Means (–× ± s.d.) with the same letter are not significantly different from means for the same species at a different site (p > 0.05).
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tAble 12.7
comparison of mean tissue nutrient content for T. testudinum from several studies in the caribbean region

location year (season) site %c %n %P c:n c:P n:P c:n:P study

Florida Bay, USA 1987–1989 Porjoe Key 34.6 2.2 0.095 18.5 1,070 58.6 Fourqurean et al. 1992b

Nichupte Lagoon, Mexico 1991 CN1 38.53 1.871 0.11 851:41:1 van Tussenbroek et al. 1996

CN2 37.5 2.31 0.15 594:36:1

BJ3 38.0 1.95 0.18 488:25:1

BJ4 38.2 2.14 0.2 476:26:1

2002 (dry) North 33.49 2.93 0.17 541:42:1 Carruthers et al. 2005b

South 34.35 2.5 0.13 794:50:1

Puerto Morelos Lagoon, 
Mexico

2002 (dry) Lagoon 35.25 1.80 0.13 740:32:1

Springs 35.60 2.11 0.18 528:26:1

Bocas del Toro, Panama 2003 Bahía Almirante 31.5 2.46 0.26 15.1 313.9 20.9 Carruthers et al. 2005a

Laguna de Chiriquí 32.6 2.38 0.21 16.4 419.1 25.7

Outer Lagoon 33.4 2.45 0.27 16.0 326.8 20.3

Akumal vicinity, Mexico 2005 (dry) Akumal Bay 32 1 .06 29 1336 47 1336:47:1 Mutchler et al. 2007

Xaak 36 2 0.11 22 867 40 867:40:1

2007 (dry) Akumal Bay 30.92 2.16 0.22 17 425 26 425:26:1 This study

Xaak 32.07 2.27 0.13 17 630 38 630:38:1

Sian Ka’an mouth 32.37 1.80 21
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13 Subtropical Karstic Coastal 
Lagoon Assessment, 
Southeast Mexico
The Yucatan Peninsula Case
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AbstrAct

The Yucatan Peninsula of Mexico is characterized by numerous coastal lagoons, which are impor-
tant both ecologically and economically. Wastewater discharge, groundwater pumping, and land 
use changes are modifying both the structure and function of these lagoons. Here, we assess the 
condition of 10 such lagoons, 5 on the Gulf of Mexico coast and 5 on the Caribbean coast of the 
peninsula, via multiple measures, including water quality variables, submerged aquatic vegetation, 
harmful phytoplankton species richness, and degree of eutrophication. Lagoons varied substantially 
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in terms of water quality, with much of this variation resulting from seasonal changes in lagoon 
salinity, which ranged from <10 to >40. Lagoon water quality generally suggested a low level 
of anthropogenic impact; however, two lagoons (Chelem on the Gulf side, and Bojorquez on the 
Caribbean side) showed signs of anthropogenic eutrophication, including high harmful phytoplank-
ton species abundance and changes in seagrass cover. Additionally, lagoons on the Caribbean side 
of the peninsula differed considerably from those on the Gulf side. These results provide a baseline 
assessment of water quality in the Yucatan Peninsula’s coastal lagoons and underscore the impor-
tance of accounting for natural geographic variation in water quality when comparing different 
lagoons and characterizing current and future human impacts on them.

Key Words: coastal lagoons, water quality, phytoplankton, seagrasses, management, ecosystem 
health, eutrophication

13.1  IntroductIon

The biological diversity, high productivity, and ecosystem services provided by tropical coastal 
systems are well recognized; indeed, these same characteristics may promote human settlement 
and urban development. Approximately 60% of the total human population lives in coastal areas 
(Costanza et al. 1997), and human impacts on coastal systems are increasing. Understanding how 
estuaries and coastal lagoons function ecologically is thus essential for effective management of 
these ecosystems.

Coastal lagoons are shallow, enclosed or semi-enclosed bodies of water that are typically ori-
ented parallel to the coast, separated from the ocean by a sand barrier and connected to the ocean 
by one or more inlets, which remain open permanently or intermittently (Kjerfve 1994). Found on 
all continents except Antarctica, they are often highly productive systems that contain many types 
of habitat, supporting both high biodiversity and multiple human uses, including aquaculture, fish-
eries, tourism, and urban development. Coastal lagoons have innate differences in geomorphology 
and function, and some have also undergone significant changes as a result of human activity. Thus, 
it is necessary to establish specific research programs and management strategies to ensure contin-
ued ecosystem productivity and provision of valuable ecosystem services (Alongi 1998).

In order to assess how human activity has affected the health of a coastal lagoon, baseline 
information on ecosystem structure and function is required. Ecological indicators, such as water 
chemistry parameters or the abundance of certain species, can then be used to monitor the effects 
of management strategies, which may have myriad purposes: preserving lagoon function and ser-
vices, maintaining water and habitat quality, and regulating specific ecosystem uses, such as fish-
ing, aquaculture, or recreation. Assessing the condition of coastal lagoons is usually neither simple 
nor straightforward, and as a result numerous metrics, indices, frameworks and approaches for 
measuring coastal ecosystem health have been developed (Dennison et al. 1993; Borja et al. 2000, 
2004; Amany and Dorgham 2003; Orfanidis et al. 2003; Borja 2005; Buchanan et al. 2005).

In the Yucatan case, a conceptual framework based on three core concepts was developed to 
guide ecosystem assessment and management. The first, connectivity, encompasses the biogeo-
chemical, biological, and hydrological interactions between ecosystem components at different spa-
tial and temporal scales (Seller and Causey 2005). The second concept is the dynamic interaction 
between land and sea (Twilley 1995), including freshwater inputs, tides, ocean currents, seasonal 
weather conditions, storms, and hurricanes, all of which can affect the system’s productivity, bio-
diversity, responses to disturbance, and overall functioning. The third concept, ecological stability 
(Dayton et al. 1984), is the speed and process with which ecosystems return to their original struc-
ture and function after a disturbance, and how resistant they are to major disturbances such as exotic 
species or hurricanes.

The Yucatan Peninsula’s human population has grown quickly over the past two decades, lead-
ing to intensified anthropogenic impacts on the coastal lagoons of the region. In 2005, 4.5 million 
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people lived on the peninsula. Greater wastewater inputs and tourism infrastructure have led to 
increased inputs of nutrients and other pollutants, as well as the loss of mangrove forests and sea-
grass beds. These anthropogenic factors interact with site-specific geomorphologic conditions, 
submarine groundwater discharge, climate seasonality, and pulse events such as cold fronts and 
hurricanes to determine each lagoon’s water quality.

In response to scientific and public interest in the ecological condition of the peninsula’s lagoons, 
this chapter aims to characterize the status of 10 representative lagoons in the subtropical karstic 
ecosystems of the Yucatan Peninsula. Our characterization takes into account data that have already 
been collected on each lagoon, as well as new data on water quality, phytoplankton abundance and 
diversity, and seagrass community characteristics. The information presented here can be used to 
evaluate the present condition of these ecosystems and identify the processes, both natural and 
anthropogenic, that are most strongly linked to ecosystem health, thus contributing to the develop-
ment of effective management strategies.

13.2  PuttIng yucAtAn coAstAl lAgoons In conteXt

This contribution included a total of 10 karst coastal lagoons located on the Yucatan Peninsula. 
Five (Celestún, Chelem, Dzilam, Rio Lagartos, and Holbox) are influenced by the Gulf of Mexico, 
and the other five (Chacmochuk, Nichupte, Bojorquez, Ascensión, and Chetumal) are influenced by 
the Caribbean Sea (Figure 13.1). The selected coastal lagoons differ in terms of structure, function, 
human use intensity, strength and type of impacts, and degree of vulnerability. Hence, this study 
constitutes an example of careful cross-ecosystem comparison and an overall assessment of the 
region’s karst lagoon ecosystems.

Yucatan coastal lagoons vary in size, with surface areas ranging from 3 to 1500 km². They tend 
to be very shallow (depth range: 0.2 to 5 m) and have a small tidal range (0.06 to 1.5 m) and a high 
mean water temperature (>20°C). In addition, all receive freshwater inputs from springs or run-
off from mangrove areas. Nutrient sources include wastewater discharges from urban sewage and 
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fIgure 13.1 Map of the Yucatan Peninsula showing locations of the main coastal lagoons.
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 agricultural activity (Figure 13.2). Although some of the lagoons are similar in terms of functional 
traits and nutrient inputs, they also exhibit important differences.

Water residence times of the lagoons studied vary from weeks to years depending on the number 
and size of inlets, wind- and tide-driven circulation patterns, and seasonal freshwater inflows. Some 
lagoons have exhibited changes in circulation patterns due to the modification of inlets connect-
ing the lagoon to the sea (Chelem, Rio Lagartos, Nichupte, and Chetumal), or due to construction 
of bridges or embankments, which restrict water flow between portions of the lagoon (Celestún, 
Chelem, and Bojorquez).

Coastal ecosystems of the Yucatan Peninsula experience three well-defined seasons: dry (March 
to May), rainy (June to October), and “nortes” (November to February), which is dominated by cold 
fronts. Additionally, the hurricane season (from August to September) has a strong influence on coastal 
lagoon stability and disturbance regime (Herrera-Silveira 1994a; Herrera-Silveira et al. 1998).

The Yucatan Peninsula has unique hydrogeologic characteristics, including low relief, lack of 
rivers, highly permeable karst-derived soils, and substantial submarine groundwater discharge 
(SGD). In fact, SGD is the dominant connection between land and sea in Yucatan coastal lagoons, 
with the annual flux estimated at 8.6 × 106 m3 km–1 (Hanshaw and Back 1980; Young et al. 2008). 
SGD is characterized by low salinity and high nitrate and silicate concentrations. However, its 
influence on coastal lagoon water chemistry depends on the magnitude of the discharge and how it 
occurs (i.e., discrete springs or diffuse seepage) (Herrera-Silveira 1994b; Young et al. 2005). Where 
submarine springs exist, they vary in number, size, chemistry, and flux rate. Rapid infiltration of 
rainwater results in very little surface runoff, making atmospheric precipitation a less important 
source of freshwater than in many other places. Only during the rainy season does surface run-
off from mangrove fringe areas constitute an important source of freshwater to Yucatan coastal 
lagoons. Wind-generated and tidal currents also affect lagoon water chemistry. These currents 
are particularly intense during the “nortes” season and during hurricane events, often resulting 
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in sediment resuspension, high turbidity, and more rapid movement of nutrients and organic mat-
ter from the lagoons to the open sea, resulting in fertilization of near-shore marine coastal areas 
(Herrera-Silveira 1994c; Herrera-Silveira et al. 2002a; Medina-Gomez and Herrera-Silveira 2003; 
Tapia et al. 2008).

A large number of human activities that take place on the coast of Yucatan—fisheries, salt extrac-
tion, port development, high- and low-impact tourism, and cattle ranching—have the potential to 
impact coastal lagoons by decreasing species richness and habitat diversity. In addition, some of 
the largest urban areas on the Yucatan coast, such as Cancun, are adjacent to lagoons, leading to 
high anthropogenic impacts in those water bodies. Progreso, Nichupte, Bojorquez, and Chetumal 
lagoons are all located near large urban centers. On the other hand, lagoons such as Chacmochuk 
and Ascensión are far from large cities and thus have experienced less human impact.

13.3  reseArch And monItorIng eXPerIence

Beginning in 2000, 10 lagoons were sampled once in the middle of each season. Monitoring 
included the measurement of water quality variables, phytoplankton abundance and diversity, and 
seagrass community composition using standardized methods (Jeffrey and Humphrey 1975; Hasle 
1978; Parson et al. 1984; Sournia 1987; Costanza et al. 1992; Hallegraeff et al. 1995; Durako and 
Duarte 1997; Bricker et al. 1999, 2003; Avery 2000; Boyer et al. 2000; Hemminga and Duarte 2000; 
U.S. Environmental Protection Agency 2001a, 2001b; Arhonditsis et al. 2003; Brander et al. 2003; 
Fourqurean et al. 2003; Jorgensen et al. 2005; Devlin et al. 2007). Here, we present hydrologic and 
phytoplankton data from 2001 to 2006 and seagrass data from 2001, 2006, and 2008. A variable 
number of stations were sampled at each lagoon, depending on the size and salinity gradient of each 
system (Herrera-Silveira 1994a, 2006; Herrera-Silveira et al. 1998; Medina-Gomez and Herrera-
Silveira 2003; Arellano 2004; Sima-Morales 2004; Schumann et al. 2006; Tapia et al. 2008).

Water quality variables, including surface temperature (°C), salinity (expressed in adimensional 
units), dissolved oxygen (mg L–1), and oxygen saturation (%) were measured in situ with a multi-
parameter probe. The concentrations of dissolved inorganic nutrients (ammonia (NH4

+), nitrite 
(NO2

–), nitrate (NO3
–), soluble reactive phosphorus (SRP), and silica (SRSi), all expressed as μmol 

L–1), were measured in surface water samples as described by Strickland and Parsons (1972). 
Chlorophyll a (Chl a) was used as an indirect measure of phytoplankton biomass. Because of the 
karstic geology of the study region, special emphasis was given to SRP and SRSi concentrations; the 
former is in some cases a limiting nutrient because it is lost in sediments due to precipitation in the 
presence of calcium carbonate (Coelho et al. 2004; Slomp and Van Cappellen 2004), and the latter 
has been used as SGD tracer (Smith et al. 1999; Young et al. 2008).

For phytoplankton analysis, the Utermöhl technique (Hasle 1978) was used and the taxonomic 
identification was done at genus and species level using the taxonomic methods of Chretiennot-
Dinet et al. (1993) and Round et al. (1990). This methodology helps identify the number of harmful 
algal bloom (HAB) species, which was used as an indicator of the risk each system had of develop-
ing HAB events. The rationale behind this is that the more HAB species that are present, the more 
likely it is that a change in conditions will cause one of them to bloom (CEC 1991). This approach 
has been used previously in the Yucatan region (Morales-Ojeda 2007).

Submerged aquatic vegetation (SAV) cover was estimated in situ using a diver-assisted sampling 
design, which can obtain rapid and accurate estimates of SAV coverage. Surveys were accomplished 
using a modified version of the Braun-Blanquet scoring technique (Fourqurean et al. 2001) and 
0.5-m2 quadrats. Replicates were taken to determine species composition and estimate biomass 
(Zieman et al. 1999; Fourqurean et al. 2001). SAV cover is commonly used as an indicator of ecosys-
tem health because decreases in SAV cover and shifts in species composition from seagrass to green 
macroalgae are associated with ecological stress (Orth and Moore 1983; Stevenson et al. 1993). In 
addition, if excessive growth of green macroalgae and epiphytes occurs, it can suffocate bivalves 
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and cause SAV to die off (Dennison et al. 1993). There is currently no threshold above which green 
macroalgae or epiphytes are considered to be a threat to the overall community.

Based on water quality, phytoplankton, and SAV coverage, we classified each lagoon into one of 
four categories: “excellent,” “good,” “fair,” or “poor.” Classification criteria were based on published 
U.S. Environmental Protection Agency (U.S. EPA) and National Oceanographic and Atmospheric 
Administration (NOAA) recommendations (U.S. EPA 2001a, 2004), since Mexico lacks official cri-
teria for assessing coastal ecosystem health status. We first established reference values for each of 
the three ecosystem health components (water quality, phytoplankton, and SAV) using the U.S. EPA 
(2005) guidelines. For parameters where higher values were associated with water quality impair-
ment, values between the minimum and the first quartile were classified as “excellent.” Values 
between the first quartile and the median were classified as “good,” and values between the median 
and the third quartile were classified as “fair.” Values higher than the third quartile were classified 
as “poor.” For dissolved oxygen and phytoplankton diversity and richness, where higher values are 
associated with good water quality, the opposite classification scheme was used. For example, val-
ues between the minimum and the first quartile were classified as “poor.”

13.4  chArActerIzAtIon And stAtus of yucAtAn coAstAl lAgoons

The main features of the coastal lagoons studied are summarized in Table 13.1. All lagoons exhib-
ited some spatial and temporal variation in water quality, which may be related to connectivity, 

tAble 13.1
characteristics of coastal lagoons in the yucatan Peninsula, mexico

system coordinates A (km2) z (m) t (days) Activities threat

Celestún (Ce) 20°46′–21°06′
90°11′–89°25′

28 1.2 50–300
100

Fisheries
Ecotourism
Mineral extraction

Loss of SAV coverage
Water level reduction 
by sediment refill

Eutrophication

Chelem (Cm) 21°10′–21°19′
88°34′–88°57′

14 0.8 300–750
400

Fisheries
Ecotourism
Urban development

Loss of SAV coverage
Pollution
Eutrophication

Dzilam (Dz) 21°19′–21°32′
88°35′–88°58′

10 0.6 50–250
150

Fisheries
Ecotourism

Pollution from its 
watershed

Rio Lagartos (Rl) 21º38′–21º20′
88º15′–87º30′ 

91 0.5 450 Fisheries
Ecotourism

Pollution from its 
watershed

Holbox (Ho) 21°26′–21°36′
87°08′–87°29′

275 1.5 200–350
280

Fisheries
Ecotourism

Pollution from its 
watershed

Chacmochuk (Ck) 21°10′–86°48′
21°15′–86°51′ 

122 1 150–350
200

Fisheries
Eutrophication

Pollution from its 
watershed

Nichupte (Nh) 21°08′–21°04′
86°48′–86°46′

41 2.2 200–500
300

Massive tourism
Loss of SAV coverage

Eutrophication

Bojorquez (Bj) 21°07′–21°08′
86°46′–86°45′

3 1.7 360–800
400

Massive tourism
Pollution
Loss of SAV coverage

Eutrophication

Ascensión (As) 19°33′–19°56′
87°28′–87°38′

740 2.5 200–400
150

Fisheries
Ecotourism

Pollution from its 
watershed

Chetumal (Ch) 18°33′–18°51′
88°02′–88°08′

1098 3 200–400
300

Fisheries
Ecotourism
Urban development

Pollution from its 
watershed

Note: A = surface area; Z = depth; T = residence time of water, upper-lower and average.
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ocean-land/land-ocean controls, variable inputs of freshwater and seawater, springs, the intensity of 
marine currents, and/or the tidal range.

Lagoon salinities ranged from 10 to 40, reflecting differences in lagoon shape, area, water resi-
dence time, and seasonal variation in freshwater and saltwater inputs. Freshwater inputs are impor-
tant in maintaining water chemistry gradients within a lagoon; thus, they promote biodiversity and 
ecological complexity (Newton and Mudge 2005). However, if freshwater sources are contaminated 
with nutrients or other pollutants, this can have a negative effect on ecosystem function.

Salinity and water residence time, which play key roles in determining ecosystem function, 
should be considered in characterizations of coastal lagoons. For instance, water residence time 
determines if a lagoon acts as a sink for pollutants or as a source of nutrients and organic matter 
to the open ocean (Medina-Gomez and Herrera-Silveira 2003). The water residence time of each 
lagoon was estimated following the LOICZ approach (Gordon et al. 1996). Large spatial and sea-
sonal variations in residence time were observed; lagoons with longer residence times will probably 
be more vulnerable to pollution and eutrophication, while lagoons with shorter residence times will 
be less vulnerable. These rapidly exchanging lagoons would also act as a source of terrestrial organic 
matter to the ocean. In this study, the Chelem, Bojorquez, Holbox, and Chacmochuk lagoons have 
longer residence times, indicating that they are more vulnerable to pollution and eutrophication. 
In contrast, water in Celestún, Dzilam, Holbox, and Ascensión lagoons turned over more quickly, 
indicating lower vulnerability (Table 13.1).

The relations between salinity, DIN, and SRSi in the lagoons (Figure 13.3), suggest variability 
in freshwater input and circulation regime. Celestún, Nichupte, and Bojorquez lagoons exhibit large 
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salinity gradients associated with SGD inputs. In other lagoons, such as Chetumal, Dzilam, and 
Ascención, less dilution of high-nutrient SGD by low-nutrient seawater was observed, and fresh-
water inputs, rather than mixing with seawater, determine nutrient concentrations. Other lagoons, 
such as Holbox, Chelem, and Chakmuchuc, are strongly influenced by ocean controls.

13.4.1  celestún

The Celestún Lagoon (Table 13.1) is located on the western portion of the coast of Yucatan, on 
the edge of a coastal barrier island. It is within the Celestún Biosphere Reserve, and, since it is 
the most studied lagoon in Yucatan, much data about it are available. Celestún is the base site for 
the ECOPEY (acronym in Spanish of Coastal Ecosystems of Yucatan Peninsula) working group, 
which is part of the Red Mexicana de Estudios Ecologicos de Largo Plazo, or Mexican Long-Term 
Ecological Research (LTER) network. Salinity values in this system ranged from 5 in the inner zone 
to 37 in the outer region, which connects to the sea. The lagoon is surrounded by well-preserved 
mangrove forests; the dominant mangrove species are Laguncularia racemosa in the inner portions 
of the lagoon, Rhizophora mangle in the central region, and Avicennia germinans in the outside 
area that connects the inlet with the sea.

Based on water quality variables, the Celestún Lagoon can be divided into three zones: (1) the 
inner zone, which receives significant groundwater discharges and has low salinity, high NO3

– 
and high SRSi concentrations; (2) the middle zone, which is characterized by high NH4

+ and 
chlorophyll a concentrations, and (3) the euhaline outer zone, which is influenced by the sea and has 
low nutrient concentrations (Herrera-Silveira 1994a). Ammonium concentrations may be associated 
with natural processes of SAV decomposition and runoff from mangrove forests, as well as with 
wastewater discharge from tourism-related activities and infrastructure (Zaldivar-Jimenez et al. 
2004; Tapia et al. 2008). The relatively high SRP concentrations in this system suggest an exogenous 
source and could be explained by the presence of birds inhabiting the lagoon, and/or by runoff from 
mangrove areas (Comin and Herrera-Silveira 2000). A comparison of the characteristics of this 
system in 2001 and 2006 showed no changes in salinity, NO3

–, NO2
–, or SRSi (Figures 13.4a, 13.5a, 

13.6a, 13.6c, and 13.7a); however, in some cases differences were observed for variables related to 
anthropogenic eutrophication (e.g., NH4

+, SRP, and chlorophyll a; Figures 13.6e, 13.8a, and 13.9a). 
Overall, variables associated with groundwater discharges (SRSi) were greater, while salinity and 
oxygen saturation values were lower (Figures 13.6a and 13.8a, respectively) during seasons with 
high SGD fluxes. This lagoon had the highest NO3

– and SRSi concentrations of all the Gulf-side 
lagoons studied (Figures 13.6a and 13.7a).

A total of 150 species of phytoplankton were identified in Celestún Lagoon, with densities rang-
ing from 2.8 × 105 cells L–1 during the rainy season to 6.3 × 107 during the “nortes” season. The 
phytoplankton community is dominated by cyanobacteria (Chroomonas) and diatoms (Amphora, 
Navicula, and Thalassiosira) (Figure 13.10). Only four HAB species were present (Merismopedia 
glauca, Prorocentrum minimum, P. micans, and Protoperidinium sp.). Phytoplankton blooms have 
been recorded previously during the late dry and early rainy seasons (Herrera-Silveira et al. 1999a) 
(Figure 13.11).

In terms of submerged vegetation, the inner zone of the lagoon was co-dominated by green 
algae such as Chara fibrosa and the seagrass Ruppia maritima. The mixing zone was dominated by 
Halodule wrightii and Ruppia maritima, and the outer zone was dominated by H. wrightii and sev-
eral species of macroalgae. SAV cover has decreased significantly during recent years (Figure 13.12), 
mainly as a result of the use of trawling nets for fishing and boats for ecotourism (Herrera-Silveira 
et al. 2000c; Castrejon et al. 2005; Ascencio 2008).

Celestún Lagoon is considered to be in good condition according to most water quality vari-
ables; the only exception was turbidity, which indicated a fair condition (Table 13.3). The frequency 
and duration of phytoplankton blooms also suggest a fair condition. SAV cover in Celestún has 
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decreased over the last 5 years, another indication of fair condition (Table 13.3). Thus, the overall 
health status of Celestún Lagoon is considered to be fair (Figure 13.13).

Given that the water residence time of this lagoon is relatively short (~100 days), the lagoon is 
likely a source of nutrients to the ocean, with a medium to low degree of vulnerability to human 
impacts. The main human activities conducted in the lagoon are fishing and ecotourism, and the 
main threats are habitat loss, the obstruction of water flux, eutrophication, pollution, and over-
fishing. We recommend continued monitoring of the impacts generated by ecotourism activities, 
restocking native species through aquaculture programs, and restoring natural water flow in the 
internal portions of the lagoon, which have been modified by a bridge and an embankment.

13.4.2  cHelem

Chelem Lagoon is located 35 km north of Mérida, the capital of the state of Yucatan, between the 
port of Progreso, the locality of Yucalpeten, and the town of Chelem (Figure 13.1). It is surrounded 
by a degraded mangrove forest dominated by R. mangle (Herrera-Silveira et al. 1998, 2000b). The 
lagoon is usually euhaline (Table 13.2, Figure 13.4a) and its hydrological characteristics have been 
modified due to the construction of roads and bridges, dredging, filling, and the creation of artificial 
connections with the sea, which increased water salinity in coastal wetlands, impacting mangrove 
vegetation and other ecological features of the lagoon (Herrera-Silveira et al. 2000a).

The highest nutrient and chlorophyll a concentrations in this lagoon occurred near the shipping 
channel of the canoeing trail, in the eastern portion of the lagoon. Such conditions, which appear to 
result from a combination of leaching from an old municipal dump, urban wastewater discharges, 
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and sluggish circulation in this part of the lagoon, are indicative of eutrophication (Tapia et al. 
2008). Indicators associated with anthropogenic disturbance, such as NH4

+, SRP, and chlorophyll a, 
increased between 2001 and 2006 (Figures 13.6a, 13.6c, 13.8a, and 13.9a), suggesting ongoing dete-
rioration of this lagoon.

A total of 101 species of phytoplankton were identified, with densities ranging from 2.7 × 105 
to 5.3 × 107 cell L–1. Diatom taxa, especially Cyclotella, Chaetoceros, Hannea, and Thalassiosira, 
dominated (Figure 13.10). Eight HAB species, including Cylindrotheca closterium, Nitzschia long-
issima, and Gambierdiscus toxicus, were observed, which is high relative to other coastal lagoons 
in the Yucatan (Herrera-Silveira et al. 1999a) (Figure 13.11).

The dominant SAV species were H. wrightii, Thalassia testudinum, and green and red macro-
algae. Changes in SAV community composition have been observed in this lagoon. It was originally 
dominated by freshwater algae and coraline macroalgae, but these have been largely replaced by 
seagrasses (Herrera-Silveira et al. 2000c). Jellyfish blooms have been observed in the shallow por-
tions of the lagoon and seem to be increasing in frequency, suggesting a rapid deterioration of water 
quality. Additionally, there is public and private interest in infrastructure development related to 
port activities and tourism in the lagoon. Bridges, roads, and urban development, visible from the 
beach and in the adjacent coastal area, have contributed to SAV loss by increasing water turbidity 
and altering water circulation patterns in the lagoon (Ascencio 2008).

Overall, this lagoon’s condition is classified as fair (Figure 13.13) according to water quality data 
(Table 13.3). Dissolved oxygen levels and water clarity were low, while nutrient and chlorophyll a 
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concentrations were high (Table 13.2). The large number of HAB species, as well as the long 
and frequent phytoplankton blooms in the eastern area, indicated a fair condition in terms of 
phyto plankton. Both the cover and composition of SAV indicated a poor condition. Together, these 
results indicate that Chelem Lagoon has an overall poor condition. One of the most important 
variables contributing to this system’s current condition is the high water residence time in the 
eastern portion of the lagoon (Table 13.1), making it highly vulnerable to both natural and anthro-
pogenic impacts. Programs aimed at restoring water circulation and mangrove vegetation may help 
improve water quality.

13.4.3  dzIlam

This lagoon is located on the northern Yucatan coast, within a state-protected area, surrounded 
by mangrove forest (mainly R. mangle and L. racemosa). After it was hit by hurricane Isidore in 
2002, this system has gradually shown signs of recovery (Teutli 2008). The lagoon is connected to 
the sea by an inlet located in its central region, and salinity levels are generally estuarine, although 
euhaline and hyperhaline conditions have been recorded occasionally (Table 13.2). Water residence 
time in this system is relatively long, possibly favoring the accumulation of SGD-derived pollutants, 
which may affect biota distribution and abundance patterns (Herrera-Silveira et al. 1999b). Nutrient 
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concentrations in the lagoon are high (Table 13.2) due to the presence of a large number of high-
nitrate, high-silica springs in the inner zone of the lagoon, as well as runoff from the mangrove area. 
NO3

–
 and NO2

– increased between 2001 and 2006, whereas chlorophyll a and oxygen saturation 
decreased (Figures 13.5a, 13.6a, 13.6c, and 13.9a).

A total of 135 phytoplankton species were identified, with densities ranging from 3.1 × 105 to 
4.8 × 107 cell L–1. Few HAB species were observed (Figure 13.11). The most common HAB spe-
cies was the diatom Cylindrotheca closterium, and members of the genera Prorocentrum and 
Protoperidinium were also observed (Figure 13.10) (Herrera-Silveira et al. 1999a).

Seagrasses (H. wrightii, T. testudinum, Syringodium filiforme and R. maritima) were the dominant 
type of SAV, although green and red macroalgae were also present. SAV cover did not change over 
the study period, probably because little urban development has occurred in the area (Figure 13.12). 
However, due to large inputs of groundwater, high nutrient concentrations and the presence of pol-
lutants in sediments and SAV tissues have been reported in this system. The overall condition of the 
lagoon is good (Table 13.3). The water residence time is about 150 days, but it varies between different 
parts of the lagoon. The inner zones of both arms are more vulnerable to contaminants because they 
have residence times of up to 250 days, resulting in the storage of groundwater-borne pollutants.

13.4.4  rIo lagartos

This lagoon, the largest in the state of Yucatan (Table 13.1), has three inlets where water is 
exchanged with the sea. It is long, shallow, and hyperhaline (Table 13.2), and its hydrochemistry is 
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quite different from the other lagoons. Since data for this lagoon are typically outside the normal 
range and may interfere with the interpretation of patterns observed for the other lagoons, we did 
not include hydrochemistry figures for this system. Rio Lagartos had high SRP and NO2

–
 concen-

trations and low SRSi concentrations (Table 13.2). The hyperhaline region of the lagoon had high 
chlorophyll a concentrations (Herrera-Silveira et al. 1998, 2002a).

Because this system is located within a watershed influenced by agriculture and cattle farm-
ing, groundwater is contaminated, and early signs of eutrophication and pollution have been 
observed. The impact of SGD-derived pollutants may be magnified by the long water residence 
time (about 450 days). The lagoon is bordered by coastal dune vegetation and mangroves domi-
nated by R. mangle and A. germinans which have been impacted by the local salt extraction 
industry and hurricanes.

A total of 80 species of phytoplankton were identified, varying in density from 3.5 × 105 to 4 × 107 
cell L–1. Cyanobacteria, such as Gloeocapsa sp. and Gloeothece sp., dominated (Figure 13.10). 
A small number of HAB species were observed (Figure 13.11), with Scripsiella trochoidea and 
Nistzschia longissima being the dominant species. There is no information on phytoplankton 
blooms for this system. Seagrasses (H. wrightii, R. maritima, and T. testudinum) and calcareous 
green algae were the dominant type of SAV in the western region, while the hyperhaline zone was 
dominated by microphytobenthos. Although this lagoon’s overall condition is considered good, no 
information is available on temporal changes in ecological indicators, which limits the ability to 
make inferences based on the present data (Figure 13.12).
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13.4.5  HolBox

This lagoon is located on the northwestern Yucatan Peninsula coast, in the state of Quintana Roo, 
within the protected area of Yum Balam (Figure 13.1). Surrounded by mangrove forest, it is one of 
the largest coastal lagoons of northern Yucatan. Its overall condition cannot be assessed currently. 
The lagoon is typically euhaline, with lower salinities observed during the rainy season due to fresh 
groundwater inputs. Based on spatial differences in water chemistry, the lagoon can be divided into 
five zones. The inner zones are characterized by higher salinities, while those closer to urban areas 
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have higher nutrient concentrations (Tran et al. 2002, 2005). Minor changes in NO3
–, NO2

–, NH4
+, 

and SRSi occurred over the 5-year study period (Table 13.2, Figures 13.6a, 13.6c, 13.6e, and 13.7a); 
differences in salinity (Figure 13.3a), SRP, and chlorophyll a were somewhat larger (Figures 13.7a 
and 13.8a).

No information on phytoplankton blooms is available for this system. The limited data on phyto-
plankton community composition indicate that diatoms are the dominant group (Figure 13.10), 
and that the number of HAB species is low (Figure 13.11). Seagrasses (H. wrightii, T. testudinum, 
and S. filiforme) are the dominant type of SAV, and previous data indicate that there have been no 
changes in SAV cover (Figure 13.12). The presence of heavy metals in T. testudinum tissues (Solis 
et al. 2008) suggests pollution of this system, probably originating from the Cancun urban area.

Although SRP and chlorophyll a concentrations have increased during the last few years, water 
quality is considered good in this system. Lacking sufficient phytoplankton and SAV data, it is 
impossible to assess the lagoon’s overall health, but its short water residence time suggests that its 
overall condition is probably good (Table 13.3).

13.4.6  cHacmocHuk

This lagoon is located in the northeast corner of the Yucatan Peninsula, north of the city of Cancun. 
It is naturally connected to the Caribbean Sea by an inlet in its northern portion (Figure 13.2). 
Salinity data indicate that this system is euhaline, although salinity has increased over the last few 
years (Figure 13.4b). The lagoon is bordered by mangrove vegetation, which has been impacted by 
recent hurricanes and tourism development.
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tAble 13.2
mean and range of the water chemistry Parameters in surface waters of yucatan coastal lagoons

Variable

celestún (ce) chelem (cm) dzilam (dz) rio lagartos (rl)  holbox (ho)

Average min max Average min max Average min max Average min max Average min max

T (°C) 27.8 25.5 33.3 26.7 23 31.6 31 28.1 35.5 27.3 20.7 35.8 28.1 25.2 29.8

Sal 21.1 3.6 38.2 35.4 27.5 44.5 26.5 2 38.9 57.6 23 186 38.8 35.2 43.2

O2 (mg L–1) 3.6 2.4 5.4 5.6 2.4 9.2 5 1.9 8.3 5.8 2.8 9.9 4.2 2.6 5.4

SAT (%) 74 52 118 123 49 20.8 112 40 188 147 74 400 96 59 121

NO3 (μmol L–1) 4.04 0.54 12.8 3.23 0.28 20.9 4.76 0.05 31 2.65 0.05 44 0.72 0.03   2.55

NO2 (μmol L–1) 0.69 0.21 1.43 0.21 0.02 0.71 0.25 0.01 1.96 0.84 0.01 12 0.35 0.01 1.92

NH4 (μmol L–1) 11.84 0.1 40.69 9.46 2.06 40.2 2.43 0.41 7.04 5.13 0.55 20 4.65 1.24 13

SRP (μmol L–1) 1.09 0.34 2.34 0.52 0.02 2.47 0.21 0.01 1.22 1.38 0.03 7.2 0.57 0.1 0.99

DIN:SRP 18 19 33 25 160 19 35 135 31 6 41 8 10 14 15

SiRS (μmol L–1) 143.1 22 372 51.8 11.5 144.9 77.4 1.6 292 33.3 0.1 90 33.2 5 90.1

Chlorophyll a 
(mg m–3)

3.93 0.13 14.81 2.17 0.15 10.5 3.91 1.45 8.62 4.7 0.01 15 1.99 0.36 6.05

Variable

chacmochuk (ck) nichupte (nh) bojorquez (bj) Ascención (As)  chetumal (ch)

Average min max Average min max Average min max Average min max Average min max

T (°C) 31.5 29.6 33.9 28.6 23.2 32.3 28.9 26.2 31.6 29.5 23.5 34.9 29.2 27.3 32.1

Sal 34.4 23.6 39.4 28.2 12.5 37.1 30.2 20.8 36 30.7 1.1 37.7 13.2 0.4 20

O2 (mg L–1) 5.1 3.2 8 5.8 2.8 7.9 5.1 2.7 7.2 7.1 2.8 12.8 6.2 1.3 8.6

SAT (%) 140 75 286 115 47 185 111 62 154 151 54 286 123 26 168

NO3 (μmol L–1) 0.47  0.01   3.2 8.56 0.23 43.2 8.96 0.96 29 0.98 0.01 9.99 2.49 0.05 12.6

NO2 (μmol L–1) 0.82 0.05 2.7 0.96 0.01 4.38 0.88 0.02 4.7 0.4 0.01 1.64 1.16 0.01 6.17

NH4 (μmol L–1) 5.09 0.1 29 8.64 1.9 30.2 6.23 0.41 26 1.75 0.02 9.39 12.72 0.54 36.2

SRP (μmol L–1) 0.63 0.03 1.4 0.43 0.02 1.47 0.57 0.23 1.2 0.24 0.01 1.3 0.46 0.03 1.86

DIN:SRP 10 58 22 42 173 39 28 8 30 13 10 11 36 22 25

SiRS (μmol L–1) 31.2 3.6 78.3 38.1 2.8 66.3 20 2.1 63.3 20.8 0.1 227.1 187.3 89.8 332.4

Chlorophyll a 
(mg m–3)

3.22 0.1 17 1.57 0.2 6.34 1.36 0.22 3.8 0.41 0.02 1.16 1.04 0.03 4.1
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tAble 13.3
Assessment of lagoon condition based on Individual metrics and overall (using All metrics together)

lagoon

water Variables
water 

condition

Phytoplankton 
Variables

Phytoplankton 
condition

habitat Variables 
coverage loss

habitat 
condition

overall 
conditiondo tur dIn srP chlorophyll a hAb sP # blooms sAV mangrove

Celestún ⚫ ◒ ⚫ ⚫ ⚫ ⚫ ⚫ ◒ ◒ ⚪ ⚫ ◒ ◒
Chelem ◒ ◒ ⚪ ◒ ◒ ◒ ⚪ ◒ ◒ ⚪ ◒ ⚪ ⚪
Dzilam ⚫ ⚫ ⚫ ⚫ ⚫ ⚫ ⚫ ⚫ ⚫ ⚫ ◒ ⚫ ⚫
Rio Lagartos ⚫ □ ⚫ ◒ ⚫ ⚫ ⚫ □ □ ⚫ ◒ ⚫ ⚫
Holbox ⚫ ⚫ ⚫ ◒ ⚫ ⚫ ⚫ □ □ ⚫ □ □ ⚫
Chacmochuk ⚫ ⚫ ⚫ ◒ ⚫ ⚫ ⚫ □ □ ⚫ □ □ ⚫
Nichupte ◒ ◒ ◒ ◒ ◒ ◒ ◒ ◒ ◒ ◒ ◒ ◒ ◒
Bojorquez ⚪ ◒ ⚪ ⚪ ◒ ⚪ ⚪ ⚪ ⚪ ◒ ⚪ ⚪ ⚪
Ascensión ⚫ ⚫ ⚫ ⚫ ⚫ ⚫ ⚫ ⚫ ⚫ ⚫ ⚫ ⚫ ⚫
Chetumal ⚫ ◒ ◒ ◒ ⚫ ◒ ⚫ □ □ □ □ □ ◒

Note: ⚫ Good; ◒ Fair; ⚪ Poor; □ No data available.
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Chlorophyll a concentrations in the lagoon are high, and, although it is influenced by the 
Caribbean Sea, it is quite similar to other lagoons on the northern Yucatan coast which are more 
influenced by the Gulf of Mexico (Figure 13.9b). The lagoon is located in the same watershed as the 
city of Cancun. Pollutants from the city’s dumps may leach into groundwater, which then discharges 
into the lagoon.

Cyanobacteria and dinoflagellates dominate the phytoplankton community (Figure 13.10). 
There is no information available on algal blooms, although the number of HAB species reported 
is low (Figure 13.10). Seagrasses (H. wrightii, T. testudinum, S. filiforme, and R. maritima) are the 
dominant type of SAV, with green and red macroalgae also present. No temporal changes in SAV 
cover were observed (Figure 13.12).

The overall water quality in Chacmochuk was good (Table 13.3). Nutrient concentrations and 
turbidity were low. However, high SRP and chlorophyll a concentrations (Table 13.2) and proximity 
to the city of Cancun suggest that the lagoon may be vulnerable to eutrophication. Currently no data 
on phytoplankton or SAV are available. Human impacts on this system are expected to increase as 
Cancun expands to accommodate its thriving tourism industry and rapidly growing population.

13.4.7  nIcHupte

Although the Nichupte and Bojorquez Lagoons are part of an interconnected lagoon system, their 
environmental conditions are different. Nichupte is connected to the Caribbean Sea by two small 
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artificial inlets (Punta Cancun and Punta Nizuc), and it receives freshwater inputs from springs and 
surface runoff from the surrounding mangrove forest. Its salinity gradient resembles that of an estu-
ary (Sima-Morales 2004).

Nitrate, nitrite, and ammonium concentrations were high, and changes in nearly all water 
quality variables over the past 5 years suggest degradation in water quality (Figures 13.6b, 13.6d, 
13.6f, and 13.8b). Diatoms are the most abundant type of phytoplankton (Figure 13.10). Although 
the number of HAB species is low (Figure 13.11), annual algal blooms have been recorded in 
areas with lower water flow. Seagrasses (H. wrightii and T. testudinum) are the dominant type 
of SAV, with red and green macroalgae also present. Heavy boat traffic related to the tourism 
industry has damaged SAV (Figure 13.12). An increase in epiphyte abundance on T. testudinum 
leaves has also been observed over the last few years. Based on the available water quality, phy-
toplankton, and SAV data, this system’s condition is classified as fair (Figure 13.13).

13.4.8  BoJorQuez

Bojorquez, connected to Nichupte by two artificial channels, is the smallest lagoon included in this 
study (Table 13.1). Originally, it was completely surrounded by mangroves, but now most of that 
vegetation has been replaced by tourism infrastructure. Because of its limited connection with the 
Nichupte lagoon, changes in SGD and wastewater inputs have caused salinity changes over time 
(Figure 13.4b).

Bojorquez has the highest nitrate and SRP concentrations of all lagoons studied. However, its low 
silicate concentrations indicate low SGD fluxes into the lagoon, suggesting that wastewater is the 
main nutrient source. Concentrations of NO3

–, NO2
–, SRP, and chlorophyll a all increased between 

2001 and 2006 (Figures 13.6b, 13.6d, 13.8b, and 13.9b).
Dinoflagellates comprise the dominant phytoplankton group in the lagoon. Many HAB spe-

cies are present (Figure 13.11), and algal blooms have been recorded in areas with lower water 
flow. Seagrasses (T. testudinum and H. wrightii) were the dominant type of SAV, and small green 
macro algae were also present. SAV cover has decreased over the last few years, perhaps due to high 
boat traffic and eutrophication (Figure 13.13). Disease symptoms and higher abundance of epi-
phytes have also been observed on leaves of T. testudinum. Total N and P content in T. testudinum 
leaves are higher here than at oligotrophic sites in the Caribbean (Carruthers et al. 2005). Based 
on these findings and the lagoon’s 400-day residence time, it is considered to be in poor condition 
(Figure 13.13). Several studies conducted in Bojorquez and Nichupte lagoons have reported signs of 
eutrophication (Merino et al. 1992).

13.4.9  ascencIón Bay

This lagoon, on the Caribbean coast, is part of the “Sian Ka’an” Biosphere Reserve in the state of 
Quintana Roo. It is one of the peninsula’s largest lagoons, and it is separated from the sea by a bar-
rier reef and mangrove islands. It receives seawater from the Caribbean Sea, as well as significant 
freshwater inputs from groundwater and mangrove runoff, resulting in a typical estuarine salinity 
gradient (Figure 13.4b) (Arellano 2004).

Water in this lagoon has high transparency, low nutrient concentrations, and the lowest chlorophyll a 
concentration of all lagoons included in this study (Figure 13.9b). Water quality varies from year to 
year, with generally high SRP and SRSi values (Figures 13.7b and 13.8b). Nitrogen compounds and 
salinity have not varied much between years (Figures 13.4b, 13.6b, 13.6d, and 13.6f).

The phytoplankton community is dominated by diatoms (Figure 13.10). Only a few HAB species 
have been reported for this system (Figure 13.11) and there have been no reports of phytoplankton 
blooms. Seagrasses (H. wrightii, T. testudinum, S. filiforme, and R. maritima) are the dominant 
type of SAV, with some species of green and red macroalgae also present. Probably due to the 



326 Coastal Lagoons: Critical Habitats of Environmental Change

lagoon’s environmental heterogeneity, high levels of morphological variation have been observed in 
T. testudinum leaves. No significant changes in SAV cover have been observed despite several recent 
hurricanes that have affected the area (Figure 13.12).

The lagoon’s overall condition is considered good (Table 13.3, Figure 13.13). Ascensión Bay 
supports an important, environmentally responsible lobster fishery organized by local fishermen, 
which has probably contributed to the maintenance of a healthy ecosystem. However, despite the 
bay’s relatively short (150 days) residence time, the potential impact of human activities, such as 
agriculture and urban development, should not be ignored.

13.4.10  cHetumal

Chetumal Bay, a large coastal lagoon (Table 13.1), is located in the southern portion of the state 
of Quintana Roo, close to the border with Belize. This system is different from the other lagoons 
studied because it receives significant freshwater input from a river (Rio Hondo), as well as ground-
water discharges. As a result, it has the lowest mean salinity (<20) of all lagoons included in this 
study (Table 13.2, Figure 13.4b). It is connected to the sea by an inlet in its southern perimeter 
and an artificial channel, the Canal de Zaragoza, was recently opened, causing a salinity increase 
(Figure 13.4b).

Chetumal has the highest SRSi concentration of the lagoons in this study, suggesting that 
groundwater is its most important freshwater source. Previous studies indicated that, despite the 
oligotrophic lagoon’s large size, it exhibits relatively low spatial variation. Nearby areas of the Rio 
Hondo and lagoon regions near the city of Chetumal have shown signs of eutrophication (Herrera-
Silveira et al. 2002b). Salinity and chlorophyll a both increased over the study period (Figures 13.4b 
and 13.9b), while other parameters have remained relatively stable (Figures 13.6b, 13.6d, 13.6f, 
and 13.8b), suggesting that the increase in seawater inputs has had a positive impact on productivity. 
Overall, this lagoon’s condition is classified as fair (Figure 13.13) because of human impacts that 
have altered this system’s water quality.

Cyanobacteria and diatoms are the most abundant members of the phytoplankton community 
(Figure 13.10). No data are available on the duration and frequency of algae blooms, although the 
number of HAB species recorded is low (Figure 13.11). Future research should focus on filling this 
gap and assessing SAV coverage in the lagoon, in order to create a baseline characterization of the 
system. The overall condition of the lagoon is considered fair (Figure 13.13), although research and 
monitoring programs are urgently needed.

13.5  whAt hAVe we leArned About thIs kArstIc ecosystem?

Ten coastal lagoons in the Yucatan Peninsula were characterized in terms of groundwater 
inputs, depth, SAV coverage, phytoplankton biomass and diversity, and the presence of harmful 
algae species. Dissolved inorganic phosphorus concentrations were generally low, while nitrate 
and silicate concentrations were generally high. This may be related to SGD-related inputs of 
nitrate and silicate. Water residence time was variable between and within lagoons, and some 
of the water bodies showed symptoms of eutrophication. In this highly permeable karst area, 
inland human activities have quickly contaminated groundwater with nutrients and, most likely, 
other pollutants. Groundwater affects coastal lagoon water quality via SGD, and the overall 
condition of Yucatan lagoons appears to be worsening due to land use changes and coastal 
human activities.

13.5.1  water QualIty cHaracterIstIcs

Salinity gradients in the lagoons studied ranged from estuarine (Celestún, Dzilam, Nichupte, 
Bojorquez, Ascensión, and Chetumal) to marine (Chelem, Holbox, Chacmochuk) and hyperhaline 
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(Rio Lagartos) (Table 13.2). Moreover, all the systems studied were characterized by strong spatial 
and temporal variation in water chemistry, which would tend to favor habitat diversity and ecologi-
cal complexity. Since freshwater inputs to these systems have an inland origin, human activities that 
impact the watershed represent a source of excess nutrients (NO3

–, SRSi, SRP), which will modify 
nutrient dynamics and promote eutrophication, especially in lagoons with longer water residence 
times (Table 13.1). Specifically, the lagoons of Chelem, Nichupte, and Bojorquez are located in areas 
of high anthropogenic impact. The salinity gradients of these lagoons and the inverse relationship 
of salinity and nitrate concentration indicate freshwater is the main nitrate source (Herrera-Silveria 
1994c; Tapia et al. 2008). In addition, high NO3

–
 concentrations (Table 13.2) may reflect the influ-

ence of nearby tourism infrastructure and domestic wastewater inputs (Chumacero-Velazquez 2004; 
Sima-Morales 2004; Tapia et al. 2008).

The observed variability in concentrations of inorganic nitrogen species (NH4
+, NO3

–) suggests 
that the Yucatan groundwater system is contaminated with these constituents, and that the degree 
of contamination is variable. The main sources of nitrate to groundwater are excessive fertilizer 
use and inadequate manure disposal. On the other hand, the major source of NH4

+ is organic mat-
ter decomposition within the aquifer. Due to the prevailing anoxic conditions, removal of NH4

+
 is 

inefficient (Spiteri et al. 2008). This is the case in Chelem, Rio Lagartos, Chacmochuk, Nichupte, 
and Bojorquez, where there are garbage dumps, urban areas, and housing developments within the 
lagoons’ groundwater catchments. In constrast, nutrient inputs to Celestún, Dzilam, and Ascensión 
are dominated by natural processes, including the decomposition of SAV and mangrove vegeta-
tion (Herrera-Silveira et al. 2000c; Medina-Gomez and Herrera-Silveira 2003; Arellano 2004). 
However, it is possible that nutrient concentrations in the latter group may increase and eventually 
become harmful to aquatic life in the future if urban development continues.

Due to the karstic nature of the Yucatan Peninsula, coastal waters typically exhibit high alkalin-
ity and low SRP concentrations (<0.1 µM). SRP precipitates and is stored in the sediment; thus, its 
concentration in the water column is low, limiting aquatic productivity. As a consequence, these 
lagoons are highly responsive to even small SRP additions (Phlips et al. 2002; Cox et al. 2005). In 
this study, SRP concentrations >1 µM were measured in Celestún and Rio Lagartos lagoons, sug-
gesting exogenous phosphate sources. These sources may include the guano of local waterfowl and 
surface runoff from nearby mangrove forests (Comin and Herrera-Silveira 2000). Chelem, Holbox, 
Chacmochuk, Bojorquez, and Chetumal had moderately elevated SRP concentrations (0.5 to 
0.7 µM), most likely due to an increase in wastewater discharges from urban development and tour-
ism. Although SRP is an essential ingredient for aquatic productivity, large additions can lead to the 
negative outcome of eutrophication (Cloern 2001).

SRSi has generally received less attention, as a component of water quality, than N and P. 
However, Yucatan groundwater has high SRSi concentrations (>140 µM), making this species use-
ful as a tracer of groundwater (Herrera-Silveira 1994b) and as an indicator of potential vulnerability 
to cultural eutrophication. Chetumal and Celestún lagoons had the highest average SRSi concentra-
tions (143 to 187 µM), and in general, lagoons with low salinities had the highest concentrations 
of this nutrient (Table 13.2). The only exception was Bojorquez, which had low salinity and low 
SRSi concentrations (Table 13.2), suggesting that freshwater entering this lagoon originates from 
wastewater and stormwater rather than SGD.

Previous studies have linked residence time of water in coastal lagoons and vulnerability to 
human impacts. Residence time modulates the lagoon’s behavior as a sink or source of pollut-
ants and organic matter, and in this way determines the rate at which organic matter is exported 
to adjacent near-shore marine areas (Medina-Gomez and Herrera-Silveira 2003). Lagoons with 
longer residence times (e.g., Chelem, Bojorquez, Holbox, and Chacmochuk) are at greater risk of 
eutrophication and are generally less resistant to anthropogenic or natural impacts. Lagoons with 
shorter residence times (e.g., Celestún, Dzilam, Nichupte, and Ascensión Bay) may export organic 
matter and are less vulnerable.
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Celestún, Rio Lagartos and Chacmochuk had the highest average chlorophyll a concentrations 
(Table 13.2), indicating potential eutrophication (Newton et al. 2003). In Celestún, nutrient con-
centrations and the water residence time suggest that the high chlorophyll a concentration may be 
natural, while Rio Lagartos and Chamuchuk appear to be affected by anthropogenic nutrient inputs. 
Based on nutrient levels in leaves and epiphyte abundance on seagrasses, human activity appeared 
to contribute nutrient subsidies to Chelem and Bojorquez, which had intermediate dissolved nutrient 
concentrations (Table 13.2). Both of these lagoons may be in the early stages of eutrophication.

13.5.2  pHytoplankton

Cyanobacteria, nanoflagellates, centric diatoms, pennate diatoms, and dinoflagellates comprise 
the bulk of phytoplankton at the study sites. Pennate diatoms were the dominant group, followed 
by dinoflagellates and centric diatoms. Because phytoplankton communities respond rapidly to 
changes in environmental conditions, they have been used extensively to characterize coastal eco-
system status (Phlips et al. 2002). The prevalence of HAB phytoplankton species and the frequency 
and intensity of algal blooms suggested that all the lagoons in this study are at risk of HAB events 
if nutrient concentrations continue to increase (Alvarez 2004). Shifts in phytoplankton community 
structure from communities dominated by diatoms to those dominated by harmful dinoflagellates 
have been reported in some of the lagoons, indicating environmental deterioration due to eutrophi-
cation (Bricker et al. 1999; Cloern 2001).

13.5.3  suBmerged aQuatIc VegetatIon (saV)

The lagoons studied are shallow, with good water clarity, promoting high SAV cover (>50%) 
(Figure 13.13). Seagrass morphology, species composition, and abundance are related to salinity, 
nutrient concentrations, turbidity, and physical changes such as the interruption of water flows; thus, 
these plants can serve as indicators of environmental change or degradation (Abal and Dennison 
1996; Agostinia et al. 2003). SAV in the lagoons consists mainly of seagrasses (T. testudinum, 
H. wrightii, and R. maritima) and macroalgae (green and red algae). Temporal changes in SAV 
composition and abundance depend on specific hydrological and sediment conditions, as well as on 
anthropogenic activities.

The SAV communities of Dzilam, Rio Lagartos, Chacmochuk, and Ascensión Bay are domi-
nated by Halodule wrightii, Thalassia testudinum, Syringodium filiforme, and Ruppia maritima, 
and to a lesser extent by green and red macroalgae. SAV in these lagoons did not change appreciably 
between 2001 and 2006, suggesting that these lagoons are in good condition, possibly because no 
major urban areas or tourism infrastructure is located near these lagoons.

However, all the lagoons receive contaminated groundwater inputs, resulting in some level 
of contamination. Evidence of this contamination comes from analyses of T. testudinum tis-
sues from Bojorquez, Holbox, Ascensión, Chelem, and Dzilam (Carruthers et al. 2005; Solis 
et al. 2008) (Table 13.4). Monitoring of Celestún, Chelem, Dzilam, Chacmochuk, Nichupte, 
Bojorquez, and Ascensión indicate that only Dzilam, Chacmochuk and Ascensión have main-
tained or recovered their original SAV characteristics after hurricane events. The remaining 
lagoons have not exhibited such resilience; instead, SAV cover and biomass decreased after 
hurricanes and have not yet rebounded (Ascencio 2008). Trawling nets used for fishing and boat 
traffic in tourist areas can both damage SAV (Herrera-Silveira et al. 2000c; Castrejon et al. 
2005), and, as a result, coastal ecosystems have lost some of their natural resilience to natural 
events such as hurricanes.

According to recent climate change projections (CICC 2007), the Yucatan Peninsula is likely 
to experience increased hurricane frequency and intensity, changes in climate seasonality, and sea 
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level rise over the coming century. More research is necessary to identify vulnerable ecosystems 
and develop effective mitigation tactics, such as mangrove forest and seagrass restoration projects. 
In addition, watershed management policies and modern wastewater treatment systems are essential 
in order to avoid impacts on coastal ecosystems via contaminated groundwater.

13.6  conclusIons

The coastal lagoons studied are located along a 964-km long stretch of coast, and they cover a com-
bined area of 19,000 km2. Although they have many features in common, including the regional 
climate and the presence of groundwater inputs, each lagoon is affected by human activity in a 
different way.

The susceptibility of these coastal systems to eutrophication or other damage is directly related 
to the magnitude and quality of groundwater and wastewater inputs, water residence time and cir-
culation, surface runoff from mangroves, and other exogenous nutrient sources such as bird feces. 
Based on their phytoplankton, SAV cover, and mangrove data, Chelem and Bojorquez lagoons 
seem to face the greatest threat. In contrast, Celestún, Dzilam, and Ascensión are currently in good 
condition because they are located relatively far from human development. Rio Lagartos, Holbox, 
Chacmochuk, and Chetumal, located in areas of more intense human activity, may also be at risk 
even though eutrophication is not obvious at present. Water circulation and residence time in the 
lagoon modulates the effects of pollution inputs, with long residence times associated with more 
severe effects.

We recommend management actions to restore natural water circulation and reduce pollution in 
wastewater and groundwater. New guidelines for zoning and infrastructure construction should be 
developed to account for the impact these activities have on coastal ecosystem productivity, diver-
sity, nutrient dynamics, water quality, fishing, and human recreation. Long-term monitoring pro-
grams are necessary to assess ecological changes, differentiate impacts related to human activities 
from those related to natural events, and understand how natural and human disturbances interact.
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tAble 13.4
leaf nutrient content in Thalassia testudinum from different 
locations around yucatan Peninsula

location site %n %P references

Caribbean Akumal 1 0.06 Mutchler et al. (2007)

Caribbean Xaak 2 0.11 Mutchler et al. (2007)

Caribbean Puerto Morelos 1.8–2.11 0.13–0.38 Carruthers et al. 2005

Gulf of Mexico Yucatan north coast 1.5–1.7 0.11–0.13 Herrera-Silveira 
(unpublished data)
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AbstrAct

The Ria Formosa coastal lagoon is a multi-inlet mesotidal system, located along the south coast of 
Portugal. It is subjected to multiple anthropogenic influences and is situated in a region classified 
as very vulnerable to climate change. This study aimed to describe the seasonal and interannual 
variability of planktonic microbes in the lagoon, the driving forces underlying microbe variabil-
ity, and the relative contribution of climate and local-human influences. Changes in anthropogenic 
activities or climatic processes affecting the Ria Formosa Lagoon were identified for the period 
1967 to 2008 and linked to current knowledge on abiotic variables and planktonic microbes in the 
western subembayment of the lagoon. Phytoplankton and heterotrophic bacterioplankton at inner 
lagoon locations exhibited unimodal annual cycles with summer peaks, coupled to temperature 
and light availability, whereas phytoplankton at inlet areas displayed a bimodal annual cycle, prob-
ably more intensively controlled by nutrient availability. The effects of increased anthropogenic 
pressure, both on seasonal and interannual time scales, were evident only at sites close to major 
urban centers, probably due to the low water residence time inside the lagoon, and the relevance 
of physical variables (e.g., temperature and light) as drivers of the growth of planktonic microbes. 
Long-term climatic variability apparently reverberated into the lagoon’s water column, leading to a 
generalized and significant winter warming trend, and strong interannual changes in the concentra-
tion of inorganic nutrients, particularly during the autumn–winter period. Phytoplankton biomass 
showed a generalized interannual declining trend during autumn and winter. This decline may be 
eventually related to the winter warming tendency, through its stimulatory effect upon phytoplank-
ton grazers, or to decreases in nutrient concentrations associated with reductions in the autumn 
freshwater inflow. Long-term changes during spring and summer were less coherent across lagoon 
stations, indicating that more site-specific processes were driving phytoplankton variability. Despite 
overall reduced freshwater flows into the lagoon, interannual freshwater flow variability apparently 
exerted an important control on the biomass of phytoplankton, particularly during periods of rela-
tively high flow rates and low light limitation (spring and autumn). Overall, synthesized data suggest 
that climate variability is an important driver of planktonic microbes in the lagoon, both on short-
term, seasonal, and interannual time scales. Local anthropogenic impacts are apparently spatially 
restricted. More extensive time-series and dedicated experiments are needed to conclusively estab-
lish direct links between the dynamics of planktonic microbes and climatic and local anthropogenic 
alterations in the Ria Formosa Lagoon.

Key Words: coastal lagoon, Ria Formosa, phytoplankton, heterotrophic bacterioplankton, climate 
change, anthropogenic pressures, seasonal, interannual

14.1  IntroductIon

Coastal lagoons are shallow, semi-enclosed aquatic ecosystems partially separated from the adja-
cent coastal ocean by barrier islands or peninsular spits (see Kennish and Paerl, Chapter 1, this 
volume). Despite their low areal coverage (~13% of the world’s coastline), coastal lagoons are among 
the most productive natural ecosystems on earth due to: (1) a high external supply of nutrients from 
land and, in the case of coastal upwelling areas, from the ocean; (2) the extension of the euphotic 
zone through most of the water column; and (3) rapid remineralization of nutrients (Kjerfve 1994). 
Coastal lagoons provide valuable goods and services, such as seafood, recreation opportunities, 
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transformation and storage of organic matter and inorganic nutrients, and protection of the coastline 
(Nixon 1982; Levin et al. 2001).

Coastal lagoons comprise a large number of boundaries (e.g., water–sediment, land–lagoon, 
lagoon–ocean, and water–atmosphere) and are therefore susceptible to multiple natural and anthro-
pogenic influences. In recent decades, coastal lagoons have been under increasing anthropogenic 
pressure (Levin et al. 2001; Viaroli et al. 2005; Lotze et al. 2006). Due to relatively restricted 
exchange with the ocean, coastal lagoons are considered particularly susceptible to eutrophication 
(Gamito et al. 2005), a serious and widespread problem often linked to human-induced nutrient 
overenrichment. Besides their susceptibility to multiple, local anthropogenic stressors, coastal 
lagoons are also considered very sensitive to climatic variations, including short-term perturbations 
(e.g., storms, floods, and heat waves) and long-term changes (Cloern et al. 2005; Paerl et al. 2006). 
The anticipated effects of global climate changes (e.g., increased air temperature, accelerated sea-
level rise, and alterations in storm frequency, storm intensity, and precipitation) may reverberate 
through coastal lagoons, leading to increases in water temperature, dissolved carbon dioxide, and 
changes in salinity, turbidity, ultraviolet radiation, lagoon morphology, and hydrodynamics (IPCC 
2007). These environmental alterations will have consequences for the structure and function of 
coastal lagoons (Lloret et al. 2008). There are growing concerns with coastal lagoons because of 
their exceptional ecologic and economic value and the serious threats posed by anthropogenic and 
global climate changes.

Ideally, evaluations of the impact of environmental alterations on coastal lagoons should be 
based on an integrated view of physical, chemical, geomorphological, and biological variables, 
associated with a wide range of communities, such as salt marshes, seagrass meadows, or plank-
ton assemblages. Planktonic microbes, which include phytoplankton, heterotrophic bacteria, and 
phagotrophic protists, play vital roles in a wide range of ecosystem functions, such as primary pro-
duction, nutrient cycling, organic matter decomposition, carbon sequestration, climate regulation, 
and water purification (Ducklow 2008). They exhibit high abundances and growth rates, and are 
therefore sensitive to environmental perturbations on short and long time scales. For these reasons, 
planktonic microbes are often used as gauges of ecological condition and change (Smetacek and 
Cloern 2008; Borkman et al. 2009).

The Ria Formosa coastal lagoon is a multi-inlet mesotidal system, located on the south coast 
of Portugal (Figure 14.1A), which has been classified as very vulnerable to climate change (IPCC 
2007). The lagoon is a breeding and transit area for fish and birds, and supports a wide range of 
human uses, including tourism, fisheries, and shellfish farming. Despite the putative importance 
of planktonic microbes to the ecology of the lagoon (Ducklow 2008), published data are limited, 
particularly for heterotrophic microbes (Barbosa 1991; Morais et al. 2003). Published information 
on phytoplankton is more extensive and addresses spatial and seasonal variability of phytoplankton 
composition, chlorophyll a concentration (Chl a) and phytoplankton production (Assis et al. 1984; 
Falcão and Vale 2003; Newton et al. 2003; Loureiro et al. 2006; Pereira et al. 2007; Brito et al. 
2009b), and the effects of nutrient enrichment (Loureiro et al. 2005; Edwards et al. 2005). However, 
most of the latter are confined to only 1- to 2-year study periods. No information on long-term 
changes in planktonic microbes is available for the lagoon.

The goals of this study were: (1) to describe seasonal and interannual variability of planktonic 
microbes in the Ria Formosa coastal lagoon; and (2) to understand the driving forces underlying 
microbial variability on these time scales, and the relative importance of climatic and local anthro-
pogenic alterations. Seasonal and interannual changes in anthropogenic activities and climate in the 
Ria Formosa drainage basin were identified. Current knowledge on abiotic variables and planktonic 
microbes in the lagoon during the period 1967 to 2008 was synthesized, using published informa-
tion, public datasets, and gray literature, in order to discern the relative contribution of climate and 
local human influences.
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fIgure 14.1 (a) Map of the Ria Formosa coastal lagoon and barrier island system (I., islands; P., peninsu-
las) showing divisions (dashed lines) between different lagoon subembayments (see Salles et al. 2005). Inlets, 
major urban centers, main freshwater courses (gray arrows), wastewater treatment plants (black arrows), and 
coastal bathymetry (in meters) are indicated. (b) Aerial view of the western subembayment of the Ria Formosa 
coastal lagoon with location of sampling stations. (1) Triangles represent stations located at lagoon inlets, and 
sea boundary conditions; squares represent stations located in the main navigational channels, and intermedi-
ate conditions; circles represent stations located at the inner lagoon areas, and landward boundary conditions; 
and diamonds represent stations located close to major urban centers, and urban boundary conditions (see text 
for details). The location of Ancão Inlet before 1997 is shown as an arrow.
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14.2  the rIA formosA coAstAl lAgoon: An oVerVIew

The Ria Formosa is a highly dynamic, multi-inlet barrier island system located in southern Portugal, 
that protects a large mesotidal coastal lagoon. It extends ~55 km (E–W) and ~6 km (N–S) at its wid-
est point (Figure 14.1A). The Ria Formosa coastal lagoon is a shallow, euryhaline ecosystem, with a 
wet surface area of 105 km2 and an average depth, relative to mean sea level, of 2 m (Andrade et al. 
2004; MCOA 2008). At present, the lagoon is separated from the Atlantic Ocean by a series of five 
barrier islands and two peninsular sand spits, and water exchanges with the adjacent coastal areas 
occur through six inlets: two artificially relocated inlets (Ancão and Fuseta inlets), two artificially 
opened and stabilized inlets (Faro-Olhão and Tavira inlets), and two natural inlets (Armona and 
Lacém inlets) (Matias et al. 2008).

14.2.1  clImatIc and HydrologIc settIng

The Ria Formosa drainage basin has an area of 854 km2. The climate is Mediterranean, with humid, 
moderate winters and hot, dry summers. Air temperature usually ranges from 8.0°C to 30.0°C, 
with annual mean values between 16.0°C and 20.0°C. Annual insolation and rainfall vary between 
3000 and 3200 h and 400 and 600 mm, respectively. Rainfall is mostly concentrated between 
November and February (Serpa et al. 2005). There are 25 freshwater sources flowing into the 
lagoon, most of which flow during winter, but are dry during summer. The Gilão River (annual 
mean flow, 2.4 m3 s–1) is the only permanent watercourse, but it mainly affects the eastern regions 
of the lagoon. The most relevant freshwater inflows into the western regions of the lagoon (Rio Seco 
and Ribeira São Lourenço) have annual mean flow rates significantly smaller than the Gilão River 
(Serpa et al. 2005; MCOA 2008).

14.2.2  oceanograpHIc settIng

Coastal water features adjacent to the Ria Formosa Lagoon include the Gulf of Cadiz, a basin that 
connects the northeast Atlantic Ocean and the Mediterranean Sea. Tides in the area are semidiurnal, 
with tidal amplitudes averaging 2.1 m, and a range of 0.6 m and 3.6 m, for extreme neap and spring 
tides, respectively (Andrade 1990). Wave climate is usually moderate, with an offshore annual mean 
significant wave height of 1.0 m (Carrasco et al. 2008). This coastal region near the Ria Formosa 
is affected by regular upwelling events, related to local westerly winds, or advections from the 
southwestern coast. Upwelling events are most frequent from April to October, and relaxation of 
upwelling is usually associated with the development of a warm coastal countercurrent (Relvas 
et al. 2007).

14.2.3  lagoon morpHology and HydrodynamIcs

The Ria Formosa Lagoon is a strongly branched system of creeks and channels consisting of an 
extensive intertidal area, large salt marsh areas, and a complex network of natural and partially 
dredged subtidal channels, some of which are navigable to the ports of the main cities (Figures 14.1A 
and 14.1B). Dredged navigational channels can reach depths over 6 m, particularly in inlet chan-
nels. At mean sea level, the lagoon covers a flooded area of 49 km2 (range: 16 to 84 km2 for low and 
high tide of equinoctial spring tides), and its intertidal area represents 60% to 80% of the lagoon’s 
flooded area during neap and spring tides, respectively (Andrade 1990).

The volume of water inside the lagoon at mean sea level is ~92 × 106 m3 (range: 33 × 106 to 168 × 
106 m3), and at present, tidal exchanges occurs predominantly through the Faro-Olhão and Armona 
inlets (Figures 14.1A and 14.1B) (Salles et al. 2005). According to hydrodynamics, the lagoon may 
be divided into three subembayments: western, middle, and eastern embayments (see Figure 14.1A) 
(Salles et al. 2005). Tidal prism is clearly greater than the residual volume of the lagoon (Andrade 
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1990), suggesting high water renewal rates inside the lagoon and extremely low water residence 
times (0.5 to 2.0 d) (Tett et al. 2003). However, these high exchange rates should be applied only to 
the outer locations of the lagoon, since the inner regions, which are distant from inlets, may have 
significantly higher water residence times, up to 14 days (Duarte et al. 2008; Mudge et al. 2008). 
The lagoon is generally well mixed vertically, with no evidence of persistent or widespread haline 
or thermal stratification (Newton and Mudge 2003). Due to reduced freshwater inputs and elevated 
tidal exchanges, it is basically euryhaline with salinity values usually close to those observed at 
adjacent coastal ocean waters (Newton and Mudge 2003). As the lagoon is a fetch-limited system, 
the wind impact is relatively reduced, with wave heights usually on the order of a few centimeters 
(Carrasco et al. 2008). Tidal forcing is, therefore, the most relevant driver of water circulation inside 
the lagoon (Salles et al. 2005). The euryhaline nature of the lagoon and its low water residence time 
have been used to classify the Ria Formosa as a leakey lagoon (Sprung et al. 2001; Chubarenko et al. 
2005), and as “coastal waters” (not “transitional waters”) within the scope of the Water Framework 
Directive of the European Union (Bettencourt et al. 2003). However, the present absence of wide 
tidal passes, due to a significant decrease in total inlet width area since the 1940s (Vila-Concejo 
et al. 2002), the lack of sharp salinity and turbidity fronts, and the behavior of the lagoon during and 
after high rainfall periods (Duarte et al. 2008, see Section 5), are not in full accordance with these 
classifications. Indeed, these attributes are usually associated with restricted lagoons (Kjerfve and 
Magill 1989; Kjerfve 1994).

14.2.4  BIologIcal assemBlages

The Ria Formosa coastal lagoon is a very productive ecosystem (Santos et al. 2004; Newton and Icely 
2006; Cunha and Duarte 2007), with an average primary production of ~1400 g C m–2 yr–1 (Sprung 
et al. 2001). The subtidal area is colonized by the seagrasses Cymodocea nodosa, Zostera marina, 
and Z. noltii (2.4 km2) (Cunha et al. 2009), and the higher and lower intertidal zones are occu-
pied respectively by the salt marsh species Spartina maritima and extensive meadows of Z. noltii 
(~13 km2 and. ~45% of the intertidal area, respectively) (Guimarães 2007). Salt marshes cover an 
area of 36 km2 (MCOA 2008), and green macroalgae beds, mostly Ulva spp. and Enteromorpha 
spp., regularly form thick mats during winter (2.5 km2) (Sprung et al. 2001). In addition, benthic 
microalgae attain concentrations up to 60 µg chlorophyll a cm–2 (Brito et al. 2009a). Data on the 
relative contribution of each primary producer inside the lagoon is somewhat conflicting. Some 
studies attribute a dominant role to salt marsh plants (Sprung et al. 2001), whereas others consider 
microphytobenthos (Santos et al. 2004) or phytoplankton (Duarte et al. 2008) as the dominant pri-
mary producers. The different habitats in the Ria Formosa Lagoon support diverse and abundant 
biological assemblages including holo- and merozooplankton (Sprung 1994; Chícharo and Chícharo 
2001), benthic fauna (Gamito 2008), and fishes. The lagoon provides breeding, wintering, and stag-
ing sites for numerous species of water birds, including several threatened species, and serves as 
a breeding ground and nursery for economically important cephalopods, fishes, crustaceans, and 
bivalves (MCOA 2008; Ribeiro et al. 2008). The sediments of the lagoon are extensively used for 
shellfish farming, particularly the clam Ruditapes decussatus. Due to its environmental value, the 
Ria Formosa Lagoon and adjacent habitat, with a total area of 185 km2, were designated a national 
Natural Park in 1987. It is also a wetland area of internationally recognized importance, designated 
as a Special Bird Protection Area under the Directive on the Conservation of Wild Birds, and a Site 
of Community Importance under the Habitat Directive, in the European Union (EU) Natura 2000 
ecological network, and a Ramsar site.

14.3  APProAch And dAtAset

Current data on abiotic variables and planktonic microbes (phytoplankton and heterotrophic bacte-
rioplankton) in the Ria Formosa Lagoon were synthesized from published sources, public datasets, 
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and gray literature (e.g., project and technical reports). Due to sparse sampling of the eastern 
and middle subembayments, only the western subembayment of the lagoon, controlled by tidal 
exchanges across the Ancão, Faro-Olhão, and Armona inlets (Salles et al. 2005), was considered 
(Figures 14.1A and 14.1B). Data derived from semi-artificial areas (e.g., reservoirs used for semi-
intensive fish aquaculture, saline lakes), or sites in the immediate vicinity of wastewater treatment 
plants, were not included. Table 14.1 provides information on the dataset used in this study, with 
reference to variables, temporal coverage, and data sources. Most data were extracted directly from 
tables, but in some cases data digitized from figures was used (Table 14.1). Previously published 
data (Dionísio et al. 2000; Falcão and Vale 2003; Newton et al. 2003; Newton and Mudge 2003, 
2005) were directly assessed from gray literature (Newton 1988, 1995; Falcão et al. 1991; Newton 
1995; Dionísio 1996).

tAble 14.1
climatic, hydrological, Physicochemical, and biological data synthesized in this study, 
with Information on temporal coverage, sample number (n), and data sourcesa

Variable Period n sources

NAO 1930–2008 78 http://www.cgd.ucar.edu/~jhurrell/indices.html2007-1

P 1930–2008 28,495 Water Institute (INAG, Portugal) public database, http://snirh.pt/

RF 1960–2008 17,248 INAG, http://snirh.pt/

T 1967–2004 1,539 1–7, 9–14, 16–21

S 1967–2004 1,144 1–7, 9–12, 14, 16–17, 19–21

SD/Ke 1976–2008 506 2–7, 11–13, 16, 19, 22

DO 1972–2004 460 3–7, 10–11, 14, 17, 20–21

Im 1991–1993 395 19

NO3
– 1980–2004 326 4–6, 11, 14, 17, 20, 21

NH4
+ 1980–2004 309 4, 6, 11, 14, 17, 20, 21

PO4
3– 1976–2004 507 2, 4–7, 11, 12, 14, 16, 17, 20, 21

SiO4
4– 1980–2004 517 4–7, 11, 12, 14, 16 17, 20, 21

BOD5 1976–1988 143 2, 5, 7, 10, 12

Chlorophyll a 1967–2008 1,354 1, 3–6, 8–13, 16, 17–22

PP 1985–1993 86 8, 12, 19

BB 1988–1993 256 10, 15, 19

BP 1991–1993 7 19

CP 1988–2006 18 National Institute of Statistics (INE, Portugal), htpp:/www.ine.pt; Regional 
Directorate of Agriculture, Fisheries, and Aquaculture, Algarve (DRAPA, 
Portugal), for 2000–2006 data (M. Abreu, 2009, personal communication)

a See original sources for description of methods. Variables: BB, biomass of heterotrophic bacterioplankton; BOD5, 5-day 
biochemical oxygen demand; BP, production of heterotrophic bacterioplankton; chlorophyll a, concentration of chloro-
phyll a; CP, annual clam farming production; DO, oxygen saturation; Im, mean photosynthetic available radiation in the 
mixed layer; Ke, light extinction coefficient; NAO, North Atlantic Oscillation winter index; NH4

+, ammonium; NO3
–, 

nitrate; P, rainfall (measured at Loulé meteorological station, 37.146°N, 8.005°W); PO4
3–, orthophosphate; PP, phytoplank-

ton production; RF, river flow (measured at Coiro da Burra hydrometric station, 37.10°N, 7.903°W, or estimated using 
precipitation data); S, salinity; SD, Secchi depth; SiO4

4–, silicate; T, water temperature.
Data sources: 1. Silva and Assis (1970); 2. Lima and Vale (1977); 3. Assis et al. (1984); 4. Benoliel (1984); 5. Cunha and 

Massapina (1984); 6. Benoliel (1985); 7. Falcão et al. (1985); 8. Marques (1988); 9. Newton (1988); 10. Barbosa 
(1989); 11. Benoliel (1989); 12. Falcão et al. (1991); 13. Thiele-Gliesche (1992); 14. Newton (1995); 15. Dionísio 
(1996); 16. Chícharo et al. (2000); 17. Loureiro et al. (2005); 18. Marques (2005);† 19. Barbosa (2006); 20. Loureiro 
et al. (2006);† 21. Water Institute database, Portugal (http://snirh.pt/); 22. Brito et al. (2009b).†

 † Indicates data partially or totally extracted from digitized figures.
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Light extinction coefficient (ke) was estimated from Secchi disc data using an empirical model 
previously established for the Ria Formosa Lagoon (R2 = 0.67, n = 106, p < 0.001; Barbosa 2006). 
Total daily radiation (W m–2) was used to estimate photosynthetically active radiation (PAR) at the 
surface (Io), considering that PAR constitutes 45% of the total radiation reaching the water surface 
and a 4% reflection at the surface (Baker and Froiun 1987). Io values were divided by the length 
of the light period (9.5 to 14.5 h) and subsequently converted using 4.587 µmol photons s–1 W–1 

(Morel and Smith 1974). Mean light intensity in the mixed layer (Im, µmol photons m–2 s–1) was 
estimated according to Jumars (1993), and the water column was assumed to be homogeneously 
mixed to the bottom. A 5-day biochemical oxygen demand (BOD5) was used as a proxy for the 
concentration of labile dissolved organic matter, and chlorophyll a was used as a proxy for phyto-
plankton biomass. It is worth mentioning, however, that alterations in carbon to chlorophyll a ratios, 
caused by changes in phytoplankton composition or its physiological state, may eventually lead to 
chlorophyll a changes without concurrent or parallel biomass alterations (Domingues et al. 2008). 
Potential nutrient limitation for phytoplankton growth was assessed using comparisons of in situ 
dissolved inorganic nutrient concentrations (dissolved inorganic nitrogen, DIN; silicate Si-SiO4

4–; 
and orthophosphate P-PO4

3–), with phytoplankton half-saturation constants, and nutrient molar 
ratios (DIN:P, Si:P, Si:DIN), according to criteria proposed by Justic et al. (1995). The concentration 
of DIN was calculated as the sum of nitrate (NO3

–), nitrite (NO2
–), and ammonium (NH4

+).
The information used in this study consisted of discrete surface or subsurface (depth, 0.1 to 1 m) 

sampling of 14 stations situated in the western sector or subembayment of the lagoon (Figure 14.1B), 
from 1967 through 2008, on a discontinuous basis (as available). Since the lagoon is generally well 
mixed vertically (Newton and Mudge 2003), surface or subsurface samples were considered rep-
resentative of the whole water column. The 14 sampling stations were subsequently grouped into 
four ecologically distinct water bodies: (1) stations situated at lagoon inlets, hereafter referred to as 
inlets, represented the sea boundary conditions; (2) stations located at main navigational channels, 
hereafter referred to as channels, represented an intermediate lagoon domain; (3) stations located 
close to the major cities (Faro and Olhão), hereafter referred to as urban-impacted stations, repre-
sented the urban boundary; and (4) stations located at inner, more restricted locations, hereafter 
referred to as inner stations, represented the landward boundary (Figure 14.1B). This classification 
complies with spatial differences in the water quality, human pressures (Newton 1995; Dionísio 
et al. 2000; Newton and Mudge 2003; J. G. Ferreira et al. 2006), and the composition of planktonic 
assemblages (Silva and Assis 1970; Assis et al. 1984; Cunha and Massapina 1984), and benthic 
assemblages (Gamito 2008) previously reported for the lagoon.

Seasonal and interannual variability in abiotic variables and planktonic microbes in the lagoon 
were analyzed for the four water bodies defined above. In order to facilitate the analyses of inter-
annual variability and to reduce the impact of unevenly distributed sampling, sampling under dif-
ferent tidal and/or diel conditions, and extreme observations, for each year, all discrete data of each 
variable were grouped and averaged into monthly means. Subsequently, annual means were deter-
mined using all 12 monthly means of each year. Annual mean values were estimated only when data 
were available for 12 consecutive months (Cloern and Jassby 2008). Annual quarterly means were 
also calculated (first quarter, 1Q: January to March; second quarter, 2Q: April to June; third quar-
ter, 3Q: July to September; fourth quarter, 4Q: October to December). Long-term linear trends for 
measured variables, based on annual mean values or annual quarterly mean values, were evaluated 
using linear regression analysis. Due to less frequent sampling of heterotrophic bacterioplankton, 
only phytoplankton was considered for the analysis of interannual variability. The strength of asso-
ciations between variables, based on discrete or integrated data, was assessed using Spearman rank 
correlation coefficients (rS). All statistical analyses were considered at a significance level of 0.05.

The dataset used for this study is based on the analysis of discrete surface or subsurface samples, 
using standard methods, and regular quality control with appropriate calibration standards. However, 
sampling under different tidal or diel conditions, and the use of different noninter calibrated analytical 
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methods (e.g., phytoplankton production, chlorophyll a), preparation techniques (e.g., filtration for 
nutrient analysis and chlorophyll a), or storage strategies prior to analysis, may have introduced 
a possible source of bias (Raabe and Wiltshire 2009). Furthermore, the analyses of mechanisms 
underlying plankton interannual variability is, of course, highly dependent on sampling frequency, 
series length (Jassby et al. 2002), and variables examined. The analysis of interannual trends in this 
study is clearly based on a limited and fragmented dataset; climate change effects, for instance, 
would be better evaluated by multi-decadal data.

14.4  recent clImAte And locAl AnthroPogenIc chAnges

The distribution patterns of planktonic microbes and their spatial and temporal variability reflect 
the interplay between in situ specific growth rates and death or loss rates. Growth rates are com-
monly controlled by resource availability (e.g., light, inorganic nutrients, dissolved organic matter), 
and other abiotic conditions (e.g., temperature, non-nutrient bioactive compounds), whereas loss 
rates are mostly regulated by pelagic and benthic predation, viral lyses, sedimentation, and hori-
zontal advection (e.g., Cloern and Dufford 2005; Gasol et al. 2008). Consequently, both climate and 
local anthropogenic changes may control growth and loss rates of planktonic microbes, thereby 
influencing their seasonal and interannual variability in the Ria Formosa.

14.4.1  clImatIc cHanges

Long-term changes affecting the Ria Formosa drainage basin are apparently linked to the North 
Atlantic Oscillation (NAO) winter index, a global indicator of climate forcing over the area 
(Figure 14.2A). As previously reported for other southern Europe regions (Rodó et al. 1997), 
total annual rainfall in the Ria Formosa drainage basin is negatively correlated to the NAO win-
ter index (Figure 14.2A). Annual freshwater flow into the western sector of the lagoon shows a 
marked interannual variability during the study period (0 to 0.8 m3 s–1), but without a discernable 
long-term trend (Figure 14.2B). Other climate change described for southern Portugal during the 
twentieth century include increases in the annual mean air temperature, particularly strong during 
the winter period and from the mid-1970s onward (~0.07°C yr–1), the mean precipitation per rainy 
day, and the frequency of heat waves and extreme droughts (Klein Tank et al. 2002; Miranda et al. 
2002).

Climate variability may also affect the Ria Formosa coastal lagoon indirectly, through its influ-
ence on oceanic processes. Indeed, during the twentieth century, a consistent increase in sea surface 
temperature (0.01 to 0.04°C yr–1), together with a shallowing of the summer coastal thermocline 
depth, have been reported along the entire coast of Portugal, including the southern coast (Lemos 
and Sansó 2006; Relvas et al. 2009). Moreover, an intensification in upwelling during peak summer 
months (July to September) was recently reported for the southern Portuguese coast (Relvas et al. 
submitted). A major effect of global warming is an accelerated increase in sea level rise, which 
can have a profound impact on coastal lagoons. Although the Ria Formosa coastal lagoon is a very 
vulnerable system to accelerated sea level rise, the impacts of hard shore protection structures, 
sediment starvation due to river damming and sand exploitation, and episodic storms are currently 
considered an order of magnitude greater than those associated with the present rate of sea level rise 
(O. Ferreira et al. 2008).

Episodic high-energy events (e.g., a tsunami induced by the 1755 Lisbon earthquake; extreme 
storms in 1861, 1941, and 1961) are major drivers of change in the morphology of the lagoon, affect-
ing the number of inlets, the width of the inlets, and their position (Salles 2001; Vila-Concejo 
et al. 2002, 2003). These extreme episodic events may also affect the water residence time inside 
the lagoon, light availability due to massive sediment resuspension, and nutrient concentrations, 
thereby affecting the dynamics of planktonic microbes (Guadayol et al. 2009). The current database 
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is insufficient for analysis of the evolution of the storminess in the southeastern Portuguese coast. 
However, overwash evolution, that integrates both the storminess regime and system susceptibility, 
indicates an overall decrease in washover occurrences in the Ria Formosa over the past 25 years 
(Matias et al. 2008).

14.4.2  local antHropogenIc cHanges

The number of residents inhabiting the Ria Formosa drainage basin has increased remarkably from 
~99,950 to 159,530 individuals, from 1970 to 2001. The population is strongly concentrated in the 
littoral area, close to major urban centers. During the summer period, the population doubles due 
to a large influx of tourists (Serpa et al. 2005). This increasing population density leads to an 
intensification of anthropogenic pressures on the lagoon. The Ria Formosa drainage basin sustains 
different land uses including animal husbandry, industrial units mostly related to the food industry, 
and extensive agricultural areas intensively farmed with the use of fertilizers and pesticides (Serpa 
et al. 2005; Duarte et al. 2008). Some farmed areas overlie nitrate-contaminated aquifers, and are 
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fIgure 14.2 (a) Historical time series of the North Atlantic Oscillation (NAO) winter index and annual rain-
fall (mm yr–1) in the Ria Formosa drainage basin, measured at Loulé, during the period 1930 to 2008. Spearman 
rank correlation and confidence level are indicated. (b) Time series of annual rainfall (mm yr–1), and annual mean 
freshwater flow into the western subembayment of the Ria Formosa, measured at Coiro da Burra (m3 s–1), during 
1960 to 2008. The horizontal line marks the study period, 1967 to 2004 (see Table 14.1 for data sources).
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classified as Nitrate Vulnerable Zones under the EU Nitrate Directive (Stigter et al. 2006). The 
lagoon supports many human activities, namely finfish aquaculture, shellfish farming, salt produc-
tion, fishing, recreation, and tourism (MCOA 2008). These different uses of the lagoon and its 
drainage basin are associated with multiple anthropogenic disturbances that can potentially affect 
planktonic microbes.

14.4.3  water QualIty and eutropHIcatIon

The increased urban development, tourism, and agriculture in the Ria Formosa drainage basin 
are considered to be associated with a progressive deterioration in water quality. The discharge 
of untreated or partially treated domestic and industrial sewage, and agricultural runoff into the 
lagoon are commonly linked to decreased oxygen saturation (Newton et al. 2003; Mudge et al. 2007, 
2008), and increased concentration of dissolved inorganic nutrients in the water column (Newton 
et al. 2003; Newton and Mudge 2005; Cabaço et al. 2008), fecal coliform and other indicators in 
water (Dionísio et al. 2000), and organic matter in water and sediments (Mudge et al. 1998; Santos 
et al. 2004). Due to human-induced nutrient over-enrichment, the eutrophication status of the Ria 
Formosa Lagoon, based on the European Environmental Agency criteria (nutrient concentrations), 
frequently scores as “poor” to “bad,” especially in the eastern lagoon (Newton et al. 2003). Yet, 
the use of symptom-based evaluation approaches (e.g., the United States Estuarine Eutrophication 
Assessment) suggests the lagoon status is near pristine (Newton et al. 2003), or “good” (Nobre et al. 
2005). High diversity of benthic macrofauna also points to an elevated ecological status (Gamito 
2008). Relative to other coastal systems with restricted exchange, the robustness of the Ria Formosa 
Lagoon can be explained by its low water residence time. Nevertheless, the potential for episodic 
eutrophic conditions, particularly at inner lagoon locations with restricted tidal flushing, is clearly 
higher (Newton et al. 2003; Tett et al. 2003; Nobre et al. 2005; Newton and Icely 2006). In fact, eutro-
phication symptoms are expressed locally, in the immediate vicinity of discharges from wastewater 
treatments plants or industrial units, as strong depletion of dissolved oxygen, particularly during 
the night to early morning period (Mudge et al. 2008), increased phytoplankton biomass (A. Cravo, 
personal communication, 2009), presence of permanent mats of green macroalgae (Sprung et al. 
2001), low physiological status of salt marsh plants (Padinha et al. 2000), alterations in population 
structure, morphology, and leaf nitrogen content in seagrasses (Cabaço et al. 2008), and decreases 
in the diversity and changes in the composition of macro- and meiofauna benthic communities 
(Chenery and Mudge 2005; Gamito 2008 and references therein). Toxic algal blooms, usually con-
sidered a symptom of eutrophication, are sometimes observed inside the lagoon (e.g., Dynophysis 
spp., Gymnodinium catenatum, Pseudonitzschia spp.), but they usually enter from adjacent coastal 
waters (Luis and Barbosa unpublished data).

Recently, a general improvement in the water quality of the western lagoon was attributed to 
the installation of urban wastewater treatment plants, in operation since the late 1990s, and to the 
enhancement in the water circulation caused by the artificial relocation of the Ancão Inlet, in 1997 
(Figures 14.1A and 14.1B) (Vila-Concejo et al. 2003), and dredging of main channels (Newton and 
Icely 2002; Loureiro et al. 2006; Pereira et al. 2007; Brito et al. 2009b). Besides, the transposition 
of the EU Nitrate Directive has recently led to reduced nitrate concentrations in groundwater. Still, 
this effect may be countered, to some extent, by the recent sharp rise of the water table induced by 
the shift from locally extracted groundwater to regionally supplied surface water for urban water 
supply and irrigation (Stigter et al. 2006).

Anthropogenic activities have also introduced other inorganic and organic contaminants into the 
lagoon such as heavy metals, organochlorines, tributyltin (TBT), polychlorinated biphenyls, and 
polycyclic aromatic hydrocarbons. The Ria Formosa is considered poorly or slightly contaminated 
in respect to most contaminants (Barreira 2007), but the concentrations of TBT, copper, and cad-
mium are clearly higher (Bebianno 1995; Coelho et al. 2002). Sites close to major urban centers, 
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metallic structures, and port facilities usually show higher contamination levels (Padinha et al. 
2000; Coelho et al. 2002). Current information suggests a two- to fourfold increase in Cu and Pb 
contamination in the Ria Formosa between the 1980s and the 1990s (Padinha et al. 2000).

14.4.4  cHanges In HydrodynamIcs and sedImentary dynamIcs

Anthropogenic disturbances in the Ria Formosa have changed considerably the water fluxes and 
sedimentary dynamics inside the lagoon. The opening and stabilization of artificial inlets (Faro-
Olhão and Tavira inlets) and the relocation of Ancão Inlet (June 1997; 3.5 km west of its previous 
position, Figures 14.1A and 14.1B) and Fuseta Inlet clearly affected the migration and width of 
natural inlets, and the hydrodynamic behavior of different lagoon basins (Salles 2001; Vila-Concejo 
et al. 2002, 2003). Furthermore, dredging of main channels, usually undertaken to ensure naviga-
tional safety, sediment extraction, and addition of coarser sediment to clam culture beds, may also 
affect water transparency and water residence time in the lagoon.

14.4.5  HaBItat alteratIons

Several human activities have contributed to the loss or degradation of natural habitats in the Ria 
Formosa Lagoon. These activities include

 1. The artificial closure, in the early 1990s, of the Gondra and São Lourenço estuaries (west-
ern sector), as part of a reclamation campaign (Salles 2001).

 2. Building of tourist and recreational resorts and golf courses.
 3. Construction or amplification of infrastructure (e.g., airport, wastewater treatment plants, 

ports, and marinas).
 4. Establishment of salt-extraction pans and aquaculture facilities in former salt marsh 

areas.
 5. Establishment of shellfish culture beds in intertidal areas occupied by seagrass meadows.
 6. Mechanical damage associated with dredging, use of inappropriate fishing gear, boating, 

anchoring, and shellfish farming and harvesting (Cabaço et al. 2005; MCOA 2008).

Despite these human disturbances, the evolution of the areal coverage of key lagoon habitats, such 
as salt marshes (1989: 32 km2 [Fidalgo 1996]; 2001: 36 km2 [MCOA 2008]) and intertidal Zostera 
noltii meadows (1989: 8 km2 [Fidalgo 1996]; 2002: 13 km2 [Guimarães 2007]), does not provide 
evidence of any declining trend.

14.4.6  exploItatIon of BIologIcal productIon

Exploitation of marine living resources is an important human activity in the Ria Formosa Lagoon, 
and consists of fishing, finfish semi-intensive and intensive aquaculture, harvesting of benthic 
organisms for bait, recreational shellfish harvesting, harvesting of shellfish juveniles, and shellfish 
farming (Amaral 2008; MCOA 2008). Shellfish farming, especially of the clam Ruditapes decus-
satus, clearly is the most relevant type of exploitation. Clams are extensively cultured in sandy inter-
tidal areas which are artificially transformed through the addition of coarser sediments, and seeded 
with clam juveniles, either transposed from natural banks of the lagoon or produced in hatcheries. 
Licensed areas used for shellfish farming inside the lagoon increased from 3 km2 to 5 km2 over the 
period from 1989 to 2001 (Fidalgo 1996; MCOA 2008).

The present official estimate of the annual production of cultivated clams is 2457 t during 2001 
(DRAPA, 2009, personal communication) but unofficial estimates, considered more accurate, 
indicate values ranged from 10,000 to 15,000 t yr–1 (Amaral 2008). Despite this discrepancy, a 
major decline in clam production in the Ria Formosa was reported from 1983 onward. According to 
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official estimates, the annual production of cultivated clams declined by ~72%, from ~7000 t to 
2000 t, between the late 1980s and the 2000s, attaining a minimum value of 120 t during 1996 
(INE, http://www.ine.pt). Decreasing bivalve harvests in the lagoon are related to a combination of 
several factors such as a general deterioration in the water quality, non-nutrient contaminants, and 
very high levels of infection with the protistan parasite Perkinsus sp. It is worth stating, however, 
that both natural climatic pressures and human pressures may have facilitated Perkinsus sp. infec-
tion and its progression (Leite et al. 2004).

14.4.7  Introduced specIes

Human-mediated activities have contributed, whether intentionally or unintentionally (e.g., vessel 
ballast water, hull biofouling, or shellfish aquaculture import), to the introduction of several alien 
species in the Ria Formosa Lagoon (Carpobrotus edulis, Spartina densiflora, Sargassum muticum, 
Ruditapes philippinarum, and Crassostrea gigas) (MCOA 2008). Some of these alien species have 
caused significant economic and ecologic impacts in other estuaries and coastal lagoons, including 
the competitive displacement of native species and alterations in the water quality (e.g., S. muticum 
[Tweedley et al. 2008] and R. philippinarum [Pranovi et al. 2006]). However, no information is cur-
rently available on the impacts of alien species in the Ria Formosa.

14.5  seAsonAl dynAmIcs of PlAnktonIc mIcrobes

14.5.1  enVIronmental settIng

The western sector of the Ria Formosa Lagoon (see Figure 14.1) shows a pronounced seasonal 
variability, with subsurface water temperature (9.2°C to 30.0°C) and salinity (15.1 to 39.2) attain-
ing minimum values during winter and peak values during summer (Figures 14.3a and 14.3b). Due 
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fIgure 14.3 Box and whisker plots showing the distribution of: (a) subsurface water temperature (n = 
1539); and (b) salinity (n = 1144) observations in the western subembayment of the Ria Formosa, grouped 
into months, for the period 1967 to 2004. Median value is represented by the line within the box: 25th to 75th 
percentiles are denoted by box edges; 5th to 90th percentiles are depicted by the error bars; and outliers are 
indicated by circles (see Table 14.1 for data sources).
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to reduced freshwater inputs and elevated tidal exchanges, the lagoon is basically euryhaline. As 
previously reported (Newton and Mudge 2003; Mudge et al. 2008), heavy rainfall events during 
the autumn and winter are associated with major salinity decreases. Strong evaporation during the 
summer period leads to slightly hypersaline conditions, particularly at sites with restricted water 
exchange (average ± 1 SD: 36.96 ± 1.12; Figure 14.3b). Water temperature and salinity usually 
increase from inlets to inner stations during spring and summer, and the opposite occurs during 
autumn and winter (not shown).

Light extinction in the water column (0.4 to 5.3 m–1), estimated using Secchi depth values 
(Barbosa 2006), is significantly lower at lagoon inlets (0.68 ± 0.18 m–1 vs. 0.82 ± 0.39 m–1). However, 
as in other mixed transitional systems (Kocum et al. 2002), mean light intensity in the mixed layer 
(Im) is higher in the more turbid, shallower inner lagoon than at the clearer, deeper outer locations. 
At non-inlet locations, the euphotic zone extends up to the bottom during most occasions (99%), and 
Im values consistently surpass the critical value of Riley, ~45 µmol photons m–2 s–1, below which net 
phytoplankton growth will not occur. During the autumn and winter, Im values are usually below 
phytoplankton saturating light intensities (250 µmol photons m–2 s–1) (Tang 1995), thus pointing to 
a potential light limitation for phytoplankton during that period (Barbosa 2006).

Seasonal changes in the concentration of inorganic nutrients are particularly marked, ranging 
from levels below detection to 163.1 µM and 97.1 µM for nitrate and silicate, respectively, and show 
clear spring–summer minima and winter maxima at all lagoon locations (Figure 14.4). This sea-
sonal pattern mostly reflects nutrient enrichment associated with increased freshwater inflow during 
the rainy season, either via terrestrial runoff or torrential stream discharge (Newton et al. 2003; 
Newton and Mudge 2005), and increased nutrient consumption during the spring–summer period. 
At inlet stations, nitrate and silicate are further controlled by the seasonal stratification/mixing cycle 
and upwelling events (Loureiro et al. 2006). In contrast to silicate and nitrate, phosphate (0.01 to 
9.8 µM) displays maximum values during summer (Figure 14.4b), possibly as a result of intensified 
decomposition and remineralization of organic matter in sediments, increased benthic bioturbation, 
increased desorption of phosphorus from sediment iron oxides (Falcão and Vale 1998), and greater 
phosphate loads associated with sewage discharges (Newton and Mudge 2005).

Seasonal distribution of ammonium at inlet stations shows a close relationship with phytoplank-
ton, with maxima during late-spring and mid-autumn (Figure 14.4c). However, at other lagoon 
locations, ammonium peak concentrations are observed during the rainy season (Figure 14.4d), 
probably as a result of increased ammonium load associated with agricultural fertilizers or ani-
mal husbandry units. There appears to be little effect of increased ammonium release from the 
sediments (Falcão and Vale 1998; Newton et al. 2003), or increased population density observed 
in the lagoon during the summer period when increased uptake by planktonic and benthic primary 
producers and increased nitrification rates (Gurel et al. 2005) could, to some extent, explain the 
relatively low summer ammonium concentrations in the lagoon.

The major sources of inorganic macronutrients in the lagoon are considered to be urban efflu-
ents and agriculture-derived terrestrial runoff (Newton et al. 2003; Newton and Mudge 2005). 
Seasonal dynamics of inorganic nutrients in the western sector of the lagoon clearly suggest that 
the latter predominates over the former. Despite reduced freshwater flow into the lagoon, high 
nutrient concentrations in the freshwater courses apparently have significant effects on lagoon 
concentrations (Newton et al. 2003; Duarte et al. 2008). Indeed, notably higher nutrient concen-
trations, up to 326 µM nitrate, 32 µM ammonium, 4 µM phosphate, and 1201 µM silicate, are 
observed in the eastern lagoon, particularly close to the Gilão Estuary (Newton 1995; Newton 
et al. 2003). Sediments also represent an important nutrient source in the lagoon, potentially sup-
plying most of the daily nitrogen and phosphorus requirements of phytoplankton (Falcão and 
Vale 1998; Serpa et al. 2007; Brito et al. 2009b). Other putative sources of nitrogen, phosphorus, 
and silicon for phytoplankton, not quantified so far, include atmospheric deposition, groundwater 
inflow, and import from the adjacent coastal ocean, particularly during upwelling events (Falcão 
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fIgure 14.4 Box and whisker plots showing the distribution of dissolved inorganic nutrient concentrations in the 
western subembayment of the Ria Formosa, grouped into months, for the period 1967 to 2004. (a) nitrate (NO3

–; n = 
326); (b) phosphate (PO4

3–; n = 507); (c) ammonium (NH4
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by circles (see Table 14.1 for data sources).
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1996; Loureiro et al. 2006). In the case of mixotrophic taxa, dissolved organic matter or free living 
prey may additionally be used.

Apart from nitrate, which can be imported from coastal waters, dissolved inorganic nutrients 
usually display a strong spatial gradient inside the lagoon, with increased concentrations from inlets 
to inner areas (Falcão 1996; Newton and Mudge 2005). Nitrate is the dominant dissolved inorganic 
nitrogen (DIN) form at the western sector of the lagoon, but the proportion of ammonium increases 
from inlets (24% ± 29%) to urban locations (40% ± 29%). Potential nutrient limitation for phyto-
plankton growth, assessed according to criteria proposed by Justic et al. (1995), rarely occurs at 
inner lagoon sites (N limitation, 2% occasions), but appears 16% to 17% of the time in the main 
channels and inlets (8% to 9% Si limitation, 6% N limitation, and 1% to 3% P limitation). Urban-
impacted stations mainly exhibit potential Si limitation (12% Si limitation, 1% N limitation, and 
1% P limitation), as expected from increased anthropogenic nutrient enrichment (Cloern 2001). 
Recent data (2006 to 2008) derived from inner lagoon locations (Brito et al. 2009b) provide evi-
dence of potential N limitation only. Although potential N limitation (n = 11) appears between late 
spring and mid-summer, P limitation (n = 3) emerges between mid-summer and early autumn, and 
potential Si limitation (n = 21) exhibits a more widespread seasonal distribution.

Seasonal changes in 5-d biochemical oxygen demand measured at 20°C (0.7 to 2.6 mg O2 L–1) and 
taken as a proxy for the concentration of labile organic matter provide evidence of an increase from 
late winter to late spring and a subsequent decline thereafter, possibly due to increased bacterial 
carbon demand (Figure 14.5a). Urban-impacted stations present significantly higher and sustained 
BOD5 levels during summer (1.7 to 4.2 mg O2 L–1) due to increased inputs of allochthonous organic 
matter (Santos et al. 2004). The increased availability of organic matter, as well as increased con-
centration of inorganic nutrients at these locations, are probably responsible for the approximately 
fourfold higher microbial respiration rates (Barbosa unpublished data), and a local deterioration 
of the water quality, indicated by low oxygen saturation levels. Lagoon areas not directly affected 
by urbanization mainly exhibit oxygen saturations over 80% (92% of the cases; but see Brito et al. 
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2009b), but at urban-impacted areas, this saturation level is attained in only 60% of the cases, with 
values below 40% occasionally observed mainly in summer (Figure 14.5b).

14.5.2  pHytoplankton

Chlorophyll a in the western sector of the Ria Formosa (0.1 to 23.5 µg L–1) usually increases from 
the inlets to inner locations, probably due to higher nutrient concentrations, higher mean light inten-
sity in the mixed layer (Im), and lower tidal advection at the inner areas. Phytoplankton shows a clear 
seasonality, but seasonal patterns vary across lagoon locations. Lagoon inlets, directly impacted by 
adjacent coastal waters, exhibit a clear bimodal annual cycle, with peaks during early spring and 
mid-autumn (Figure 14.6a). Bimodal cycles, typically observed in temperate coastal areas, are driven 
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fIgure 14.6 Box and whisker plots showing the distribution of chlorophyll a concentrations in different 
water bodies of the western subembayment of the Ria Formosa, grouped into months, for the period 1967 to 
2008. (a) Inlets (n = 272); (b) channels (n = 322); (c) inner stations (n = 593); (d) urban-impacted stations (n = 
167). Median value is represented by the line within the box, 25th to 75th percentiles are denoted by box edges; 
5th to 90th percentiles are depicted by the error bars; outliers are indicated by circles, and extreme values by 
black diamonds (see Table 14.1 for data sources). Two extreme values (21.0 and 23.5 µg L–1) were omitted 
for clarity.
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by water column stratification-destratification cycles, which regulate light and nutrient availability 
(Cébrian and Valiela 1999). At more restricted lagoon locations, phytoplankton biomass shows a 
high-amplitude unimodal annual cycle, with clear summer peaks (Figures 14.6b through 14.6d). 
However, recent data (2006 to 2007) reveal a departure from this pattern (Brito et al. 2009b).

Unimodal annual cycles are frequently observed in shallow mixed estuaries and coastal lagoons, 
usually linked to growth limitation by light and/or temperature (Cébrian and Valiela 1999). In 
the Ria Formosa Lagoon, chlorophyll a is positively correlated with both water temperature (rS 
= 0.47, n = 950, p < 0.00001) and Im (rS = 0.50, n = 157, p < 0.00001), apparently supporting this 
hypothesis. Indeed, light enrichment experiments induce a significant stimulation of phytoplankton 
net growth rates during autumn and winter (Barbosa unpublished data). Furthermore, instanta-
neous growth rates of phytoplankton at inner stations, measured using diffusion chambers incu-
bated in situ, reveal a seasonal pattern apparently controlled by light during periods of Im below 250 
µmol photons m–2 s–1, and by temperature during periods of higher Im (Barbosa 2006). During late 
spring and summer, phytoplankton growth is probably limited by nutrient variability. Clearly, most 
of the potential nutrient limitation events (~72%), assessed according to criteria proposed by Justic 
et al. (1995), are concentrated between late spring and summer.

Nutrient enrichment experiments indicate that nitrogen is the most likely limiting nutrient for 
phytoplankton growth during summer in this system (Loureiro et al. 2005). Contrary to other taxa, 
in situ growth rates of diatoms in the Ria Formosa during the early 1990s do not provide evidence 
of nutrient limitation during summer (Barbosa 2006). Yet, nutrient addition bioassays undertaken 
in 2001 and 2002 show opposing results (Loureiro et al. 2005). Although these differences may 
indeed represent interannual variability, it is worth mentioning that bottle enclosures used in bio-
assays eliminate the most important sources of nutrients during summer (sediment fluxes) eventu-
ally generating an “apparent” nutrient-limiting state (Gallegos and Jordan 1997; Barbosa 2006). 
Processes reducing phytoplankton numbers inside the lagoon include pelagic and benthic grazing 
and tidal flushing. Microzooplankton grazing represents a major source of phytoplankton mortality. 
Microzooplankton remove, on a mean annual basis, 47% of daily phytoplankton production, and 
the impact is significantly greater for eukaryotic picophytoplankton and plastidic nanoflagellates. 
Diatoms are apparently under strong top-down control, probably exerted by benthic filter-feeders 
(Barbosa 2006).

14.5.3  HeterotropHIc BacterIoplankton

Biomass of heterotrophic bacterioplankton in the western sector of the Ria Formosa shows a sig-
nificant increase from inlets (7 to 79 µg C L–1) to inner locations, attaining maximum values at 
urban-impacted stations (58 to 576 µg C L–1). Spatial variability is probably regulated by the avail-
ability of labile organic matter, as suggested by positive and significant relationships between bac-
terial biomass and BOD5 (rS = 0.87, n = 30, p < 0.00001), and flushing rates. Bacterial biomass 
presents unimodal annual cycles, with summer peaks, at all locations (Figure 14.7). At the lagoon 
inlets, phyto plankton and heterotrophic bacterioplankton are apparently uncoupled (Figure 14.8), 
indicating that other pelagic sources of dissolved organic matter (e.g., grazing losses, excretion by 
phagotrophic protists, and viral lysis; Barbosa et al. 2001) are relevant for bacteria. In contrast, at 
inner stations, heterotrophic bacterioplankton is significantly correlated with phytoplankton (rS = 
0.62, n = 115, p < 0.00001; Figure 14.8), and also with water temperature (rS = 0.58, n = 127, p < 
0.00001). These relationships could be used as evidence for a bottom-up control of bacterial growth 
exerted by temperature and dissolved organic matter released by phytoplankton. However, these 
relationships should be interpreted with caution.

Extremely high ratios of bacterial carbon demand (88 to 506 µg C L–1d–1; Barbosa 2006) to phyto-
plankton production (8 to 2001 µg C L–1 d–1) clearly indicate that heterotrophic bacterioplankton 
inside the lagoon is strongly supported by nonpelagic sources of organic carbon, particularly during 
winter (Figure 14.9). These may include allochthonous sources, such as upland plants and urban 
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sewage discharges, as well as autochthonous sources such as microphytobenthos, benthic macro-
algae beds, submerged seagrass meadows, and salt marshes (Machás and Santos 1999; Mudge et al. 
1999; Machás et al. 2003; Santos et al. 2004; Mudge and Duce 2005). Very high and sustained 
production and leaf release rates of dominant seagrasses throughout the year (Machás et al. 2006; 
Cunha and Duarte 2007) support the potential role of macrophytes as sources of organic carbon. 
Similar to microbial processes in other coastal lagoons (e.g., Ziegler and Benner 1999; Grami et al. 
2008), in the Ria Formosa Lagoon heterotrophic bacterioplankton and their predators possibly play 
a pivotal role in channelling primary production of macrophytes and allocthonous derived organic 
carbon to metazoans. Indeed, phagotrophic protists in the Ria Formosa Lagoon remove, on an 
annual average, 65% of the daily bacterial production per day, and constitute a potentially important 
food source for pelagic and benthic metazoans during most of the year (Barbosa 2006).

14.6  InterAnnuAl dynAmIcs of PlAnktonIc mIcrobes

14.6.1  enVIronmental settIng

During 1967 to 2002, annual mean water temperature in the lagoon (17.27°C ± 0.58°C to 18.63°C 
± 0.95°C at inlets and inner locations, respectively) did not exhibit a generalized warming trend. 
However, a significant interannual linear warming trend during the winter period (1Q), was detected 
at all lagoon water bodies (0.07°C to 0.10°C yr–1, p < 0.01; Figure 14.10). Since spatial differences in 
this winter warming tendency were not statistically significant, the importance of local processes as 
drivers of the winter temperature change (e.g., opening of Ancão Inlet during 1997, infilling of the 
lagoon, and changes in freshwater inflow) could be disregarded. Hence, the winter warming trend 
probably reflects the effect of global climate forcing on the Ria Formosa Lagoon. This winter warm-
ing rate is close to the increases in minimum air temperature reported for southern Portugal (about 
0.07°C yr–1; Miranda et al. 2002), and is higher than sea surface warming at near-shore locations off 
southern Portugal (~0.04°C yr–1; Relvas et al. 2009). However, it is worth noting that the identifica-
tion of trends and abrupt changes or shifts in time series is highly dependent on sampling frequency 
and length of the time series. In the case of Ria Formosa, a more continuous and extensive historic 
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dataset would be needed to discriminate a linear winter warming trend, assumed in this study, from 
a step change in the winter mean temperature (Figure 14.10; Andersen et al. 2008).

The analysis of interannual trends in mean light intensity in the mixed layer, controlled by both 
incident irradiance and water turbidity, is hampered by limited data on water turbidity in the lagoon, 
namely at inlets and urban-impacted stations. However, existing data point to an overall reduction in 
turbidity from the 1980s to the late 1990s and 2000s, equivalent to an average reduction in the light 
extinction coefficient of 28% and 35% for channels and inner stations, respectively.

Annual mean concentrations of most inorganic nutrients in the lagoon did not exhibit any signifi-
cant linear trends during 1967 to 2002. In the cases of nitrate (2.3 to 26.5 µM N-NO3

–) and silicate 
(2.3 to 29.5 µM Si-SiO4

4–), interannual variability was clearly driven by changes in rainfall and 
freshwater flow into the western sector of the lagoon. Periods with reduced annual precipitation and 
freshwater flow (1985–1986; 1998–1999) showed lower annual mean concentrations of both silicate 
and nitrate than periods of high rainfall levels (e.g., 1987–1988; Figure 14.11). Indeed, annual inte-
grated freshwater flow was positive and significantly correlated with annual mean concentration of 
silicate (rs = 0.935, n = 12, p < 0.00001) and marginally correlated with annual mean concentration 
of nitrate (rs = 0.691, n = 8, p = 0.058). These relationships demonstrate that rainfall and freshwater 
flow should be considered in the analysis and interpretation of interannual trends of water quality 
in the Ria Formosa Lagoon. For instance, the general improvement in the water quality between 
1987–1988 (272 m3 s–1) and 2001–2002 (15 m3 s–1) should not be exclusively attributed to the instal-
lation of urban wastewater treatments plants or increased lagoon hydrodynamics caused by the arti-
ficial opening of the New Ancão Inlet and extensive dredging of main channels, as hypothesized by 
others (Newton and Icely 2002; Loureiro et al. 2006; Pereira et al. 2007), but instead to changes in 
rainfall patterns (Figure 14.11). Data obtained at inner lagoon stations during 2006 to 2008, a period 
of low annual integrated rainfall and freshwater flow (0.7 to 1.9 m3 s–1, INAG database), also reveal 
relatively low mean concentrations of silicate and dissolved inorganic nitrogen (2.2 µM N-DIN, and 
8.5 µM Si-SiO4

4–; Brito et al. 2009b). Overall, climatic changes apparently exert a strong influence 
on the interannual variability of bottom-up drivers of planktonic microbes inside the Ria Formosa, 
such as water temperature and concentrations of nitrate and silicate. Annual mean concentrations of 
phosphate (0.27 to 1.44 µM P-PO4

3–) and ammonium (1.93 to 5.61 µM N-NH4
+), usually classified as 
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10

12

14

16

18

20

1965
Year

1 
Q

 T
em

p 
(ºC

)

20052000199519901985198019751970

fIgure 14.10 Time series of annual mean water temperature for the first quarter (January to March, 1Q) 
in different water bodies of the western subembayment of the Ria Formosa coastal lagoon (▴: inlets and chan-
nels; ⚫: inner and urban-impacted stations), from 1967 to 2002 (see Table 14.1 for data sources). Adjusted 
regression lines and regression equations are shown.
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regenerated nutrients, are not related to rainfall or freshwater flow, thus suggesting the relevance of 
other factors, such as autochthonous and allochthonous biological sources. The effects of increased 
anthropogenic pressure in the Ria Formosa hinterland are evident only at urban-impacted stations, 
located close to major cities, where a sustained and elevated increase in the annual mean concentra-
tion of ammonium (0.446 ± 0.112 µM N-NH4

+ yr–1), and a significant linear increase in phosphate 
(0.126 ± 0.002 µM P-PO4

3– yr–1, p < 0.01), were observed between 1981 and 1988.

14.6.2  pHytoplankton

During 1967 to 2008, chlorophyll a annual mean concentrations in the Ria Formosa Lagoon varied 
between 1.5 ± 0.3 µg L–1 and 2.5 ± 0.8 µg L–1 at inlets and inner stations, respectively. These chlo-
rophyll a values are within the lower range reported for many other estuaries and lagoons (Cloern 
and Jassby 2008), possibly due to high phytoplankton losses associated with pelagic and benthic 
grazing, and tidal flushing (Barbosa 2006). Interannual trends observed over this period varied 
across lagoon sites. Chlorophyll a in urban-impacted stations exhibited an overall increase during 
1969 to 1989, albeit not significant (Figure 14.12), whereas other lagoon locations exhibited an over-
all decrease throughout 1967 to 2008, albeit only significant at inner stations (–0.043 ± 0.013 (µg 
chlorophyll a L–1).yr–1, R2 = 0.62, n = 9, p < 0.01; Figure 14.12).

In addition to interannual changes in biomass levels, phytoplankton seasonal patterns also var-
ied among years, both in terms of amplitude and phasing. At inlets, phytoplankton showed a more 
variable phenology, with mean monthly chlorophyll a peaks (1.6 to 6.6 µg L–1) distributed between 
April and December. The classic bimodal cycle, with spring and autumn blooms, is apparently “dis-
turbed” by the enrichment effect of upwelling events occurring in the adjacent coastal area (Barbosa 
unpublished data). Inner stations and channels usually revealed unimodal annual cycles, with mean 
monthly chlorophyll a peaks (1.1 to 11.3 µg L–1) consistently located between late spring and sum-
mer (not shown), a typical feature of shallow mixed ecosystems (Cébrian and Valiela 1999).

At each lagoon location, interannual chlorophyll a trends varied seasonally (Figures 14.13a and 
14.13b). During autumn (1Q) and winter (4Q), significant linear declining trends, ranging from 
–0.025 ± 0.010 to –0.072 ± 0.015 (µg chlorophyll a L–1) yr–1, were detected at most lagoon locations 
(Figure 14.13a). During the autumn-winter period, neither nutrient concentrations and molar ratios 
(Justic et al. 1995) nor nutrient enrichment experiments (Loureiro et al. 2005) provide evidence of 

0

5

10

15

20

25

30

35

0 50 100 150 200 250 300
Annual integrated freshwater flow (m3.s–1)

N
O

3–    
 D

Si
 (µ

M
)

87/8881/82 8982/83 INLETS
CHANNELS
INNER
URBAN

fIgure 14.11 Relationship between annually integrated freshwater flow into the western subembayment 
of the Ria Formosa and mean annual concentrations of dissolved inorganic nitrate (NO3

–), and silicate (DSi) 
for different lagoon water bodies (as available). Years are shown in italics, and data from 1985–1986 and 
1998–1999 are compacted close to the origin (see Table 14.1 for data sources).



Seasonal and Interannual Variability of Planktonic Microbes in a Mesotidal Coastal Lagoon 357

nutrient limitation for phytoplankton in the Ria Formosa Lagoon (see Section 14.5.2). Yet, Im val-
ues lower than saturating light intensities typical for estuarine phytoplankton (Tang 1995; Kocum 
et al. 2002), and the stimulatory effect of light enrichment during this period of the year (Barbosa 
unpublished data), suggest that phytoplankton in the lagoon is probably light limited during autumn 
and winter. Since phytoplankton responses to temperature changes are usually not significant in 
light-limited assemblages (Underwood and Kromkamp 1999), the general decline of chlorophyll a 
observed in the lagoon during autumn and winter could be theoretically explained by two hypoth-
esis, either alone or in combination: (1) a reduction in phytoplankton growth rate due to an overall 
reduction in light availability, (2) and an increase in the rate of phytoplankton losses. Because water 
transparency in the Ria Formosa, scarcely evaluated, do not provide evidence of a diminishing trend 
for this period (see Section 14.6.1), the increase in phytoplankton loss rates during autumn–winter 
is the more likely hypothesis.

The observed warming of the lagoon during winter (Figure 14.10) could have enhanced the activ-
ity of benthic and pelagic grazers, thus contributing to an overall decline in phytoplankton biomass 
during this period. Interannual declines of phytoplankton biomass, concomitant with increases in 
water temperature, were recently reported for estuaries and coastal lagoons (Borkman and Smayda 
2009; van Beusekom et al. 2009). However, the decline of chlorophyll a during autumn was evi-
dently driven by other mechanisms, unrelated to temperature changes. During autumn, positive 
correlations between mean chlorophyll a and freshwater inflow observed at inner stations and chan-
nels (Figure 14.14) may indicate that freshwater flow is an important source of inorganic nutrients 
(Figure 14.11) for phytoplankton during the autumn period, in those locations. These observations 
on temperature and freshwater inflow generally reflect the effects of long-term climatic variability 
upon planktonic communities. In the case of inner stations, the artificial opening and relocation of 
the Ancão Inlet 3.5 km west of its previous position (Figure 14.1b) could further explain chloro-
phyll a reductions after 1997 (Figures 14.13a and 14.13b). This human-induced structural change 
decreased the water residence time in the inner, western lagoon areas, probably leading to higher 
flushing rates and increased exportation of phytoplankton to coastal waters. For any fixed level of 
tidal flushing, the potential impact of tidal advection upon phytoplankton should be higher during 
periods of reduced phytoplankton growth, such as autumn and winter (Barbosa 2006).
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ern subembayment of the Ria Formosa coastal lagoon, from 1967 to 2008 (see Table 14.1 for data sources). 
Adjusted regression line and slope (±1 SE) for inner lagoon locations are shown.
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Throughout spring and summer, chlorophyll a interannual trends in the lagoon were less coherent 
across stations, indicating that different processes, probably more site specific, were driving phy-
toplankton variability during the 1967 to 2008 period. During spring and summer, chlorophyll a at 
urban impacted stations exhibited a significant increase during 1969 to 1989 (+0.144 ± 0.044 [µg chlo-
rophyll a L–1].year–1, n = 14, p < 0.01; Figure 14.13b). This tendency could be interpreted as a result 
of increased availability of inorganic nutrients, either derived from anthropogenic sources as in 
the case of phosphate and ammonium, or from increased riverine inputs, namely during 1987 to 
1988, in case of silicate and nitrate (Figure 14.11). During spring, chlorophyll a showed significant 
declines at lagoon channels (–0.088 ± 0.031 [µg chlorophyll a L–1] yr–1, R2 = 0.61, n = 7, p < 0.05), 
and no significant trends at inlets and inner stations. Summer mean chlorophyll a at lagoon inlets 
showed an increasing trend since the late 1980s (Figure 14.13b) that could be related to increased 
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nutrient availability due to the intensification of summer upwelling since 1985, along the southern 
Portuguese coast (Relvas et al. 2009). Summer mean chlorophyll a at inner stations exhibited an 
increase between 1967 and 1991, and a decrease thereafter (Figure 14.13B), and was positively cor-
related with integrated freshwater inflow during spring, the previous quarter (rS = 0.851, n = 10, p < 
0.01; Figure 14.14). This relationship indicates that freshwater inflow is probably also an important 
source of inorganic nutrients (Figure 14.11) for phytoplankton at inner lagoon stations during sum-
mer. It also demonstrates the role of climatic changes as drivers of phytoplankton interannual vari-
ability during the season of highest potential growth limitation in the lagoon (see Section 14.5.1). 
Overall, it is interesting to note that, despite low freshwater inflows into the lagoon, interannual 
variability of chlorophyll a during summer and autumn was correlated with, and possibly controlled 
by, freshwater flow occurring in previous periods (Figure 14.14). Interannual changes in the winter 
freshwater flow apparently had no effect on phytoplankton biomass, probably due to greater light 
limitation during this period.

Benthic filter feeders may exert a strong grazing pressure upon phytoplankton, and their role 
as key drivers of long-term variability of phytoplankton has been identified for other estuaries and 
coastal lagoons (Cadeé and Hegeman 1974; Cloern 1996; Mohlenberg et al. 2007; Strayer et al. 
2008). No information on long-term changes in uncultured benthic communities is currently avail-
able for the Ria Formosa. However, the marked decrease in the production of cultivated clams since 
the early 1980s was not associated with an apparent increase in phytoplankton biomass, as might 
be expected. Still, bivalves may also exert a positive feedback on phytoplankton growth rates (Prins 
et al. 1998), and a strong top-down control on phagotrophic protists (Dupuy et al. 2000). Indeed, 
long-term changes in the abundance of loricate ciliates (tintinnids) were recently linked to changes 
in grazing exerted by benthic filter feeders (Strayer et al. 2008). Phagotrophic protists in the Ria 
Formosa, particularly ciliates, constitute a potentially important food source for benthic metazoans 
during most of the year (Barbosa 2006). Moreover, phytoplankton biomass in the lagoon is domi-
nated by nanoplanktonic flagellates, namely cryptophytes (Barbosa 2006; Pereira et al. 2007), that 
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are predominantly grazed by phagotrophic protists. Indeed, these grazers consume, on an annual 
average, 73% of the daily production of plastidic nanoflagellates (Barbosa 2006). Hence, decreases 
in benthic grazing pressure on phagotrophic protists may cascade down the food web, and eventu-
ally lead to a reduction in phytoplankton biomass.

Short-term episodic climate perturbations can also affect phytoplankton distribution inside the 
Ria Formosa. It is worth noting that, excluding urban-impacted areas, chlorophyll a values higher 
than 15.0 µg L–1 (n = 2) were associated with extreme perturbations, a heat wave (July 1991) and a 
flood (December 1987). The heat wave event (19.1 µg chlorophyll a L–1) occurring during neap tides, 
was preceded by a 5-d period of extremely low wind velocities (<2 m s–1), leading to exceptional air 
(42°C) and water temperatures (30°C) (Barbosa 2006). This scenario probably promoted a transient 
water column stratification that enhanced phytoplankton growth or decreased its consumption by 
benthic filter feeders (Cloern et al. 2005). The flood event (daily precipitation and freshwater flow 
of 118 mm d–1, and 71.4 m3 s–1) led to significant increases in both nutrient concentrations and 
chlorophyll a (23.5 µg chlorophyll a L–1 (Newton 1988). In this case, improved light conditions for 
phytoplankton growth due to transient haline stratification of the water column, and not increased 
nutrient availability, was probably the underlying explanation.

14.7  conclusIons

During the period 1967 to 2008, the Ria Formosa Lagoon was subjected to seasonal and interannual 
environmental changes due to both climatic variability and local human activities. The effects of 
increased anthropogenic pressure, both on seasonal and interannual time scales, were evident only 
at sites close to major urban centers. These effects included decreased oxygen saturation, higher 
and sustained availability of labile organic substrates during summer, and long-term increases in 
the concentrations of dissolved inorganic nutrients, particularly phosphate and ammonium, and 
phytoplankton biomass during the spring–summer period. Anthropogenic effects apparently are not 
relevant drivers of planktonic microbes at other lagoon locations, probably due to low water resi-
dence times inside the lagoon, and the importance of physical variables (e.g., light and temperature) 
as growth-limiting factors for planktonic microbes.

At inlets, main navigational channels, and inner lagoon locations, seasonality of both het-
erotrophic bacterioplankton and phytoplankton was directly or indirectly coupled to changes in 
water temperature and light availability, both under climatic control. Long-term climatic variability 
(e.g., temperature and precipitation) apparently reverberated into the water column, leading to a 
generalized and significant winter warming trend, and strong interannual changes in the concentra-
tions of inorganic nutrients, particularly during the autumn-winter period. Although the ultimate 
cause of changes in the nutrient loads associated with freshwater inflow is climate variability (rain-
fall), it is important to note that climate effects are superimposed on the effects of anthropogenic 
activities in the lagoon’s drainage basin.

Despite overall reduced freshwater flows into the Ria Formosa, interannual variability of 
freshwater inflow apparently exerted a significant control on the biomass of phytoplankton in the 
lagoon, particularly during periods of relatively high flow rates and low light limitation (spring and 
autumn). Phytoplankton biomass showed a generalized interannual declining trend during autumn 
and winter. This decline may be eventually related to the winter warming tendency, through its 
stimulatory effect upon phytoplankton grazers, or to decreases in nutrient concentrations associ-
ated with reductions in the autumn freshwater inflow. Long-term changes in phytoplankton biomass 
during spring and summer were less coherent across stations, indicating that more site-specific 
processes were driving phytoplankton variability. After 1997, increased tidal exchanges associated 
with the Ancão Inlet relocation may further explain the decline of phytoplankton abundance at 
inner lagoon locations only.

Overall, synthesized data for the western subembayment of the Ria Formosa Lagoon (1967 to 
2008) suggest that climate variability is an important driver of planktonic microbes in the lagoon, 
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both on short-term, seasonal, and interannual time scales. Local anthropogenic impacts are appar-
ently spatially restricted. More integrated monitoring and research programs, involving analysis of 
top-down controls, process-oriented studies, and dedicated experimental approaches, are clearly 
needed to test and conclusively establish direct links between the variability of planktonic microbes 
and climatic and local anthropogenic alterations in the Ria Formosa coastal lagoon.
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AbstrAct

Phytoplankton biomass and bottom dissolved oxygen are controlled by processes such as resi-
dence time/exchange between a bay and the open ocean, vertical mixing/stratification, the most 
limiting nutrient/nutrient ratios, light penetration and grazing as well as climate variability. We 
examined the eutrophication processes and the drivers that regulate these processes by compar-
ing three semi-enclosed bays (Port Shelter, Tolo Harbour, and Deep Bay) with different buffering 
capacities using long-term water quality data, including chlorophyll and dissolved oxygen along 
with salinity, temperature, and nutrients. The outer part of Port Shelter is wide open to southern 
coastal waters and has a residence time of about 20 days, but it is relatively pristine, with little 
input of sewage effluent. Nutrient concentrations are as low as chlorophyll a values. Tolo Harbour 
in northeast waters is a land-locked bay/inlet with high nutrients, a long 28-day residence time, 
and year-round stratification; hence, it is very vulnerable to eutrophication. Phytoplankton bio-
mass has not reached the potential maximum that could be produced from the high ambient 
nutrient concentrations, suggesting that top-down control by grazing as well as turbidity is affect-
ing the system. Deep Bay, in western waters between mainland China and Hong Kong, receives 
sewage input from the city of Shenzhen with up to 500 µM DIN at the head of the bay. However, 
there is no hypoxia and phytoplankton biomass is not as high as one would expect from such 
high nutrient levels. Turbidity, light limitation, and top-down control by benthic grazing likely 
play an important role in reducing the magnitude and frequency of phytoplankton blooms. Deep 
Bay receives the highest nutrient loads of the three bays, but eutrophication impacts are greatly 
reduced due to the aforementioned controls.

15.1  IntroductIon

Coastal eutrophication is a major environmental concern as the human population continues to 
grow rapidly in coastal areas (Ryther and Dunstan 1971; Rosenberg 1985; Nixon, 1995; Smith et al. 
2006). One of the main symptoms of eutrophication is a long-term increase in chlorophyll a (chl a) 
in coastal regions due to accelerated phytoplankton growth in response to elevated concentrations of 
nutrients (Cloern 2001). Hypoxia (dissolved oxygen <2 mg L–1) is another major symptom of eutro-
phication due to the increased production or input of organic matter (i.e., phytoplankton, benthic 
microalgae and macroalgae, and seagrass biomass) in coastal waters. Hypoxia and anoxia (dissolved 
oxygen = 0 mg L–1) also cause the formation of “dead zones” in the sea.

The frequency and extent of dead zones are on the rise in coastal waters worldwide (Diaz and 
Rosenberg 2008), and governments have increased their efforts in managing this problem. However, 
there is extensive variability in the responses of ecosystems to the input of nutrients. Some eco-
systems are more vulnerable than others to nutrient enrichment because their ecosystem buffering 
capacities do not cushion them against larger nutrient inputs (Le Pape et al. 1996; Cloern 1999, 
2001). San Francisco Bay is an example, where the ecosystem appears to be well buffered against 
changes in nutrients due in part to top-down controls (Cloern 2001). Climate change may exacerbate 
the effects of nutrient enrichment (Justić et al. 1997). Recently, climate variability was reported to 
change the ecosystem community regardless of the efforts to reduce nutrients (Cloern et al. 2007). 
In order to manage the sustainability of coastal waters, therefore, an understanding of ecosystem 
functioning is important in controlling nutrient pollution and in predicting how coastal ecosystems 
may respond to the combined effects of eutrophication and climate variability.

Most studies on eutrophication processes have been conducted in temperate waters (Lillobø et al. 
2005; Fisher et al. 2006; Howarth and Marino 2006), with only a few studies in subtropical and 
tropical waters (NRC 2000). Subtropical and tropical waters in southeast Asia are quite different 
ecosystems in terms of the high N:P ratios in riverine inputs into coastal waters and hence, phos-
phorus appears to be the most limiting nutrient in contrast to nitrogen in temperate waters. In addi-
tion, the Southeast Asian monsoon season is a pronounced feature that affects physical processes in 
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Hong Kong coastal waters and the South China Sea, and it produces a seasonal shift in upwelling 
and downwelling processes, which plays an important additional role in regulating eutrophication 
processes (Yin 2002).

In this study, we use an excellent 20-year dataset of water quality parameters to provide a compar-
ative analysis of eutrophication processes in three contrasting environments in Hong Kong waters. 
We demonstrate how eutrophication impacts, such as the magnitude of phytoplankton blooms and 
the formation of hypoxia, differ in these three subtropical semi-enclosed bays, with different geo-
morphological settings and different physical processes, nutrient inputs, and nutrient ratios.

15.2  geogrAPhIc locAtIons And geomorPhologIc settIng

Hong Kong waters are located on the south coast of China and connect to the northern part of the 
South China Sea (Figure 15.1). Situated in the subtropical region south of 23°N, Hong Kong waters 
cover an area of 1800 km2 and harbor 230 islands. The west side of Hong Kong waters forms part 
of the Pearl River Estuary and receives freshwater outflow from the second largest river in China, 
especially during the summer wet season. The eastern waters mainly consist of Mirs Bay, which 
is semi-enclosed. The southern coastal waters of Hong Kong are open to the northern South China 
Sea. Most of Hong Kong waters are shallow with depths <20 m. Deep Bay, Port Shelter, and Tolo 
Harbour, are three relatively large semi-enclosed bays that are the focus of our eutrophication study 
(Figure 15.1).

Port Shelter is a semi-enclosed bay in the eastern part of Hong Kong (Figure 15.1) and is pro-
tected from the worst effects of adverse weather, except when the wind blows from the southeast. 
The whole area has relatively good water quality, and it has become one of Hong Kong’s most 
important locations for water sports and recreational activities. Tolo Harbour and Tolo Channel 
(referred to as Tolo in this study) form a land-locked, semi-enclosed inlet in the northeastern part of 
Hong Kong with only a narrow eastern exit into semi-enclosed Mirs Bay. Tolo is about 16 km long, 
trending in an east-west direction with a total surface area of ~50 km2. The mean water depth varies 
from about 21 m at the harbor entrance to 3 m inshore. Tolo is infamous for its history of extensive 
eutrophication which caused red tides and hypoxia before 1998. In the past decade, a dramatic 
improvement in water quality occurred in this system after the implementation of the Tolo Harbour 
Action Plan in 1998 (Broom et al. 2003). Finally, Deep Bay is a shallow (<5 m) semi-enclosed bay 
with a large area of intertidal mudflats, surrounded by a large mega-city, Shenzhen, to the north and 
the New Territories of Hong Kong to the south. The small Shenzhen River flows into the head of the 
bay and the mouth of the bay exits into the Pearl River Estuary. Deep Bay suffers from extensive 
anthropogenic inputs due to sewage discharge from Shenzhen, unsewered villages, and livestock 
farms (EPD 2004).

The area occupied by the coastal waters of Hong Kong is small, but there are large ocean-
ographic gradients from the eutrophic freshwater input from the large Pearl River to the intrusion of 
oligotrophic oceanic waters from the South China Sea. Oceanographic processes of coastal Hong 
Kong waters are dynamic and exert different forcing on the three bays due to their different geo-
graphical locations and geomorphology.

15.3  oceAnogrAPhIc settIng And drIVers of chAnge

The coastal waters of Hong Kong are profoundly influenced by three water regimes: the Pearl River 
discharge in the west, the oceanic waters from the South China Sea in the south, and coastal waters 
from the South China Coastal Current in the east (Chau and Abesser 1958; Chau and Wong 1960; 
Williamson 1970; Watts 1971a, 1971b, 1973). The oceanographic processes have strong seasonality 
with a dry season (October to March) and a wet season (April to September). In the winter dry sea-
son, Hong Kong waters are dominated by oceanic waters, while in the summer wet season, they are 
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heavily influenced by the Pearl River discharge. Tidal cycles are mixed semidiurnal with an average 
tidal range of about 1 to 2 m.

The Pearl River Estuary has an area of over 2000 km2. The Pearl River discharges into the South 
China Sea through eight distributaries. The four eastern-most distributaries, namely the Humen, 
Jiaomen, Hongqili, and Hengmen, discharge into the Pearl River Estuary. The average annual dis-
charge through the estuary is about 5300 m3 s–1, or 53% of the total discharge of the Pearl River 
(Yin et al. 2000, calculated from Zhao 1990). Close to 80% of the total flow occurs between April 
and September, and the ratio of annual maximum to minimum discharge varies between 3 and 
6 times interannually.

These oceanographic drivers (winds, river discharge, and tidal cycles) produce the dynamics 
of the physical oceanographic processes in Hong Kong waters. In the dry season, the Southeast 
Asian monsoon season winds prevail from the northeast, and the coastal circulation is dominated 
by downwelling due to the Coriolis effect. As a result, Hong Kong waters are mostly from offshore 
and residence times are long in the semi-enclosed bays (Yin 2002). During winter, the Pearl River 
discharge is minimal, and the river estuarine plume is small, largely confined to the river mouth and 
moving along the west shore away from Hong Kong. As a result, there is little input from the Pearl 
River Estuary into Hong Kong waters. In summer, Hong Kong experiences a south-southwest mon-
soon, and the Pearl River discharge reaches a maximum (22,190 m3 s–1) in July (Yin et al. 2000).

The Pearl River Estuary is dominated by typical two-layer estuarine circulation, with the sea-
ward outflow of the estuarine plume at the surface and a landward inflow of the salt wedge in the 
bottom layer (Yin et al. 2001; Harrison et al. 2008). The estuarine plume flows out of the estuary, 
forming an estuarine coastal plume which spreads to the southern waters of Hong Kong and extends 
to the outer part of Mirs Bay on the eastern side (Yin 2002). Due to the southwest monsoonal wind, 
the coastal waters of Hong Kong are subjected to upwelling in the summer. The entrainment pro-
duced by the seaward flow of the surface estuarine coastal plume is superimposed on the upwelling 
process. This produces a two-layer surface outflow and bottom inflow circulation in the coastal shelf 
of Hong Kong where the bottom inflowing waters have oceanic properties (i.e., high salinity, cold 
temperatures, and relatively lower nutrients and oxygen than the surface estuarine plume). Tidal 
cycles produce relatively strong advection and frequent mixing due to tidal shoaling over shallow 
areas of Hong Kong waters (<15 m), which are extensive.

There are three nutrient sources for Hong Kong waters: (1) relatively oligotrophic oceanic waters 
from the South China Sea (SCS) and Southern China Coastal Current; (2) the eutrophic Pearl River 
discharge; and (3) the Hong Kong domestic sewage effluent discharge in the Victoria Harbour area. 
Nutrients in the Pearl River are up to two orders of magnitude higher than in the oligotrophic SCS 
(Yin 2002; Ning et al. 2004; He et al. 2009). In particular, dissolved inorganic nitrogen (DIN = 
NO3

– + NO2
– + NH4

+) in the Pearl River is very high at about 100 µM, whereas PO4
3– remains 

relatively low at about 1 µM (Yin 2002; Cai et al. 2004). Consequently, in the estuarine-influenced 
water, the DIN:P ratio is unusually high, resulting in potential P limitation in contrast to N limita-
tion in oceanic waters (Yin et al. 2000, 2001; Xu et al. 2009). A population of about 7 million in 
Hong Kong produces 2.1 million tons of sewage effluent daily, of which about 70% is discharged 
into Victoria Harbour and its adjacent waters. The distribution of nutrients is closely coupled with 
the physical processes, and hence, they have strong seasonal and spatial gradients. Port Shelter, 
Tolo, and Deep Bay not only have different geomorphology and nutrient inputs, but also are affected 
differentially by oceanographic forcing and processes as discussed below.

15.4  bAys: PhysIcAl Processes And AnthroPogenIc Influences

15.4.1  port sHelter

Monitoring stations PM2, PM3, PM7, PM8, PM11, and MM14 along the transect from the inside 
bay to the open waters were used to illustrate spatial and temporal variability in Port Shelter. During 
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most months of the year, the average surface salinity is >30 and salinity drops below 29.5 only dur-
ing summer (Figure 15.2). The horizontal gradient of salinity at the surface is usually small except 
for summer when salinity decreases at stations PM2 and PM3, reflecting the influence of rainfall. 
This indicates that Port Shelter is not usually invaded by the Pearl River estuarine coastal plume 
at the surface from the south, although there appears to be some presence of the estuarine coastal 
plume at MM14 (outer Mirs Bay) as indicated by the decreased salinity (Figure 15.2). The aver-
age bottom salinity is between 32 and 33 in the dry season, but increases to 34 in the wet summer 
months. The average temperature in surface and bottom waters is 17ºC in winter, but increases to 
28°C–29ºC in summer at the surface and only to 23°C–24ºC at the bottom.

The Southwest Asian monsoon season in the summer causes upwelling with the surface out-
flow and high salinity, cold deep water inflow. The coupling of higher salinity and colder water at 
the bottom with the decrease in surface salinity induced by rainfall and land runoff indicates that 
Port Shelter is dominated by the typical estuarine-like, two-layer circulation with the surface water 
flowing out of the bay and bottom oceanic water flowing into the bay, especially in the inner bay. 
Outside the bay, the Pearl River outflow and monsoon-induced upwelling move waters seaward and, 
therefore, strengthens the two-layer circulation inside the bay. In winter, the entire water column is 
well mixed as shown by the small difference in salinity and temperature between the surface and 
bottom waters (Figure 15.2).

In Port Shelter, nutrient concentrations are relatively low due to the minor influence of anthro-
pogenic nutrient inputs. Nitrate concentrations in the surface layer are <2 μM most of the year, 
even during the wet season. However, in July there is a patch of higher NO3

– (up to 5 µM) at MM14 
that is likely from the Pearl River estuarine coastal plume. Nitrate concentrations in summer are 
higher than in other months. However, these summer contour lines of higher NO3

– form closed 
loops, suggesting that higher NO3

– measurements have resulted from the regeneration of nutrients 
in the bottom waters or sediments (Figure 15.2) due to sinking algae from a summer bloom after a 
rainfall event, as observed in coastal waters outside of Port Shelter (Yin et al. 2000). The spatial and 
temporal distribution of SiO4 is similar to that of NO3

–, but the SiO4 concentration is much higher 
than NO3

– (Figure 15.2). Phosphate is <0.6 µM, with only small differences between seasons and 
between the surface and bottom waters (Figure 15.2).

15.4.2  tolo HarBour

There are clear spatial and temporal variations in salinity in Tolo (Figure 15.3). Average surface 
salinity is low at station TM2 and increases all year toward station MM5 of Mirs Bay. There 
appears to be a lower salinity tongue at the surface extending from station TM2 all the way out 
to station MM5, with the lowest average surface salinity being about 27.5 between stations TM2 
and TM4 in August. Thus, the largest salinity gradient occurs in August, demonstrating that Tolo 
Harbour is more greatly affected by freshwater in summer when rainfall is maximal. The aver-
age bottom salinity remains above 30 and increases from the inner to the outer harbor during 
the dry season. However, during the summer, there is a tongue of high salinity water >33 at the 
bottom between stations TM6 and MM5. Although stratification in Tolo appears to exist dur-
ing all months, it is weaker in the winter because the topography shelters the bay from winds, 
leading to slow flushing of freshwater inputs out of the bay. The apparent vertical stratification 
starts in April when surface salinity decreases to 29.5 in the inner harbor (Figure 15.3), and the 
stratification becomes stronger in the summer when bottom salinity increases in the entire Tolo. 
Average temperature is uniformly distributed along Tolo at both the surface and bottom in all 
months, except in the summer when a cold water tongue occurs along the station TM6–MM5 
transect (Figure 15.3). Coupled with the colder water tongue at the bottom is the higher salinity 
tongue, which occurs concurrently with the surface lower salinity tongue. This indicates that Tolo 
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is dominated by a two-layer opposite flow (estuarine-like circulation), which is strengthened dur-
ing the rainy season.

Surface NO3
– is >5 µM at station TM2 in the inner bay and decreases toward the outer bay, down 

to <2 µM at station TM8. Bottom NO3
– is lower than surface NO3

–. PO4
3– at both the surface and 

bottom is >1 µM at station TM2 in the inner bay and decreases toward the outer bay; however, it 
remains above 0.4 µM. The spatial and temporal distribution of PO4

3– appears to be opposite to salin-
ity; the lower salinity tongue projects toward the outer bay, while the lower PO4

3– tongue projects 
toward the inner bay at the surface. The higher salinity tongue projects from the outer bay toward 
the inner bay, and the 0.8 µM PO4

3– tongue projects toward the outer bay. The opposite pattern at 
the surface suggests that freshwater is lower in PO4

3–, whereas the pattern at the bottom suggests 
regeneration of organic matter in the bottom water or the sediment. NH4

+ is >2 µM in the entire 
Tolo in all months. SiO4

2– is >8 µM at the surface, but lower than that at the bottom (Figure 15.3), 
suggesting the regeneration of SiO4

2– from the surface diatoms sinking into oceanic waters.

15.4.3  deep Bay

Deep Bay receives freshwater from the Shenzhen River and opens into the Pearl River Estuary. 
The average salinity is rarely >30, being between 25 and 30 during the dry season and <20 during 
the wet season (Figure 15.4). Contour lines of salinity are nearly horizontal most of the year except 
for July when salinity drops to <10, indicating a small horizontal salinity gradient. There are only 
small differences in the average temperature between the surface and bottom, indicating that the 
bay water column is almost vertically mixed, which is typical for shallow waters. As a result, bot-
tom contours of salinity are parallel to the surface contours; the tongue-shaped contour line of 25 
intrudes from station DM5 toward station DM1 during the dry season, while during the wet season 
this contour line of <25 extrudes from station DM1 toward station DM5. This indicates that Deep 
Bay is dominated by freshwater flow from the Pearl River Estuary during the dry season. However, 
during the wet season, it is dominated by the Shenzhen River. These hydrodynamics determine the 
temporal and spatial distribution of nutrients.

Average NO3
– at the surface and bottom is relatively low at 20 µM in the winter, but reaches 

60 µM in the summer. However, NH4
+ is very high, being extremely high near station DM1, reach-

ing about 300 µM in winter. Ammonium decreases during the wet season, probably due to the dilu-
tion of more freshwater outflow from the river, and it quickly drops to 30 µM downstream between 
stations DM3 and DM4. Phosphate is also very high, with a maximum of 18 µM in winter at sta-
tion DM1, declining to 2 µM at station DM4. Silicate is low during the winter and high during the 
summer; it reaches a maximum of 120 µM at station DM1 in June. The silicate concentrations are 
similar to those of the Pearl River (Cai et al. 2004).

15.5  eutroPhIcAtIon Processes

Spatial and temporal variability of salinity, temperature, and nutrients in Port Shelter, Tolo Harbour, 
and Deep Bay are coupled to different oceanographic drivers. An array of environmental impacts 
may develop in response to increasing nutrient levels such as the magnitude of algal blooms, fre-
quency of red tides, and the development of low dissolved oxygen concentrations.

High phytoplankton chlorophyll a concentrations are a good indicator of eutrophication (Pinckney 
et al. 1999, Paerl et al. 2006; Ho 2007; Wong et al. 2009). Phytoplankton biomass represents an 
accumulation of phytoplankton growth over time, and therefore, it is controlled by phytoplank-
ton growth rate and grazing, and physical processes of vertical mixing and horizontal dilution or 
exchange between the bays and coastal ocean (Figure 15.5). The maximum biomass is determined 
by the concentration of the most limiting nutrient, typically either nitrogen or phosphorus. Light 
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regulates phytoplankton production, while nutrient ratios determine the most limiting nutrient and 
may influence species dominance. When algae sink to the bottom layer, bacterial decomposition 
will consume dissolved oxygen (DO). When excessive algae are produced in the surface layer due 
to an increase in the input of nutrients, DO may decrease to <2 mg/L (hypoxia). Variation in DO in 
the bottom water of a bay is subjected to the same driving processes, including vertical mixing and 
horizontal exchange with open ocean, light penetration, as well as organic matter production in the 
surface layer (Figure 15.5).

15.5.1  cHloropHyll a

Port Shelter is open to the coastal ocean waters of the South China Sea, and hence, water exchange 
is not restricted. However, Port Shelter is deeper than the other two bays, and water circulation is 
weak in the inner area, with a maximal current velocity of 0.15 m–1 (Yung et al. 2001). Vertical 
mixing and downwelling is strong in the winter due to northeast monsoon winds and the bay is 
dominated by oceanic waters from outside the bay. In the summer, the bay is dominated by the 
two-layer opposing flow circulation, and stronger stratification due to rainfall and surface heating. 
Modeling results show that the flushing times for eliminating 50% of a tracer are 9.1 days (>20 days 
for eliminating 90% of the tracer), with longer flushing times in the dry season (9.4 days) than in 
the wet season (8.9 days). The difference is greater between tidal phases than between seasons. The 
flushing time is 7.6 days during spring tides, and 11.5 days during neap tides in the wet season (Yin, 
unpublished results).

Phytoplankton biomass is low (<2 μg chlorophyll a L–1) during the dry season and probably 
limited by vertical mixing, which causes light limitation. However, during the summer, phyto-
plankton biomass increases by 50% in the inner bay and is often limited by N or P (Xu et al. 2009). 
Nutrients are relatively high at depth (Figure 15.2), and light transmission reaches down to 20 m 
(Yin unpublished data). This results in higher biomass accumulation in the bottom layer than at the 
surface (Yin 2003). Port Shelter receives the least amount of nutrients among the three bays, and 
therefore, chlorophyll a levels are lowest. Even when there are blooms, chlorophyll a usually does 
not exceed 10 µg L–1 (EPD, unpublished data). There appears to be phytoplankton blooms outside 

Regulation of phytoplankton biomass/blooms and
bottom dissolved oxygen (DO) in bays 

Exchange with
Coast/Estuary

Nutrient Increase

Algal Biomass Increase  

River/Runoff Stratification

Sea Influx

DO Consumption

Drivers

• Turbidity/light
• Nutrient ratios, nutrient limitation 
• Water stratification/stability  
• Residence time/exchange 
• Climate variability 

fIgure 15.5 A conceptual model used to illustrate the regulation of phytoplankton biomass/blooms and 
dissolved oxygen (DO) in bays. Drivers include turbidity/light penetration, nutrient ratios/nutrient limitation, 
stratification/vertical mixing, residence time/exchange of a bay with open waters and climate effects.
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of the bay at station MM4, probably due to the influence of the Pearl River estuarine coastal plume 
in the summer. It is unclear why Port Shelter is a hot spot for red tides (Yin 2003). Yin et al. (2008) 
hypothesized that physical aggregation by wind, plus vertical migration of phytoplankton, result in 
the accumulation of biomass leading to red tides.

Tolo is a land-locked bay with a relatively slow flushing rate that relies largely on tidal cycles. The 
average water velocity in the inner harbor is only 0.04 m s–1 and increases progressively to 0.08 m s–1 
in the channel (EPD 1987). The residence time of water in Tolo Harbour is on average 28 days, 
being 38 and 14.4 days in the dry and the wet seasons, respectively (Lee et al. 2006). Therefore, 
Tolo Harbour appears to be most vulnerable to eutrophication impacts since there is little flushing 
to dilute the high anthropogenic nutrient inputs.

Compared to Port Shelter, Tolo receives much higher inputs of nutrients. The daily input of total 
nitrogen into Tolo Harbour, for example, was estimated to be over 6000 kg in 1986 and ~4000 kg 
in 1994 (Yung et al. 1997). Since 1998, sewage has been fully diverted to Victoria Harbour (Broom 
et al. 2003). The high input of nutrients resulted in higher chlorophyll a, especially in the inner har-
bor where chlorophyll a values were >10 µg L–1 all year, and algal blooms occurred every month. 
Even the average chlorophyll a at the bottom is very high (10 µg L–1) (Yin et al. 2008). However, 
unlike other open waters of Hong Kong (e.g., southern waters and Victoria Harbour), maximal 
chlorophyll a concentrations in Tolo Harbour never occur in summer during the period of maximal 
rainfall, but instead the maximal chlorophyll a occurs over the winter–spring period. This may be 
explained by two distinct physical processes caused by the northeast and southwest monsoon winds. 
In winter–spring, the prevailing northeast monsoon winds produce downwelling of the coastal 
water, resulting in a longer residence time of surface water and a longer time for phytoplankton to 
respond to the local input of nutrients (Yin 2003). In contrast, in the summer, the more rapid outflow 
of surface water due to high rainfall and runoff reduces the residence time (Yin 2003). In addition, 
summer winds are from the southwest, and this helps force surface waters out of the harbor into 
Mirs Bay. As nutrients are generally abundant, phytoplankton may not become nutrient limited, 
although nutrients periodically drop to the limiting concentrations (Yin et al. 2008). In general, light 
does not appear to be limiting since water depths are shallow. This suggests that some additional 
factors other than bottom-up controls, such as physical dilution, nutrients, and light, may limit phy-
toplankton from achieving its potential maximal biomass. Few studies have been conducted on top-
down effects (grazing) in Tolo; more work must be conducted on this subject in future research.

Tolo has the highest number of red tide events in all waters of Hong Kong (Yin 2003; Wong et al. 
2009). Red tides in Tolo are dominated by dinoflagellates, particularly Noctiluca scintillans, which 
occurs from February to May (Yin 2003; AFCD 2005). This heterotrophic dinoflagellate grazes on 
other phytoplankton, notably diatoms (Fonda Umani et al. 2004) and may play a role in controlling 
chlorophyll a. Noctiluca scintillans disappears in May after the temperature increases to >22˚C 
(Liu and Wong 2006). Tolo Harbour contains more red tide species than other Hong Kong waters, 
a total of 55 species, as compared with just 6 species in Deep Bay (EPD 2005). Many of these red 
tide species are heterotrophic and, therefore, may graze on diatoms. This aspect of certain red tide 
organisms acting as grazers on other phytoplankton has been overlooked.

Deep Bay receives freshwater inflow from the Shenzhen River, a small river that receives sew-
age from Shenzhen, one of the most rapidly growing cities in China with a population of 14 million 
residents (Chen 2008). Inner Deep Bay is heavily polluted with nutrients, particularly NH4

+ (up to 
200 µM), which is much higher than in Tolo. Chlorophyll a is high at stations DM1 and DM2 in 
January, reaching 25 µg L–1, indicating large winter phytoplankton blooms. Chlorophyll a remains 
relatively low (<5 µg L–1) from February to May in the entire bay and then increases to 20 µg L–1 in 
July. Phytoplankton blooms with chlorophyll a >10 µg L–1 occur in June–July between stations DM1 
and DM3, but chlorophyll a is lower in the outer bay (Figure 15.6).

A modeling study has shown that there is spatial variability in hydrodynamic conditions through-
out Deep Bay, with a high flushing rate (0.2 d–1 or a residence time of ~5 days) in the outer bay, but 
a low flushing rate (0.04 d–1 or a residence time of ~25 days) in the inner bay (Lee and Qian 2003). 
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fIgure 15.6 Contour plots of average monthly (1986 to 2006) values for surface chlorophyll a and bottom 
dissolved oxygen in Port Shelter, Tolo Harbour, and Deep Bay.
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In spite of the low flushing rate and high concentrations of nutrients, phytoplankton biomass is low, 
except for high peaks of chlorophyll a in January and July, but the biomass peaks (20 to 25 µg L–1) 
are comparable to Tolo. The phytoplankton biomass is much less than the potential biomass that 
could be produced from the high ambient nutrients; therefore, light is believed to be the limiting fac-
tor. There are large mud flats in Deep Bay, and water depths are shallower than in Tolo, which could 
increase sediment resuspension and light limitation, as the overall average (all data at five stations) 
Secchi disk depth is only 0.71 m (Yin et al. unpublished data). In addition, benthic grazing may be 
active and much of the water column volume may be filtered each day, as occurs in San Francisco 
Bay, where benthic feeding plays a key role in top-down control (Cloern and Dufford 2005). The 
weak stratification in the inner bay and frequent vertical mixing would help to make top-down con-
trol feasible, whereas in Tolo Harbour, the water column is stratified, which reduces the degree of 
the top-down control by benthic feeding. Furthermore, in Deep Bay there are oyster farms that filter 
algae and decrease chlorophyll a levels. Further studies are needed to investigate the hypothesis that 
a combination of light limitation and benthic feeding keeps phytoplankton biomass at relatively low 
levels. Surprisingly, few red tides occur in Deep Bay (Yin 2003; AFCD 2005), possibly due to high 
suspended loads, which tend to inhibit dinoflagellates (Anderson 1997).

15.5.2  dIssolVed oxygen

Dissolved oxygen in a water body is determined by physical processes of the air–sea exchange, 
vertical mixing in the water column, biological processes of community respiration, and sediment 
oxygen consumption. In general, longer residence times of a water body and stable stratification 
of the water column allow the formation of low oxygen waters in the bottom layer, but the level of 
low DO is determined by the supply of organic matter to the bottom layer. Higher phytoplankton 
productivity can result in lower DO if phytoplankton sink to the bottom.

Port Shelter experiences low DO in the bottom waters during the summer, averaging 4 mg 
L–1. Before 2000, DO levels often dropped to hypoxic levels (2 mg L–1) in August or September 
(EPD unpublished data). Chlorophyll a is low throughout the summer. The two-layer oppos-
ing flow may be partially responsible for the presence of low DO in the deep part of Port 
Shelter. The oceanic water invading Port Shelter comes from the continental shelf due to sum-
mer upwelling and DO in this bottom water at MM14 is already at 4.5 mg L–1 (Figure 15.6). 
During the movement of bottom water into the bay, phytoplankton at the surface sinks to the 
bottom layer and is decomposed by bacteria that further reduce DO levels. After rainfall events, 
near hypoxic waters can occur due to increased stratification and additional terrestrial organic 
inputs. In contrast, Tolo suffers from low oxygen in the deep bottom water between stations 
TM4 and TM7 in the wet season. The zone of low oxygen appears to occur downstream of the 
maximum chlorophyll a zone near station TM2. Station TM2 is shallow and light penetrates 
most of the water column, and therefore, DO consumption may be offset by phytoplankton 
photosynthesis in the water column.

In contrast, the average bottom DO in Deep Bay is low at station DM1 most of the year, and it 
increases downstream from stations DM2 to DM5. Hypoxia often occurs in Deep Bay, with only an 
occasional occurrence of anoxia, which would be expected from high nutrient concentrations. In this 
case, vertical mixing, as shown by similar salinities between the surface and bottom (Figure 15.4), 
would be responsible for the lack of anoxic waters in this shallow bay.

15.5.3  nutrIent stoIcHIometry and nutrIent lImItatIon

Ambient ratios of nutrients have been used to indicate the most limiting nutrient based on the 
Redfield ratio of 16N:16Si:1P. Previous studies based on nutrient ratios have always agreed with the 
results from nutrient addition bioassays in Hong Kong waters (Table 15.1) (Xu et al. 2009). Ambient 
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nutrient ratios have been robust enough to predict the most potentially limiting nutrient in Hong 
Kong waters, regardless of whether there is actual in situ nutrient limitation.

In general, nutrient stoichiometry in Hong Kong waters indicates low DIN:P ratios (~10:1) in 
marine dominated waters, and high DIN:P ratios (100:1) in Pearl River estuarine waters. As a result, 
the stoichiometry of nutrients and the most limiting nutrient vary temporally and spatially in waters 
at the outer edge of the three bays (Xu et al. 2009); consequently, this variation in nutrient stoichi-
ometry can influence the bays during periods of nutrient exchange with outside waters.

In Port Shelter, the DIN:P ratio is below the Redfield ratio (= 16N:1P) most of the year (Figure 15.7). 
However, higher DIN:P ratios (>16:1) occur in summer during the rainy season as rain contains 
high DIN:P ratios (~50:1). Nutrient enrichment bioassays have shown that phytoplankton growth is 
potentially co-limited by N and P in Port Shelter (Xu et al. 2009). In the summer, the Pearl River 
discharge flows eastward due to the influence of the southwest monsoon wind and reaches the outer 
part of Port Shelter (Yin et al. 2001). As a result, P was the primary limiting nutrient (51% of all 
incidents) instead of N, in the freshwater-influenced outer part of the Port Shelter during summer 
(Figure 15.7). In contrast, N was most likely limiting phytoplankton growth in the inner bay due 
to the dominance of the coastal/oceanic water. P limitation occurred episodically in the inner bay 
during periods of high rainfall with a high N:P ratio (~50:1) in summer, as shown by nutrient enrich-
ment bioassays (Table 15.1) (Xu et al. 2009).

Deep Bay is influenced by sewage from the Shenzhen River in the inner bay and by the Pearl 
River discharge with high NO3

– and SiO4
2– concentrations, respectively. Consequently, there is a 

shift in the most limiting nutrient from the inner bay to the outer bay in response to the dominance 
of different water masses, although no actual nutrient limitation occurs (Xu et al. 2010). In the inner 
bay, the nutrient ratios indicate that Si is potentially the most limiting nutrient (89% of all incidents) 

tAble 15.1
comparison of the Potential limiting nutrient (n, P, 
si or co-limitation) derived from two methods 
(Ambient Inorganic nutrient ratios vs. nutrient 
enrichment bioassay) at four stations in hong kong 
waters during All seasons of the year

stations seasons nutrient ratios bioassays

NM2 Spring P P

Summer P P

Fall P P

Winter Si N + Si

SM6 Spring P N + P

Summer P P

Fall N N

Winter N N

VM5 Spring Si N

Summer P P

Fall Si Si

Winter N N

PM7 Spring N N

Summer N N + P, P

Fall N N

Winter N N

Source: Xu, J. et al. 2009. Mar. Ecol. Prog. Ser. With permission.
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as a result of the input of the high NH4
+ and PO4

3– concentrations from sewage (Figure 15.7). In 
contrast, the input of the Pearl River discharge resulted in potential P limitation (85%) in the outer 
bay near the Pearl River Estuary (Figure 15.7). The degree of potential P limitation increases from 
winter to summer, as indicated by an increase in the DIN:PO4

3– and SiO4
2–:PO4

3– ratios during this 
period in response to an increase in the influence of the Pearl River discharge.

Tolo Harbour is not influenced by the Pearl River discharge. In the outer part of Tolo Harbour, N 
was the most limiting nutrient (70%; Figure 15.7) because of the dominance of the coastal/oceanic 
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fIgure 15.7 Scatter diagram of atomic nutrient ratios for the surface water during winter (Dec–Feb), 
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and Si represent dissolved inorganic N, P, and Si. Stoichiometric (= potential) limitation for N, P, and Si is 
indicated by the number of data points in the various quadrants. (Data from EPD, Hong Kong.)
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water (Figure 15.3). In the inner Tolo Harbour, the reduction in nutrients had an important effect 
on the potential limiting nutrient after the diversion of the sewage. In the inner bay, before the full 
diversion sewage waste, Si was the potential limiting nutrient (63%; Figure 15.7). However, after the 
full diversion of the sewage, NH4

+ and PO4
3– concentrations dramatically decreased and P became 

the primary limiting nutrient (68%; Figure 15.7).

15.6  mAnAgement strAtegy And PersPectIVes

Hong Kong developed legislation on water quality criteria by dividing Hong Kong waters into 10 
water quality control zones (WCZ) in the 1980s (EPD 2004). Port Shelter, Tolo, and Deep Bay are 
three different WCZs, and each zone usually has its own water quality standards that determine the 
pollution control and water quality management priorities.

15.6.1  tolo HarBour

The most serious case of eutrophic impacts occurred in Tolo Harbour with the establishment of a 
relationship between the frequency of occurrence of red tides and the increase in population and 
nutrients (Holmes 1988; Lam and Ho 1989). Hypoxia also occurred frequently before 1998 (Broom 
et al. 2003).

Between 1986 and 2001, the population in the Tolo Harbour catchment area nearly doubled, from 
0.5 million to 0.9 million, as the new towns of Sha Tin and Tai Po developed. The sudden rise in pop-
ulation was matched by an increase in wastewater generated in the area which was discharged into 
the harbor from the Sha Tin and Tai Po Sewage Treatment Works. Although much of the increased 
discharge into Tolo Harbour received secondary treatment at the sewage works, the increased lev-
els of nutrients proved too much for the harbor’s assimilation capacity. Red tides (or algal blooms) 
began to occur with increasing frequency in the 1980s and into the 1990s, with a record of 40 out-
breaks in 1988 (EPD 2005). Frequent and serious hypoxic events (DO < 2 mg L–1) occurred in the 
inner (stations TM2 and TM4) and middle (station TM6) harbor before 1990 (Chau 2007).

To halt the deterioration of the water quality in Tolo Harbour, the Hong Kong government drew 
up a Tolo Harbour Action Plan in 1986 consisting of initiatives to control and reduce pollution in the 
harbor. The plan was implemented in 1987. Livestock farming was prohibited or restricted in much 
of the harbor catchment area, and strict livestock waste controls were initiated. Meanwhile, sewage 
treatment works were improved, and pollution from an old landfill site was reduced. The plans also 
extended the public sewer network in rural areas. The plan to export and discharge the treated efflu-
ent from the Sha Tin and Tai Po Sewage Treatment Works into the better flushed Victoria Harbour 
was implemented in phases between 1995 and 1998. Thus, this plan reduced the nutrient loading in 
Tolo Harbour.

The Tolo Harbour Action Plan has achieved very positive results over the last two decades. Water 
quality in the harbor has improved substantially subsequent to sewage diversion. For example, 5-day 
biochemical oxygen demand (BOD5), organic pollutants, and Escherichia coli have decreased 
significantly (EPD 2005). Total inorganic nitrogen and total phosphate between 1986–1997 and 
1998–2006 have been reduced year-round throughout Tolo (Figure 15.8). Overall, sewage inflow 
into Tolo Harbour has decreased by 90%. As a result, total nitrogen (TN) and total phosphorus (TP) 
concentrations have decreased by 36% to 40% and 62% to 70%, respectively, in response to the 
reduction of sewage input. Chllorophyll a levels in Tolo have also decreased, and bottom DO has 
increased substantially (Figure 15.8). A 21% to 36% reduction in algal biomass and an 11% to 23% 
increase in bottom DO were observed in response to the nutrient reduction in Tolo Harbour, except 
in the narrow channel where eutrophication impacts were likely regulated by physical processes. 
Few hypoxic events (DO < 2 mg L–1) occurred after sewage treatment, and red tide incidents have 
been reduced markedly from over 40 in 1988 to around 10 each year in the last decade. In addition, 
fish kills that were frequently seen in the 1980s and 1990s are currently rare (EPD 2005).
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15.6.2  port sHelter

The catchment around Port Shelter has no large urban developments within it, but there is a sizeable 
population scattered in small towns and villages, many of which are on the coast. Since 1990, local 
industrial and human wastes have largely been eliminated due to the implementation of sewage 
treatment and control of livestock wastes (Yung et al. 2001). An advanced secondary sewage treat-
ment plant located at Sai Kung provides a high degree of sewage treatment, including UV disinfec-
tion and nutrient removal before discharge. This facility has improved water quality within Port 
Shelter, even as the population has increased during recent years. Most monitoring stations in Port 
Shelter have recorded decreasing trends in Kjeldahl nitrogen, total nitrogen, and total phosphorus 
in recent years (EPD 2005).

15.6.3  deep Bay

Shenzhen is one of the most rapidly growing economies in China. The population in Shenzhen has 
grown from a fishing village of 30,000 people to a large complex with 10 million individuals (http://
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english.people.com.cn/90002/95607/6532479.html). Unfortunately, rapid developments in Shenzhen 
and on the Hong Kong side of the northwestern New Territories have seriously affected the water 
quality in Deep Bay. In the 1980s and early 1990s, the levels of E. coli and BOD5 increased due 
to sewage and livestock wastes. The bay began facing serious problems of increasing nutrient and 
organic enrichment, hypoxia, ammonium toxicity, and bacterial contamination which threatened its 
sensitive ecology and oyster culture industry (EPD 2005).

On the Hong Kong side, most of the pollution is the result of discharge from livestock farms 
and unsewered villages. Pollution control legislation was implemented for the northwestern New 
Territories, and the Livestock Waste Control Scheme, introduced in 1987 and amended in 1994, 
was particularly important. This control scheme bans livestock farming in areas designated as 
Prohibition Areas. It has significantly reduced the number of livestock farms in the New Territories 
and imposed effluent treatment standards on those remaining farms. To further reduce pollution 
from livestock farms, the government introduced the Voluntary Surrender of Poultry Scheme and 
Pig Farm License Scheme in 2005 and 2006, respectively. In addition, the implementation of the 
Sewerage Master Plan for all of Hong Kong has been of benefit, as the government has gradually 
extended its public sewer network to hundreds of previously unsewered villages, an operation that 
will continue to reduce the nutrient input over the next decade.

Due to increasing concerns of deteriorating water quality in 1992, a Deep Bay (Shenzhen Bay) 
Action Plan was formulated by the former Hong Kong–Guangdong Environmental Protection 
Liaison Group (EPLG) (renamed in 2000 as the Hong Kong–Guangdong Joint Working Group on 
Sustainable Development and Environmental Protection). The aim of this joint initiative from both 
sides of the border was to address the range of pollution problems threatening the bay’s ecosystem. 
In 1998, EPLG declared a long-term goal to reduce pollution entering Deep Bay, and in 1999 a Deep 
Bay Water Pollution Control Joint Implementation Program was formulated. In 2000, both parties 
to the program agreed on a 15-year plan to clean up Deep Bay, which would reduce pollution loads 
from existing sources and control future pollution so that the water in the bay could regain its natu-
ral assimilative capacity by 2015. Both sides are now jointly developing a mathematical model that 
will act as an analytical tool for managing environmental condition in the Pearl River Estuary.

Environmental conditions remain problematic despite these efforts. For example, the water qual-
ity of Deep Bay remained generally poor based on a 2006 assessment, particularly in the inner bay 
area. The levels of dissolved inorganic nitrogen in Deep Bay are the highest of any recorded area in 
Hong Kong waters (Figure 15.4).

15.7  clImAte chAnge effects

Large-scale climatic forcing can alter the physical processes and water quality that affect phyto-
plankton growth dynamics in oceanic ecosystems (Miller et al. 2004). A recent global-scale study 
of net oceanic primary productivity has shown that phytoplankton growth dynamics are tightly cou-
pled with climatic variability (Behrenfeld et al. 2006). A number of mechanisms including changes 
in solar flux, temperature, horizontal advection, vertical mixing and upwelling, and freshwater out-
flow have been identified as the coupling processes between climatic variability and changes in 
phytoplankton biomass (Miller et al. 2004).

Hong Kong is linked to the South China Sea which, in turn, connects to the western Pacific 
Ocean through Luzon Strait between Taiwan and the Philippines. The dominant climatic forcing 
in the Pacific over interannual time scales is the El Niño Southern Oscillation (ENSO). ENSO can 
cause changes in the annual pattern in rainfall, winds, thermocline depth, and oceanic circulation 
(Fiedler 2002), and consequently, it may result in ecosystem variation from a change in primary 
productivity to changes in the population dynamics of fish, seabirds, and marine mammals (Fiedler 
2002). In Hong Kong, ENSO has been found to lead to changes in temperature and rainfall pat-
terns and also to influence the Southeast Asian monsoon season (Leung and Wu 2004). The air 

http://english.people.com.cn/90002/95607/6532479.html
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 temperature in Hong Kong during the El Niño years is generally warmer than average, and there is 
higher rainfall, while the effects of La Niña are less pronounced (Chang 1999).

The intensity of El Niño in 1997 to 1998 was one of the strongest of the century. A series of red 
tides occurred in Hong Kong territorial waters between mid-March and mid-April 1998, result-
ing in a loss of HK $250 (US $32) million due to fish kills. The events consisted of the spatial and 
temporal progression of red tide outbreaks along the coast of southern China and Hong Kong and 
coincided with the dramatic change in the oceanographic conditions in the northern portion of 
the South China Sea between 1997 and 1998 from March to mid-April, as revealed in the weekly 
composite sea surface temperatures (SST) (Yin et al. 1999). The SST images showed a warm water 
tongue pointing north to the southern China coast in 1998 vs. a cold water tongue pointing south 
in 1997 in the middle of the South China Sea. The differences are believed to be due to El Niño 
and thought to be responsible for setting up the physical oceanographic conditions that were favor-
able for the formation of harmful algal blooms (HABs) along the south coast of China (Yin et al. 
1999). The warm tongue in the SST images suggested that the warm water from the South China 
Sea might have been piling up on the south coast of China. Alternatively, downwelling of the south 
China Coastal Current along the coast due to the northeast monsoon during March might have been 
moving against the South China Sea warm water at the bottom. As a result, the coastal waters of 
the south China coast, including Hong Kong, became trapped along the coast. Given local eutrophic 
conditions of the China coast, the outbreak of HABs occurred over a coast-wide scale (~400 km) 
in winter 1997 and spring 1998 (Yin et al. 1999). The decreasing El Niño intensity in the South 
China Sea in 1998 lagged behind that of the Pacific Ocean (Wang et al. 2002). As a result, the SST 
observed from the satellite was higher than in 1997 on the continental shelf off the Hong Kong coast 
(Yin unpublished results). In response, the number of red tides in 1998 was somewhat higher than 
average (AFCD 2005).

The highest number of red tide events (88 incidents) among all years from 1983 to 2008 occurred 
in 1988. The record number of red tides during the 1988 El Niño year may have been due to the lon-
ger than usual residence time and the high input of nutrients from livestock and untreated domestic 
sewage into the Tolo. Tolo Harbour has the highest frequency of red tides, accounting for about 40% 
of all red tide occurrences among the water quality control zones in Hong Kong (EPD 2005; Wong 
et al. 2009).

Atmospheric temperature appears to be increasing in Hong Kong (Leung et al. 2004), and sea 
level is also rising (Yeung 2006). Water temperature has increased in Deep Bay (Xu et al. 2010) 
and other zones (Ho 2007) during the last several decades. Chlorophyll a in Port Shelter did not 
exhibit any significant long-term trend in temperature, but chlorophyll a significantly increased 
during 1986 to 2006 in Deep Bay at both stations DM1 and DM5 (Figure 15.9). However, bottom 
DO showed a small significant increase during 1986 to 2006 at station PM7 in Port Shelter, and a 
significantly larger increase at station TM2 in Tolo. A significant decrease in DO was recorded at 
station DM1 in Deep Bay (Figure 15.10). Outside of these bays, only DO at station DM5 decreased 
significantly. DO at station MM14 outside of Port Shelter and station MM5 outside of Tolo exhibited 
no significant trends (Figure 15.10). The correlation analysis did not reveal a significant relationship 
between chlorophyll a and temperature (data not shown), but the correlation between bottom DO 
and temperature is significant at all five stations (PM7-MM14, TM2-MM5, DM5) except for station 
DM1 in Deep Bay (Figure 15.11). This significant correlation can be an important indication of the 
potential future impacts that global warming may have on Hong Kong waters. Because it is a nega-
tive relationship, therefore, global warming would likely reduce the ecosystem buffering capacity 
against the formation of low oxygen waters due to a potential increase in stratification.

15.8  summAry And conclusIons

The management of coastal waters has become more urgent with the rapid population growth in 
the coastal zone. The input of nutrients and the accompanying eutrophication impacts remain a 
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major concern. As the buffering capacity for eutrophication varies among coastal water bodies, it 
is necessary to understand the biotic and physicochemical processes that operate in these complex 
ecosystems in order to achieve sustainable development of the coastal zone.

The comparison of Port Shelter, Tolo, and Deep Bay demonstrates that each system has its own 
unique environmental characteristics (Table 15.2) and buffering capacity to accommodate the input 
of nutrients. Port Shelter receives freshwater input at the head of the bay, and it has a wide opening 
to coastal waters at the mouth of the bay. In the winter dry season, surface water outside of the bay 
is driven into the bay by northeast monsoon winds due to a downwelling mechanism, with vertical 
mixing dominating over stratification. In the summer rainy season, Port Shelter has estuarine-like 
circulation and strong stratification. Port Shelter is the deepest of the three bays. Nutrient concentra-
tions limit the eutrophication impacts (Table 15.3). Low chlorophyll a concentrations in winter and 
low bottom oxygen levels in summer indicate that the buffering capacity against an increase in the 
input of nutrients may be high in winter but low in summer.

Tolo is shallow, with the longest residence times and year-round stratification of the three 
bays. Therefore, Tolo is the most vulnerable system to an increase in the input of nutrients and 
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accompanying eutrophication impacts. The management actions implemented in 1996 were cer-
tainly appropriate, and produced a significant improvement in the water quality of Tolo.

Deep Bay is similar to Tolo with its shallow water column and long residence times. It has the 
highest nutrient concentrations among the three bays. However, there are large areas of shallow 
mudflats in the bay where sediment resuspension by wind and tidal mixing results in high turbidity. 
Therefore, light limits phytoplankton production, and benthic filter feeding may exert top-down 
controls of phytoplankton biomass. Its shallowness and possible top-down controls produce strong 
ecosystem buffering capacity because symptoms of eutrophication (i.e., algal blooms and low DO) 
are not as severe as expected from the high ambient nutrient concentrations.

The comparison of the three bays demonstrates the importance of physical and oceanographic driv-
ing factors and how these factors can lead to different eutrophication impacts. The ranking of the three 
bays in terms of eutrophication impacts (chlorophyll a concentrations, number of red tides, and hypoxia 
events), is Tolo > Deep Bay > Port Shelter. Therefore, high nutrient loads do not always produce the 
largest eutrophication impacts as observed for Deep Bay, where the impacts were reduced by turbidity 
and light limitation (bottom-up controls) and grazing (top-down controls) (Tables 15.2 and 15.3).
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tAble 15.2
comparison of general environmental conditions in Port shelter, tolo harbour, and 
deep bay

condition season Port shelter tolo harbour deep bay

Depth (m) Most Areasa 10–20 5–15 <5

Circulation Dry Downwelling/oceanic 
Intrusion

Downwelling/oceanic 
Intrusion

Oceanic Intrusion

Wet Estuarine-like two-layer Estuarine-like two-layer Freshwater ouflow

Residence times (days) Avg 9.1b 28.5c 25d

Dry 8.9 38

Wet 9.4 14.4

Eutrophic conditions Dry Oceanic Eutrophic Eutrophic

Wet Rainfall and runoff Eutrophic Eutrophic

Chlorophyll a trend No trend Decreasing Increasing

DO trend Increasing Increasing Decreasing

Limiting factor 
(chlorophyll a)

Mixing/nutrients Nutrients/grazing (?) Light/benthic grazing (?)

a Most areas are estimated using the map with color-contoured depths.
b These values were the flushing time for eliminating 50% of the tracer obtained from the modeling results of the Delft 3D 

modeling run by CDM requested by the author. For eliminating 90% of the tracer, the flushing times were >500 h, the 
maximum the model output could produce.

c Data from Lee et al. (2006).
d Data from Arega and Lee (2000).
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16 The Wadden Sea
A Coastal Ecosystem 
under Continuous Change

Katja J. M. Philippart* and Eric G. Epping

AbstrAct

The Wadden Sea is one of the largest coastal lagoons in the world, characterized by extensive 
wetlands, high biotic production, and valuable recreational and commercial fisheries. Based on 
physicochemical and biotic conditions, the Wadden Sea can be divided into three main regions: 
(1) the southern Wadden Sea (tidal range = 1.5 to 3 m) bounded by 12 elongated islands forming 
a sandy barrier 5 to 15 km parallel to the mainland; (2) the central Wadden Sea (tidal range >3 m) 
lacking barrier islands and ebb-deltas due to macrotidal conditions and the large volume of tidal 
water exchange; and (3) the northern Wadden Sea (with a tidal range decreasing from 3 to 1.2 m in 
a northward direction) consisting of 8 islands and high sand bars that form a seaward barrier some 
5 to 25 km off the mainland coastline. Each region can be further divided into subareas, some of 
which are strongly influenced by freshwater inputs from large rivers such as the Rhine, IJssel, Ems, 
Weser, and Elbe, while others are considered to be dominated by coastal North Sea water. The 
Wadden Sea has a long history of human impacts. During the twentieth century, the exploitation 
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of resources and coastal landscape transformation intensified and culminated in large-scale habi-
tat destruction and overexploitation. After a large part of the southwestern Wadden Sea had been 
closed off in the early 1930s, the remaining area was heavily polluted by heavy metals, PCBs, and 
pesticides in the 1950s, and fertilizer use (nitrogen and phosphorus inputs) in the 1960s to 1970s. 
Although nutrient loads declined as the result of effective measures and policies implemented in 
the 1980s to 1990s, this reduction was not followed by a decrease in the biomass of phytoplankton. 
Warming climatic conditions have affected the system since the late 1980s and have the capac-
ity to alter the present structure and function of the food web and other critical components of 
the system.

Key Words: Wadden Sea, primary production, secondary production, infrastructures, pollutants, 
eutrophication, fisheries, ecosystem functioning, climate change, scenarios

16.1  IntroductIon

The Wadden Sea, the largest nontropical barrier-island system with nonvegetated tidal flats in the world, 
is characterized by rich and diverse habitats (Wolff 1983). It is highly productive and provides an impor-
tant nursery area for fish, foraging and resting habitat for seals, and foraging habitat for waders and other 
waterfowl (Reise 1995; CWSS 2008). Its rich resources attracted early settlers, who first started exploit-
ing the Wadden Sea ~5000 years BP (Wolff 2000). With increasing coastal activities from peat excava-
tion, salt mining, and tourism, the exploitation and transformation pressures increased, causing changes 
in the structure and function of the ecosystem (Lotze et al. 2005; Wolff 2000, 2005a). In order to protect 
and preserve some of the remaining unique natural services and functions of this system, the UNESCO 
World Heritage Committee inscribed the Dutch-German Wadden Sea on the List on June 26, 2009.

This chapter provides an overview of the abiotic and biotic characteristics of the Wadden Sea. 
Although this overview is not exhaustive, it demonstrates that the Wadden Sea is a system under 
long-term and continuous change due to a complex interplay of natural and anthropogenic drivers. 
We will discuss some of the important drivers of change, their impacts on the functioning of the 
Wadden Sea ecosystem, and the needs in terms of long-term field observations and research to assess 
these impacts. Finally, some potential future scenarios of ecosystem functioning are deduced. We 
will focus on the westernmost part of the Wadden Sea because this is historically one of the most 
intensively studied subareas of the system (Table 16.1).

16.2  PhysIogrAPhy

Bound by the North Sea and the Dutch, German, and Danish coastline, the Wadden Sea stretches 
for 450 km along the coast from Den Helder (the Netherlands) at 53°N to the peninsula of Skallingen 
(Denmark) at 55°30′ N. Using the 15 m isobath as the seaward boundary, the Wadden Sea presently 
covers a total area of ~15,000 km², 4700 km2 of which covers intertidal flats and 3700 km2 of which 
consists of subtidal areas and gullies within the chain of barrier islands (CWSS 2008) (Figure 16.1). 
The Elbe, Weser, Ems, Eider, and Varde Å rivers are the largest tributaries, discharging directly into 
the Wadden Sea (Harten and Vollmers 1978), whereas the Rhine indirectly drains via Lake IJssel 
and via the coastal North Sea along the Dutch coast (Zimmerman and Rommets 1974). Coastal 
water is transported from the English Channel to Denmark in a period of 1 year and is advected with 
Atlantic water from the British coast and river water. The residual current is strong and parallel to 
the Dutch coast, but diverts more offshore east of the barrier island of Ameland. As a consequence, 
the current field in the German Bight is rather weak, more subject to wind stress and therefore more 
variable, resulting in a rather slow renewal of water (Goedecke 1968). The tidal exchange of this 
coastal water leaves a clear imprint on the physics, chemistry, and biology of the Wadden Sea.

Tides are semidiurnal with a neap to spring tidal cycle having a range of 1.2 to >3 m. The effect 
of full and new moons on the tidal range is only 20%, whereas strong onshore winds may cause 
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tAble 16.1
wadden sea main regions, subareas, and their main characteristicsa

region subarea

code name characteristics

southwestern wadden sea
NL1 Western Dutch 

Wadden Sea
The area receives fresh water directly from Lake IJssel by the sluices of Den Oever 
and Kornwerderzand at an average rate of 16.3 × 109 m3 yr –1. The water mass that 
originates from the Rhine River passes Lake IJssel in about 50 days. The coastal 
North Sea water entering the Wadden Sea at the Marsdiep constitutes about 15% 
Rhine water.

NL2 Eastern Dutch 
Wadden Sea

The area receives a minor freshwater source from Lake Lauwers and an industrial 
waste line. The area is considered to be dominated by coastal North Sea water.

NL3 Ems-Dollard 
Estuary

The freshwater sources to the area are the Ems River (90%) and Westerwoldsche Aa 
(10%) at a total average rate of about 3.4 × 109 m3 yr –1. Industrial and harbor 
activities border the estuary at Emden, Delfzijl, and Eemshaven.

NDS1 Ostfriesland 
Wadden Sea

The area is slightly influenced by local freshwater sources. Only small harbors are 
present. The area is considered to be dominated by coastal North Sea water.

central wadden sea
NDS2 Jade Basin The harbor of Wilhelmshaven is the main activity in the area. Virtually no fresh 

water enters the area. The area is considered to be dominated by coastal North 
Sea water.

NDS3 Weser Estuary The Weser River is the main freshwater source at an average rate of about 11.3 × 
109 m3 yr –1. The river borders are densely populated. Harbor activities are present 
at the cities of Bremen and Bremerhaven.

SH1 Elbe Estuary The Elbe River is the main freshwater source into the area at an average rate of 
about 24.5 × 109 m3 yr –1, which is about 43% of the total freshwater input in the 
international Wadden Sea. The river is bordered by large cities (e.g., Hamburg), 
harbors, and industrial activities.

SH2 Eider Estuary The Eider River constitutes a relatively small freshwater source of about 0.9 × 
109 m3 yr –1 on average. The population density is moderate. Some small 
recreational and fisheries harbors are present.

northeastern wadden sea
SH3 Halligen Virtually no freshwater input and a low population density. The area is considered 

to be dominated by coastal North Sea water.

DK1 List Tidal 
Basin

The area is physically bordered by the dams connecting the islands Sylt and Rømø 
to the mainland. The area is considered to be dominated by coastal North Sea 
water. The freshwater input from southern Jutland was about 0.8 × 109 m3 yr –1 in 
1990, which was about 1.3 × 109 m3 yr–1 to DK1 and DK2 in the same year.

DK2 Knudedyb and 
Juvredyb

The Knube, Konge, Rejsby, and Brøns Å are small rivers, thus constituting a small 
freshwater input. The input to DK1 and DK2 is about 1.2 × 109 m3 yr–1 on 
average. The area is considered to be dominated by coastal North Sea water.

DK3 Grådyb The city of Esbjerg is the main center of population, and harbor and industrial 
activities. The area is considered to be dominated by coastal North Sea water.

a See Figure 16.2 for locations.
Source: Adapted from Essink et al. (2005).
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fIgure 16.1 Basic features of the Waddden Sea at various scales. From top to bottom: the Wadden Sea 
within NW Europe, main regions within the Wadden Sea (i.e., southwestern, central and northeastern parts; 
Reise et al. 1995), main subareas within regions (adapted from Essink et al. 2005; see Table 16.2), tidal basins 
within subareas, and habitats within tidal basins, e.g., open sea, ebb- and flood delta, subtidal areas, intertidal 
areas, and islands and main land.
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storm surges up to 4 m above normal high tide levels. Strong offshore winds on the other hand 
may dampen low tides to 1.5 m below normal low tide. This asymmetry and the predominance 
of western onshore winds keep the tidal flats submerged, and long-term emergence is rare. The 
flushing time of fresh water, as derived from freshwater contents within basins (Ridderinkhof et al. 
1990), increases strongly with increasing distance between the freshwater source and the North 
Sea. Reported flushing times of fresh water amount to average values of 14 tides for the Marsdiep 
(Postma 1954; Zimmerman 1976) and Lister Tief basin (Hickel 1984), 31 tides for the Vlie basin 
(Zimmerman 1976), 80 tides for the Ems-Dollard Estuary (Dorrestein and Otto 1960), and up to 
120 tides for the Jade Busen (Gillbricht 1956). The flushing time of sea water, as derived from one-
dimensional tidally averaged box models, ranges within the Dutch Wadden Sea from 3 tides for the 
Eierlandse Gat to 25 tides for the Ems-Dollard Estuary (Ridderinkhof et al. 1990). Actual flushing 
times of fresh and sea water are considered to vary with wind, three-dimensional aspects of current 
fields, and freshwater discharge (Helder and Ruardij 1982; Ridderinkhof et al. 1990).

The climatic conditions prevailing in northwest Europe, including the Wadden Sea area, are 
strongly dominated by a permanent atmospheric low-pressure system near Iceland and a high-
 pressure system over the Azores. The relative strengths and positions of this pressure system may 
vary from year to year, and this so-called North Atlantic Oscillation correlates well with the vari-
ability in weather conditions in the North Atlantic region (Hurrell 1995; Hurrell and van Loon 
1997). For the Wadden Sea region, the overall effect is a variable temperate climate, where westerly 
winds prevail; the mean annual air temperature is 8.5°C, and precipitation is moderate, between 
700 and 800 mm yr–1.

With regard to ecosystem processes, the Wadden Sea is not uniform, but can be divided into 
three main regions (Reise 1995; CWSS 2008) (Figures 16.1 and 16.2):

Southwestern Wadden Sea—This region extends from the Marsdiep Inlet in the west •	
to the Jade Inlet in the east. Twelve elongated islands, resulting from a tidal range of 
1.5 to 3 m, form a sandy barrier 5 to 15 km parallel to the mainland. A large embayment, 
the former brackish Zuiderzee (3600 km²), was separated by a causeway (Afsluitdijk) in 
1932 and turned into a fresh water lake, Lake IJssel, and agricultural land. The south-
west Wadden Sea receives fresh water from Lake IJssel via two sluices in the Afsluitdijk 
at an average rate of approximately 470 m3 s–1 (van Raaphorst and de Jonge 2004) and 
from the Ems River at the Dutch-German border at a rate of about 125 m3 s–1 (Helder 
and Ruardij 1982).
Central Wadden Sea—This region extends from the Jade Inlet to the Eiderstedt Peninsula. •	
Due to macrotidal conditions (>3 m mean tidal range) resulting in massive volumes of 
tidal water exchange, barrier islands and ebb-deltas are absent in this region (Ehlers 1988). 
Major estuaries developed in conjunction with the Weser, Elbe, and Eider rivers, which 
discharge fresh water at a rate of 310, 700, and 14 m3 s–1, respectively (Harten and Vollmers 
1978). This freshwater input leads to highly variable salinities.
Northeastern Wadden Sea—This region extends from the Eiderstedt Peninsula in the •	
south to the Skallingen Peninsula in the north. Eight islands and major sand bars form 
a seaward barrier some 5 to 25 km off the mainland coastline. The tidal range for this 
region decreases from 3 to 1.2 m in a northward direction. Large estuaries are absent and 
the discharge of the Varde Å River (12.7 m3 s–1) only marginally affects the hydrography 
(Andersen and Pejrup 2001). Salinities range from 27 psu in late winter to 31 psu in sum-
mer (van Beusekom et al. 2008).

16.3  mAJor chAnges

Pristine conditions for the Wadden Sea are hard to define since human impact began ~5000 years 
BP (Wolff 2000). Until ~1000 BP, the Wadden Sea was bordered by very extensive salt, brackish, 
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and freshwater marshes and extensive peat bogs, altogether covering an area of the same order of 
magnitude as the present western Wadden Sea. These marshes were largely reclaimed during the 
period 1000 to 600 BP, which may have constituted the largest change in the history of the Wadden 
Sea (Wolff 1992). The exploitation of resources (e.g., hunting birds, mammals, shellfish, and fish) 
and coastal landscape transformation (e.g., embankments and reclamations of salt marshes) intensi-
fied as the coastal population increased, and culminated in large-scale habitat destruction and over-
exploitation during the twentieth century (Wolff 2000; Lotze et al. 2005). This history of increasing 
anthropogenic pressure is paralleled by abiotic, biotic, and functional changes. The major changes 
reported here are based on long-term observations on the system hydrography since the 1880s and 
on biotic components since the 1930s. Time series data enable us to assess human impacts (e.g., dik-
ing and river management) and recent climate change effects on the hydrography and functioning 
of the Wadden Sea.

16.3.1  aBIotIc condItIons

Water temperatures in the Wadden Sea vary on tidal to centennial time scales (Van Aken 
2008a). Time series measurements on sea surface temperatures (SST) in the westernmost inlet 
(Marsdiep) exhibit a clear annual trend in the daily mean SST following the coastal surface air 
temperature with a lag of a few days only. For the period 2002 to 2006, the daily mean sea sur-
face temperature ranged from 0°C to 23°C, with typical mean amplitude of 7.9°C. The averaged 
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fIgure 16.2 Map of the Wadden Sea, depicting subareas as described in Table 16.1. (From Essink, K. 
et al. (eds.). 2005. Wadden Sea Quality Status Report 2004. Wilhelmshaven, Germany: Common Wadden Sea 
Secretariat. With permission.)
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monthly SST data in the Marsdiep over the period 1861 to 2006 indicate that July to September 
are the warmest months, whereas January to March are the coldest months, ranging from 3°C 
in February to 18°C in September. Most cold winters with SST <1.0°C occurred during the 
mid-1900s and warmest winters with SST >6.5°C occurred in 1989 and 1990. Analysis of the 
10-year running mean shows a consistent increase in SST for all seasons from 1983 onward 
(van Aken 2008a).

A reconstruction of storminess over northwestern European starts with rather high levels in the 
1880s, a decrease below average around 1930 till the 1960s, and then a pronounced rise to initial 
values until the mid-1990s. Since the mid-1990s, storminess has been average or below (Matulla 
et al. 2008). The results for moderate wind events (occurring an average 10 times per year) and 
strong wind events (that occur on average twice a year) indicate a decrease in storminess over the 
Netherlands between 5% and 10% per decade between 1962 and 2002 (Smits et al. 2005).

Salinity provides an excellent tracer for river discharge to the various basins. Long-term monthly 
mean values for the Marsdiep Inlet show a regular annual cycle, with a minimum of 28.85 psu in 
February and a maximum of 30.72 psu in September. Extremely high salinities can be observed 
during extended dry periods over large areas of western Europe, when river discharge is low, and 
the salinity of North Sea water increases as well. The interannual variability reflects the variation 
of the freshwater input caused by variations in precipitation and river management (e.g., building of 
dikes and sluices). For the western Wadden Sea, the past 150 years can be divided into three sub-
periods: (1) the period 1861 to 1931 (decrease in salinity from 31.5 to 29.5 psu) when the Wadden 
Sea was the northern part of the Zuiderzee, an estuary with the IJssel River as its major freshwater 
source; (2) the period 1932 to 1970 (29.6 psu) after the closure of the Afsluitdijk with a natural dis-
charge rate; and (3) the period 1972 to 2003 (28.7 psu) with an increased discharge rate for the IJssel 
River after the lock weirs in the Nederrijn River became operational (van Raaphorst and de Jonge 
2004; van Aken 2008b).

A reconstruction of the total nitrogen (TN) discharge from Lake IJssel into the western Wadden 
Sea showed a gradual 12-fold increase (20 to 240 mol N s–1) for the period 1935 to 1988, followed 
by a decrease to levels still five times the 1935 levels. Starting in the early 1960s, the discharge of 
total phosphorus (TP) increased by a factor of 10 (0.5 to 5 mol P s–1) in 1983, and decreased strongly 
to values 2.5 times the 1965 levels. The TN:TP atomic ratio of discharge decreased from ~50 in the 
1940s to values around 25 in the 1980s and increased steeply to values of 100 around 1995 due to 
more effective P reduction measures (van Raaphorst and de Jonge 2004). Since the Wadden Sea is 
a net heterotrophic system (de Jonge and Postma 1974; van Es 1977; Hoppema 1990), its nutrient 
status is not merely determined by direct nutrient discharge from freshwater sources, but also from 
the mineralization of autochthonous organic matter and of allochthonous organic matter imported 
from the coastal North Sea. The atmospheric deposition of nutrients is less important, especially for 
regions receiving considerable riverine nutrient input.

The import of allochthonous organic matter is considered to be proportional to the stock of 
organic matter in the coastal zone as modulated by riverine nutrient discharge and primary produc-
tion in the North Sea. A reconstruction of coastal North Sea productivity suggests that the supply of 
organic matter and subsequent remineralization would have increased fivefold from 22 g C m–2 yr –1 
in preindustrial times to current values of 110 g C m–2 yr–1 (van Beusekom et al. 1999, 2005). Earlier 
estimates for the Marsdiep area suggest an import of ~80 g C m–2 yr –1 for the 1950s increasing to 
155 g C m–2 yr –1 in the 1970s (correction on de Jonge and Postma 1974 in Postma 1982). For the Ems 
Estuary, the total annual supply of particulate organic carbon from the coastal area to the estuary 
was calculated at 148 g C m–2 yr –1 in the late 1970s (de Jonge 1992).

The concentrations of major nutrients cannot be easily predicted from riverine loads and organic 
matter import due to the differences in geochemical cycling between N, P, and Si. An analysis 
of a 20-year (1974 to 1994) dataset on nutrient concentrations revealed that the annual loads of 
TP from Lake IJssel and concentrations of inorganic phosphate in the western Wadden Sea were 
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significantly correlated in early spring. Phosphate concentrations were relatively high during the 
period of increased phosphorus loads until the mid-1980s, and declined in parallel with the decreas-
ing phosphorus loadings during the 1990s. For silicon, both loads and concentrations significantly 
increased during (the last two decades of) the study period. For nitrogen, no significant relation-
ship was found between loads and concentrations, and neither loads nor concentrations of nitrogen 
significantly differed for the various discharge periods (Philippart et al. 2007b). In contrast, the 
TN input to the North Sea from the Rhine and Meuse rivers before and during the phytoplankton 
growth season explained 50% of the interannual variability in ammonium and nitrite in the Wadden 
Sea during autumn (van Beusekom 2005). This may again signify the importance of organic matter 
import from the North Sea for the nutrient status of the Wadden Sea.

Annually, an amount of 8 to 21 × 106 m3 or 20 to 55 × 106 t of sand, originating from the shore 
face, beaches, and dunes of the Dutch North Sea coast and North Sea sediments, is imported by 
bed-load transport and deposited in the southern Wadden Sea (Winkelmolen and Veenstra 1974; 
Anonymous 1981; Oost and de Haas 1993). These sands, composed of quartz, feldspars, carbonates, 
and micas, comprise 87% of the tidal flats (van Straaten 1964). The remaining 13% is a fine-grained 
fraction, composed of clay and iron minerals, carbonates, and organic matter and originates from 
seafloor erosion in the Channel and the Flemish Banks, from riverine input of the Rhine River, and 
from autochthonous production. Its annual loading is estimated at 0.8 to 3 × 106 t (Eisma 1981). 
Although the Rhine River contributes only 10% to 20% of the total input, short-term variations 
in annual mean suspended matter (SPM) concentrations for the western Wadden Sea appear to be 
related to the discharge of the Rhine River more strongly though with the disposal of dredge spoil 
in the outlet area of the Rhine in the North Sea (de Jonge and de Jong 2002).

The pre-1950s background SPM concentration, without disposal, has been estimated at <15 g 
m–3. For the period 1970 to 2000, the overall annual mean SPM concentrations increased by a fac-
tor of 2 to 3, peaking to a factor of 5 to 6 for individual annual mean values. Based on unchanged 
dredging policies and expected changes in wind climate and river discharge, SPM concentrations 
are predicted to increase 20% above the present levels in the next 50 years and may increase water 
column turbidity (de Jonge and de Jong 2002). Suspended sediments and phytoplankton are the 
primary factors controlling water column turbidity (e.g., Postma 1961; van der Heide et al. 2007). 
Recent estimates indicate that the average turbidity of the westernmost basins of the Wadden Sea 
has increased by a factor of 5 from ~1.2 m–1 to 6.8 m–1 since the disappearance of the extensive 
seagrass meadows in the early 1930s (van der Heide et al. 2007).

Sediments are sorted by hydrodynamic action (Postma 1961), leaving the coarse-grained 
sands near the inlet and major channels, and progressively smaller fractions toward the mainland 
(Winkelmolen and Veenstra 1974). Fine materials are transported to shallow areas of the inner 
margins, tidal watersheds, and mainland coast chiefly by tidal asymmetry between the ebb and 
flood tidal current (Postma 1961; Groen 1967). For each tidal basin with its inlet, tidal flats, and 
channels, a dynamic equilibrium is sustained between the hydrodynamic energy and basin mor-
phology. Moderate and temporal changes in hydrology can be compensated for by sediment redistri-
bution and adaptation in morphology until the original equilibrium is restored. Permanent or severe 
changes may result in a transition toward a new dynamic equilibrium (CPSL 2005).

The Wadden Sea, however, does have a high resilience to counter local and moderate pertur-
bations from equilibriums due to the high mobility potential of the sediment. Sea level rise and 
enhanced meteorological forcing may continuously and increasingly challenge this resilience. Due 
to morphological diversity and a high spatial and temporal variability in sediment transport poten-
tial and hydrodynamic conditions, deviations from the dynamic equilibrium are hard to detect in an 
early stage and various and even opposing trends may be detected within close vicinity.

Eight years of monitoring in the northern Wadden Sea showed that the short-term changes in bed 
level due to temporal deposition and erosion exceeded annual net deposition by two orders of magnitude. 
Mudflat deposition dominated in spring, summer, and early autumn, whereas erosion dominated during 
the remaining period of the year. For the northern Wadden Sea, long-term sedimentation has kept pace 
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with sea level rise since the Holocene, and it is argued that the fine-grained tidal flats in this region are not 
seriously threatened by the expected sea level rise for the twenty-first century (Andersen et al. 2006).

For a nearby somewhat larger area, Dolch and Hass (2008) reported a steady increase in the 
proportion of sandy flats between the 1930s and the 2000s, whereas for the period 2003 to 2006 
increased mud deposition in the innermost part and mud removal from the outer parts were observed. 
These changes were attributed to an increase in sea level, hindering mud deposition in the exposed 
areas, and to a decrease in storm events since the mid-1990s reducing resuspension of accumulated 
mud in the more sheltered inner areas. In the western Dutch Wadden Sea, almost every intertidal flat 
(>2 to 4 km from the coast) turned more sandy between the 1950s and the 1990s, while tidal flats 
to the east remained unchanged or became more silty when positioned along mainland borders 
(Zwarts 2004). Overall, the basins in the western Wadden Sea have shown net accretion since the 
closure of Lake IJssel in 1932 (Dronkers 2005), probably as a result of a decreased tidal flow and a 
change in the tidal wave asymmetry. The erosion anomaly during 1978 to 1982 correlates with an 
interannual fluctuation in tidal amplitude and tidal asymmetry (Dronkers 2005).

These results serve to illustrate that local trends in response to hydrological changes cannot be 
generalized for a single basin let alone for the entire Wadden Sea. They also demonstrate the highly 
variable physicochemical conditions and biotic components characteristic of the system.

16.3.2  BIotIc factors

16.3.2.1  Primary Producers and Productivity
The primary production in the Wadden Sea is dominated by phytoplankton and microphytobenthos 
and, to a lesser extent, by macroalgae and seagrasses (Table 16.2). The literature values for benthic 
and pelagic primary production suggest that, on average, the contribution of microphytobenthos to 
the primary production is about as high as that of the phytoplankton. With increasing depth, how-
ever, the productivity by microphytobenthos, decreases most probably due to more limiting light 
conditions (Table 16.2). Locally, the production by seagrasses (Zostera noltii and Z. marina) can 
still be high, but the contribution to the overall productivity of the Wadden Sea is presently low as 
the result of their overall low abundance (e.g., Philippart et al. 1992; Philippart and Cadée 2000; 
van Beusekom et al. 2005). Unfortunately, the production data are too limited, too scattered, and too 
different in regard to methodological origin to identify different regions and habitats.

Over the last decades, a two- to threefold increase in phytoplankton and microphytobenthos 
primary production has been reported throughout the entire Wadden Sea (Cadée 1984; Cadée and 
Hegeman 1993; de Jonge et al. 1996; Asmus et al. 1998). Subsequent nutrient reduction appears to 
have been followed by a more gradual decrease in primary production of phytoplankton while its 
biomass remained more or less constant, which implies that the P:B ratio of the phytoplankton was 
not constant over time (Philippart et al. 2007b). At present, the annual summed pelagic and benthic 
production is estimated at ~300 g C m–2 for the western Dutch Wadden Sea. By applying present-day 
relationships between winter nutrient concentration, annual primary production, and annual organic 
matter turnover rates, carbon budgets have been extrapolated to preindustrial times. For preindus-
trial conditions, the annual primary production for the western Wadden Sea has been estimated at 
40 to 55 g C m–2 (Postma 1954; de Jonge 1990; van Beusekom 2005).

The phytoplankton community composition for the western Wadden Sea shifted between 1975 
and 1978, and between 1987 and 1988, presumably in response to nutrient enrichment and nutrient 
reduction, respectively (Philippart et al. 2000, 2007b). During the first shift, phytoplankton biomass 
and overall cell abundance increased for most groups, except for large flagellates. During the second 
shift, however, overall phytoplankton biomass did not change; (smaller) flagellates further increased 
whereas diatom concentrations declined (Philippart et al. 2007b).

Analysis of long-term field observations (1974 to 2007) on total phytoplankton biomass in the 
western Wadden Sea showed no long-term trends in the timing of the wax and wane of phytoplankton 
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tAble 16.2
overview of Incidental Primary Production (g c m–2 yr–1) data in Various 
regions of the wadden sea

region Period zone Production Additional Information source

Phytoplankton
SW 1960s Subtidal 152 Average depth = 12 m Postma and Rommets (1970)a

1960s Subtidal 93 Average depth = 4 m Postma and Rommets (1970)a

1970s Intertidal 20 Cadée and Hegeman (1974b)

1970s Subtidal 70 Average depth = 3 m Cadée and Hegeman (1974b)

1970s Subtidal 100 Cadée and Hegeman (1974a)

1970s Subtidal 120 Cadée and Hegeman (1974a)

1970s Subtidal 55 Cadée and Hegeman (1974a)

1970s Subtidal 13 Cadée and Hegeman (1974a)

1970s Subtidal 150 Cadée and Hegeman (2002)

1970s Subtidal 70 Inner parts Colijn (1983)

1970s Subtidal 91 Middle parts Colijn (1983)

1970s Subtidal 283 Outer parts Colijn (1983)

1980s Subtidal 350 Cadée and Hegeman (2002)

1980s Subtidal 303 Veldhuis et al. (1988)

1990s Subtidal 300 Cadée and Hegeman (2002)

C 1990s Subtidal 152 Tillman et al. (2000)

NW 1980s Intertidal 27 Arenicola-flat Asmus and Asmus (1985)

1980s Intertidal 90 Zostera noltii bed Asmus and Asmus (1985)

1990s Subtidal 160 Asmus et al. (1998)

2000s Subtidal 146 Basin-wide Loebl et al. (2007)

microphytobenthos
SW 1970s Intertidal 100 Balgzand and Vlieland Cadée and Hegeman (1974b)

1970s Intertidal 130 Texel Cadée (1980)

1970s Intertidal 50 Low (ca. 35% emersion) Colijn and de Jonge (1984)

1970s Intertidal 250 High (ca. 80% emersion) Colijn and de Jonge (1984)

1970s Intertidal 25 Amphipleura van den Hoek et al. (1979)

1970s Intertidal 80 van den Hoek et al. (1979)

1970s Subtidal 10 Average depth = 3m Cadée and Hegeman (1974b)

1970s Subtidal 0 Average depth = 20m Cadée and Hegeman (1974b)

NE 1960s Intertidal 430 van den Hoek et al. (1979)

1980s Intertidal 121 Arenicola-flat Asmus and Asmus (1985)

1980s Intertidal 152 Nereis-Corophium belt Asmus and Asmus (1985)

macroalgae
SW 1970s Intertidal 100 Enteromorpha, Ulva van den Hoek et al. (1979)

seagrasses
SW 1930s Subtidal 300 Zostera marina van den Hoek et al. (1979)

1950s Intertidal 14 Zostera marina/noltii van den Hoek et al. (1979)

1970s Intertidal 6 Zostera marina/noltii van den Hoek et al. (1979)

C 1930s Intertidal 175 Zostera noltii van den Hoek et al. (1979)

NE 1980s Intertidal 459 Zostera noltii Asmus and Asmus (1985)

Note: Abbreviations: SW = southwestern, C = central, NE = northeastern.
a Corrected data in Cadée and Hegeman (1974b).
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spring blooms. There is weak evidence, however, that the autumn bloom has decreased from the 
1970s to the 2000s. This fading of the autumn bloom may have had consequences for the carbon 
transfer to higher trophic levels, currently hampering primary consumer species that mostly rely on 
food supply during late summer (Philippart et al. 2010).

16.3.2.2  secondary Producers and Productivity
For the Wadden Sea, microzooplankton grazing pressure is lower than the average 40% of primary 
production as reported by Duarte and Cebrian (1996) for coastal environments. Microzooplankton 
grazing does not impact the diatom fraction during phytoplankton blooms in spring, but may have 
a large impact on blooms of Phaeocystis and during summer blooms, implying efficient mass and 
energy conservation for the pelagic food web (Riegman et al. 1993; Brussaard et al. 1995; Loebl 
and van Beusekom 2008). For the western Wadden Sea, the mean abundance of the herbivorous 
pelagic copepod Temora Iongicornis increased from ~0.5 individual dm–3 in 1973 to 1976 to ~1 
individual dm–3 in 1977 to 1983 to ~2.5 individuals dm–3 in 1990 to 1991 (Fransz et al. 1992). If not 
out-competing other pelagic grazers, this may have increased the flux of phytocarbon to primary 
consumers between the 1970s and the early 1990s. For the northeastern Wadden Sea, the herbivo-
rous Acartia sp. occurred earlier in the season particularly after 1987, and the share of carnivorous 
zooplankton (mainly due to a sudden increase in Obelia geniculata after 1997) to total zooplankton 
biomass increased between 1984 and 2005 (Martens and van Beusekom 2008).

On the scale of estuaries, Herman et al. (1999) showed that between 5% and 25% of the annual 
primary production is consumed by macrozoobenthos, mostly deposit-feeding bivalves, gastropods, 
and polychaetes (Beukema et al. 2002). Pathways of food depend, however, on the trophic state of 
the estuary; high organic enrichment appears to favor filter feeders, while deposit-feeding organ-
isms predominate in areas with a low supply of organic matter (Pearson and Rosenberg 1987). The 
macrozoobenthos community in the southwestern part of the Wadden Sea changed at the end of the 
1970s by an increase in biomass of deposit- and mixed-feeding benthos and by a change in species 
composition, and at the end of the 1980s, when only a shift in species composition was observed, 
while biomass remained more or less at the same level (Philippart et al. 2007b). With regard to over-
all filtering capacity, the increase in relatively slow filtering sandgapers (Mya arenaria) during the 
last decades could not compensate for the concurrent decrease in the filtering capacity of cockles 
and mussels. This decrease in bivalve filtering capacity on the tidal flats since the late 1980s sug-
gests that the top-down control of the filter-feeding bivalves on the phytoplankton was lower during 
the 1990s than during the 1980s (Philippart et al. 2007b).

Data on secondary production are scarce, and often restricted to a single species at a particular 
location. For cockles (Cerastoderma edule) living on a tidal flat near Spiekeroog Island, the second-
ary production amounted to 20 and 30 g C m–2 yr –1 at different stations along a tidal gradient in 
1994 to 1995 (Ramón 2003, using conversion factors in Salonen et al. 1976). At the Balgzand tidal 
flats, the 31-year mean (1973 to 2003) of annual net secondary production (spring/summer minus 
subsequent autumn/winter) of this species varied from 0 to 15 g C m–2 yr–1, with a 31-year average 
of 3.4 ± 0.6 g C m–2 yr–1 (Beukema and Dekker 2006). At the latter location and for the same study 
period, the among-cohort values of secondary production of Macoma balthica varied between less 
than 0.5 and more than 2.5 g C m–2 yr–1, and the observed variation could be attributed to year-to-
year variation in recruitment (van der Meer et al. 2001). Network analyses of the ecosystem of the 
Sylt-Rømø Bight, a semienclosed basin situated between the islands of Sylt (Germany) and Rømø 
(Denmark), resulted in an estimate for secondary production by zooplankton of 0.54 g C m–2 yr–1, 
by benthic grazing macrozoobenthos (snails) of 2.74 g C m–2 yr–1, and by suspension-feeding mac-
rozoobenthos (bivalves and polychaetes) of 24.26 g C m–2 yr –1 (Baird et al. 2008).

16.3.2.3  higher trophic levels
The Wadden Sea accommodates pelagic and benthic fish species that are (near) resident, or visit 
the area during a particular season, a particular phase of their life cycle, or during their migration 
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between the sea and the rivers (Zijlstra 1978). It is an important nursery area for sole (Solea solea), 
dab (Limanda limanda), and especially for plaice (Pleuronectes platessa) (Zijlstra 1972; van Beek 
et al. 1989; Bolle et al. 1994). The abundance of juvenile flatfish was relatively high in the 1970s but 
has declined to low levels since 1980 (Vorberg et al. 2005). For plaice, the decline in local densities 
is in line with a large-scale offshore shift of juveniles to deeper waters in the adjacent North Sea 
(Pastoors et al. 2000; Grift et al. 2004).

The estuarine birds of the Wadden Sea may be grouped into species consuming filter-feeding bivalves, 
deposit- or mixed-feeding macrozoobenthos, or other prey (Leopold et al. 2004). For the Dutch Wadden 
Sea, the numbers of birds (oystercatchers, herring gulls, and eiders) feeding on shellfish increased 
between the mid-1970s and the end of the 1980s to early 1990s and decreased thereafter, while the num-
bers of bird species that mainly feed on polychaetes exhibited an opposite trend (Leopold et al. 2004; 
van Roomen et al. 2005). These shifts in species composition of estuarine avifauna appear to have been 
limited to the Dutch Wadden Sea (van Roomen et al. 2005). Recent trend analysis for the international 
Wadden Sea showed that out of the 33 bird species examined, 8 species had an overall moderate to 
strong increase, 11 species a moderate to strong decrease, and the remaining 14 species a more or less 
stable abundance between the period 1987–1988 and 2003–2004 (Figure 6 in Blew et al. 2007).

At present, the Wadden Sea is inhabited by harbor seals (Phoca vitulina), gray seals (Halichoerus 
grypus), and harbor porpoises (Phocoena phocoena). On average, the number of both species of 
seals has gradually increased during the last decades. Harbor seals, however, were struck by the 
phocine distemper virus in 1988 and 2002 which resulted in an instant reduction of 60% and 47% 
of the population, respectively (Reijnders et al. 1997; Essink et al. 2005). After four centuries of 
absence, gray seals returned to the Wadden Sea in the 1980s, and the first pups were born in 1985 
(Reijnders et al. 1995). After two decades of absence, harbor porpoises returned to Dutch coastal 
waters, including the Wadden Sea, in the mid-1980s and their numbers have strongly increased 
(41% per year) since the mid-1990s, most probably the result of redistribution of these mammals in 
the North Sea (Camphuysen 2004).

16.4  mAJor hIstorIcAl drIVers

Throughout the history of Wadden Sea observations, several drivers have been identified that changed 
the functioning of the Wadden Sea ecosystem (Table 16.3). Some have acted for a restricted period 
of time and have been countered by effective measures and policies, whereas others continue to 
affect the functioning of the system. Most of the identified drivers, presented here in chronological 
order (cf. Wolff 2000), have been treated as isolated structuring factors. More likely, several drivers 
have been acting in concert which may have amplified or suppressed responses to individual drivers. 
The reduction in nutrient supply, for example, has not been followed by a decrease in productivity 
and biomass of phytoplankton. This lack of response may be due to concurrent ecosystem changes 
(e.g., lower stocks of filter-feeding bivalves) that prevent a restoration according to the original 
nutrient-primary production relationships (Figure 16.3).

Some of the observed changes for the Wadden Sea coincided with large-scale shifts in the North 
Sea (Weijerman et al. 2005) and the English Channel (Southward et al. 2005). Changes in weather 
conditions, temperature, and salinity preceded the shifts in 1979 and 1988. Since the hydrography 
of the Wadden Sea is intimately linked to the North Sea and the English Channel by coastal trans-
port, these simultaneous changes suggest a large-scale common driver, such as climatic conditions. 
However, at present we may only speculate on the causality of these simultaneous shifts.

In future years, warming, sea level rise, invasions of introduced species, and variations in nutrient 
supplies will be the most pressing factors affecting the changes in the Wadden Sea (Reise and van 
Beusekom 2008). Because climate change and weather variability are intertwined with all other major 
drivers (e.g., fluxes in nutrient loads and proliferation of invasive species) and will be the major drivers 
of the future, we will discuss climate change and its associated drivers below (see Section 16.5).
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tAble 16.3
overview of Indicators of major changes in ecosystem function in the western wadden sea and their Possible causes from the 1930s 
to the 2000s

year(s) observed Indicator

Possible structuring factors

referencesInfrastructure Pollutants nutrients fisheries diseases Invasions climate other

1930s

Continuation of decrease in 
salinity

√ van Aken (2008a)

1932 Increase in tidal amplitudes √ de Jonge et al. (1993)

1932 Increase (10%–25%) in 
current velocities 

√ Thijsse (1972); de Jonge 
and de Jong (2002)

Disappearance of subtidal 
seagrass beds

√ √ den Hartog (1987); Van 
der Heide et al. (2007)

Decrease in transparency √ van der Heide et al. 
(2007)

Coarsening of sediment of 
central parts

√ Zwarts (2004)

Sedimentation of silt near 
sheltered borders

√ Zwarts (2004)

1940s

Rapid accretion in parts of the 
western Wadden

√ Glim et al. (1987)

1960s

Decline of intertidal seagrass 
beds

√ den Hartog (1987); 
Philippart et al. (1992)

Disappearance of beds of 
European flat oysters

√ Postuma and Rauck 
(1978)

(continued on next page)
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tAble 16.3 (continued)
overview of Indicators of major changes in ecosystem function in the western wadden sea and their Possible causes from the 1930s 
to the 2000s

year(s) observed Indicator

Possible structuring factors

referencesInfrastructure Pollutants nutrients fisheries diseases Invasions climate other

Disappearance of bottle-
nosed dolphins

√ Verweij (1975)

Disappearance of harbor 
porpoises

√ √ Verweij (1975); 
Reijnders (1992); 
Camphuysen (2004)

Reduced pup production of 
harbor seals

√ Reijnders (1976, 1978, 
1980)

1970s

Mid-
1970s

Increase of herbivorous 
copepods

√ Fransz et al. (1992)

1977–78 Increase in phytoplankton 
biomass and production

√ Cadée and Hegeman 
(2002)

1977–78 Shift in phytoplankton species 
composition

√ Philippart et al. (2000, 
2007b)

1979 Maximum tidal exchange 
with adjacent North Sea

√ Dronkers (2005)

Late 
1970s

Increased biomass and 
production of 
microphytobenthos

√ Cadée (1984)

Late 
1970s

Introduction of American 
razor clams

Beukema and Dekker 
(1995)

Late 
1970s

Increase in biomass 
macrozoobenthos

√ Beukema et al. (2002)
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1980s

Further increase in 
herbivorous copepods

√ Fransz et al. (1992)

Habitat shift of cockles to 
higher tidal flats

√ √ Zwarts (2004)

Early 
1980s

Further decrease in 
transparency

√ de Jonge et al. (1993)

Early 
1980s

Decrease in juvenile flatfish 
numbers

√ √ √ Vorberg et al. (2005)

Early 
1980s

Return of gray seals √ Reijnders et al. (1995)

1983 Introduction and rapid 
increase of Pacific oysters

√ √ √ Dankers et al. (2004)

1985 Start of increase in water 
temperatures

√ van Aken (2008b)

1986 Return of harbor porpoises √ Camphuysen (2004)

1987–88 Minimum tidal exchange with 
adjacent North Sea

√ Dronkers (2005)

1987–88 Shift in phytoplankton species 
composition

√ √ Philippart et al. (2000, 
2007b)

1988 Mass mortality (60%) of 
harbor seals

√ Osterhaus and Vedder 
(1988)

Late 
1980s

Shift in species composition 
of macrozoobenthos

√ √ Philippart et al. (2007b)

Late 
1980s

Decrease in overall filtering 
capacity of 
macrozoobenthos

√ √ Philippart et al. (2007b)

(continued on next page)
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tAble 16.3 (continued)
overview of Indicators of major changes in ecosystem function in the western wadden sea and their Possible causes from the 1930s 
to the 2000s

year(s) observed Indicator

Possible structuring factors

referencesInfrastructure Pollutants nutrients fisheries diseases Invasions climate other

Continuation of habitat shift 
of cockles to higher tidal 
flats

√ √ Zwarts (2004)

Early 
1990s

Decrease in shellfish-eating 
birds

√ √ √ √ Leopold et al. (2004)

Early 
1990s

Increase in worm-eating birds √ √ √ √ Leopold et al. (2004)

1991–92 Decrease of intertidal beds of 
blue mussels

√ √ Beukema and Cadée 
(1996)

1991–92 Mortality shellfish-eating 
birds

√ √ Camphuysen et al. 
(1996, 2002); Ens et al. 
(2004)

1994 Start of strong increase of 
harbor porpoises

√ √ Camphuysen (2004)

1998 Maximum tidal exchange 
with adjacent North Sea

√ Dronkers (2005)

2000s

Disappearance of 
phytoplankton autumn 
blooms

√ √ √ Philippart et al. 
submitted

2002 Mass mortality (47%) of 
harbor seals

√ Härkönen et al. (2006)
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fIgure 16.3 Conceptual model of environmental changes in the Wadden Sea following nutrient enrich-
ment (eutrophication) and reduction (oligotrophication). From top to bottom: an increase in nutrient loads 
(“eutrophication”) causes a change in a trophic index (e.g., primary productivity) from a low to a higher value, 
i.e., moving from state 1 (low loads, low trophic index) to state 2 (high loads, high trophic index). During this 
period of eutrophication, however, other environmental conditions may alter as well as illustrated by the shift 
from dark gray bars to light gray bars. This may result in a shift from state 2 (high loads, high trophic index) 
to state 3 (similarly high loads, higher trophic index). Such a state change may be induced, for example by a 
decline in stocks of filter-feeding bivalves as the result of overexploitation or a decrease in turbidity due to 
lowered wind stress. Reduction of nutrient loads to historical levels is followed by a reduction in trophic index, 
i.e., from state 3 to state 4. Because the Wadden Sea environment now differs from the historical one, the 
relationship between loads and trophic index might also have been changed, preventing a relaxation to initial 
conditions (i.e., from state 4 to state 5).
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16.4.1  oVerexploItatIon

A historical inventory of extirpations of marine and estuarine species in the Dutch Wadden Sea 
revealed that the decline in at least 17 of the 42 species could be attributed to hunting and fish-
ing (Wolff 2000). Exploitation was too strong to be sustained for the European flat oyster, several 
large species of fish (e.g., thornback ray, sting ray, and sturgeon), a few species of coastal birds 
(e.g., Eider), and the gray seal (Wolff 2005a). In the northeastern Wadden Sea, comparisons of 
present species inventories with historical surveys in tidal channels suggest that a decline of nearly 
50% of all epifaunal species within the last hundred years may be attributed to fishery disturbances 
(Buhs and Reise 1997). Here, the sessile and slow-moving animals have declined, while fast-moving 
decapod crustaceans have persisted (Buhs and Reise 1997). Apart from the direct effects on stock 
and recruitment of biota, the frequent reworking of surficial sediments may affect the sediment 
granulometry, resulting in habitat destruction and a further decline in recruitment success (Piersma 
et al. 2001).

At present, the main fisheries in the Wadden Sea are those for brown shrimp (Crangon crangon), 
cockles (Cerastoderma edule), and blue mussels (Mytilus edulis). Shrimp fishing takes place mainly 
in the subtidal areas of all regions of the Wadden Sea (Essink et al. 2005). Cockle fishing is neither 
allowed in the German part nor in most of the Danish part of the Wadden Sea (de Vlas et al. 2005). 
In the Dutch part, mechanical cockle fishing was closed in 2006. Hand-raking of cockles is still 
allowed and presently intensifying. While commercial-sized mussels are fished in Danish waters, 
mussel fisheries are mostly restricted to mussel spat from wild natural beds in Dutch and German 
parts of the Wadden Sea. These juveniles are then dispersed on culture plots to grow to a market-
able size.

Shellfish fishing in Danish and Dutch waters was restricted after strong indications of overexploi-
tation. In both areas, a combination of overfishing and extreme winter conditions (a series of severe 
winters in Denmark and mild winters in the Netherlands) caused a strong reduction in intertidal 
mussel beds, unprecedented low bivalve stocks, and the emigration and mass mortality of shellfish-
eating birds in the 1980s in Denmark (Essink et al. 2005) and in the 1990s in the Netherlands 
(Beukema and Cadée 1996; Camphuysen et al. 1996, 2002; Ens et al. 2004).

The introduction of mussel culture started in the eastern Dutch Wadden Sea, following a deci-
mation of the cultured mussels in the estuarine southwestern part of the Netherlands in 1949 after 
a parasitic infection by the copepod Mytilicola intestinalis (Korringa 1968; Wolff 2005a). Some 
years later, these mussel plots were transferred to the western part of the system, when the parasite 
invaded the German and eastern part of the Dutch Wadden Sea as well. Concurrently, new beds were 
introduced in the western Wadden Sea (Havinga 1960) in order to compensate for the loss of mus-
sel cultivation plots due to the foreseen damming of all tidal inlets in the south of the Netherlands. 
Due to this concentration of mussel culture in the western Wadden Sea, Mytilus edulis is now one 
of the most abundant species in the subtidal area (Dekker 1987) and contributes substantially to the 
bivalve filtering potential of the western Dutch Wadden Sea (Philippart et al. 2007b). In addition, it 
may provide up to 20% of the food presently required by Eider ducks (Swennen 1991a).

16.4.2  HaBItat cHange and destructIon

The landscape of the Wadden Sea has been strongly modified through a long history of building 
dikes and polders, which has intensified over time (Wolff 1992, 2000; Lotze et al. 2005). In the 
Netherlands, two major dikes were built in 1919 and 1932, closing a large part of the southwest-
ern Wadden Sea in order to prevent flooding of coastal regions surrounding the Zuiderzee and to 
reclaim land for agriculture and living. After the enclosure of the “Zuiderzee,” this brackish inland 
sea turned into a freshwater lake, “IJsselmeer,” due to the freshwater discharge of the IJssel River 
(the northern branch of the Rhine River), and it was partly impoldered in later years. The rate of 
flow of Rhine water via the IJssel River to Lake IJssel was 200 to 350 m3 s–1 between 1933 and 
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1970. Since 1971, the minimum rate of flow has been 400 m3 s–1 (van Raaphorst and de Jonge 2004). 
In 1971, a series of three lock weirs in the Nederrijn River (a southern branch of the Rhine River) 
became operational, which resulted in an increase of the IJssel discharge to 17% of the Rhine rate 
of flow, and a subsequent reduction of the transport of Rhine water toward the Wadden Sea along 
the Dutch coast (van Aken 2008b). The closure of the Lauwerszee, a bay in the eastern part of the 
Dutch Wadden Sea, was completed in 1969.

Through this diking and draining, the risk of floods was reduced, but the large-scale changes 
in coastal configuration such as embankments, elimination of flood plains, exploitation of peat 
lands, a straight dike line, and the transformation of estuaries into shipping canals also enhanced 
tidal height and the risk of floods (Reise 2005). The effects of large infrastructural works on the 
Wadden Sea are highly diverse and range from a change in timing of freshwater and nutrient sup-
ply to limiting the dynamic equilibration of sediments between the interior and exterior domains 
of a barrier basin. For example, the closure of the Zuiderzee was followed by a decline in subtidal 
seagrass beds and its associated flora and fauna, most probably due to wasting disease (Wolff 2000). 
Its failure to reestablish, however, was most likely the result of changed hydrographic conditions in 
the southwestern Wadden Sea, most notably an increase in tidal amplitude (de Jonge et al. 1993). 
In the southeastern and the northeastern Wadden Sea, the disappearance of typical habitats, such 
as beds of native oysters (Ostrea edulis) and reef-building polychaetes (Sabellaria spinulosa), was 
probably caused by bottom-trawling activities (Reise 1982; Wolff 2000).

16.4.3  pollutIon

The rivers in the region are important sources of pollutants to the Wadden Sea, such as heavy met-
als, PCBs, pesticides, and xenobiotics. During the 1950s and 1960s, the concentrations of pollutants 
in marine organisms reached very high and even lethal levels in some cases (Koeman et al. 1969). 
In the Dutch Wadden Sea, the large decrease in the population size of harbor seals (Phoca vitulina) 
between the 1950s and the mid-1970s was attributed to elevated levels of contaminants (e.g., PCBs) 
that reduced reproduction rates (Reijnders 1980) and lowered immune responses (Brouwer et al. 
1989). In the early 1960s, the number of eiders in the largest colony in the Dutch Wadden Sea was 
reduced by 75% (Swennen 1991b). Sandwich terns were falling dead from the sky in some areas of 
the western Wadden Sea, and numerous other species all died (Koeman 1971). This mass mortality 
was the result of the discharge of pollutants (e.g., aldrin, endrin, and telodrin) by a pesticide factory 
near Rotterdam (Koeman 1971).

Pollutant-induced reduction of the population size of (top) predators may have had cascading effects 
on lower trophic levels, but indications for such impacts are not recorded. In general, the concentra-
tion of pollutants has been significantly reduced during the past decades with major reductions in the 
input and concentration of metals from the late 1980s until the early 1990s, but targets of background 
concentrations in sediment and organisms have not been reached for all pollutants and for all regions 
of the Wadden Sea. However, many newly developed xenobiotics, such as hormone disruptors, have a 
wide occurrence in the Wadden Sea and may affect its ecosystem (Bakker et al. 2005).

16.4.4  nutrIents

Long-term field observations on phytoplankton dynamics in the western Wadden Sea revealed a 
steep increase in biomass and production for both phytoplankton (Philippart et al. 2000; Cadée and 
Hegeman 2002) and microphytobenthos (Cadée 1984) in response to nutrient enrichment during 
the 1970s. A subsequent reduction in nutrient discharge did not result in a proportional decrease in 
phytoplankton primary production, although its biomass remained more or less constant (Philippart 
et al. 2007b). Regrettably, no recent information is available on microphytobenthos due to termina-
tion of this time series of observations in the early 1980s (Cadée 1984).
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Various indices for nutrient limitation suggest that phosphorus was the main regulator of primary 
production in the western part of the southern Wadden Sea for phytoplankton in general, while sili-
con limited diatom growth during the 1970s and early 1980s (Philippart et al. 2000, 2007b). In the 
1990s and early 2000s, limitation patterns were dominated by potential PO4

–3 and Si limitation in 
the southern Wadden Sea, whereas potential DIN limitation was observed in the northern Wadden 
Sea near the island of Sylt (Loebl et al. 2009). The latter area was characterized by optimum light 
conditions, due to a combination of shallow depth and low turbidity, allowing excessive phytoplank-
ton growth and a seasonal development.

When using nutrient concentrations as indices for their availability during the bloom, however, 
the relatively rapid and complete recycling of phosphorus compared to that of nitrogen is not taken 
into account. Although the results on relative nutrient concentrations indicated that phosphorus 
and silicon were most probably limiting phytoplankton growth in the Wadden Sea, it cannot be 
excluded that nitrogen inputs may still have driven primary productivity and algal species succes-
sion (Philippart et al. 2000, 2007b; Loebl et al. 2009).

In addition to riverine nutrient loads, primary production within the Wadden Sea is supported 
by nutrient supply and nutrient release from remineralized organic matter that originates from the 
North Sea (Postma 1961; Philippart et al. 2000; van Beusekom 2005). Elevated nutrient concentra-
tions have been observed over the years in the English Channel and the Straits of Dover between 
the 1950s and the late 1980s (Laane et al. 1993) and in coastal zones of the Southern Bight of the 
North Sea between 1930 and 1970 (De Galan et al. 2004). Concentrations appear to be decreasing 
for some nutrients as a result of the stringent measures taken by different North Sea states to reduce 
river loads to the North Sea (De Galan et al. 2004).

Among other factors, the magnitude of the exchange of matter between the North Sea and the 
Wadden Sea is determined by the tidal amplitude, which follows an 18.6-year cycle. This cyclicality, 
however, may be obscured by the dominant wind field and storminess (Matulla et al. 2008). During 
the study period, maximum values occurred in 1979 and 1998, and minimum values around 1987 to 
1988 (Dronkers 2005). Nutrient enrichment originating from the Rhine River, therefore, may have 
been strengthened by the relatively high supply of nutrient-rich organic matter from the North Sea 
in the mid-1970s, while nutrient reduction may resulted from the relatively low import of organic 
matter into the Wadden Sea at the end of the 1980s.

Since phosphorus and silicon were the least abundant (most limiting) nutrients at the start of the 
spring bloom, changes in their concentrations may have affected the species and size composition 
of the phytoplankton community and, not unlikely, also higher trophic levels. Due to the potential 
complexity of the relationships and a dearth of data on trophic fluxes, however, it cannot be deter-
mined conclusively if, and to what extent, nutrient enrichment and subsequent reduction contributed 
to some of the coinciding changes in microalgae, macrozoobenthos, and birds within the Wadden 
Sea ecosystem (Philippart et al. 2007b).

16.4.5  InVasIVe specIes

In historical times, new species of plants and animals were introduced to the Wadden Sea via 
shipping and aquaculture. At least 52 nonindigenous species are now established in the Wadden 
Sea (Reise et al. 1999; Wolff 1999, 2005b). The soft sediment bivalve Mya arenaria, for example, 
was introduced 400 to 700 years ago (Reise et al. 1999; Strasser 1999) and is presently one of 
the most important producers of benthic biomass and calcimass in the Wadden Sea (Beukema 
1982, 1992).

A few species appeared to strongly affect habitat properties and native biota (Wolff 2005b; van der 
Weijden et al. 2007). For example, the suspension-feeding potential in the coastal system has been 
strengthened by the invasion of the American razor clam (Ensis americanus), the American slipper 
limpet (Crepidula fornicata), and the Pacific oyster (Crassostrea gigas) (Armonies and Reise 1998; 
Reise 2008). As yet, there is no evidence that introduced species have caused the extinction of native 
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species in the Wadden Sea (Wolff 2000, 2005b). A successful invader, such as the Pacific oyster, is a 
better competitor for food than are many of the native fauna. However, it is less edible for shellfish-
eating crustaceans and birds than native filter-feeders. Moreover, it builds solid calcareous reefs 
which increase local sedimentation and biodiversity (Cadée 2007; Kochmann et al. 2008) and, given 
sufficient time, may induce ecosystem changes with an unpredictable future for native species.

A recent conspicuous invader is the gelatinous zooplankter Mnemiopsis leidyi, which has been 
expanding its geographic distribution to northern European waters since 2006, including the 
Wadden Sea (Faasse and Bayha 2006; Hansson 2006; Boersma et al. 2007). This invader has caused 
serious biotic problems in the Black and Caspian Seas, where its introduction was followed by a 
drastic reduction in the zooplankton mass and in a collapse of the fishing industries within 10 years 
(Shiganova et al. 2004; Daskalov and Mamedov 2007). Most probably, however, overfishing of the 
anchovy stock, together with climate-induced changes in the food web, enabled this invasive cteno-
phore to greatly increase in abundance (Bilio and Niermann 2004). As the result of its excessive 
food consumption rates, large reproductive capacity, and broad ecophysiological plasticity, this spe-
cies has the potential to markedly proliferate in northern European waters, affecting coastal food 
webs such as those of the Wadden Sea (Postel and Kube 2008).

16.5  clImAte chAnge effects on ecosystem functIon

The Northern Hemisphere has been warmer since 1980 than for any period during the last 2000 
years. Climate models predict an increase for global mean air temperature of 1°C up to 6°C by 
the year 2100 relative to 1990 (IPCC 2007). In Europe, the average temperature increase will 
probably be slightly faster than the world average. Based on the most recent results from climate 
research, KNMI (Royal Netherlands Meteorological Institute) has developed four climate scenarios 
for the Netherlands (http://www.knmi.nl/climatescenarios/knmi06/) (see Table 16.4). Although the 
rate of change varies among these scenarios, a number of key characteristics of climate change in 
the Netherlands and bordering areas are envisioned: (1) increasing temperature levels, (2) increasing 
frequency of mild winters and hot summers, (3) increasing precipitation during winter, and 
(4) increasing sea level rise.

The following consequences of the aforementioned climate changes may occur in the Wadden Sea:

With increasing temperature, the kinematic viscosity of water decreases. As a result, the •	
mobility potential of noncohesive sediments decreases, whereas the particle settling veloc-
ities increase (Krögel and Flemming 1998). The overall effect would be a reduced resus-
pension of sediments and a faster clearance due to sediment settling, and thus a tendency 
toward lower water column turbidities. This may enhance pelagic and benthic primary 
production in systems that are light limited such as the southern Wadden Sea. Moreover, 
an increase in stability of the benthic habitat may result in a higher benthic biomass and 
production. The response of organisms and the ecosystem as a whole may not only depend 
on these absolute shifts in temperature, but also on the phasing of the new temperature 
regimen (tidally, daily, and seasonally) with other key variables as well.
Enzymatic process rates, like respiration, on average increase by a factor of 2 to 3 with a •	
rise in temperature of 10°C (Eppley 1972). Photosynthesis, however, is temperature sensi-
tive only at light saturating conditions when the carboxylation rate is limited by RuBisCO 
activity (Crafts-Brandner and Salvucci 2000). At nonsaturating conditions, photosynthesis 
is far less sensitive to changes in temperature. Therefore, the predicted increase in temper-
ature may reduce the overall growth yield and fitness of individual phototrophic species. 
As a consequence, the species composition of the phototrophic community may change.
On the level of higher organisms, the demand for oxygen may exceed the capacity of oxy-•	
gen supply to tissues at elevated temperatures, restricting whole-animal tolerance to ther-
mal extremes (Portner and Knust 2007; Beukema et al. 2009). Mismatches in metabolic 
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balances, food availability, and relationships between predators and prey affect mortality 
and reproduction rates, and have resulted in shifts from Arctic to Atlantic species in the 
more northern seas and from temperate to more subtropical species in southern waters 
(Philippart et al. 2007a). With increasing temperature, more shifts and the establishment 
of new trophic relationships are to be expected.
On an ecosystem level, the differential effect of temperature increase on photosynthesis •	
(i.e., very limited effects at nonsaturating light conditions; Crafts-Brandner and Salvucci 
2000) and respiration (i.e., an average increase by a factor of 2 to 3 with a rise in tempera-
ture of 10°C; Eppley 1972) may also result in a more heterotrophic system with a concomi-
tant reduction in net productivity and coinciding reductions in carrying capacity for higher 
trophic levels.
Microphytobenthos can decrease the erodibility of sediment by producing extracellular •	
polysaccharides that bind the sediment (Kromkamp et al. 2006). Warming is expected to 
result in a high peak diatom density because of the lower grazing by deposit feeders such 
as Macoma balthica, but low summer values of microphytobenthos biomass due to desic-
cation associated with high summer temperatures (Wood and Widdows 2003). Such cir-
cumstances may lead to reduced intertidal erosion and accelerated deposition of sediment 
advected from offshore (Wood and Widdows 2003).
The combination of a decrease in oxygen solubility and an increase in sulfate reduction •	
rate with increasing temperature may promote low redox conditions or even the formation 

tAble 16.4
climate change in the netherlands around 2100 compared to the baseline year 
1990, According to the four knmI’06 climate scenarios

1990–2100 moderate moderate+ warm warm+

Global temperature rise +2°C +2°C +4°C +4°C

Change in air circulation patterns No Yes No Yes

winter
Average temperature +1.8°C +2.3°C +3.6°C +4.6°C

Coldest winter day per year +2.1°C +2.9°C +4.2°C +5.8°C

Average precipitation amount +7% +14% +14% +28%

Number of wet days (≥0.1 mm) 0% +2% 0% +4%

10-day precipitation sum exceeded once in 10 years +8% +12% +16% +24%

Maximum average daily wind speed/year –1% +4% –2% +8%

summer
Average temperature +1.7°C +2.8°C +3.4°C +5.6°C

Warmest summer day per year +2.1°C +3.8°C +4.2°C +7.6°C

Average precipitation amount +6% –19% +12% –38%

Number of wet days (≥0.1 mm) –3% –19% –6% –38%

Daily precipitation sum exceeded once in 10 years +27% +10% +54% +20%

Potential evaporation +7% +15% +14% +30%

sea level
Absolute increase 35–60 cm 35–60 cm 40–85 cm 40–85 cm

Note: The climate in the baseline year 1990 is described with data from the period 1976 to 2005. The seasons 
are defined as follows: winter stands for December, January, and February, and summer stands for June, 
July, and August. (http://www.knmi.nl/climatescenarios/knmi06/)



The Wadden Sea 421

of sulfureta in sediments. This transition may induce major shifts in the geochemistry of 
sediments (e.g., the mobilization of metals and phosphate, formation of metal-sulfide pre-
cipitates, and a reduction in phosphorus adsorption capacity, suppression of nitrification 
and subsequent denitrification).
A moderate downshift in redox conditions may force bivalves, such as •	 Macoma balthica, 
to aggregate and reduce their burial depth, rendering them more vulnerable to resuspen-
sion and predation by crabs and birds (Epping et al. in preparation). Severe downshifts 
in redox conditions, as may occur in sheltered areas, may lead to complete surfacing of 
infauna and mass mortality of benthos. However, the high rates of water renewal for many 
basins reduce this risk and prevent the development of water column anoxia.
For the Wadden Sea, an increased frequency of mild winters will favor macrobenthic spe-•	
cies that are sensitive to cold winters, and result in greater weight loss in all bivalves during 
the winter and low reproductive success in the subsequent summer for various important 
(bivalve) species (e.g., Mya arenaria, Mytilus edulis, and Cerastoderma edule) (Beukema 
2002; Beukema et al. 2009), possibly as a consequence of enhanced predation on bivalve 
spat by juvenile shrimps (Beukema 1992; Philippart et al. 2003). The reproductive success 
of warm-water species, such as Crassostrea gigas, may be favored by higher temperatures 
in (late) summer (Diederich et al. 2005).
An increase in river runoff and subsequent lowering in salinity may lead to shifts from •	
marine to more brackish species such as a shift within macrophytes from seagrasses 
(Zostera noltii) to widgeon grass (Ruppia maritima) (van Katwijk et al. 2005) and a shift 
within polychaetes from lugworms (Arenicola marina) to nereid polychaetes (Nereis diver-
sicolor and N. virens) (Zipperle and Reise 2005).
Rising sea level not only inundates low-lying coastal regions but also contributes to the •	
redistribution of sediment along sandy coasts. Long-term beach erosion may increase due 
to accelerated sea level rise (SLR) and may eventually lead to the deterioration of bar-
rier chains such as the Wadden Sea (Fitzgerald et al. 2008). Plans for the development of 
typical coastal features such as washovers to restore the historical transport of sand from 
the open sea to the lee sides of the islands are presently under discussion (Hillen and 
Roelse 1995). If SLR is not compensated by sedimentation, tidal exchange through inlets 
increases, which leads to sand sequestration in tidal deltas and (further) erosion of adjacent 
barrier shorelines.
Higher annual river runoff will inevitably result in proportionally higher TN and •	
TP outputs from Lake IJssel to the Wadden Sea, thereby counteracting ongoing de-
eutrophication measures and stimulating coastal eutrophication (van Raaphorst and 
de Jonge 2004). Secondly, it may increase the input of suspended matter from the Rhine 
River, which comprised 10% to 20% of the total supply during the past decades. A reduc-
tion in the transparency of the Wadden Sea may affect the absolute and relative production 
by phytoplankton and microphytobenthos.
A change from a rather constant to a strongly pulsed supply of riverine nutrients may •	
drastically change the microalgal competition for nutrients and favor large phytoplankton 
species (Stolte and Riegman 1995; Roelke et al. 2003). Because of their larger storage 
capacity, these species are better competitors under high and fluctuating nutrient regimes 
than are smaller algae (Sommer 1984; Stolte et al. 1994; Grover 1997). Reduced grazing 
pressures and enhanced rates of sedimentation may result in enhanced carbon and energy 
flux to benthic communities (Thingstad and Sakshaug 1990; Riegman et al. 1993).
Earlier seasonal onset of zooplankton grazing due to increased spring temperatures •	
(Wiltshire and Manly 2004) may restrain the peak in microalgal biomass during the spring 
phytoplankton bloom and promote regenerative production by flagellates at the expense 
of diatoms.
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Changes in the balance between production by phytoplankton and microphytobenthos may •	
affect the cycling of energy and matter (e.g., via pelagic zooplankton vs. filter-feeding 
macrozoobenthos), the food availability for macrozoobenthos (e.g., filter-feeding bivalves 
vs. deposit-feeding polychaetes), and the fate of energy and matter (e.g., export through 
pelagic communities vs. local retention in benthic communities).
Changes in standing stocks of filter-feeding bivalves may affect algal stocks due to changes •	
in grazing pressure, affect growth of other benthic species due to reduced or enhanced 
competition for food, and change the food availability for shell-fish eating fish and birds 
(Beukema 2002; Cadée 2008).
Changes in reef-building bivalves (such as •	 Mytilus edulis and Crassostrea gigas) will 
affect the balance between erosion and sedimentation and, as the result of supplying spe-
cific habitats for marine flora and fauna, the local biodiversity (Cadée 2007).
Changes in macrozoobenthos communities will change the effects of this fauna on the •	
sediment (e.g., by means of stabilization, destabilization, and bioturbation), subsequently 
affecting bio-irrigation of oxygen and nutrients, survival of resting stages of planktonic 
organisms such as copepods, diatoms, and dinoflagellates, and the burial rates of “solid 
particles” such as clay, organic matter, eggs, and shells (Reise 2002; Widdows and Brinsley 
2002; Meysman et al. 2006).

In conclusion, warming may stress the present structure and function of the food web and may 
result in a cascade of yet unknown effects, in particular when interacting with other stressors 
such as invasions of introduced species, changes in nutrient supply, and sea level rise (Reise and 
van Beusekom 2008). Extreme scenarios involve major changes in the present balance between 
surface of tidal and subtidal areas, autrotrophy and heterotrophy, pelagic and benthic production, 
and import and export of energy and matter (Figure 16.4). These shifts may change present-day 
ecosystem functioning and have consequences for possibilities and limits of sustainable use and for 
the protection of natural ecosystems and their services. Resilience (i.e., the ability of ecosystems 
to absorb recurrent disturbances) may be achieved locally by limiting destructive human activities 
(e.g., overexploitation and pollution) and thereby reducing the likelihood of undesirable phase shifts. 
Such a resilience-based approach represents a fundamental change of focus, from reactive to proac-
tive management, aimed at sustaining the socioeconomic and ecological values of marine systems 
in an increasingly uncertain world (Hughes et al. 2007).

16.6  future reseArch

Coastal waters are most vulnerable due to past and current activities and changes in climate settings. A 
Dutch, trilateral, and European-integrated coastal monitoring network is needed to keep close track of 
variations and trends in the coastal environment, as well as to examine the effects of human activities.

National and European policies tend to focus on state variables (such as nutrient concentrations 
and phytoplankton biomass), which may signal environmental changes, but are of limited use for 
identifying the causes of change (Philippart et al. 2007a). Thus, there is a need to extend conven-
tional monitoring programs and assessment of key processes. Since ecosystem functioning often 
comes down to species and their interactions, we should encourage the detailed work of monitoring 
marine organisms to species level, including their larval and post-larval stages (early warning sys-
tem approach). In order to project the consequences of environmental changes for biodiversity, we 
have to assess the plasticity of (key) species to environmental conditions.

This knowledge should be integrated in mechanistic ecosystem models as a tool for support-
ing the management of human activities in the marine environment (e.g., examining scenarios of 
nutrient reduction, protected areas, and exploitation of marine resources). Effort should focus on 
ensuring that the level of detail (complexity) of the models matches what can and will be measured, 
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including species-specific data. The latter will enable appropriate parameter values to be obtained 
and ensure that the models are realistic and not unnecessarily complicated.

As a summary of strategic research topics to adequately understand and project the consequences 
of climate change for biodiversity and ecosystem functioning of the sea, we need to (1) extend 
and further integrate our coastal long-term field observations, (2) extend our knowledge of sen-
sitivities and adaptation capabilities of key species in the marine environment, and (3) optimize 
hydrodynamic-ecological models and end-to-end food web models to predict and evaluate responses 
of our coastal areas to managerial activities. More explicitly, we advocate including meas urements 
of process rates to present monitoring efforts on state variables at several specific locations, reflect-
ing the various habitats and large-scale variation throughout the Wadden Sea. These locations are 

fIgure 16.4 Extreme scenarios of warming when interacting with other stressors such as invasions of 
introduced species, changes in nutrient supplies, and sea level rise. Top panel: Increase in grazing pressure on 
phytoplankton due to increase of herbivorous zooplankton and filter-feeding bivalves such as Pacific oysters 
suppressed coastal phytoplankton blooms, resulting in clear water and facilitating birds that prey on fish. 
Reduction of deposit-feeding bivalves such as the Baltic telling results in proliferation of microphytobenthos, 
reducing the resuspension of sediment and therefore enhancing the clarity of the water. Improved light condi-
tions stimulate growth of seagrasses. Due to full compensation of sea level rise by sedimentation, the tidal flats 
and the associated flora and fauna (including waders such as Oystercatchers) remain in the area. Bottom panel: 
Because sedimentation cannot keep pace with sea level rise, the tidal flats drown and the associated flora and 
fauna is lost. Only flora and fauna that can live in permanently flooded areas (such as eiders) remain. Increased 
abundances of juvenile shrimp and crabs prey heavily upon young bivalves, reducing stocks of filter-feeding 
bivalves. Reduced grazing pressure promotes phytoplankton blooms, and subsequently reduces light and nutri-
ent availability for microphytobenthos. Loss of stabilizing microphytobenthos and an increase in frequencies 
of storms promote resuspension of sediment, resulting in more turbid waters. Invasive jellyfish prey on fish 
larvae and subsequently reduce the food availability for fish-eating birds. (See text for references.)
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to be designated as Long-Term Ecological Research sites, and studied coherently, not only for moni-
toring, but also as focus points for experiments and for teaching and learning about the ongoing 
changes in ecosystem function and the factors that are underlying these changes.
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AbstrAct

The warm temperate Patos Lagoon Estuary receives waters from a 200,000 km2 watershed shared 
by southern Brazil and northeastern Uruguay. The exchange of water with the Atlantic Ocean 
occurs through an 800-m-wide inlet, flanked by two 4-km-long jetties, at the southernmost part of 
the lagoon near the city of Rio Grande (32°S). The estuary is a river-dominated system. Peaks of 
river discharge are associated with El Niño episodes (negative El Niño Southern Oscillation; ENSO 
Index), when rainfall significantly increases in the region. Low discharge periods occur during 
La Niña when drought conditions are observed. These phenomena have direct influence on salinity 
variations in the estuary, with low values recorded during El Niño years (1994–1995, 1997–1998, 
and 2002–2003) and high saltwater intrusion during La Niña years (1988–1989 and 1999–2000). 
Changes in estuarine water and sediment dynamics as well as physicochemical water characteris-
tics induce significant biological changes and ecological responses. For instance, phyto plank ton 
growth and biomass accumulation in the estuary are closely related to rainfall and freshwater dis-
charge. When rainfall exceeds 1500 mm year–1, which is typical of El Niño years, phyto plank ton 
biomass decreases mainly due to high freshwater runoff that flushes the phyto plank ton biomass out 
of the estuary. However, low chlorophyll concentrations are also observed following La Niña peri-
ods when high ammonium concentration and long water residence occur. High rainfall drastically 
reduces the amount of Ruppia maritima on the lagoon floor due to increased erosion of margins 
and reduced bottom light caused by high water levels. Macrozoobenthic abundance in the estuary 
is also affected by El Niño, since recruitment gaps of species like the tanaidacean Kalliapseudes 
schubartii and the bivalve Erodona mactroides are observed. Similarly, high freshwater discharge 
during El Niño years decreases recruitment of resident and estuarine dependent fish, although spe-
cies richness increases due to the greater number of freshwater or marine species during El Niño 
or La Niña conditions, respectively. ENSO effects on rainfall and on hydrodynamics in the Patos 
Lagoon Estuary cause significant variation in commercial fisheries. Changes in catch of the mullet 
Mugil platanus and the pink shrimp Farfantepenaeus paulensis have an important economic and 
social impact on the region. It is clear that species composition, abundance, and biomass of micro-
algae, fish, and macrobenthic flora and fauna strongly respond to ENSO events. Dredging activities 
and fisheries seem to interact synergistically with ENSO events, affecting the ecology of the highly 
dynamic Patos Lagoon Estuary. Moreover, freshwater discharge to the Atlantic Ocean has an over-
riding influence on ecological processes in the adjacent coastal ocean region.

Key Words: Southwest Atlantic Ocean, El Niño Southern Oscillation, human influence, phyto-
plank ton, macrozoobenthos, macroalgae, seaweed, fish

17.1  hIstory of the PAtos–mIrIm lAgoon system

17.1.1  geologIcal eVolutIon

The warm temperate Patos Lagoon Estuary is part of the Patos–Mirim lagoon system, which 
receives waters from a 200,000 km2 watershed (Seeliger 2001) shared between southern Brazil 
and northeastern Uruguay (Figure 17.1). The geological evolution of this system is marked by 
successive transgression-regression cycles (Calliari 1997; Seeliger et al. 2004). Early environmen-
tal, biological, and paleontological observations recognized the importance of sea level changes 
in shaping this region (von Ihering 1885). During the early Pleistocene (400,000 BP) when the 
Atlantic Ocean extended over the coastal plain, coastal waves and longshore currents progres-
sively deposited sand bars that gradually formed the large water bodies of the Mirim and the 
Patos lagoons (120,000 BP). During the following glacial period (17,000 BP), the sea retreated to 
~120 m below the present sea level. The two lagoons dried out and the shoreline extended about 
70 km seaward. The Holocene marine transgression (5,500 BP) raised sea level 3 to 5 m above the 
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present level, and subsequent regressions deposited external sand bars composed of beach ridges 
and dunes that shape the actual landscape. About 1000 years ago, the inlet connecting the Mirim 
Lagoon (3749 km2) to the Atlantic Ocean closed, after which fresh water drained exclusively 
through a narrow channel (i.e., São Gonçalo; 75 km long, 250 m wide) into the Patos Lagoon 
(10,360 km2).

A dam was constructed in 1977 to impede the penetration of seawater from the Patos Lagoon, 
thus rendering Mirim Lagoon waters available for agricultural irrigation (Seeliger and Costa 1997; 
Burns et al. 2006). The larger part of the Patos Lagoon is predominantly fresh to oligohaline (Möller 
et al. 1996; Odebrecht et al. 2005), and the exchange of water with the Atlantic Ocean is restricted to 
a 0.8 km-wide and 15 m-deep inlet, bounded by 4 km-long jetties that were constructed to stabilize 
the inlet at the beginning of the twentieth century near the city of Rio Grande (32°S).

17.1.2  natural protectIon areas

To partially compensate for natural losses and to reduce environmental conflicts national protec-
tion areas were established in wetlands surrounding the Patos–Mirim lagoon system, namely the 
National Park Lagoa do Peixe (1980) and the Ecological Station Taim (1986) in Brazil and the 
World Biosphere Reserve Bañados del Este (1976) and RAMSAR area for migrating birds (1984) 
in Uruguay. Both, the Taim wetlands and the Patos Lagoon Estuary became sites (1999) of the 
Brazilian Long-Term Ecological Research Program (BRLTER) and the International Long-Term 
Ecological Research (ILTER), which aim to identify the main natural and anthropic impacts on 
each system (Seeliger et al. 2002). This chapter focuses on the temporal and spatial variations of 
biota in the Patos Lagoon Estuary (1979 to 2008) and evaluates biotic responses to environmental 
factors including natural phenomena and human influences.
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fIgure 17.1 Geographical location showing the watershed and main tributaries of the Patos–Mirim lagoons 
in the Southwest Atlantic Ocean. Sampling areas in the zoom of the Patos Lagoon Estuary are indicated as the 
Principal Site (PS), Mangueira Bay (MB), the main channel (C), and additional site (AS).
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17.2  the mIcrotIdAl PAtos lAgoon estuAry

17.2.1  water excHange, salInIty, and temperature

The main freshwater sources of the Patos Lagoon are the Jacuí, Taquari, and Camaquã rivers and 
the São Gonçalo channel, which connects the Mirim and Patos lagoons (Figure 17.1). Rainfall 
in southern Brazil ranges from 3 to 500 mm per month (total annual mean 1200 to 1500 mm) 
(Figure 17.2). The highest values are related to El Niño periods of the El Niño Southern Oscillation 
(ENSO) phenomenon, while drought periods coincide with La Niña events (Grimm et al. 1998). 
The Patos Lagoon is a river-dominated system (Möller et al. 1996, 2001) with a significant relation-
ship between total rainfall in the hydrographic basin and annual river discharge (mean 2400 m³ s–¹) 
(Figure 17.2). Peak river discharge as high as 12,000 m³ s–¹ occurs during El Niño, and low river 
discharge (500 m³ s–¹) is associated with La Niña years (Vaz et al. 2006; Möller et al. 2009).

As is typical of choked lagoons (sensu Kjerfve 1986), water exchange with the coastal ocean is 
controlled by wind forcing and freshwater discharge (Abreu and Castello 1997; Möller et al. 1996, 
2001). Winds are predominantly northeast, although in autumn and winter southwest winds are 
more frequent (Möller et al. 2001, 2009). In general, northeast and southwest winds generate a pres-
sure gradient between lagoon and nearby coastal waters, forcing water outflow and inflow, respec-
tively. During flood periods, the lagoon remains fresh for months since only very strong southwest 
winds tend to reverse outflow (Moller et al. 2001; Fernandes et al. 2002). The distance (250 km) 
between the rivers with large freshwater input and the mouth of the lagoon delays the influence of 
fresh water in the estuary by about 20 days (Niencheski and Windom 1994). In contrast, a water 
deficit in summer/autumn facilitates seawater penetration northward into the lagoon. When the 
southern reaches of the lagoon are marine and the large central lagoon body becomes oligohaline, 
salinity gradients may exceed 150 km (Möller et al. 1996; Odebrecht et al. 2005).
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annual rainfall in the hydrographic basin and water flow from river discharge (lower panel).



The Patos Lagoon Estuary, Southern Brazil 437

Water temperature variations are typical of warm-temperate systems, with lowest temperatures 
(10°C to 15ºC) during the austral winter (July) and highest temperatures from January to March 
(22°C to 30ºC) (Figure 17.3). Owing to winds, significant salinity oscillations occur on an hourly 
or daily scale (Fujita and Odebrecht 2007; Abreu et al. 2009). Despite the short-scale variability, 
seasonal salinity patterns occur in the shallow estuary (1986 to 2008), with brackish to euryhaline 
water tending to be more frequent in summer/autumn (January to June) and fresh to oligohaline 
conditions prevailing in winter/spring (July to October) (Figure 17.3). Seasonal patterns are related 
to the annual balance between rainfall and evaporation in the lagoon and to the horizontal advection 
of seawater inflow caused by winds. Interannual estuarine salinity variability, with high salinities 
in 1988–1989 and 1999–2000 and low values in 1997–1998 and 2001–2003, coincided with drought 
during La Niña periods and El Niño events following high discharge (~5000 m–2 s–1; Möller et al. 
2009) of tributaries in 2001.

17.2.2  dIssolVed InorganIc nutrIents

Fluvial nutrients entering the upper lagoon decline significantly in concentration before reaching 
the estuary as a result of phyto plank ton uptake (Niencheski and Windom 1994; Odebrecht et al. 
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2005). The long-term (1986 to 2008) oligotrophication trend of dissolved inorganic silicate, ammo-
nium, and phosphate in the water column (Figure 17.4) may result from eutrophication of the north-
ern lagoon, where phyto plank ton biomass increases (Odebrecht et al. 2005; Abreu et al. 2009), 
and phyto plank ton uptake acts as a biofilter that removes excess nutrients from the water column. 
Freshwater discharge, local sewage input, and phyto plank ton uptake also result in significant tem-
poral variation of dissolved inorganic nutrients in the estuary, though seasonal patterns are less 
evident than for salinity and temperature. Nevertheless, concentrations of nitrate + nitrite (~0.1 to 
40 µM; median 2.4 µM) and silicate (3.0 to 163.2 µM; median 35.0 µM) are slightly higher in spring, 
due to greater freshwater flow into the estuary. The random annual variation of dissolved inorganic 
phosphate (n.d. to 8.7 µM; median 0.8 µM) and ammonium (~0.1 to 40 µM; median 4.7 µM) is 
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related to complex biogeochemical processes, diverse anthropogenic inputs, and sediment interac-
tions (Niencheski and Baumgarten 1997).

17.2.3  estuarIne HaBItats, BIologIcal components, and processes

The funnel-shaped southern reaches of the Patos Lagoon represent ~10% (971 km2) of the total 
lagoon area (Figure 17.1) and comprise the estuary proper (Asmus 1997). Both the geographic 
location near an amphidromic point and the long and narrow inlet attenuate the advance of tidal 
waves (mean tidal amplitude 0.47 m). The estuarine zone of Patos Lagoon is predominantly shal-
low (80% < 1.5 m) consisting of embayments (<1.5 m), open waters (1.5 to 5 m) and channels 
(>6 m). Unvegetated subtidal soft bottoms (300 km2), seagrass beds (120 km2), marginal marshes 
(40 km2), and artificial hard substrates (0.18 km2) are the main habitats for marine invertebrates and 
fish species (Seeliger 2001). Estuarine shoals are important nursery habitat for commercially and 
recreationally important fish and shrimp species (Chao et al. 1982, 1986; D’Incao 1991; Muelbert 
and Weiss 1991; Vieira and Castello 1997), and the development of these organisms in the estuary 
is vital for the maintenance of regional and local fisheries. In recent years, marine shrimp and fish 
aquaculture operations have been established along the estuarine margins (Cavalli et al. 2008).

17.2.3.1  Primary Producers
Microalgae are influenced by both horizontal water exchange and vertical interactions between 
sediments and the overlying water column. During periods of increased fluvial discharge and influx 
of seawater, respectively, freshwater and marine species of diatoms, cyanobacteria, chlorophytes, 
dinoflagellates, and other flagellates are observed in the water column. Periods of fresh or oligoha-
line water favor growth of planktonic coccoid and filamentous cyanobacteria, including toxic spe-
cies of Microcystis (Yunes et al. 1998; Rosa et al. 2005). In estuarine shoals where wind action leads 
to the suspension of diatoms (Surirella spp., Bacillaria paxillifer, and Cylindrotheca closterium), 
the benthic micro algae biomass is three times higher than the phyto plank ton biomass (Bergesch 
et al. 1995). In the channels, micro algae growth is generally light limited (Odebrecht et al. 2005) 
and has lower biomass and primary production rates than in the shoals. Nano- and picoplankton are 
the main contributors when chlorophyll a concentrations are ≤5 µg L–1. Chlorophyll a concentrations 
increase in spring (10 to 70 µg L–1), and high values occur in the estuary until summer (Figure 17.3), 
principally due to the growth of coastal euryhaline microplankton diatoms (Fujita and Odebrecht 
2007). In summer, phyto plank ton biomass appears to be controlled by nutrient concentrations and 
grazing pressure as indicated by the high abundance of secondary producers (Abreu et al. 1994a; 
Bemvenuti 1997a, 1997b; Montú et al. 1997).

In general, phyto plank ton primary production (PPP) rates relate to incident irradiance and water 
temperature, while high seston loads and low nitrate concentrations appear to limit photosynthetic 

activity. Particulate PPP varies between 0.7 and 90.6 mg C m–3 h–1, and dissolved organic carbon 
(DOC; 0.1 and 89.3 mg C m–3 h–1) released by phyto plank ton may reach 50% of the total PPP, 
though the annual mean DOC generated represents 22% of total (particulate + dissolved) carbon 
uptake. In general, high rates of absolute DOC excretion are positively related to particulate car-
bon production, as well as to high salinity and light in the water column, correlated with coastal 
phyto plank ton species occurring in the estuary after the input of less turbid salt water in the system 
(Abreu et al. 1994b).

Shoals in the Patos Lagoon Estuary serve as suitable habitats for the settlement and develop-
ment of seagrass meadows dominated by Ruppia maritima (Asmus 1984; Seeliger 1997a; Silva 
and Asmus 2001). These habitats provide shoreline stabilization; they also intercept nutrients and 
support ecologically and commercially important fisheries resources. The distribution and abun-
dance of local R. maritima populations are related to natural cycles of temperature, salinity, and 
light attenuation (Costa and Seeliger 1998; Silva and Asmus 2001). Hydrodynamics and sediment 
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conditions also influence the development of seagrass meadows during critical initial stages (Silva 
1995), while light availability is important after plants become established, affecting both photo-
synthesis and intrinsic growth rates (Colares and Seeliger 2006). Net primary production estimates 
between spring and autumn are 50 to 300 g dry weight m–2 (Silva and Asmus 2001).

A high biomass of epiphytic micro algae occurs on the leaves and shoots of seagrasses, while 
benthic and unattached macroalgae grow entangled between the plants (Ferreira and Seeliger 1985; 
Silva 1995). Abundant macroalgae (Ulva spp., Cladophora spp., and Rhizoclonium riparium) grow 
on soft sediments in shallow areas, but are frequently suspended into the water column where they 
form dense masses of drift algae in the photic zone (0.5 to 1.2 kg C m–2 y–1). While light, tem-
perature, and nutrient availability control their biomass and community composition (Coutinho and 
Seeliger 1986), wind fetch and water currents are responsible for dispersing drift algae along shal-
low shoals or to open and deeper waters.

More than 20 macroalgal species (mostly Rhodophyta) that are absent in soft-bottom estuarine 
areas thrive on hard substrates provided by the rocky jetties along the access channel of the estuary 
(Seeliger 1997b), though they contribute little to primary production compared to drift macroalgae. 
The composition and diversity of macroalgae along the jetties of Patos Lagoon are indicative of 
warm-temperate environmental conditions (Coutinho and Seeliger 1986).

17.2.3.2  secondary Producers
Zooplankton in the Patos Lagoon Estuary consists of marine and freshwater holoplanktonic and 
meroplanktonic species (Montú et al. 1997). Common holoplanktonic marine species are cope-
pods (Acartia tonsa, Euterpina acutrifrons, Oncea conifera) and chaetognaths (Sagitta tenuis). 
Meroplanktonic marine organisms like cirripeds of Balanus improvisus, larvae of echinoderms, 
polychetes, mollusks, and crustaceans are also found. Freshwater zooplankton abundance is gener-
ally low, consisting of copepods (Notodiaptomus carteri, N. incompositus, Mesocyclops annula-
tus) and cladocera (Diaphanosoma sarsi, Eubosmina tubicen, Simosa sp., Alona sp.) (Montú and 
Gloeden 1986; Montú et al. 1997).

Zooplankton abundance and biomass are highest in summer (40,016 organisms m–3 and 0.2 to 
11 mL m–3). Abundance decreases in autumn (15,526 organisms m–3), and lowest densities occur in 
winter (6251 organisms m–3) and spring (14,180 organisms m–3). Cladocera (Pleopys polyphemoides, 
Podon intermedius, Penilia avirostris), ctenophores, siphonophores, medusa, and chaetognaths 
(Sagitta tenuis) are abundant in the lower estuary during summer when subtropical species such as 
Sagitta enflata and Centropages velificatus may occur. The copepod Acartia tonsa and freshwater 
cladocera (Moina micrura, Diaphanosoma sarsi, Ceriodaphnia cornuta) are present the entire year 
(Montú et al. 1997).

Low diversity and abundance of macrozoobenthos occur on sandy and biodetritic bottoms of 
high current channels (Bemvenuti et al. 1992), but higher densities of the opportunistic gastropod 
Heleobia australis can be found in channels with fine sediments (Bemvenuti 1997a). During peri-
ods of greater marine influence, diversity increases in southern estuarine channels, particularly due 
to recruitment of marine polychetes which disappear during freshwater outflow (Bemvenuti et al. 
2005). The channels are migration routes for species that use the estuary as feeding and nursery 
grounds. Furthermore, the deeper bottom layer (>6 m) of the channel between the lagoon mouth and 
Rio Grande Harbor may provide protection for some decapods (crabs, shrimp) during their austral 
winter migration (Bemvenuti 1987).

Abundant macrozoobenthic fauna in the extensive shoals are the main food for birds, juvenile 
decapod crustaceans, and fishes (Bemvenuti 1997b). The number of macrozoobenthic species that 
inhabit estuarine shoals is relatively low (15 to 20 species) due mainly to variable salinity. Some 
species occur at high density (>10,000 individuals m–2) and frequency, including the gastropod 
H. australis that lives on sediments in unvegetated shoals and infaunal polychetes (Laeonereis 
acuta, Nephtys fluviatilis, Heteromastus similis), tanaidaceans (Kalliapseudes schubartii), and the 
bivalve Erodona mactroides that burrows in bottom sediments. Vegetated shoals that are dominated 
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by macroalgae or submersed Ruppia maritima beds support high diversity and abundance of amphi-
pods, isopods, and juvenile decapod crustaceans (crabs and shrimp) (Bemvenuti 1997a; Rosa and 
Bemvenuti 2006).

Macrozoobenthos in the shoals reproduce mainly during spring/summer following temperature 
increases and infaunal recruitment which lead to increased abundances (Bemvenuti 1987; Rosa and 
Bemvenuti 2006). Infaunal recruitment periods coincide with enhanced trophic activity of macro-
predators like crabs, shrimp, and macrobenthic feeding fishes that keep infaunal densities below the 
carrying capacity of the system. Predation pressure decreases in autumn when temperature decreases, 
and crabs and shrimp abandon the shoals. During this season, macrozoobenthos recruitment is impor-
tant because it maintains the population density during winter (June to September) when reproduc-
tion rates of most infaunal species decline (Bemvenuti 1987; Rosa and Bemvenuti 2006).

Only a few fish species are abundant and frequent in the estuary, although eggs and larvae of 29 
species are common (Sinque and Muelbert 1997), and about 150 species use the estuary for feeding 
and growth (Chao et al. 1982; 1985; Pereira 1994; Vieira and Castello 1995). The dominant species 
are the whitemouth croaker, mullets, and marine catfishes (Muelbert and Weiss 1991; Vieira and 
Castello 1997; Vieira et al. 2008). The shallow shoals favor the recruitment of a variety of species 
(Table 17.1). Ninety-five percent of juvenile and adult fish are small estuarine resident species of 
marine origin (Vieira and Castello 1997) represented by mullets (Mugil platanus, M. curema, and 
M. gaimardianus), silversides (Atherinella brasiliensis and Odontesthes argentinensis), clupeoids 
(Brevoortia pectinata, Platanichthys platana, and Ramnogaster arcuata), one-sided livebearer 
(Jenynsia multidentata), and the whitemouth croaker (Micropogonias furnieri). Freshwater visitors, 
like Characiforms and members of the families Poeciliidae and Cichlidae (Chao et al. 1985; A. M. 
Garcia et al. 2003a; Table 17.1), are also common. Fish eggs are almost nonexistent and larvae are 
not abundant in the shoal.

In contrast, deeper waters (Table 17.2) shelter larger individuals but also serve as migration routes 
for fish with greater mobility (Vieira and Castello 1997). Here juvenile and subadults of epibenthic 
or demersal species are important artisanal and industrial fishery resources, especially the abundant 

tAble 17.1
temporal Variation of dominant fishes sampled with beach seine at the shallow Area 
of Patos lagoon estuary between 1979 and 2001

species 1979 1980 1981 1982 1983 1984 1996 1997 1998 1999 2000 2001

Mugil platanusa 1 1 1 1 1 1 1 1 1 1 1 1

Atherinella brasillensis 3 1 1 1 1 1 1 1 1 1 1 1

Odontesthes argentinensis 1 3 1 1 1 1 1 1 1 1 3 3

Mugil curemaa 3 1 1 1 1 1 1 1 1 1

Jenynsia multidentata 3 1 1 1 2 1 1 3 4 1 3 4

Brevoortia pectinataa 4 4 3 1 4 1 4 3 1 1 1 4

Micropogonias fumieria 4 3 3 3 1 1 4 3 1 3 3 3

Mugil giamardianus 4 1 1 1 1 3 4 1 3 4

Lycengraulis grossidens 4 3 3 3 1 1 4 4 3 4 4 3

Platanichythys platana 4 4 1 1 3 3 3 4 4 3

Ramnogaster arcuata 4 4 4 4 4 1 4 2 4 4 4 4

Ctenogobius shufeldti 4 4 4 3 3 4 4 4 4

Parapimelodus nigribarbis 4 4 1 3 4 4 4

Note: (1) Abundant and frequent; (2) abundant but not frequent; (3) frequent but not abundant; and (4) present but not 
abundant or frequent. See Garcia and Vieira (2001) for category details.

a Commercially important species.
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whitemouth croaker, marine catfish, and flatfish (Paralichthys orbignyanus). Deep channel currents 
transport eggs and larvae in and out of the estuary (Sinque and Muelbert 1997). Saltwater intru-
sions in the channels are responsible for the recruitment of marine fish larvae into the estuary and 
for the abundance of eggs and larvae of the whitemouth croaker, which is controlled by variable 
water advection (Muelbert and Weiss 1991; Martins et al. 2007). Oceanic species (e.g., Porichthys 
porosissimus, Prionotus punctatus, Parona signata, and Peprilus paru) are restricted to the mouth 
of the estuary during intense saltwater intrusions (Sinque and Muelbert 1997; Vieira 2006).

Despite a pronounced decline in abundance of birds since the early nineteenth century, 13 spe-
cies are still common in wetlands, open waters, and protected bays of the estuary (Vooren 1997). 
Feeding habits are diverse, including piscivorous birds, like the cormorant Phalacrocorax oliva-
ceus, terns (Sterna trudeaui, S. hirundo), black skimmer (Rynchops niger), and the snowy egret 
(Egretta thula), while black-necked swan Cygnus melancorhyphus and the red-gartered coot Fulica 
armillata are herbivorous. The main scavenger in the estuary is the brown-hooded gull Larus mac-
ulipennis. Marine mammals are rare. Between 31 and 100 individuals of the bottlenose dolphin 
Tursiops truncatus, which tolerates low salinity water (2 to 3), enter the estuary throughout the year, 
while the sea lion Otaria flavescens is observed only occasionally (Pinedo 1997).

17.3  bIotIc resPonses to enVIronmentAl chAnges

There is a significant response of biota in the Patos Lagoon Estuary to eutrophication, predatory 
fishing, and dredging as well as to natural environmental effects caused by the El Niño Southern 

tAble 17.2
temporal Variation of dominant fishes sampled with bottom trawl 
at the channel in the Patos lagoon estuary between 1979 and 1998

species 1979 1980 1981 1982 1983 1984 1995 1996 1998

Micropogonias fumieria 1 1 1 1 1 1 1 1 1

Genidens barbusa 1 1 2 1 1 1 1 1 1

Genidens genidens 4 4 4 4 2 1 1 4 1

Lycengraulis grossidens 4 3 3 2 2 3 3 4

Paralonchurus brasiliensis 2 4 3 4 4 4 2 4

Menticirrhus americanusa 2 2 4 1 4 4 4 4

Achirus garmani 4 4 4 4 2 2 3 3

Cynoscion guatucupaa 3 3 3 4 4 3 4 4

Parapimelodus nigribarbis 4 4 3 2 4 3

Genidens planifronsa 3 2 3 3 4 3 4 4 4

Porichthys poroissimus 4 4 3 4 4 3

Umbrina canosaia 4 3 3 4 4

Anchoa marinii 4 4 3 3 4 4 4 4

Paralichthys orbignyanaa 4 4 4 4 3 4 4 4

Prionotus punctatusa 4 4 4 4 2 4

Pimelodus maculatus 4 3 4 4 4

Ctenosciaena gracilicirrhus 3 4

Symphurus jenynsi 4 4 4 3

Citharichthys spilopterus 3

Note: (1) Abundant and frequent; (2) abundant but not frequent; (3) frequent but not abundant; and 
(4) present but not abundant or frequent. See Garcia and Vieira (2001) for category details.

a Commercially important species.
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Oscillation (ENSO) phenomenon. The retention of frontal systems due to the strength of atmo-
spheric jetties during El Niño events typically increases rainfall in southern Brazil, while weaker 
atmospheric jetties accelerate the passage of frontal systems during La Niña events, generating 
reduced rainfall and drought conditions. Annual anomalies related to ENSO cycles affect fresh-
water discharge, and long-term salinity regimes seem to play a major role in the life cycle, growth, 
and biomass of most species, thus controlling the interannual variation in their composition 
and abundance.

17.3.1  Impacts of el nIño soutHern oscIllatIon (enso)

17.3.1.1  Phytoplankton
Compared to coastal ecosystems elsewhere (Cloern and Jassby 2008), chlorophyll a values in the 
estuary are elevated (Figures 17.3 and 17.5). Significant short- and long-term temporal variability 
occurs largely due to horizontal water advection. Short-term wind-induced water exchange in the 
estuary is reflected by biotic community changes, alternating between freshwater and marine spe-
cies at scales of hours to days (Fujita and Odebrecht 2007; Abreu et al. 2010). Changes in micro algae 
composition are closely related to the frequency of polar atmospheric fronts, which are important 
drivers of seawater flow into the estuary.

Phytoplankton biomass in estuarine shoals are strongly correlated with rainfall and freshwater 
discharge (1986 to 1990) (Figure 17.5). This relationship between mean annual chlorophyll a and 
the total amount of rainfall in the hydrographic basin, however, disappears when rainfall exceeds 
1500 mm yr–1 because the large amount of fresh water discharged from the basin flushes the phyto-
plank ton biomass out of the estuary (Abreu et al. 2010).

Phytoplankton biomass, mainly composed of freshwater cyanobacteria and oligohaline/
euryhaline diatoms (Skeletonema spp., Cylindrotheca closterium, Chaetoceros subtilis), increases 
during prominent low salinity periods. The most conspicuous event was observed during the El Niño 
2002–2003 (Figure 17.6), when freshwater discharge in spring (October to December 2002) resulted 
in high nitrogen inputs (10 to 40 µM) that were taken up by phyto plank ton, leading to a biomass 
peak (chlorohyll a 40 to 80 µg L–1; biovolume 30 to 80 mm3 L–1), low nitrogen levels, and N:P 
ratios (<5 µM TN; N:P <5). Nitrogen-fixing species, such as filamentous heterocytic cyanobacteria 
(Anabaena oumiana, Anabaenopsis sp., and Aphanizomenon aphanizomenoides) and the colony-
forming Microcystis spp. were abundant during a 3-month period. In contrast, lowest chlorophyll 
concentrations, following the La Niña periods of 1988–1989 and 1999–2000, coincided with higher 
ammonium concentrations and longer water residence times (Abreu et al. 2010). During periods of 
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marine influence, zooplankton herbivory plays an important role in the estuary, though this activity 
still needs to be quantified.

17.3.1.2  Ruppia maritima
In coastal systems elsewhere, seagrass reductions and dieback have been mainly attributed to eutro-
phication, dredging, and predatory fishing, but also to global changes in temperature, precipitation, 
and freshwater discharge (Orth et al. 2006). Prior to 1990, 40% to 60% of the shallow estuarine 
bays in the Patos Lagoon were covered by high biomasses of Ruppia maritima (Seeliger 1997a). A 
significant reduction of the seagrass occurred in 1996–1997 and continued to 2000 (Figure 17.7). 
Shallow mid-estuarine regions, where R. maritima usually thrives, displayed bare substrate in the 
summer of 2003, with populations being present only in sheltered bays. The drastic decrease of 
vegetated bottoms between 2000 and 2003 coincided with increased erosion of saltmarsh margins 
due to extreme freshwater runoff and high water level (Costa et al., personal communication) while 
marsh sediment and debris buried adjacent R. maritima populations. Both high sediment mobility 
in exposed areas and high accretion rates in sheltered areas tend to limit seagrass growth (Koch 
2001; Duarte et al. 2006).

Entire meadows, including belowground rhizome nets, were dislodged due to flooding conditions. 
As a result, only 43% of new shoots sprouted from old rhizomes in summer 2002. Additionally, the 
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reduction of natural seed banks and low germination rates of R. maritima (Cordazzo 2004) further 
decreased meadow recovery between spring 2004 and summer 2007 despite favorable water level 
and transparency, salinity, and temperature for growth. Ruppia maritima beds visibly recovered 
between 2006 and 2008. Sparse meadows of small plants (maximum length of 10 cm) which devel-
oped from seedlings, appeared in the austrial summers of 2006 and 2007 (Figure 17.7). The absence 
of established rhizome nets rendered new meadows susceptible to seasonal hydrodynamics, leading 
to large numbers of floating plants at the beginning of fall. In the summer of 2008, R. maritima beds 
exhibited high shoot length and density along with high production of flowers and fruits. The rapid 
expansion of the meadows may have been a response of the seed bank to low water temperatures in 
winter of 2007 and to optimal salinities, as has been observed in culture (Koch and Seeliger 1988).

Hydrodynamics and sediment erosion and accretion appear to be key factors controlling the 
temporal patterns of R. maritima abundance in the estuary. The development, maintenance, and 
spatial distribution of the seagrass meadows strongly correlate with water levels that determine 
the amount of light penetration reaching the bottom, since R. maritima tends to be abundant 
at depth less than 1 m and is generally absent below 1.5 m depth. Estuarine salinity variations 
appear to have limited influence on the growth of the high salinity–tolerant Ruppia plant, except 
when there are interactions of salinity and temperature with seed germination (Knack 1986; 
Colares 1998).
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17.3.1.3  macrozoobenthos
A comparison of macrozoobenthos in the channel area clearly shows significant differences in ben-
thic community structure between the summer and winter/spring, with the dominance of marine 
species in the summer due to higher saltwater intrusion into the system. The dominance of fresh-
water species during winter/spring is in response to higher amounts of rainfall and thus freshwater 
inputs (Figure 17.8). For example, in summer 2000, a total of 39 macrozoobenthos species were 
observed in the channel; this number decreased to only 19 species from autumn to spring, when 
salinity was near zero. Greater marine influence during 2006, in contrast, resulted in a dramatic 
decline of seasonal macrozoobenthos variation; species richness ranged between 31 and 39.

Intense infaunal recruitment is frequently associated with high salinity and temperature dur-
ing summer, which results in increased macrozoobenthos abundance (Bemvenuti 1987; Rosa and 
Bemvenuti 2006). Nevertheless, summers with high precipitation (i.e., El Niño of 2002–2003) 
decrease salinity levels, which reduce macrozoobenthic abundance in the estuary (Figure 17.9). 
During and immediately after El Niño events, recruitment gaps of species with direct develop-
ment (e.g., Kalliapseudes schubartii) as well as of the bivalve Erodona mactroides are observed 
(Colling et al. 2007). Reproductive stocks of Erodona mactroides are mainly found in northern lim-
nic areas of the Patos Lagoon. The high freshwater runoff during El Niño of 2002–2003 may have 
flushed larvae out of the lagoon into coastal waters. Intense runoff removes the nepheloid layer from 
the sediment surface, which reduces the organic matter content, thus causing low benthic oxygen 
consumption rates (Zarzur 2007). These adverse conditions negatively affect deposit feeders that 
are the dominant guild in estuarine shoals (Bemvenuti 1997b). During periods of greater marine 
influence, benthic diversity increases, owing especially to the recruitment of marine polychetes 
in the southern estuary channels, though inverse patterns occur during periods of higher runoff 
(Bemvenuti et al. 2005).

17.3.1.4  fish
Larval fishes are most abundant and diverse during reproductive periods in spring and summer 
(Muelbert and Weiss 1991). The low abundance of the eggs and larvae of whitemouth croaker 
Micropogonias furnieri in spring 1982 and in summer 1993 coincided with higher than mean 

35
25
15

5

35
25
15

5

SM AU WT SP SM AU WT SP

Year 2000

Summer Autumn Winter Spring

Year 2006

fIgure 17.8 Daily variation of salinity in the years 2000 and 2006 at the principal sampling site in the 
Patos Lagoon Estuary (upper panels), and seasonal distribution of macrozoobenthos diversity in the channel 
(9 to 12 m depth; lower panels).
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freshwater discharge. In contrast, lower than average freshwater discharge and saltwater intrusion 
in summer 1992 increased the recruitment of eggs and larvae into the estuary, suggesting that the 
interannual variability of M. furnieri is related to the amount of precipitation and water discharge 
(A. M. Garcia et al. 2004; Bruno and Muelbert in press).

High intra- and interannual variability in relative abundance of dominant fishes (Mugil platanus, 
M. curema, Atherinella brasiliensis, and Odontesthes argentinensis) in the estuary tends to obscure 
interdecadal trends. Nevertheless, seasons or years of low abundance seem to coincide with peri-
ods of high rainfall and low salinity (Table 17.1). During El Niño years, high freshwater discharge 
decreases recruitment of resident and dependent fish species, though species richness increases 
due to an expanded range of freshwater species (i.e., Parapimelodus nigribarbis, Table 17.1) into 
the estuary (A. M. Garcia et al. 2003b). Owing to lower or higher precipitation and freshwater 
outflow, the abundance of marine species in the estuary increases or decreases during La Niña 
(1995–1996) or El Niño (1997–1998) periods, respectively (A. M. Garcia et al. 2001; A. M. Garcia 
and Vieira 2001).

17.3.1.5  fisheries
Meteorological changes caused by the ENSO phenomenon are major driving forces that control 
the interannual variability of fish community structure and dynamics in the estuary, having great 
impact on fisheries (A. M. Garcia et al. 2004). Mullet fisheries serve as a good example, since both 
juvenile and adult mullets decline in abundance during high rainfall and near-zero salinity. A prob-
able explanation of El Niño–induced effects is that high freshwater outflow may render ineffective 
the mechanisms of passive immigration of juveniles into the estuary, resulting in smaller schools 
of individuals. In addition, near-zero salinity in the estuarine area for several months during strong 
El Niño events could lead to spatial dispersion of maturing mullet during their migration offshore, 
resulting in smaller schools of individuals and, consequently, lower catches by artisanal fishers 
(Vieira et al. 2008).

Similarly, annual shrimp (Farfantepenaeus paulensis) catches show a strong negative correla-
tion with freshwater discharge, which controls seawater penetration, and the transport of shrimp 
larvae into the estuary. High rainfall in El Niño years have generated smaller shrimp fisheries in 
subsequent years, causing important economic and social impacts in the region (Castello and Möller 
1978; Möller et al. 2009).
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17.4  humAn Influence

Until the arrival of European colonizers, the coastal plain surrounding the Patos Lagoon was inhab-
ited by Chaná and Tupi-Guarani Indians, the latter exploiting the abundant fish, shrimp, and shell-
fish resources in the lagoon (Vieira 1983). After the town of Rio Grande was established in 1737, 
Portuguese colonization quickly expanded into coastal areas. Although early economic activities 
focused on cattle breeding, the abundance of fish supported artisanal fishery and soon became 
economically and socially important (Asmus 1997). Whitemouth croaker (Micropogonias furni-
eri), mullet (Mugil platanus), marine catfishes (Genidens barbus, G. planifrons, G. genidens), and 
black drum (Pogonias cromis) sustained small-scale fishery in the estuary. Today, about 3.5 million 
inhabitants in the cities of Porto Alegre at the northern reach and Pelotas and Rio Grande at the 
southern reaches of the Patos Lagoon exploit different resources. Harbor activities have become 
increasingly important through time. Domestic sewage and industrial effluents reach the estuary 
and affect various components of the system.

17.4.1  eutropHIcatIon

Near Rio Grande city, the estuarine margins of Mangueira Bay (see Figure 17.1) receive most of 
the effluents and therefore have muddy sediments with reducing characteristics, low faunal den-
sity, and low species diversity except for the polychetes (Bemvenuti 1987; Rosa and Bemvenuti 
2006, 2007). More distant margins have nonreducing sandy sediments, as well as abundant and 
diverse macrozoobenthos, including crustaceans, which are sensitive to organic matter pollution 
(Bemvenuti and Angonesi 2009). In addition, zooplankton density and diversity are reduced in 
the polluted Mangueira Bay. About 14% of Acartia tonsa exhibit malformations that are likely 
caused by exposure to pollutants during several life cycles (Montú and Gloeden 1982). Compared 
to primary and secondary producers in more pristine areas of the estuary, isotopic tracer studies 
confirmed significantly higher (>3.5‰) δ 15N values in plants, detritus, and benthic organisms in 
Mangueira Bay, probably related to the uptake of dissolved nitrogen in wastewater and other efflu-
ents (Abreu et al. 2006).

Despite eutrophication in part of the estuary, a long-term oligotrophication process is occurring 
in most areas since the concentrations of ammonium, phosphate, and silicate in shallow bays north 
of Rio Grande city are actually lower than the mean values recorded between 2000 and 2006 (Abreu 
et al. 2009). This could be due to phyto plank ton, mainly heavily silicified diatoms (e.g., Aulacoseira 
spp.), cyanobacteria, and chlorophytes, which rapidly take up nutrients in the northern sector of the 
lagoon that receives sewage from Porto Alegre, thereby reducing nutrient levels in estuarine waters 
(Odebrecht et al. 2005).

The apparent reduction of nutrients in the estuary may also be associated with an increase of 
drift macroalgal biomass in summer when seagrass abundance declines (Figure 17.10). In some 
shallow-bottom generally dominated by R. maritima meadows, between 70% and 100% of the sedi-
ments are covered by unattached opportunistic algae, mainly Ulva, Cladophora, and Rhizoclonium. 
Rapid algal growth in the summers from 2004 to 2007 led to much higher macro algal biomass 
than reported for previous decades (Coutinho and Seeliger 1986; Seeliger 1997b). Summer biomass 
peaks and productivity rates (1 to 6 g C m–2 day–1) were comparable to eutrophic estuaries (Flindt 
et al. 1997; Martins and Marques 2002) possibly due to the high photosynthetic and nutrient uptake 
efficiency of Ulva (Copertino et al. 2009). Dense macroalgal growth in summer may delay or inhibit 
the recovery of seagrass meadows since algal filaments reduce available light and increase the drag 
force on Ruppia plants caused by winds and currents (Silva and Asmus 2001).

Drift macroalgae are important primary producers and a food source for crabs (e.g., Neohelice 
granulata and Callinectes sapidus), and dense algal layers over shallow bottoms may serve as refuge 
for larvae and juvenile fish and invertebrates (e.g., Farfantepenaeus paulensis). However, contrary 
to nursery habitats formed by well-established seagrass meadows, unstable habitats of unattached 
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macro algae and associated fauna are quickly removed by winds and currents (Souza 2001). 
Furthermore, at high mid-summer temperatures and low water circulation, the decomposition of drift 
algae causes anoxia, which leads to benthic animal mortality (Nelson et al. 2003). Finally, under high 
light and eutrophic condition Ulva may compete with phyto plank ton for nutrients (Copertino et al. 
2009), while Ulva may release compounds toxic to micro algae (Nelson et al. 2003).

17.4.2  oVerfIsHIng

Southern Brazilian estuaries have a similar composition and abundance of fish species (Ramos and 
Vieira 2001). Of the more than 110 fish species reported for the Patos Lagoon Estuary (Chao et al. 
1982), about 26 species are numerically abundant and ecologically important (Tables 17.1 and 17.2) 
although only a few are commercially exploited in the local fishery (marked with an asterisk in the 
tables). While the landing and capture per unit effort (CPUE) data are probably underestimated 
(Reis et al. 1994), they indicate a reduction of several estuarine fish stocks. The use of modern trans-
port and storage methods by both artisanal and industrial fisheries led to overfishing and to a rapid 
decrease of teleost catches during the last decade (Reis et al. 1994; Haimovici et al. 2006; Vieira 
et al. 2008). The whitemouth croaker, the king weakfish (Macrodon ancylodon), and marine cat-
fishes were the most affected. Today these species only support a small-scale subsistence fishery.

The decline of artisanal fish stocks in the estuary can be attributed to inadequate fishery surveil-
lance by government sectors, which leads to overfishing and mortality of juveniles during reproduc-
tive seasons (Chao et al. 1986; Haimovici and Umpierre 1996; Haimovici et al. 1997, 2006; Reis 
et al. 1994), or to decreasing water quality as a result of urban and industrial activities in the Patos 
Lagoon watershed (Asmus 1997; Almeida et al. 1993). However, climatic events can also mask the 
reasons for the decline of fish stocks in the estuary since they affect the structure of fish fauna and 
the recruitment of economically important species (A. M. Garcia et al. 2003b, 2004; Vieira et al. 
2008; see Section 17.3.1). Indeed, intense local and oceanic fisheries seem to act synergistically 
with ENSO events and eventually lead to the depletion of estuarine finfish stocks like mullet (Mugil 
platanus), whose abundance depends on seawater influx to the estuary (A. M. Garcia et al. 2003b; 
Reis et al. 1994; Vieira et al. 2008).

17.4.3  HarBor dredgIng

The main channel in the southern part of the estuary is subject to intense sedimentation and dredg-
ing of large sediment volumes (~30,000 m³ mo–1) to maintain access to Rio Grande Port (Seeliger 

250200150100
R. maritima (g DW m–2)

500
0

100

200

300
D

rif
t M

ac
ro

al
ga

e 
(g

 D
W

 m
–2

)

400

500

fIgure 17.10 Relationship between the values of drift macroalgae and R. maritima total biomass, in 
spring, autumn, and summer (1979 to 2007) at the principal sampling site in the Patos Lagoon Estuary.

http://www.crcnetbase.com/action/showImage?doi=10.1201/EBK1420088304-c17&iName=master.img-011.jpg&w=223&h=128


450 Coastal Lagoons: Critical Habitats of Environmental Change

and Costa 1997). Since estuarine sediments have been dredged for many years (von Ihering 1885), 
dredging impact on the biota is hard to evaluate. However, there is evidence of significant impact 
on macrozoobenthos species because the abundance of the dominant species Heleobia australis 
decreases in dredged areas (Bemvenuti et al. 2005). Furthermore, dredging activities in the estu-
ary could have caused the deposition of large amounts of mud on adjacent ocean beaches (Cassino 
Beach, 32°13′ S; 52°15′ W) leading to changes in surf zone dynamics as well as microflora abun-
dance and composition (Odebrecht et al. 2010). The diatom Asterionellopsis glacialis reaches high 
abundance (107 to 108cells L–1), chlorophyll a (2 to 5 mg L–1), and primary production rates (1 to 
6 mg C L–1 h–1) in the surf-zone of the exposed, gently sloping sand beaches (V. M. T. Garcia and 
Gianuca 1997; Odebrecht et al. 2010). During passage of the Antarctic atmospheric front, southerly 
winds facilitate the suspension of cells from bottom sediments which then accumulate in the surf 
zone. In 1998, elevated mud deposition altered surf zone characteristics by increasing viscosity 
and decreasing wave energy (Calliari et al. 2007). The accumulation of A. glacialis in the surf 
zone at Cassino Beach was inhibited during the following 2 years. Over a 15-year period (1992 
to 2007), a significant reduction in the frequency of A. glacialis “blooms” occurred along with 
changes in phyto plank ton composition (Odebrecht et al. 2010), negatively impacting the beach food 
web. Furthermore, the deposition of mud on surf zone diatoms may have affected mollusk and fish 
recruitment in the estuary. Studies should evaluate the impact of dredging on zooplankton, fish, 
birds, and mammals in the estuarine and coastal region.

17.4.4  BIoInVasIon

Reports on bioinvasion into coastal Brazilian ecosystems are increasing, though this might also be 
due to more intense research efforts (Ferreira et al. 2009). High densities of nonindigenous species 
may potentially displace native species, leading to reduced diversity as well as food web and habitat 
changes. In the Patos Lagoon Estuary, the dispersal of nonindigenous marine species is largely 
a result of increasing navigation (ship incrustation and ballast water) and aquaculture activities. 
The initial bioinvasion of the Chinese freshwater golden mussel Limnoperna fortunei in 1991 in 
Argentina was apparently caused by the release of ballast water (Darrigran and Pastorino 1995). In 
1998, L. fortunei was detected in the northern reaches of the Patos Lagoon (Mansur et al. 2003). 
The subsequent colonization of the estuary coincided with a low salinity period (2001 to 2003) 
when isolated individuals occurred near the estuarine inlet. A massive mortality of Limnoperna for-
tunei coincided with drought conditions in 2004 to 2005. Thus, population increases in the southern 
lagoon and estuary appear to be prevented by frequent suboptimal salinity conditions (Capítoli et al. 
2008). In contrast, the establishment of the marine clam Perna perna, which is native to Africa and 
was probably introduced in Brazil in the eighteenth to nineteenth centuries (Ferreira et al. 2009), 
seems to be hampered by low salinities in the Patos Lagoon Estuary.

Among planktonic crustaceans, Temora turbinate is now one of the dominant pelagic calanoid 
copepods (Kaminski 2009). It was first registered in the Patos Lagoon Estuary in 1992 (Muxagata 
and Gloeden 1995). Prior to the invasion of this species, T. stylifera was the only representative of 
the genus at the Brazilian coast (Ferreira et al. 2009).

In recent years, nonindigenous fish species have been recorded in the Patos–Mirim system. 
The black catfish Trachelyopterus lucenai and the La Plata croaker Pachyurus bonariensis were 
first observed in the northern part of the Patos Lagoon, but recently increasing numbers 
were observed in the Mirim Lagoon, the São Gonçalo Channel, in tributaries of the estuary, and 
in the estuary itself. Furthermore, adults of four carp species (bighead carp Aristichthys nobi-
lis; common carp, Cyprinus carpio carpio; silver carp Hypophthalmichthys molitrix; and grass 
carp, Ctenopharyngodon idellus) that are grown in aquaculture facilities proximate to the lagoon 
have been reported in the estuary, though no offspring have been found there (A. M. Garcia 
et al. 2004).
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17.5  concludIng remArks

The results of this study demonstrate that a large-scale and remote climatic phenomenon like the 
El Niño Southern Oscillation, which signals significant changes in Pacific Ocean water temperature, 
may influence the ecology of primary and secondary producers of an estuary in the southwestern 
Atlantic Ocean. Interactions between meteorology and hydrology directly affect the dynamics of 
plankton, benthic organisms, and fish in the Patos Lagoon Estuary, often with economic repercus-
sions owing to the impacts of ENSO on the regional fish and shrimp fisheries. Additionally, human 
factors such as dredging and fishery activities can act synergistically with ENSO phenomena to affect 
ecological processes in the estuary. In a highly dynamic ecosystem such as the Patos Lagoon Estuary, 
conclusions of this nature can only be reached through long-term multidisciplinary studies as con-
ducted within the scope of the Brazilian Long-Term Ecological Research Program (PELD – CNPq).
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AbstrAct

Three warm temperate east Australian coastal systems (Wallis Lake, Camden Haven, and Hastings 
River Estuary) serve as case studies to explore relationships between the structure and function 
of coastal lagoons. These three systems provide examples of bar-built or wave-dominated estuaries/
coastal lagoons at different stages of maturity (infilling) on the east coast of Australia. Wallis Lake 
is an immature lagoon with minimal infilling and a large depositional mud basin. Camden Haven 
Estuary is a semimature lagoon with two partially filled shallow lakes connected by an infilled 
channelized river system, and the Hastings River Estuary is a mature lagoon with a highly chan-
nelized interconnected river system. As these systems evolve (mature), the areal extent of their 
geomorphic units (structure) changes linearly, with a decrease in the extent of deep and shallow 
subtidal mud shoals and an increase in extent of marine sand channel and fluvial sands. However, 
the function trajectory associated with the changes in the structure of these coastal lagoons as they 
mature show both linear and nonlinear trends. As a coastal lagoon progresses from an immature to 
a semimature state and the mud basin fills and shallows, there is an increase in the ratio of benthic 
to pelagic production due to greater light availability and an increase in net ecosystem metabolism 
(NEM) associated with less organic matter being trapped and respired. With further maturation, 
a coastal lagoon completely infills, and there is a large decrease in the benthic to pelagic ratio 
caused by higher turbidity (and less light) and less suitable substrate for benthic producers. This 
leads to a decrease in NEM due to more organic matter being trapped and respired. Total wild 
fisheries production (catch per fisher based on 20 years of commercial fish catch) follows a similar 
nonlinear trend, with maximum production in the semimature Camden Haven. In contrast, the 
production (catch per fisher) of higher trophic level fish species (i.e., trophic level above 2) shows a 
linear decrease as the system matures, most likely attributable to less organic matter availability for 
higher-order production. Immature lagoons are at greatest risk from pollutant loading and climate 
change impacts (e.g., sea level rise, higher temperatures, increased rainfall and runoff, and greater 
storminess and wave climate) largely because of poor flushing. In contrast, mature lagoons are at 
greatest risk from acidification, deoxygenation, and fish kills due to larger alluvial plains.

Key Words: structure, function, lagoon, carbon, primary production, benthic production, seagrass, 
benthic microalgae, net ecosystem metabolism, fisheries, trophic transfer efficiency, climate change

18.1  IntroductIon

The coastal zone plays an important role in the Earth’s carbon budget because of the large amounts 
of allochthonous and autochthonous organic matter found there (Knoppers 1994; Borges et al. 
2005). The amount of organic matter available for higher tropic levels (e.g., fisheries production) 
and export to adjacent aquatic systems (e.g., ocean, burial), or release to the atmosphere as CO2, is 
determined by an ecosystem’s primary production minus its respiration, or net ecosystem metabo-
lism (NEM). Coastal lagoons usually lack large river tributary systems and freshwater inputs, which 
would increase the autochthonous and lateral inputs of organic matter (e.g., Santos et al. 2004; Kone 
et al. 2009; Eyre et al. in press). Coastal lagoons are also shallow, so light can reach much of the 
lagoon floor, thereby increasing the amount of primary production and respiration in the benthos 
(McGlathery et al. 2007; Eyre et al. in press).

There are a variety of different types of coastal lagoons shaped by the relative importance of 
wave action, tidal currents, and freshwater inputs (Harris and Heap 2003). The geomorphic struc-
ture of coastal lagoons also influences their function. As a coastal lagoon matures (infills), the rela-
tive significance of its main geomorphic units (i.e., marine tidal deltas, central mud basins, fluvial 
deltas, and riverine channel/alluvial plains) will also change (Roy et al. 2001; Harris and Heap 
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2003). The extent of the different benthic habitats in shallow coastal lagoons has been related to 
these main geomorphic units (Roy et al. 2001; Saintilan 2004).

Because much of the primary production and respiration in shallow coastal lagoons occurs 
in benthic habitats, it would be expected that the geomorphology of a coastal lagoon would 
influence higher trophic levels. For example, using multivariate analysis, Saintilan (2004) found 
that the degree of infilling in east Australian coastal lagoons (wave-dominated estuaries) was 
correlated with the type of commercial fish catches (standardized for area and effort). Multiple 
regression analysis indicated that the different commercial fish species caught were related to 
the area of seagrass in each system (Saintilan 2004). Although the area of seagrass habitat is 
important, especially during early life stages, differences in the type of fish landings could also 
be related to differences in the sources and quantity of organic matter, and perhaps differences 
in the transfer of this energy up the food chain. Saintilan (2004) showed by multiple regression 
analysis that seagrass may have been a covariate with benthic microalgae production. Clearly, a 
better understanding is required of how the geomorphology of coastal lagoons affects their func-
tion (productivity).

The purpose of this chapter is to examine the relationships between the geomorphology and 
function of coastal lagoons using case studies of three warm-temperate east Australian systems. 
These three systems represent typical examples of bar-built or wave-dominated estuaries/coastal 
lagoons at different stages of maturity (infilling) (Roy et al. 2001; Harris and Heap 2003). This work 
will provide insight into the roles played by these different geomorphic types of coastal lagoons 
in the global coastal carbon budget. About 50% of the commercial fish catch (including oyster 
production) in New South Wales (NSW) derives from lagoonal estuaries (NSW Fisheries Statistics 
2006/07). The annual commercial fish catch in NSW estuaries is worth approximately $25 mil-
lion (Australian dollars) (NSW Fisheries Statistics 2006/07) with direct follow-on economic effects 
(e.g., jobs, service industries, etc.) probably worth another $200 million (Australian dollars). In addi-
tion, recreational fishing in NSW estuaries adds another 180 million (Australian dollars) (Henry 
and Lyle 2003), giving this marine resource a total annual value of about 400 million (Australian 
dollars). However, similar to many other coastal lagoons around the world, the production of East 
Australian coastal lagoons is under increasing anthropogenic bottom-up (ecosystem changes due 
to nutrient enrichment, acid sulfate soils, and habitat destruction) and top-down (multisector and 
multispecies commercial and recreational fishing) pressures. Superimposed on these factors are 
anthropogenic impacts and climatic changes. Central to ecosystem-based management is an under-
standing of how the structure and function of the ecosystem supports a managed resource (e.g., fish-
eries production).

18.2  study AreA

18.2.1  geomorpHIc eVolutIon

The geomorphic evolution of the southeast Australian coastline has been intrinsically linked to 
the transgression of the ocean–land interface during the transition between glacial and interglacial 
periods, with most estuaries in this region occupying valleys previously excavated during times 
of lower sea level (Roy 1984). Recent evolution during the Holocene period has involved a steady 
infilling of these estuaries with marine and fluvial deposits, the rate of infilling being a function 
of tide, river discharge, and wave strength (Harris and Heap 2003). NSW estuaries have been clas-
sified into four main geomorphic types (Roy et al. 2001): (1) ocean embayment, (2) drowned river 
valley (tide-dominated estuaries), (3) barrier estuaries, and (4) intermittent estuaries. Type 3 and 
type 4 estuaries have been further divided by evolutionary stage into A, B, C, and D types; type A 
represents relatively immature estuaries with minimal infilling through the intermediate stages of 
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B and C, through to mature riverine systems that are fully infilled and dominated by highly chan-
nelized river systems (D). The geomorphic facies within each estuary and catchment can be broadly 
divided into seven units (Table 18.1). The balance of the fundamental geomorphic units or facies 
changes with the evolution of an estuary. Immature estuaries are dominated by large central mud 
basins, and as the estuary matures, these central mud basins are infilled, being replaced by alluvial 
plain and mangrove/saltmarsh facies. Concurrently, the distribution and relative areal proportion 
of instream habitat types change (Roy et al. 2001). The changes in habitat should alter estuarine 
trophodynamics by shifting the relative contribution of the various primary producers and the niche 
availability for metazoans (e.g., a reduction in shallow mud benthic habitat as an estuary matures).

The three wave-dominated coastal lagoons investigated in this work (Wallis Lake, Camden 
Haven Estuary, and Hastings River) are located on the southeastern coast of Australia (Figure 18.1). 
They represent varying levels of infilling or maturity (Roy et al. 2001). The inlets of all three shal-
low systems are constricted by wave-deposited beach sand barriers, which restrict their exchange 

tAble 18.1
description of geomorphic units and evolutionary Processes for southeast 
Australian estuaries

geomorphic unit description evolution

Alluvial plain/
swamp deposits

Low-lying areas on the flood plain and 
swamp areas surrounding estuary.

Formed by the delivery of eroded terrestrial 
sediments to the flood plain and infilling of the 
central mud basin.

Barrier sands Marine-derived sands generally vegetated 
by heath, dry sclerophyll forests and, at 
the land–ocean edge, dune communities. 
Highly susceptible to storm and tidal 
energies.

Sands generally deposited at the start of the 
Holocene period along the coast and form a barrier 
between the ocean and the estuary. Some estuaries 
have several barrier systems associated with sand 
transgressions throughout the various glacial-
interglacial cycles.

Central mud basin Central depositional areas of low energy. 
Sediment comprised of fine muds and 
clay. Extensive macrofauna populations. 
Seagrass beds where light permits.

Dominant in early evolution of estuary, gradually 
replaced with riverine channel and alluvial plains 
through lateral transgression via infilling.

Fluvial delta sands Generally located mid-estuary formed by 
the delivery of coarse terrestrial 
sediments.

Extent of facie dependent upon catchment geology, 
tidal energy, and river flow. Becomes 
proportionally more dominant as an estuary 
matures and sediment accumulates through 
evolutionary stages.

Marine tidal delta High and low energy areas at the mouth of an 
estuary consisting predominantly of oceanic 
quartzose sands.

Generally more dominant in immature estuaries as 
energy from river discharge is lower due to high 
surface area:volume. As estuary matures, the extent 
of marine tidal delta is reduced as sand deposits are 
flushed from the lower estuary.

Riverine channel River channel in the upper to mid-estuary. Proportional coverage increases with maturity as the 
central mud basin is infilled and becomes 
channelized.

Rock outcrops Areas of raised elevation with primarily 
volcanic geology (in the study area). 
Typically define the catchment boundaries, 
and are the source areas for the alluvial 
plain and fluvial delta sand facies.

Along the southeast coast of Australia, these 
outcrops are ancient and predate the recent 
Holocene estuarine evolution by many millions of 
years.

Source: After Roy et al. (2001).
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fIgure 18.1 Location of Wallis Lake, Camden Haven, and Hastings River Estuary.
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with the ocean. The type IIIA Wallis Lake represents a wave-dominated lagoon with minimal 
infilling, the geomorphology of which is dominated by a large shallow (<4 m deep) lake with limited 
tidal flushing and freshwater input. Camden Haven Estuary is a type IIIB lagoon and represents an 
intermediate level of evolution, with two large shallow lakes (<2 m) connected by infilled channel-
ized river systems. The Hastings River Estuary is a type IIID system; the geomorphology here is 
dominated by highly channelized interconnected river systems. The geomorphic units show a shift 
from central mud basin and barrier sand dominance in the immature Wallis Lake system to alluvial 
plain/swamp deposits in the mature Hastings River system (Figure 18.2, Table 18.2).

18.2.2  clImate

The study area is characterized by a warm temperate climate with mean maximum daily tempera-
tures ranging from 16°C in winter to 25°C in summer. Solar radiation follows the same seasonal 
trend. Summer is the wettest season, while winter and spring are the driest seasons (Figure 18.3; 
Bom 2008). Heavy rainfall associated with east coast low pressure systems can cause significant 
flooding in the study area. Hence, the lagoons receive large pulses of land-derived nutrients and 
sediments. Flooding events can completely flush the brackish water from the estuarine basin of the 
east Australian lagoons (river estuaries) (Eyre and Twigg 1997; Eyre et al. 1998).

18.2.3  catcHment cHaracterIstIcs/land use/stressors

Table 18.3 lists the main physical and anthropogenic features of each of the three aforementioned 
coastal lagoon systems. All three lagoons have extensive catchment modification on the floodplain, 

Hastings River Estuary
6000Meters30000 7000Meters35000

Camden Haven Estuary

Wallis Lake

Facies
Rock Outcrops
Riverine Channel
Marine Tidal Delta
Fluvial Delta Sands
Central Mud Basin
Barrier Sands
Alluvial Plain/Swamp Deposits

fIgure 18.2 Geomorphic units of Wallis Lake, Camden Haven, and Hastings River Estuary.
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tAble 18.2
the Area of each geomorphic unit in wallis 
lake, camden haven, and hastings river estuary

lagoon geomorphic unit Area %

Hastings

 Marine tidal delta  6.6 31.7

 Riverine channel  6.2 29.8

 Fluvial delta sands/muds  5.0 24.0

 Central mud basin  3.0 14.4

Camden Haven

 Central mud basin 18.3 60.2

 Fluvial delta sands/muds  7.0 23.0

 Marine tidal delta  3.8 12.5

 Riverine channel  1.3  4.3

Wallis Lake

 Central mud basin 48.3 44.4

 Fluvial delta sands/muds 17.8 19.6

 Marine tidal delta 11.8 13.0

 Barrier sands  7.5  8.3

 Riverine channel  5.3  5.8

Source: Modified from Maher (2010).
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tAble 18.3
Physical Attributes, catchment characteristics, land use, and stressors for wallis lake, 
camden haven, and hastings river estuary

Property hastings camden haven wallis lake

Catchment area 3,595 km2 440 km2 1,420 km2

Water area 18.62 km2 30.05 km2 90.45 km2

Alluvial plain area 1,315 km2 93 km2 477 km2

Average depth 2.5 m 1.2 m 1.8 m

Rainfall 1,533 mm 1,540 mm 1,220 mm

Annual discharge 
(2006–2007)

503,471 ML 251,483 ML 147,883 ML

Mean residence time 10 days 45 days 60 days+

Land use >70% forested, 
predominantly dry 
sclerophyll

Flood plain cleared for 
agriculture (predominantly 
beef cattle)

Extensive clearing on flood 
plain for agriculture, upper 
catchment forested (dry 
sclerophyll)

Extensive clearing on flood 
plain for agriculture; 
forestry plantations and 
National Parks occur in the 
mid- and upper catchment

Anthropogenic 
stressors

2 STP plants discharge into 
the estuary (one at the upper 
tidal limit, one near the 
mouth)

Dredging
Urban pollutants
Sand extraction
Recreational fishing
Diffuse nutrient and sediment 
inputs

Marina/canal estate
Acid sulfate soils

Fisheries (commercial and 
recreational)

Urban pollutants
STP discharge
Diffuse nutrient and sediment 
inputs

Acid sulfate soils

Fisheries (commercial and 
recreational)

Urban pollutants
STP discharge
Diffuse nutrient and 
sediment inputs

Acid sulfate soils

Geology Upper catchment: 
Sedimentary rocks of the 
Carboniferous and Permian 
epochs

Lower catchment: Quaternary 
sedimentary rocks of alluvial 
nature 

Upper catchment: 
Carboniferous sedimentary 
(siltstone, shale, sandstone) 
with microgranite intrusions 
of Jurassic age

Lower catchment: fluvial sand, 
silt and clay of Quaternary age 

Upper catchment: 
Sedimentary rocks of the 
Carboniferous and Permian 
epochs

Lower catchment: 
Quaternary sedimentary 
rocks of alluvial nature

Topography Coastal plains: Lower estuary, 
alluvial flats less than 10 m 
AHD

Mid-upper valley: Alluvial 
flats grading up to an 
elevation of 1200 m in the 
upper catchment; river 
characterized by steep banks 
and large meanders 

Coastal plains: lower estuary, 
alluvial flats less than 10 m 
AHD

Mid-upper valley: Steep valley 
banks associated with upper 
catchment mountains 

Coastal plains: Lower 
estuary, alluvial flats less 
than 10 m AHD bounded 
on the seaward side by a 
sand barrier complex

Mid-upper valley: Valley, 
ridge systems with 
relatively low maximum 
elevations (250 m AHD)

Fisheries catch 307 t (64% oysters) 227 t (74% oysters) 1570 t (91% oysters)

Population 48,000 21.000 34,000



Structure and Function of Warm Temperate East Australian Coastal Lagoons 465

due primarily to clearing for agriculture and residential development. Clearing and drainage of 
former wetland areas in the catchment of each lagoon have led to the exposure of acid sulfate soils 
(ASS). Each lagoon receives treated effluent from sewage treatment plants and stormwater runoff 
from urban areas.

Oyster farming is a large industry in all three lagoons, with production ranging in value 
from ~$1.6 million in the Hastings River and Camden Haven to ~$12 million in Wallis Lake. 
Commercial fishing is restricted to the Camden Haven and Wallis Lake lagoons, with the Hastings 
River recently declared a recreational fishing haven and all commercial licenses being revoked. 
Data on commercial fish catches prior to the closure of Hastings River will be used for compara-
tive purposes. Based on the average catch data from 1990 to 1997 (Saintilan 2004), the commercial 
catch was 96,801 kg, 116,952 kg, and 361,006 kg for the Hastings River, Camden Haven, and Wallis 
Lake lagoons, respectively.

18.3  wAter And sedIment QuAlIty

There was no significant difference (p > 0.05) in temperature between geomorphic units within the 
lagoons or between lagoons (Figure 18.4). Salinity was significantly lower in the riverine channel 
in all the systems and in the fluvial delta sands in the Hastings and Wallis lakes due to the greater 
river influence in these areas. The lowest salinity occurred in the Hastings, reflecting the larger 
freshwater inputs. Oxygen saturation across the geomorphic units and lagoons followed a similar 
pattern as salinity, most likely due to the input of deoxygenated water from the river and floodplain 
(Eyre et al. 2006). The lowest oxygen saturation occurred in the Hastings, which has the largest allu-
vial floodplain. Total nitrogen, ammonium, nitrate, total phosphorus and phosphate concentrations 
were generally elevated in the riverine channel and fluvial tidal delta reflecting a freshwater source. 
Nutrient concentrations were particularly elevated in the Wallis Lake riverine channel probably as a 
result of the longer retention time in this system. Algal biomass in the water column (chlorophyll a 
concentrations) was higher in the riverine channels of all three systems associated with high nutrient 
concentrations. The immature Wallis Lake had the highest chlorophyll a concentrations ascribable 
to the deeper, clearer water column. Wallis Lake and Camden Haven lagoons had higher concen-
trations of carbon and nitrogen in the sediment, particularly in the riverine channel, central mud 
basin, and fluvial delta sands. These observations most likely reflect a greater particulate trapping 
efficiency in these systems.

18.4  benthIc hAbItAts

As a barrier lagoon system matures (infills), the relative coverage of various benthic habitats shifts 
from those associated with a central mud basin to habitats linked to the marine tidal delta and 
riverine channel. Large productive subtidal mud shoals in immature barrier lagoons are gradually 
infilled leaving mangrove/saltmarsh habitats landward with channel and remnant subtidal shoals 
instream (Roy et al. 2001; Harris and Heap 2003). This process is evident in the three study lagoons 
(Table 18.4), with the proportional coverage of subtidal mud shoals/depositional mud basins decreas-
ing with lagoon maturity (i.e., Hastings < Camden Haven < Wallis Lake). Concurrently, marine sand 
channel and fluvial sands and gravel increase with maturity (Hastings > Camden Haven > Wallis 
Lake). These natural changes have a significant influence over the productivity and trophic dynam-
ics of the lagoons. The relative contribution of benthic (vs. pelagic) productivity decreases as an 
estuary matures (see Section 18.5, Carbon Budgets, below). Along with the change in productivity, 
habitat structure and complexity shifts from seagrass domination in the immature Wallis Lake and 
Camden Haven estuaries to channel and subtidal shoal habitats in the Hastings River (Figures 18.5, 
18.6, and 18.7).
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fIgure 18.4 Water and sediment quality data for Wallis Lake, Camden Haven, and Hastings River Estuary.
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fIgure 18.4 (continued).
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tAble 18.4
description of the main benthic habitats and Areal contribution to total In-stream 
habitat for hastings river estuary, camden haven, and wallis lake

lagoon

description
Area 
(km2)

% of 
total Areabenthic habitat

hastings
Intertidal mud shoals Areas of fine mud sediment that are exposed and immersed throughout 

the tidal cycle
0.18 0.96

Halophila Habitats where Halophila ovalis is the dominant vegetation type 0.38 2.05

Mangrove creek Small tributaries dominated by mangrove community (Avicennia marina) 0.57 3.09

Intertidal sand shoals Areas of sand sediment that are exposed and immersed throughout the 
tidal cycle

1.05 5.63

Zostera Habitats where Zostera capricorni is the dominant vegetation type 1.17 6.28

Subtidal mud shoals Areas of mud sediment that are immersed throughout the tidal cycle 1.93 10.38

Fluvial sands/muds Upper estuarine channel habitats with coarse fluvial-derived sand and 
mud sediments

3.79 20.33

Subtidal sand shoals Areas of sand habitat immersed throughout the tidal cycle 4.08 21.91

Channel marine sand Lower estuarine channel habitat with marine-derived quartzite sands 5.47 29.36

Total 18.62

camden haven
Halophila, Ruppia Mixed H. ovalis and Ruppia megacarpa seagrass beds (H. ovalis 

dominant)
0.19 0.63

Ruppia, Zostera, 
Halophilia

Mixed R. megacarpa, Z. capricorni, and H. ovalis seagrass beds 
(R. megacarpa dominant) 

0.21 0.71

Ruppia, Zostera Mixed R. megacarpa and Z. capricorni beds (R. megacarpa dominant) 0.21 0.71

Intertidal mud shoals Areas of fine mud sediment that are exposed and immersed throughout 
the tidal cycle

0.97 3.22

Ruppia Habitats where R. megacarpa is the dominant vegetation type 1.40 4.66

Fluvial sands/muds Upper estuarine channel habitats with coarse fluvial derived sand and mud 
sediments

1.52 5.05

Channel marine sand Lower estuarine channel habitat with marine-derived quartzite sands 1.56 5.19

Halophila, Zostera Mixed H. ovalis and Z. capricorni beds (H. ovalis dominant) 1.94 6.47

Intertidal sand shoals Areas of sand sediment that are exposed and immersed throughout the 
tidal cycle

1.97 6.54

Halophila Habitats where Halophila ovalis is the dominant vegetation type 1.99 6.61

Zostera Habitats where Zostera capricorni is the dominant vegetation type 2.62 8.71

Subtidal sand shoals Areas of sand habitat immersed throughout the tidal cycle 2.89 9.62

Zostera, Halophila Mixed Z. capricorni and H. ovalis beds (Z. capricorni dominant) 3.00 9.97

Subtidal mud shoals Areas of mud sediment that are immersed throughout the tidal cycle 9.59 31.91

Total 30.05

wallis lake
Macroalgae Habitat areas where the macroalgae Chara sp. and Nitella sp. dominate 0.75 0.83

Ruppia Habitats where R. megacarpa is the dominant vegetation type 0.98 1.09

Intertidal mud shoals Areas of fine mud sediment that are exposed and immersed throughout 
the tidal cycle

0.99 1.09

Channel marine sand Lower estuarine channel habitat with marine-derived quartzite sands 1.26 1.39

Intertidal sand shoals Areas of sand sediment that are exposed and immersed throughout the 
tidal cycle

2.02 2.23
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18.5  cArbon budgets

Carbon budgets illustrate the distinct differences in the function of the different geomorphic types 
of coastal lagoons (Table 18.5). The functional differences reflect to some degree the differences in 
structure (see Section 18.4, Benthic Habitats, above). Carbon burial is much higher in the immature 
Wallis Lake (62 ± 32 t km–2 yr –1) and semimature Camden Haven (53 ± 15 t km–2 yr–1) compared to 
the mature Hastings River Estuary (28 ± 15 t km–2 yr–1) due to the large central mud basins where 
material is trapped and buried. There was a slight decrease in total mean annual production as a 
lagoon matured (Wallis Lake, 612 ± 142 t C km–2 yr –1; Camden Haven, 603 ± 152 t C km–2 yr –1; 
Hastings, 506 ± 157 t C km–2 yr –1), but the differences were not significant. In contrast, the benthic 
to pelagic production ratio showed a much larger change, with a small increase from the immature 
Wallis Lake (2.42 ± 0.19) to the semimature Camden Haven (3.04 ± 0.00), and then a much larger 
decrease in the mature Hastings River Estuary (0.84 ± 0.09) (Figure 18.8a). This pattern of benthic 
to pelagic production may reflect the light available to the primary producers across the three types 
of systems. In the semimature Camden Haven, the central mud basin is filled with sediment, and 
much of the system is less than 1 m deep (Table 18.3), enabling high benthic production throughout 
the year. A large fraction of this increased production is associated with benthic microalgae as sedi-
ment resuspension by wind in the shallow water column limits seagrass production to the more shel-
tered areas of the estuary. In contrast, the immature Wallis Lake has a relatively larger and deeper 
central mud basin and, as such, more light is attenuated in the water column and less light reaches 
the lagoon floor. High currents cause sediment resuspension, greater water column turbidity, and 
less suitable substrate conditions for benthic producers in the Hastings River Estuary, resulting in a 
large decrease in benthic production.

NEM, as a percentage of total production, increased from 15.3% ± 0.4% in the mature Wallis 
Lake to 26.9% ± 5.8% in the semimature Camden Haven, and it then decreased to 20.0% ± 6.0% 
in the mature Hastings River Estuary (Figure 18.8b). The differences in NEM as a percentage of 
total production (function) may be controlled by the geomorphology and hydrodynamics (structure) 
of the three systems. The immature Wallis Lake has a deep mud basin that would trap organic 

tAble 18.4 (continued)
description of the main benthic habitats and Areal contribution to total In-stream 
habitat for hastings river estuary, camden haven, and wallis lake

lagoon

description
Area 
(km2)

% of 
total Areabenthic habitat

Zostera macroalgae Mixed Z. capricorni and macroalgae beds (Z. capricorni dominant) 3.74 4.13

Posidonia Posidonia australis seagrass beds 4.01 4.43

Subtidal mud shoals Areas of mud sediment that are immersed throughout the tidal cycle 4.02 4.44

Lake sands Shallow subtidal coarse quartz sands with extensive diatom coverage 4.32 4.77

Halophila Habitats where Halophila ovalis is the dominant vegetation type 4.77 5.27

Subtidal sand shoals Areas of sand habitat immersed throughout the tidal cycle 10.31 11.40

River muds Upper estuarine habitats with fine fluvial sediments 14.92 16.49

Zostera Habitats where Zostera capricorni is the dominant vegetation type 19.18 21.20

Mud basin Depositional central basin areas with fine silt sediments and phytodetritus 19.21 21.24

Total 90.45

Source: Modified from Maher (2010).
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Benthic Habitat
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fIgure 18.5 Benthic habitat map of the Hastings. (Modified from Maher, D. et al. 2007. Benthic habitat 
mapping, primary productivity measurements and macrofauna surveys in the Camden Haven and Hastings 
River Estuaries. Report to Port Macquarie Hastings Council, Centre for Coastal Biogeochemistry, Report No. 
2007-5. Southern Cross University, Lismore, Australia.)
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fIgure 18.6 Benthic habitat map of the Camden Haven. (Modified from Maher, D. et al. 2007. Benthic 
habitat mapping, primary productivity measurements and macrofauna surveys in the Camden Haven and 
Hastings River Estuaries. Report to Port Macquarie Hastings Council, Centre for Coastal Biogeochemistry, 
Report No. 2007-5. Southern Cross University, Lismore, Australia.)
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matter with a concomitant increase in respiration and decrease in NEM. The mature Hastings River 
Estuary also has deep channels, but the whole system is more rapidly flushed (Table 18.3), which 
would result in more organic matter being exported to the ocean and less organic matter respired 
within the system than at Wallis Lake. Although the semimature Camden Haven is not as well 
flushed as the Hastings River Estuary, it is very shallow, particularly the areas where benthic pro-
duction is highest, which probably results in organic matter being exported out of the system.
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fIgure 18.7 Benthic habitat map of the Wallis Lake. (Modified from Maher, D. et al. 2007. Benthic habitat 
mapping, primary productivity measurements and macrofauna surveys in the Camden Haven and Hastings 
River Estuaries. Report to Port Macquarie Hastings Council, Centre for Coastal Biogeochemistry, Report No. 
2007-5. Southern Cross University, Lismore, Australia.)
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18.6  wIld fIsherIes ProductIon

The three lagoons have significantly (p = 0.02) different wild fisheries production (catch per fisher, 
based on 20 years of commercial fish catch). Camden Haven has the highest average annual catch 
to fisher ratio, and the Hastings River Estuary has the lowest ratio (Figure 18.9a). The wild fisher-
ies production follows the same trend as the benthic to pelagic production ratio. However, the catch 
attributable to secondary consumers and higher trophic level species (i.e., trophic level above 2) 
shows a decrease in production with increasing system maturity (Figure 18.9b). There is also a dis-
tinct trend in the proportion of NEM transferred to fisheries production (corrected for effort on a per 
fisher basis) (trophic transfer efficiency, TTE), with an increase corresponding to an increase in 
coastal lagoon maturity (Figure 18.9c). TTE shows an inverse relationship with areal carbon burial 
rates that decrease with increasing maturity. This suggests that as a coastal lagoon matures, lower 
burial rates may increase the proportion of NEM transferred to fisheries production.

Energy appears to be more efficiently transferred into the food web in mature estuarine systems, 
but it is more efficiently transferred up the food chain in more immature estuaries (Figure 18.9b). 

tAble 18.5
carbon budgets for hastings river estuary, camden haven, 
and wallis lake

Inputs (t/c) hastings camden haven wallis lake

Diffuse (DOC)a 814 (±197) 806 (±98) 309 (±57)

Atmosphereb 32 (±32) 54 (±54) 151 (±151)

Pelagic productionc 5138 (±1272) 3786 (±583) 16242 (±2662)

BMA productiond 1862 (±599) 4451 (±1153) 7486 (±2823)

Mangrove productione 764 (±764) 261 (±261) 1485 (±1485)

Seagrass productiond 1665 (±283) 8936 (±2026) 28091 (±5462)

Macroalgal productiond 0 0 2017 (±420)

outputs
Pelagic respirationc 3234 (±546) 3125 (±399) 11870 (±2596)

BMA respirationd 2301 (±318) 3463 (±572) 6548 (±2526)

Mangrove respiratione 596 (±596) 204 (±204) 1158 (±1158)

Burial (non veg areas)f 39 (±21) 502 (±141) 2167 (±1121)

Burial seagrassg 129 (±69) 960 (±270) 2774 (±1435)

Burial mangroveg 354 (±190) 121 (±34) 688 (±356)

Total burial 521 (±280) 1582 (±445) 5629 (±2912)

Commercial Fisheries 
Production (2001)h

31 (±4) 31 (±5) 188 (±13)

Seagrass Respiration 1412 (±128) 6460 (±857) 25040 (±4419)

Macroalgae Respiration 0 0 2263 (±526)

Source: Modified from Maher (2010).
a Flow-weighted sampling.
b Volume × concentration.
c Directly measured (dark/light bottle) × 3 sites × 4 seasons.
d Combination of in situ chambers and cores in each habitat × 4 seasons.
e Allometric-based biomass vs. production scaling.
f Measure sedimentation rates (Pb210) and sediment C concentration.
g Global average value.
h NSW Fisheries data (including oysters) converted to C.
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These distinct differences in trophic dynamics are most likely due to the structure and function of 
the three systems. Longer residence times in the mature Wallis Lake (Table 18.3) would retain more 
organic matter within the system, and therefore a greater proportion of NEM is lost through burial. 
However, this retention of organic matter also sustains larger populations of higher-order species. 
Coupled with the long flushing times are the large seagrass beds in both the Wallis Lake and 
Camden Haven lagoons which may act as filters further increasing organic matter retention (Asmus 
and Asmus 2000; Papadimitriou et al. 2005). In addition, the importance of seagras habitats as 
nursery areas (Pollard 1984; Bell and Pollard 1989; Jenkins et al. 1997) may also have contributed 
to the higher-order production.
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18.7  ImPlIcAtIons for nAturAl And AnthroPogenIc chAnge

The geomorphic structure of the three different types of coastal lagoons controls their function 
(see Table 18.5, Figures 18.8 and 18.9). This structure also influences the response of the lagoons to 
natural and anthropogenic change.

18.7.1  natural cHange

Bar-built or wave-dominated estuaries/coastal lagoons mature via infilling of the central basin. 
The rate of this infilling is controlled by the rate of sediment supply from the ocean via waves 
and tidal currents, and from the catchment via river inflow. As the coastal lagoons fill with 
sediment, the relative proportion of their main geomorphic units (i.e., marine tidal delta, cen-
tral mud basin, fluvial delta, and riverine channel/alluvial plain) also changes (Roy et al. 2001; 
Harris and Heap 2003). Changes in the area of the main geomorphic units, in particular the 
central mud basin, alter the proportions of the benthic habitats. These changes, in turn, influ-
ence the benthic-pelagic coupling and the higher-order ecology (e.g., fish landing species). For 
example, there is a decrease in seagrass habitat and an increase in channel marine sands as 
coastal systems infill (see Table 18.4), resulting in a proportional decrease in the ratio of ben-
thic to pelagic production and changes in the type of fish landed (Table 18.5, Figure 18.9). For 
effective management of coastal lagoons, anthropogenic change must be assessed against this 
background of natural evolution.

18.8  PollutAnt loAds

Many pollutants such as nutrients (i.e., phosphorus) and heavy metals are transported attached to 
sediments, and the sediments themselves may also be a pollutant (Eyre and McConchie 1993). The 
degree of maturity or infilling of a coastal lagoon is an important determinant of how susceptible 
the system will be to increased pollutant loading (Harris and Heap 2003). Much of the sediment 
delivered to immature coastal lagoons will be trapped within the system. In contrast, much of the 
sediment delivered to mature coastal lagoons will escape seaward and be delivered to the continen-
tal shelf, with interannual variations in sediment trapping efficiency dependent on the size of floods 
in a given year (Eyre et al. 1998; Hossain et al. 2002). The trapping efficiency of other material is 
also similar. For example, in the mature (type IIID) Richmond River Estuary (same coast, 300 km 
north of the study area) only 2.5% of the nitrogen and 5.4% of the phosphorus that is delivered 
to the estuary are retained (McKee et al. 2000). As such, despite a two- to threefold increase in 
nitrogen and phosphorus loading to the Richmond River Estuary over the past 50 years, there has 
been no change in water column and sediment nitrogen and phosphorus concentrations (Eyre 1997; 
McKee et al. 2000), illustrating its resilience to change. In contrast, in the immature Tuggerah 
Lakes (type IIIB), about 11% of the nitrogen and 40% of the phosphorus delivered to the lagoon is 
retained (Eyre and Pepperell 2001). In response to increased nutrient loads, Tuggerah Lakes show 
symptoms of eutrophication in the form of excess organic matter production (macroalage) (Colett 
et al. 1981), reflecting the higher nutrient retention.

18.9  AcIdIfIcAtIon, deoXygenAtIon, And fIsh kIlls

Although basin infilling and low retention efficiency render mature coastal lagoons less susceptible 
to increased pollutant loads, they also make them more susceptible to acidification, deoxygenation, 
and fish kills. As a coastal lagoon fills with sediment, newly formed geomorphic units (mangroves, 
salt marshes, flood plains, swamps, and wetlands) will develop acid sulfate soils that are rich in 
pyrite (FeS2). Alluvium will cover these soils, creating prime agricultural areas (Roy et al. 2001) 
that alter the vegetation types and drainage characteristics. When acid sulfate soils are exposed to air 
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via draining for agriculture, they produce sulfuric acid that can be flushed into adjacent waterways 
causing a decrease in pH to as low as 2 (Ferguson and Eyre 1999). Waterway acidification results in 
fish mortality and diseases, impairment of oyster production, and impacts on benthic communities 
(Sammut et al. 1996; Roach 1997; Corfield 2000). In addition, when these modified flood plains are 
inundated during flooding, decomposition of the intolerant vegetation can deoxygenate the flood-
waters, resulting in anoxia and fish kills in the adjacent estuary (Eyre et al. 2006). For example, 
following a 1:10 year return period flood in February 2001, 50 km of the Richmond River Estuary 
(a mature coastal lagoon, northern NSW, Australia) was closed to commercial and recreational fish-
ing due to the complete deoxygenation of the water column (DO < 1 mg L–1) and associated total 
fish mortality (Eyre et al. 2006). Similar deoxygenation events in the estuary, albeit not as severe, 
have been recorded for the last 50 years (Eyre 1997). In contrast, immature coastal lagoons have 
fewer geomorphic units that contain acid sulfate soils, making them less susceptible to acidification, 
deoxygenation, and fish kills.

18.10  clImAte chAnge ImPActs

Climate-induced changes of environmental factors that impact coastal lagoons include sea level rise, 
temperature, rainfall and runoff, storminess, and wave climate. The impact of changes in these envi-
ronmental factors varies considerably among the different geomorphic types of coastal lagoons.

18.10.1  sea leVel rIse

Global sea level rise is predicted to range from 0.18 to 0.59 m by the end of the century (IPCC, 
2007). An additional 0.12 m rise is expected along the east coast of Australia due to thermal effects 
of the East Australian Current (McInnes et al. 2007). Coastal lagoons will respond to sea level rise 
by migrating upslope along undeveloped shorelines (Bird 1994). Where shorelines have been hard-
ened, coastal lagoons cannot migrate inland, and vegetation communities will be lost. The effect 
on mature and immature coastal lagoons will depend on their degree of development. Immature 
lagoons are most at risk because they have a higher proportion of benthic habitats such as sea-
grass that will be most susceptible to changes in lagoon structure (Table 18.4). Sea level rise will 
also modify the coastal sand supply, which would have a greater effect on mature coastal lagoons 
with a higher proportion of sandy benthic habitats (Table 18.4). Although previously considered 
to be environments of low productivity (Roy et al. 2001), sandy habitats may be highly productive 
with elevated rates of remineralization of organic matter (Glud et al. 2008; Eyre and Maher 2010). 
Immature coastal lagoons have more restricted exchange with the ocean and are therefore more 
likely to suffer changes in entrance conditions (i.e., mouth sand bars) than mature systems.

18.10.2  temperature

Modeling based on medium emission predictions (IPCC scenario A1B; IPCC 2000) indicates that 
the temperature on the east coast of Australia is likely to rise ~1°C by 2030 (CSIRO 2007). In situ 
temperature increases are expected to be greatest in immature coastal lagoons due to more restricted 
circulation and flushing (Table 18.3). Temperature increases may change the phenology of a whole 
range of coastal lagoon processes involving organisms from phytoplankton and zooplankton to fish 
(Oviatt 2004; Costello et al. 2008; Mooij et al. 2008). An increase in temperature can also directly 
impact many marine species that live near their thermal tolerance (Somero 2002) as well as impact-
ing marine species indirectly via associated decreases in dissolved oxygen concentrations. Oxygen 
depletion of the lower water column is likely to be enhanced in immature coastal lagoons that are 
more susceptible to stratification due to restricted flushing. If chronic oxygen depletion (hypoxia) 
develops in response to temperature increases, it will likely cause significant changes in benthic 
communities (Conley et al. 2007). In addition, immature lagoons are most at risk because they have 
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a higher proportion of benthic habitats (e.g., seagrasses) that are sensitive to temperature increases 
(Blintz et al. 2003).

18.10.3  raInfall and runoff

An increase in summer rainfall and an increase in rainfall intensity are predicted for the southeast 
coast of Australia (CSIRO 2007). An increase in summer rainfall and runoff associated with climate 
change will increase the amount of freshwater, sediment, and nutrients delivered to coastal lagoons. 
The impact of these increased loads will be greater in immature systems compared to mature sys-
tems. More of the sediment delivered to immature coastal lagoons will be trapped, thereby facilitat-
ing basin infilling. Immature coastal lagoons also have a higher proportion of benthic habitats that 
will be susceptible to impact from increased sediment loads. The loss of seagrass habitat in these 
systems will change the ratio of benthic to pelagic production (Table 18.5) and the composition of 
fish communities. An increase in nutrient loads will also have a greater impact on immature coastal 
lagoons due to their higher nutrient retention efficiency, leading to enhanced eutrophication (see 
Section 18.8, Pollutant Loads, above). Immature coastal lagoons generally have lower salinities 
because of longer residence times (Table 18.3). Increases in freshwater inflow could have a dramatic 
effect on the structure and function of biotic communities in these systems.

Increased rainfall and runoff will have less impact on mature coastal lagoon systems that are 
already subject to rapid changes in flushing associated with flood events (Eyre and Twigg 1997). 
Any increase in the frequency and magnitude of flood events would further decrease the low sedi-
ment and nutrient retention efficiency of these systems (Eyre et al. 1998; McKee et al. 2000). The 
salinity gradients in mature coastal lagoons rapidly reestablish following flood events (Eyre and 
Twigg 1997). Therefore, increased freshwater inputs will have less of an impact than in immature 
coastal lagoons. An increase in rainfall and more regular flooding should decrease acid discharges 
in mature coastal lagoons due to higher groundwater tables. In addition, more regular flooding of 
the floodplain of mature coastal lagoons should decrease the buildup of organic matter that results 
in the deoxygenation of floodwaters (Eyre et al. 2006) and may enhance offshore fisheries produc-
tion due to the greater export of organic matter.

18.10.4  stormIness and waVe clImate

Modeling of the southeastern coast of Queensland indicates an increase in the number of weather 
systems producing extremes in both wind and precipitation (Abbs and McInnes 2004). Any increase 
in the frequency and intensity of storms along the east coast of Australia will increase the probabil-
ity of breaching barrier beach systems enclosing coastal lagoons. Sea level rise will further increase 
overwash events. The breaching of barriers will increase the flushing rate and salinity of coastal 
lagoons. Greater storm activity will increase the breaching of barriers enclosing both immature and 
mature coastal lagoons; however, the impacts would probably be greater in immature systems due 
to their greater proportion of more susceptible habitats (Table 18.4).

Mature coastal lagoons are hydrodynamically more strongly linked to the coastal ocean than 
immature coastal lagoons due to less restricted exchange and more rapid flushing. As such, any 
changes in ocean circulation patterns and wave climate associated with climate change that affect 
upwelling and delivery of nutrients will have a greater impact on mature coastal lagoons. For 
example, an input of nitrogen from the ocean during the dry season is evident in both the mature 
Richmond River and Brunswick estuaries (McKee et al. 2000; Ferguson et al. 2004). Mature east 
coast Australian river estuaries, in general, are nutrient limited much of the year, particularly dur-
ing the dry season (Eyre 2000), and any decrease in the ocean nitrogen load would likely result 
in a decrease in estuarine productivity. Many fish species will expand their geographic range in a 
poleward shift with increasing global temperature. Changes in ocean circulation, increases in UV 
radiation, and changes in primary and secondary productivity are all likely to significantly impact 
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the recruitment of fish species (Hobday et al. 2006), and in concert with fisheries harvest may lead 
to the collapse of some fish stocks.

18.11  conclusIons

As east Australian coastal lagoons mature, the areal extent of their geomorphic units (structure) 
changes linearly with a decrease in the extent of deep and shallow subtidal mud shoals and an 
increase in the extent of marine sand channel and fluvial sands. These structural changes, in turn, 
alter the function of these systems. For example, the ratio of benthic to pelagic production and 
NEM as a percentage of primary production and wild fisheries production (catch per fisher) all 
show nonlinear changes with increasing maturity, with an initial increase as the system moves 
from immature to semimature followed by a decrease as the system moves from semimature to 
mature. In contrast, the production (catch per fisher) of higher trophic level fish species shows a 
linear decrease with increasing system maturity, and the proportion of NEM transferred to fisheries 
production (trophic transfer efficiency) increases with increasing system maturity. As such, energy 
appears to be more efficiently transferred into food webs in mature systems, but this energy is more 
efficiently transferred up the food chain in more immature systems. Immature coastal lagoons most 
likely sustain larger populations of higher-order species due to greater retention of organic matter 
and larger areas of seagrass habitat. However, the higher retention capacity of immature coastal 
lagoons combined with their larger areas of seagrass also makes them more susceptible to pollutant 
loads and climate change impacts such as sea level rise, temperature increases, increased rainfall 
and runoff, and increased storminess and wave activity.
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AbstrAct

Analysis of the Venice Lagoon responses to changing morphological features, freshwater discharges, 
nutrient loads, fishing activities, and other factors shows that this shallow coastal water body is a 
complex, heterogeneous, and continuously evolving dynamic system, sensitive to an array of exter-
nal drivers and pressures. Both natural and anthropogenic stressors significantly affect the lagoon 
system. To successfully assess the impacts of anthropogenic activities on the lagoon, it is important 
to understand the extent of natural variability and spatial heterogeneity. Investigations of the biotic 
communities, biogeochemical processes, and bottom habitats demonstrate that external drivers of 
change can alter the structure and function of the entire ecosystem through direct and cascading 
effects. Therefore, responsible governance is needed to effectively manage lagoon components, and 
a successful resource management of the lagoon requires an integrated vision and a participatory 
adaptive approach.

Key Words: Venice Lagoon, human impacts, eutrophication, climate change, benthic community 
responses, manila clams, Ulva, coastal zone management.

19.1  IntroductIon

Venice Lagoon is a shallow coastal water body affected by an array of anthropogenic factors. To 
assess the significance of anthropogenic drivers of change, it is vital to understand the extent of 
natural variability and spatial heterogeneity of the system. In this chapter, we review studies of 
the lagoon responses to major external disturbances. Results of these studies indicate the follow-
ing: (1) the lagoon is a complex, heterogeneous, and dynamic system that evolves continuously in 
response to modifications from stressors; (2) implementation of management policies and human 
intervention can alter ecosystem conditions; and (3) direct effects on one or several ecosystem com-
ponents influence other components, leading to changes in the ecosystem structure and function. 
We conclude that efficient ecosystem governance is possible and may be necessary, but given the 
complex nature of how the ecosystem functions, great care is required in planning any intervention. 
Hence, effective management of the lagoon should be an outcome of an integrated vision and an 
adaptive approach.

This chapter provides a historical account of the Venice Lagoon showing how human activity 
has affected the system for centuries. In its present condition, the lagoon is not only the result of 
“natural” evolution, but also of continuous active management. We focus here on recent and cur-
rent development and conditions of the system. The lagoon’s morphological settings and drivers of 
change over the last 50 years are examined. Complementary information on the current state and 
observed changes over time for major ecosystem components is also provided, including details on 
the spatial variability of these components, which may be related to spatial gradients in pressures, 
such as distance from rivers or inlets, pollutant point sources, and areas of development. A concep-
tual scheme of the interactions between forcing factors and ecosystem components explains in part 
the recent evolution of the lagoon ecosystem.

19.2  hIstorIcAl PersPectIVe

Venice Lagoon formed ~6000 years ago when sea level rise associated with the Holocene trans-
gression led to the inundation of the present northern Adriatic Sea, creating a system of lagoons 
that extends along the entire northwestern Adriatic coast. Later, ~2000 years ago, this system was 
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segmented into separate subsystems, including Venice Lagoon (Brambati 1992). Since the first 
human settlement, the lagoon has been a protective barrier against invaders and an important source 
of food for the local population in Venice, which grew into one of the most densely populated cities 
in Europe in the sixteenth century.

Human impacts on the lagoon environment also increased through time via pollution inputs, 
fishing activities, dredging of channels, and land use changes. However, maintaining the lagoon in a 
healthy state and preserving the natural resources it provides has always been an important concern 
of the Venetian Republic. For example, fishing was strictly controlled in 1173 by the Magistratura 
della Giustizia (Granzotto et al. 2001), which forbade fishing activities considered damaging to the 
natural resources; enforced regulations on fishing gear and net sizes; restricted the sale of fish solely 
to fish markets to prevent escalating prices and the sale of unhealthy seafood products (Bevilacqua 
1998). Industrial activities (glass, leather, fur, dye works, etc.) were regulated as of 1465, when 
Provveditori alla Sanità (health superintendents) enforced strict rules against air and water pollu-
tion, with relocations from the town center to islands or the mainland, and to preclude the risk of 
fires (Ciriacono 1995). Starting from the late fifteenth century, senators were appointed to control 
the misuse of the lagoon. In 1501, a special water authority called the Magistrato alle Acque was 
set up, with the specific task of governance of the lagoon ecosystem, especially its morphology 
(Bevilacqua 1998).

Venice Lagoon is a system that has undergone constant natural and anthropogenic change, and 
extensive efforts have been made to stabilize and preserve its morphological and ecological fea-
tures. When the Venetians settled in the area, the natural tendency was for sediment infilling of the 
lagoon, which was enhanced by deforestation of the mainland (Ravera 2000). To slow down this 
trend, major rivers (e.g., the Brenta and the Sile) were diverted from the lagoon between the thirteenth 
and the sixteenth centuries (Figure 19.1, sites 1 to 4). Concurrently, the number of inlets was reduced 
(Favero et al. 1988), and the sand bar reinforced. The Venetian Republic’s interventions extended 
even beyond the natural boundaries of the Venetian Lagoon. For example, at the beginning of the 
seventeenth century (1604), flow of the Po River was diverted southward through an artificial delta 
mouth to prevent sediment infilling of areas close to the Venetian Lagoon (Stefani and Vincenti 
2005). A number of studies and monitoring programs were conducted to assess conditions, and 
technical alternatives were also considered. Moreover, practical solutions were provisional and had 
to be tested on site. A further sign of the great attention the Venetian Republic devoted to planning 
is that fishermen and members of the general public were invited by law to monthly conferences on 
the lagoon status, since these people were recognized for their valuable experiences, insights, and 
views on the local environment (Caniato 2005).

In the eighteenth century, the combined effects of coastal subsidence and eustatic rise in sea 
level increased the flooding frequency in the lagoon, and the need to protect the city of Venice from 
the invading sea. Sea defenses (Murazzi) were constructed along the coastal strip at the end of the 
century (Figure 19.1, site 5) (Campostrini 2004). Under Austrian rule and until 1934, the shape of 
the Lido, Malamocco, and Chioggia inlets was altered, and outer dikes were built along the sea 
(Figure 19.1, sites 6 through 8).

The onset of industrialization between the end of the nineteenth and the beginning of the twenti-
eth centuries marked a new era of major anthropogenic changes of the ecosystem. Increased urban-
ization and land reclamation for agriculture, aquaculture, and industry reduced the total surface 
of the lagoon by ~3280 ha during the period from 1924 to 1960 (Ravera 2000). A major industrial 
area, including chemical and oil industries, was established (Figure 19.1, sites 11 through 13), lead-
ing to the dredging of new, deep navigation channels (Figure 19.1, sites 9 and 10). The industrial 
zone expanded over reclaimed areas (the second industrial area; Figure 19.1, site 12). Due to grow-
ing environmental concerns, a third industrial area was never built, but a large area of the lagoon 
had already been converted to solid land (Figure 19.1, site 13). Throughout the twentieth century, 
groundwater withdrawals for industrial purposes, natural subsidence, and sea level rise led to the 
lowering of Venice and part of its lagoon (Carbognin et al. 2004), which further increased the 
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frequency of flooding. Concurrently, the number of fishermen and people working in the lagoon 
decreased sharply, and the number of city inhabitants declined to the present (~70,000) due to sev-
eral causes, such as the cost of living, cost of housing, and difficulty in finding work.

19.3  enVIronmentAl drIVers And Pressures

Venice Lagoon is the largest lagoonal system in Italy, and one of the largest in the Mediterranean 
Sea. It surrounds the city of Venice, with ~70,000 inhabitants and an additional ~10,000,000 visitors 
per year. Chioggia, with ~50,000 inhabitants, and Mestre, with ~200,000 inhabitants, are also along 
the lagoon boundary. This is one of the most important industrial areas of Italy. Many different 
stressors act on the lagoon ecosystem, causing multiple environmental impacts. Among the major 
drivers of change there are land-based activities that deliver nutrients, heavy metals, and other pol-
lutants; fishing (in particular clam harvesting) and aquaculture activities; other factors (e.g., ground-
water extraction, subsidence, eustatism, and transportation) that affect physical and morphological 
features; forcing driving exchanges with the sea; and climatic conditions (Figure 19.2).

With regard to atmospheric forcing, the dominant winds are the Sirocco (from the southeast), 
and the Bora (from the northeast). The Bora dominates in fall and winter (Poulain and Raicich 
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2001), with speeds of over 10 m s–1, though northern and northwestern winds are also observed with 
intensities <5 m s–1. Bora events tend to decrease in spring and summer, when the Sirocco becomes 
more frequent, blowing up to 10 m s–1. Flooding events, known worldwide as acqua alta (high water 
phenomena), mainly result from a combination of tide, seiches, and easterly winds. Spring and fall 
are the seasons with the most rainfall, and June, September, and October the months with the least 
rainfall. Winter is the driest season. Water temperatures closely follow air temperatures, with a dis-
tinct seasonal cycle; minimal values occur in January, and maximal values in July. Average monthly 
temperatures generally range from 3°C to 24°C, but can reach 30°C and fall to 0°C (Figure 19.3).

The lagoon covers an area of ~550 km2, but ~150 km2 are used as extensive aquaculture farms 
and are closed to natural water exchanges. Islands cover ~45 km2 (Figure 19.1). A network of chan-
nels (65 km2) rooted at the three inlets facilitates navigation and water exchange with the ocean. 
Islands, wetlands (generally located just above the mean sea level), and tidal flats (that have a lower 
elevation and are frequently exposed to air during low tides) are connected by channels. The aver-
age depth is only ~1 m so there is a tight coupling between pelagic and benthic environments. 
Decomposition processes are substantial, and biogeochemical processes accelerated.

The lagoon is characterized by a semidiurnal tidal regime with a range of about ±0.7 m. Tidal 
exchanges with the sea may reach 8000 m3 s–1 and typically amounts to about one-third of the total 
lagoon volume per tidal cycle (Gačić et al. 2004). Adriatic waters entering the lagoon are typi-
cally oligotrophic, or at most mesotrophic (Bernardi-Aubry et al. 2004; Solidoro et al. 2009). The 
Po Delta Plume, which sustains eutrophic conditions in the Adriatic, generally flows toward the cen-
ter of the Adriatic Basin or veers southward, and only marginally affects the coastal area close to 
Venice Lagoon.
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19.3.1  suBsIdence and eustatIsm

Lowering the level of the lagoon with respect to the sea increased the frequency of flooding events 
(Carbognin et al. 2004) and facilitated sediment erosion (Fagherazzi et al. 2006), the loss of finer 
sediment (Sarretta et al. in press), and the influence of marine processes (Fagherazzi et al. 2006; 
Sarretta et al. in press). As a result of the diversion of major rivers from the lagoon, riverine input 
of particulate matter has not balanced the sinking of the lagoon, which was higher from 1930 to 
1970 when groundwater and natural gas were extracted from the area. Combined with a continuous 
eustatic rise in sea level, subsidence has further increased relative sea level rise by ~1.5 mm yr –1 
between 1972 and 2002 (Carbognin et al. 2004).

2010200019901980197019601950

2010200019901980197019601950

2010200019901980197019601950

2010200019901980197019601950

2010200019901980197019601950

1200

15.5

2000

12000

60000

60000 6000
4500
3000
1500
0

Tapes 1
Tapes 2
Other

45000

45000
30000

30000

15000

15000

0

0

9000
6000
3000

N diffuse and civil
N total

0

1500
1000

P civil
P total

500
0

14.5
13.5
12.5

1000
800
600
400

m
m

 y
r–1

t P
 y

r–1
t N

 y
r–1

t y
r–1

t y
r–1

 (T
ap

es
)

t y
r–1

 (O
th

er
)

°C

(a)

(b)

(c)

(d)

(e)

(f )

fIgure 19.3 Multiyear time course of ecosystem drivers. (a) Two estimates of Ruditapes philippinarum 
(R. ph.) landing, first axis, label Tapes, and of total landing without R. ph. (second axis). (b) Harvested macro-
algae biomass. (c) and (d) Time course of nitrogen and phosphorus loads. (e) and (f) The time evolution (and 
least square interpolation) of monthly mean temperature and yearly rain (elaboration of database at www.
istitutoveneto.it).



Response of the Venice Lagoon Ecosystem to Natural and Anthropogenic Pressures 489

19.3.2  fresHwater dIscHarges

The lagoon receives freshwater discharges from 11 major tributaries plus several minor rivers and 
a number of man-regulated channels used primarily for agriculture. Freshwater discharges derive 
partly from rain and snow melting in the drainage basin and partly from anthropogenic control asso-
ciated with agricultural use. Maximal discharges occur from October to April and are larger in the 
northern part of the lagoon than in the central and southern sectors. The yearly average freshwater 
discharge is ~40 m3 s–1, although pulses can be as high as 340 m3 s–1, with daily values >200 m3 s–1 
(Collavini et al. 2005). The drainage basin covers 2000 km2, mainly in the Veneto region, one of 
the most intensively cultivated areas in Italy; hence, rivers carry a substantial nutrient load, today 
roughly equivalent to 4000 t N yr–1 and 200 t P yr –1 (Cossarini et al. 2009).

19.3.3  nutrIent loads

Nutrient loads to the lagoon are generated mainly by agriculture, industrial activity, and sewage 
inputs. They have a positive effect on fishing and biodiversity when delivered in moderate amounts, 
insofar as they sustain primary production and food web processes. However, an excess of nutrients 
may also fuel eutrophication, which can trigger secondary effects such as hypoxia, mortality of 
benthic organisms, and the loss of biodiversity (Cloern 2001). Trends of nutrient loads were recon-
structed by merging databases. The time series of diffuse and civil N loads and civil P loads since 
1950 shown in Figures 19.3c and 19.3d were obtained by integrating the following estimates: (1) the 
load estimates by Bendoricchio (1998), based on population trends and agricultural/zootechnic prac-
tices (years 1950 to 1998); (2) experimental data on river inputs in 1999 (project DRAIN; Collavini 
et al. 2005) and in 2001 to 2005 (Arpav 2007); (3) measurements from wastewater treatment plants 
in the years 2001 to 2005 (Vesta 2005a, 2005b); and (4) values from Venice City (Castellani et al. 
2005). By also accounting for the industrial load estimates of Bendoricchio (1998) on N in 1980 to 
1998 and P in 1994 to 1998 and the measurements at Porto Marghera by Magistrato alle Acque di 
Venezia in the last decade (MAV 2002), one can approximate the trend of total nutrient loads into 
the lagoon during the last 30 years (Figures 19.3c and 19.3d). Atmospheric deposition, which was 
recently estimated at ~1100 t N yr –1 and 44 t P yr–1 by MAV (2005), is not included in the estimates 
of total loads. These trends show that the increased use of fertilizers in agriculture and the indus-
trialization of the drainage basin caused a threefold rise in both phosphorus and nitrogen loads 
from the 1950s to the 1980s. The construction of wastewater treatment plants and the total ban of 
phosphorus from detergents in 1989 led to a marked reversal in the trend of phosphorus load, which 
has been reduced to less than half of the amount recorded in 1950. Nitrogen loads have decreased 
only since the 1990s, and current loads are now comparable to those of the mid-1960s (Figure 19.3), 
due to the introduction of nitrification/denitrification processes at the major treatment plants, to 
the closure of fertilizer factories, and to improved fertilization practices in agriculture (Regione 
Veneto 2000).

19.3.4  pollutants

Pollutants from industrial waste and other sources (e.g., drainage basins, urban areas, waste incin-
eration, and boat engines) have been discharged to the lagoon, with a peak input during the 1960s 
and 1970s (Pavoni et al. 1992; Dalla Valle et al. 2005; Frignani et al. 2005), and have been accu-
mulating in the lagoon sediments. Up to a few years ago, attention was mainly focused on heavy 
metals (Hg, Pb, As, Cd, Zn, and Ni), but more recently great concern has been directed toward all 
classes of persistent organic pollutants (POPs), such as dioxins, polychlorinated biphenyls (PCBs), 
hexachlorobenzene (HCB), and polycyclic aromatic hydrocarbons (PAHs). Industries are the major 
sources of these pollutants, which are delivered to the lagoon through point and nonpoint pollution 
pathways, as well as atmospheric fallout (Guerzoni et al. 2007).
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19.3.5  fIsHIng actIVItIes

Fishing can have significant effects on ecosystem structure, by inducing top-down controls that 
change communities (Pauly et al. 1998), decreasing biomass of target species, and increasing mor-
tality of nontarget species (by-catch). Venice Lagoon has long been exploited by small-scale fish-
ing activities using traditional methods, while semi-industrial exploitation developed in the early 
1990s targeting the Manila clam (Ruditapes philippinarum), an allochthonous species introduced 
to increase lagoon production (Solidoro et al. 2000; Granzotto et al. 2004). An analysis of landings 
recorded over the past 50 years (Libralato et al. 2004) indicates that the total amount of catches, 
clams excluded, was ~2000 t yr –1 after World War II, which steadily increased to 5700 t yr–1 by the 
first half of the 1970s. These statistical trends illustrate the increase in catches due to the effective-
ness of new, more powerful engines and fishing devices. Successive landings decreased to less than 
2000 t yr–1 by 2001 (Figure 19.3). This might be due to a combination of changes in fish abundances 
and fishing activity, but also because of changes in the resources targeted.

The Manila clam, introduced in 1983, has been fished since the early 1990s. Landings data for 
this species show that the positive trend peaked in 1999, with a yearly production of ~40,000 t yr–1 
(and a market price of ~2.5 euro kg–1). However, in the following 5 years, landings halved, falling 
in 2003 to values as low as 18,000 t (Figure 19.3a; Melaku Canu et al. in press), possibly reflect-
ing overexploitation of the resource. Fishing vessels targeting the Manila clam use heavy-impact 
fishing gear (Pranovi et al. 2003), and this activity is considered to be a major cause of ecological 
imbalance in the lagoon, since it strongly interacts with the benthic compartment (Pranovi et al. 
2003; Sfriso et al. 2003b), also contributing to the process of sediment erosion and loss from the 
lagoon. To allay social, economic, and ecological concerns related to open-access clam fishing 
(Melaku Canu et al. In press), local administrators allocated ~3500 ha of the lagoon in 2005 to clam 
farming. However, unregulated fishing still occurs.

Aquaculture has been carried out in the Venice Lagoon for many centuries in restricted areas 
(mainly fishing ponds termed valli da pesca). This is an extensive practice that has had little impact 
on system trophodynamics. Semi-intensive activities began during the last century, but it was only 
recently, after the introduction of the Manila clam, that aquaculture became a relevant environmen-
tal issue.

19.3.6  clImate cHange

Climate change is considered a major threat to the survival of Venice Lagoon mainly because of the 
projected increase in sea level. However, other changes can be foreseen, the most significant being 
the maximal warming in the summer (up to 5°C at the end of this century under the A2 IPCC sce-
nario), increased precipitation in the fall and winter, and decreased precipitation in the spring and 
summer (Salon et al. 2008), which could modify system trophodynamics (Cossarini et al., 2008). 
Indeed, an increase in temperature and a decrease in annual rainfall have been recorded over the 
last 50 years. Other direct and indirect impacts due to climate change can be hypothesized, includ-
ing modification of habitats and species distribution.

19.3.7  lagoon goVernance

Lagoon governance is an additional driver of change. For example, the issuance of regulations on 
land use or fishing has had far reaching effects on biota and habitats in the lagoon. The effects are 
mediated by both bottom-up and top-down processes. The harvesting of macroalgae standing crop 
during the 1980s is another example (Figure 19.3).
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19.4  lAgoon stAte And ImPActs

19.4.1  general cIrculatIon and confInement

Water circulation in the lagoon is mainly tide driven (Gačić et al. 2004), but the actual pattern of 
residual transport (i.e., the actual motion after averaging over the tidal cycle) results from non-
linear interaction of wind, basin morphology, inertial motion, and preexisting water levels inside the 
lagoon (Umgiesser et al. 2004). The typical residual circulation pattern consists of a large clockwise 
eddy around the Venice Islands and a net southward flux of water, and it indicates that the large flow 
of freshwater into the northern lagoon basin is balanced mainly by the outflow through the southern 
inlet (Solidoro et al. 2004a). Residence time varies over the lagoon and with meteorological condi-
tions, but average values are on the order of a few days in areas close to the inlets and up to 40 days 
in the inner, more confined areas (Cucco et al. 2009). However, this pattern is significantly altered 
by the wind, which modifies circulation and increases both the water flux at the inlets and inside 
the lagoon (Solidoro et al. 2004a). Indeed, residence time varies significantly with wind velocity 
and direction. The spatial distribution of residence time and root mean square velocity in an ideal-
ized situation, computed using a finite element model specifically calibrated for Venice Lagoon 
(Umgiesser et al. 2004), are reported in Figure 19.4. Here, we define residence time as confine-
ment sensu Guelorget and Perthuisot (1992), that is, the time required for each area of the lagoon 
to replace a given fraction of its volume with seawater, since this is a transport time scale indicator 
particularly suitable for lagoon systems.

A comparison of the general patterns of the spatial distribution of hydrodynamic properties 
obtained by considering real forcings (i.e., wind, tide, and water level at the inlets) supports the 
subdivision of the lagoon into at least three longitudinal sectors, whereas the comparison of the rela-
tive influence of the southern inlet, central inlets, and the two major channels originating in the 
northern inlet suggests a subdivision of the lagoon into four sub-basins. The combination of the two 
subdivisions yields the subdivision based on physical properties proposed by Solidoro et al. (2004a). 
Physical properties are also among the parameters considered by Guerzoni and Tagliapietra (2006) 
and Tagliapietra et al. (2009) in their subdivision of the lagoon.

19.4.2  BatHymetry

In the last decades, the morphological characteristics of the lagoon have changed considerably. 
Overall, we have observed significant erosion of sediment (Degetto and Cantaluppi 2004; Sarretta 
et al. in press) and a change in granulometric composition (Molinaroli et al. 2007; Sarretta et al. in 
press), with the loss of finer fractions. Sediment resuspension is caused by several factors, including 
the dredging of new large channels (Sarretta et al. in press), which altered the existing equilibrium 
between the channels and tidal flats, with consequent erosion of the shallow areas and infilling of 
the channels (Fagherazzi et al. 2006; Defina et al. 2007); an increase in the number and speed of 
boats, with consequent increase in waves and bottom stress (Sarretta et al. in press); a reduction in 
seagrass, which stabilized the sediment (Sfriso et al. 2005a,b; Marani et al. 2007); and widespread 
use of mechanical fishing devices for clam harvesting, which destabilized the substrate (Pranovi 
et al. 2004; Sfriso et al. 2005a,b). Once suspended, the finer fraction of sediment can be exported 
out of the lagoon (Molinaroli et al. 2007).

A comparison of the 1927, 1970, and 2002 bathymetric surveys shows that, on average, the lagoon 
is now ~20 cm deeper than during the 1970s and almost 90 cm deeper than during the 1930s. In 
addition, erosion has been more marked in the tidal flats and central basins (Sarretta et al. in press). 
These morphological changes are the results of sea level rise, natural and human-induced subsidence 
(11, 3, and 9 cm, respectively, according to Gatto and Carbogning 1981), land reclamation, dredging 
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of large navigation channels including the one between the industrial area and the Malamocco inlets 
(site 12 in Figure 19.1) (and consequent modifications in hydrodynamic properties), and by the ero-
sion induced by the Manila clam fishery (Sarretta et al. in press). In this regard, the increase of water 
level, as well as the increase of waves induced by winds and fetch, can alter the equilibrium between 
sediment deposition and resuspension, and promote erosion of shallow waters (Fagherazzi et al. 
2006, 2007). There has been a large increase in the area covered by subtidal flats (depth between 
0.75 and 2 m) from ~90 km2 in 1927 to ~200 km2 today. There is also a significant reduction in salt 
marshes, and a net loss of sediment amounting to ~0.8 mm3 yr –1 (period 1970 to 2002; Sarretta et al. 
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in press). The emerging picture suggests the transformation from a morphologically complex and 
well-developed microtidal lagoon (1927) to a simpler, deeper, flatter-bottomed, and more bay-like 
system (Sarretta et al. in press).

19.4.3  dIssolVed InorganIc nutrIents

The spatial and temporal distribution of nutrients in the lagoon results from the superimposition 
of nutrients derived from point and diffuse sources on land, biogeochemical transformation, and 
exchange with the sea. Significant interannual variation exists, but long-term trends can be deduced 
by comparing recent observations with experimental findings obtained for a specific area (Pastres 
et al. 2004). Studies close to Porto Marghera, for example, illustrate how the decrease in nutrient 
load to the lagoon correlated with a significant decrease in nutrient concentrations (Ciavatta 2000). 
Datasets obtained in five different projects (Figure 19.5) indicate that over the last 40 years ammo-
nia decreased exponentially from 5000 to 50 μg L–1, while phosphorus concentrations declined 
from 200 to 2 μg L–1. A sharp drop in phosphorus concentrations occurred at the end of the 1980s, 
when phosphorus was banned in detergents. Nitrogen was relatively stable between 1965 and 1995, 
but also decreased during the last decade. Athough the decrease in nitrogen concentrations was less 
dramatic than those observed for other nutrients, the present nitrogen concentrations are now half 
of those observed around 2000.

The signal appears to be less clear in areas of the lagoon where pollutant point source inputs are 
less significant. A comparison of study periods in the late 1990s and late 1970s by Acri et al. (2004) 
showed a less sharp decline in phosphorus concentrations between the two periods and an increase 
in dissolved inorganic nitrogen in the central and north sub-basins. A statistically sophisticated 
analysis by Ciavatta et al. (2009) on a fairly homogeneous dataset covering different areas of the 
central basin for the period 1986 to 2006 revealed a more acute decrease in nutrient concentrations 
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in areas close to the nutrient point source inputs. This pattern is not as evident in areas closer to the 
inlets where the nutrient concentration is always lower than in the inner lagoon.

The recent nutrient status can be assessed by analysis of data collected during a 5-year-long 
monitoring program over 30 sampling stations during 2001 to 2003, and 20 stations during 2004 to 
2005 (Solidoro et al. 2009). Figure 19.4 illustrates the spatial distribution of salinity and concentra-
tion of ammonia, nitrate, and phosphate. Maps were generated by smoothing interpolation (inverse 
distance to a power, quadratic law for weight computation and 0.2 smoothing parameter) of the 
2001 to 2005 average values of the 20 sampling stations sampled in all periods. A decomposition 
of space time variability through empirical orthogonal functions shows that most of the space-time 
variability can be captured by a seasonal modulation of a clear spatial pattern, with a gradient of 
nutrients from the inner part (closer to rivers and the industrial area) toward the inlets. Indirect gra-
dient analysis demonstrates that salinity and residence time play a major role in defining this spatial 
pattern (Solidoro et al. 2004b; Solidoro et al. 2009). Indeed, river signatures are clearly recognizable 
in nitrate and salinity distributions, indicating that tributaries represent the major sources, while 
industrial loads are more easily tracked from the spatial distribution of ammonia (Figure 19.4). 
The northern basin and the part of the southern basin close to Chioggia have the highest concen-
trations, while the largest fraction of the load flows into the northern basin. The concentration of 
phosphate today is always at a rather low level in the lagoon, possibly limiting primary productivity 
of the system in summer.

19.4.4  sedIment nutrIents

Today, nutrient concentrations in Venice Lagoon are significantly lower than in the past and are 
continuously decreasing not only in the water column, but also in bottom sediments. By analyzing 
the nutrient concentrations of 34 sampling sites of the central lagoon, it was observed that between 
1987 and 2003, total phosphorus (TP) and total nitrogen (TN) in the top 5 cm of bottom sediments 
decreased from 386 ± 96 to 241 ± 85 µg cm–3 and from 1.21 ± 9.60 to 0.71 ± 0.27 mg cm–3, respec-
tively (Table 19.1). The concentrations of organic phosphorus (OP) in the bottom sediments were 
even greater (Sfriso et al. 2003b), decreasing from 104 ± 42 to 36 ± 25 µg cm–3.

Anoxia events, a secondary effect of massive macroalgae blooms frequently observed during the 
1980s over a large area of the lagoon, are no longer recorded. In addition, oxic conditions occur in 
the upper sediments (Sfriso and Facca 2007). Furthermore, continuous mixing of the upper sedi-
ments due to clam fishing activity likely promotes chemical oxidation of reduced compounds other-
wise trapped in the sediments. An increase in resuspended bottom sediments is also evident based 
on sediment accumulation on sediment traps at rates ranging from 34 to 140 kg dry wt m–2 yr –1 in 
the 1980s to 300 to 1400 kg dry wt m–2 yr –1 in the early 2000s (Sfriso et al. 2005a, 2005b).

19.4.5  cHloropHyll a and pHytoplankton

Chlorophyll a (chl a), considered a proxy of total phytoplankton biomass, decreased from very high 
values during the 1970s (up to 190 μg L–1 in 1978) down to concentrations <25 μg L–1 during the 
1980s, and after an increase in 2000 to 2003, even lower values were recorded in subsequent years. 
Figure 19.4 shows that, in most of the lagoon, average concentrations of chlorophyll a have been 
below 10 μg L–1 since 2001. However, concentrations over the last 3 years are even lower, mostly 
<7 μg L–1, and maximal values are rarely higher than 15 μg L–1 (Solidoro et al. 2009). Chlorophyll a 
concentrations follow a seasonal pattern, being highest in summer after a minor spike in spring. 
The intensity of summer phytoplankton blooms mainly depends on nutrient concentrations, which 
may be related to river discharges and the amount of rainfall during the previous weeks. Phosphorus 
concentrations are often very low, possibly limiting during summer in the driest years. Indeed, 
significant variations can occur in yearly average values of chlorophyll a, even if yearly average 
nutrient concentrations are quite similar (Solidoro et al. 2004b). Nutrients are rapidly assimilated by 
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phytoplankton in summer and generally enter biogeochemical cycles in the lagoon. In winter, how-
ever, when phytoplankton abundance is greatly reduced in the lagoon, far less nutrients enter biotic 
compartments and are more likely flushed out to sea than during the summer months (Solidoro et al. 
2004b, 2005).

In Venice Lagoon, as in other large tidal-dominated coastal systems, the phytoplankton com-
munity exhibits high temporal and spatial variability. Therefore, it is difficult to provide an accurate 
representation of the system and to speculate about the long-term interannual trends of the com-
munity. However, general patterns can be delineated.

Voltolina (1975 and references therein) described the phytoplankton community in the lagoon 
prior to the 1980s. Spatial and temporal patterns of the community were reported for the area 
between the Burano wetlands and the Malamocco in 1971 and 1972. Phytoplankton abundance was 
as high as 108 cells L–1. Frequent and abundant phytoplankton blooms were recorded, which caused 
brown discoloration of the water. These blooms were dominated by diatoms (mainly the centric 
diatom Skeletonema marinoi, ex costatum) and small green flagellates, whereas other taxonomic 
groups, such as euglenophyceans (Eutreptiella), naked dinoflagellates (Gymnodinium), and coc-
colitophorids (Calyptrosphaera) were observed only occasionally. In the following years, plankton 

tAble 19.1
characteristics of major Plant subsystems and sediment nutrients 
in the Venice lagoon during the 1980–2003 Period

Past ulva
ulva decline/

tapes spreading
tapes 

fishing Present

ha kt ha

seagrasses 1990 2003

N. noolti — 4144 — —   5  634

C. nodosa — 1634 — — 100 2946

Z. marina — 3643 — —  90 3443

macroalgae central basin 1980 1987 1993 1998 2003

Ulva SC (kt) 422 560 85 8,7 10,9

Ulva NPP (kt yr–1) 1371 1 500 377 43 62

Ulva GPP (kt yr–1) 8816 10 000 2 000 200 286

macroalgae lagoon 1980 2003

Ulva SC (kt) 840 — — — 89

Ulva NPP (kt yr–1) 2912 — — — 472

Ulva GPP (kt yr–1) 18498 — — — 2335

sediment (top layer 5 cm) 1987 1993 1998 2003

P tot (μg cm–3) — 386 361 375 241

N tot (μg cm–3) — 1210 1140 930 710

Note: Column heading “Past” refers to the period prior to Ulva massive blooms (before 1985); 
“Ulva” to the period of massive Ulva proliferation (approximately 1985–1990); “Ulva 
Decline” to the period ~1991–1995; “Tapes Fishing” to the period 1995–2002; and “Present” 
to the period after 2002.

Sources: Data from Caniglia et al. (1990); Rismondo et al. (2003); Sfriso et al. 2005a,b; Sfriso and 
Facca 2007; Facca et al. 2008.
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abundance was generally lower, with major blooms up to 107 cells L–1, but only in limited areas of 
the lagoon, usually in the inner part, where small phytoflagellates and small diatoms were com-
monly found. Over a 35-year period (1958 to 1992), phytoplankton primary production varied from 
76 mg C m–3 hr–1 (Vatova 1960) in 1958 to 580 mg C m–3 hr–1 20 years later (Battaglia et al. 1983). 
It declined to 186 mg C m–3 hr–1 in 1985 (Degobbis et al. 1986) and to 145 mg C m–3 hr–1 in 1992 
(Bianchi et al. 2000). At the time of extensive macroalgal blooms in the 1980s, phytoplankton 
abundance was high near the industrial area and in deep channels, which were light limiting for 
macroalgae (Sfriso and Pavoni 1994). Phytoplankton blooms, often dominated by diatoms, were 
usually observed in the late winter before the increase in Ulva (e.g., Skeletonema marinoi; Socal 
et al. 1999), and again in May to July after the decline of Ulva (Cylindrotheca closterium; Bianchi 
et al. 2000). Chlorophyll a typically reached concentrations of ~20 mg m–3, with highest concentra-
tions exceeding 100 mg m–3 (Sfriso et al. 1987, 1992; Socal et al. 1999). Some investigators noted a 
slight increase in phytoplankton abundance just after the decline of Ulva blooms (Acri et al. 2004; 
Socal et al. 2006), but by 2002 and for the last 10 years, phytoplankton abundances have decreased, 
especially in shallow or more confined areas.

During the last 10 years, a distinct increase in sediment resuspension and benthic species abun-
dance has also been recorded (Facca et al. 2002; Acri et al. 2004). A reduction in late spring-summer 
phytoplankton blooms has also been documented. In terms of species composition, it can be assumed 
that neritic diatoms and several species of large colonial diatom species (e.g., Chaetoceros spp.) cur-
rently dominate microalgal populations in areas near the inlets, while mixed populations composed 
of chlorophyceans, euglenophyceans, and brackish water diatoms develop in the inner areas, with 
Skeletonema more abundant along or close to channels and resuspended benthic diatoms and cryp-
tophyceans observed in marshes (Bianchi et al. 2000). The most recent investigation to estimate 
phytoplankton primary production in Venice Lagoon was carried out at four stations in 2005. The 
minimal values were recorded in January (<1 mg C m–3 hr1), and the maximal values (up to 300 mg 
C m–3 hr–1) in July. An increasing gradient of values was observed moving from the inlet (16 mg C 
m–3 hr–1) toward the industrial area (Pugnetti and Acri 2007).

19.4.6  zooplankton

The ecological characteristics of the Venice Lagoon favor the occurrence of zooplankton species 
able to adapt to highly variable environmental conditions. Copepods account for about 80% of the 
total community (Camatti et al. 2006b), and Acartia is the most representative genus. Cladocera 
and other taxa can be found more frequently in the areas close to the inlets. A distinct seasonal 
pattern exists, roughly mirroring that of the phytoplankton, and there is a summer peak of ~8,000 
individuals m–3 (Camatti et al. 2006b).

Changes have been observed in the mesozooplankton community structure. From the second half 
of the 1980s, the abundances of the more representative copepods in the Venice Lagoon, Acartia 
margalefi and Acartia latisetosa, decreased while during summer 1992, the copepod Acartia tonsa, 
a nonindigenous calanoid copepod, appeared for the first time in very high abundances (Comaschi 
et al. 1994; Camatti et al. 2006b). Currently, A. tonsa is an abundant or dominant species in regions 
of high particle concentration. It dominates the inner and middle part of the basin most of the year, 
occupying the original area of A. latisetosa and A. margalefi (Bandelj et al. 2008), whereas A. clausi 
is the most important taxon in the areas around the seaward inlets. Acartia latisetosa, a species 
specifically associated with brackish water, is becoming rare. Since the 1980s, the abundance of 
A. margalefi has decreased, and its occurrence in the lagoon is currently not as important as in 
the past (Camatti et al. 2006b). Currently, A. tonsa is the most representative taxon in the Venice 
mesozooplankton community (Acri et al. 2004; Camatti et al. 2006a), being the dominant species 
in quantitative terms, and accounting for more than 90% of the total zooplankton (Table 19.2). The 
increase in A. tonsa in Venice Lagoon and its absolute predominance during warm periods seems to 
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have reversed the zooplankton biomass gradient between the lagoon and sea, reflecting the greater 
zooplankton production in the inner area (Bressan et al. 2004).

19.4.7  macropHytoBentHos

After the 1960s, the lagoon experienced abnormal growth of Ulvaceae, which replaced seagrass 
populations. There are few indications of major macroalgae blooms during the 1970s, but during 
the 1980s, massive blooms with densities as high as 20 kg f wt m–2 were regularly recorded in a 
large area of the lagoon, with marked effects on nutrient cycles both in bottom sediments and the 
water column (Solidoro et al. 1997a, 1997b; Sfriso et al. 2003b). In 1980, the macroalgal standing 
crop (SC), and the net (NPP) and gross (GPP) production were estimated to be 840 kt f wt yr –1, 
2912 kt f wt yr–1, and 18,498, kt f wt yr–1, respectively (Table 19.1). This condition persisted until 
the early 1990s, then progressively decreased (Figure 19.5), likely because of a combination of fac-
tors (Sfriso and Marcomini 1996). In 2003, macroalgae SC, NPP, and GPP decreased to 89 kt f wt 
yr–1, 472 kt f wt y–1, and 2,335 kt f wt yr –1, respectively. The macroalgae decline was particularly 
high in the central lagoon, where in 2003 the SC, NPP, and GPP decreased to 2.6%, 4.6%, and 3.4%, 
respectively, of the values recorded in 1980 (Sfriso and Facca 2007). The decline continued to 2005 
(Miotti et al. 2007), then in successive years, some blooms were observed, especially southwest of 
Venice. However, the high biomasses recorded in the past were never observed again (Sfriso et al. 
2007) (Table 19.1).

At present, the main producers of the lagoon are seagrasses. In 2003, Cymodocea nodosa 
accounted for 52% and 51% of the total seagrass SC and NPP, respectively (Sfriso and Facca 2007). 
This species also exhibited SC and NPP values higher than all the seaweeds combined (Table 19.1). 
Zostera marina had slightly lower values, whereas Nanozostera noltii accounted for only 5% and 
3% of total SC and NPP values, respectively. The first studies of these seagrass species date back 

tAble 19.2
characteristics of Phytoplankton in the Venice lagoon 
during the 1970–2002 Period

Past ulva
ulva decline/

tapes spreading tapes fishing

Phytoplankton abundance 1973 1993 1998–2002

Total lagoon (106 cell L–1) 62 — — 22

Central sub-basin (106 cell L–1) — — 2.6 4.4

Central sub-basin (C μg L–1) — — 188 40

zooplankton abundance 
(individuals m–3) 1970 1980 1992 2000

A margalefi 850  34 9 27

A clause 978 747 198 113

A. latisetosa 167  61 1 1

A. tonsa   0   0 17250 1445

Note: Column heading “Past” refers to the period prior to Ulva massive blooms (before 
1985); “Ulva” to the period of massive Ulva proliferation (approximately 
1985–1990); “Ulva Decline” to the period ~1991–1995; and “Tapes Fishing” to the 
period 1995–2002.

Sources: Data from Voltolina (1975); Facca et al. (2004a, 2004b); Camatti et al. (2006a); 
Comaschi et al. (1994); Sfriso and Facca (2007).
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to 1990 when Caniglia et al. (1990) mapped the distribution of the three main species that colonize 
the lagoon (i.e., C. nodosa, N. noltii, and Z. marina). Overall, these species covered 5493 ha in 1990 
and 5431 ha in 2002 (Rismondo et al. 2003). However, despite the similar coverage, the dominance 
of the three species changed markedly. In 1990, N. noltii dominated the other species, covering 
4144 ha (mixed and pure beds), but in 2002 it decreased to 634 ha. In contrast, C. nodosa increased 
in areal distribution from 1634 ha in 1990 to 2946 ha in 2002. The coverage of Z. marina was simi-
lar both in 1990 (3643 ha) and 2002 (3443 ha). This change in dominance seems to have been caused 
by several factors, the most important being the improved dissolved oxygen conditions in the lagoon 
for C. nodosa, the most sensitive species (Sfriso et al. 2007), and the reduced habitat suitability and 
water clarity for N. noltii (Sfriso and Facca 2007).

A total of ~300 species of macroalgae have been recorded in the Venice Lagoon (Sfriso and 
Cavolo 1983; Sfriso and Curiel 2007) and the number of species appears to be increasing, although 
87 taxa (54 Rhodophyceae, 25 Phaeophyceae, and 8 Chlorophyceae) have not been found in the 
lagoon in recent years. Some of the newly recorded species, such as Sargassum muticum (Yendo) 
Fensholt and Undaria pinnatifida (Harvey) Suringar, are large species of extra-Mediterranean ori-
gin introduced into the lagoon in the early 1990s. They have colonized hard substrates of the lagoon, 
replacing native species. Originally inhabiting cold temperate waters, these species began to grow 
in winter, and in spring hard substrates of the city were completely covered by algae thalli (biomass 
5 to 15 kg f wt m–1) which hindered boat navigation (S. muticum reaches 7 to 8 m). Because these 
species cannot grow on soft substrates, their total biomass is limited to a few thousand tonnes, and 
the impact on the ecosystem is much lower than that caused by Ulva (e.g., during the 1980s) (Curiel 
et al. 2010).

19.4.8  macrozooBentHos

Analysis of available data on the macrobenthic community during three study periods over the last 
70 years shows that changes occurred in the community structure between the 1990s and 2004, rela-
tive to the 1935 baseline. Species diversity sharply decreased through time, with the lowest values 
recorded in 1999, as indicated by Shannon index values (Table 19.3). Different trends are apparent 
in different sub-basins of the lagoon, with the southern sub-basin showing the most conservative 
pattern. The central sub-basin has exhibited the greatest changes (Pranovi et al. 2008). This pattern 
can be related to differences both in the structural components of the lagoon, such as the historical 
presence of consolidated seagrass meadows in the southern part of the water body (Caniglia et al. 
1990), and the huge amount of Manila clams and the mechanical harvesting impacts, particularly 
in the central sub-basin (Pranovi et al. 2006). This is also reflected by an acute change in the func-
tioning of the benthic community (Table 19.3). Data from 1935 indicate a healthier condition, with 
a well-diversified community, well-assorted trophic structure, and an important contribution of epi-
faunal species, usually characterized by high mobility. Giordani Soika and Perin (1974) referred to 
a remarkably impoverished benthos during the late 1950s to 1960s, with a shift toward more tolerant 
assemblages, a reduction in brackish species, and an increase in marine forms. The end of the 1980s 
was characterized by a huge biomass of benthic primary producers, dystrophic crises, and a trophic 
structure dominated by herbivores and detritus feeders, which by 1990 accounted for more than 
55% of the total macrobenthic abundance. Then, in 1999, after the extremely successful invasion by 
the Manila clam, filter feeders (mainly bivalves) became dominant, accounting alone for ~50% of 
the macrobenthic abundance. During this period, the benthic community exhibited high secondary 
production, mainly due to the Manila clam (Pranovi et al. 2007, 2008).

In Venice Lagoon, as in most lagoons in the northern Adriatic Sea, distinct geomorphological 
zones can be recognized, including (1) inner meso-oligohaline areas close to rivers, (2) a middle 
mud basin characterized by low energy and sedimentation of fine sediments, and (3) marine tidal 
deltas around the inlets divisible into a seaward and a lagoonal component defined by ebb tidal 
deltas and flood tidal deltas, respectively (Tagliapietra et al. 2009; Tagliapietra and Minelli 2009). 
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The middle mud basin is typified by reduced hydrodynamics and more silty sediments roughly 
subdivided into two main parts (i.e., the shallow open waters of the central basin and the innermost 
part of the basin near the mainland where environmental conditions such as salinity, temperature, 
and dissolved oxygen are highly variable).

The near-shore areas and the ebb tidal delta are inhabited by species adapted to high salinity, 
high hydrodynamics, and sandy sediments with low organic content. Meadows of seagrasses, mainly 
Cymodocea nodosa and Zostera marina, thrive in this zone. Filter feeders dominate the benthic 
community here, such as the clam Chamaelea gallina, the razor clam Ensis minor, and the very 
abundant tellinids. Common gastropods include the muricidae Bolinus brandaris and Hexaplex 
trunculus and the nassarids Nassarius mutabilis and N. nitidus. Among the polychaetes, the most 
common species are Owenia fusiformis and Arenicola marina. Many of these species also occur 
in the lagoon, inhabiting the flood tidal delta area, where the razor clam Solen marginatus replaces 
Ensis minor, and the clam Chamaelea gallina declines in abundance, being progressively replaced 
by other venerids such as Paphia aurea and the Manila clam. The gastropod Nassarius mutabilis is 
replaced by other nassariids such as Nassarius nitidus and, to a lesser extent, by Cyclope neritea, 
which is more widespread in the inner part of the lagoon.

Filter feeders are still important in the middle basin; common bivalves are Loripes lac-
teus, the venerids Paphia aurea and Ruditapes decussatus, and the autochthonous carpet clam, 
which seems to have been partially replaced by the Manila clam. The Pacific oyster Crassostrea 
gigas, introduced in the lagoon around the 1960s, is very common in this zone (Mizzan 1999). 
Bivalves, such as Cerastoderma glaucum (lagoon cockle) and Abra segmentum, are dominant 
in the innermost part of the middle mud basin. Detritivores increase in abundance in the middle 
mud basin where the accumulation of organic matter in bottom sediments is high. Representative 
detritivore species include the nereid polychaetes Neanthes succinea and Hediste diversicolor. 
The spionid Streblospio shrubsolii is also characteristic of this zone and experiences wide sea-
sonal fluctuations in abundance (Tagliapietra et al. 1998; Maggiore and Keppel 2007).

Along inner shallow areas, where rivers enter the lagoon, Scrobicularia plana is commonly 
found. In the estuarine zone of the Venice Lagoon, S. plana used to be very abundant, but it has 
declined dramatically since the middle of the twentieth century. This decline was likely due to a 

tAble 19.3
comparison of macrobenthic community characteristics 
in the Venice lagoon during 1935, 1990, and 1999

benthos

Past ulva
ulva decline/

tapes spreading tapes fishing

1935 1990 1999

Shannon 2.1 1.7 — 1.1

Composition (%) —

Filter feeders 28 25 — 50

Herbivores  2 17 —  1

Detritus feeders 23 39 — 17

Predators  6  3 —  4

Omnivores 41 16 — 28

Note: Column heading “Past” refers to the period prior to Ulva massive 
blooms (before 1985); “Ulva” to the period of massive Ulva prolifera-
tion (approximately 1985–1990); “Ulva Decline” to the period 
~1991–1995; and “Tapes Fishing” to the period 1995–2002.

Source: Data from Pranovi et al. (2007).



500 Coastal Lagoons: Critical Habitats of Environmental Change

reduction in freshwater input, although the effects of pollutants cannot be discounted. The small 
gastropod Hydrobia ulvae also occurs in high density, often together with the amphipod Corophium 
orientale. In sheltered areas removed from fish predation, red larvae of the insect Chironomus 
salinarius commonly occur. In these areas, high densities of the sedentary opportunist Capitella 
capitata and other capitellids are observed as well. Hediste diversicolor reaches its highest densities 
in the intertidal zone.

19.4.9  nekton

A total of 79 species of fish have been identified in Venice Lagoon (Mainardi et al. 2002, 2004, 
2005; Malavasi et al. 2004; Franco et al. 2006a, 2006b, 2008a, 2008b). Fish can be grouped into 
several ecological guilds based on species physiological tolerances to environmental conditions, 
type of migratory behavior, and reproductive mode. These include: (1) lagoon residents (LR), which 
spend their whole life cycle (or most of it) in the lagoon environment; (2) marine juvenile migrants 
(MJ), which spawn at sea and utilize the lagoon as a nursery; (3) marine seasonal migrants (MS), 
which regularly enter the lagoon environment, mainly in late spring-summer to take advantage of 
the high abundance of prey; (4) marine occasional visitors or stragglers (MO), which are marine 
spawners (stenohaline species) only occasionally found in the lagoon; (5) catadromous (MC) and 
anadromous (MA) migrants, which use lagoon waters mainly as pathways for ontogenetic migration 
between the sea and fresh water and vice versa; and (6) freshwater species (FW) (Malavasi et al. 
2004; Franco et al. 2006a, 2008b).

Marine stragglers are the most abundant guild with 32 species, followed by marine migrants 
(i.e., MJ, MS, and MC) with 24 species, and lagoon residents with 17 species. Significant seasonal 
variations have been observed, including a progressive increase in species richness, total abun-
dance, and biomass during spring as a result of both the immigration of individuals from the sea and 
the recruitment of resident species, a summer peak, and a decrease during late fall (Malavasi et al. 
2004, 2005; Franco et al. 2006a, 2006b). On an annual basis, lagoon residents account for ~90% 
of the total fish abundance, whereas the euryhaline species (MJ and MS in particular) account for 
just 6.2%.

The fish assemblage in seagrass beds is dominated in numerical abundance by resident species 
such as the sand smelt Atherina boyeri, the grass goby Zosterisessor ophiocephalus, and the pipe-
fish Syngnathus abaster, S. typhle, and Nerophis ophidion. The seagrass meadows provide temporal 
stability to the assemblage during the year, which is not characteristic of the fish fauna in other 
habitats (Franco et al. 2006a, 2006b).

In mudflats and tidal creeks, small-sized resident species are abundant, such as the gobies 
Pomatoschistus marmoratus, P. canestrinii, and Knipowitschia panizzae, and the pupfish Aphanius 
fasciatus. Marine migrant species (e.g., Engraulis encrasicolus, Platichthys flesus, Solea solea, 
Liza saliens, and Pomatoschistus minutus) are also well represented in these habitats.

In barren or sparsely vegetated sandy bottom habitat areas, the fish fauna is generally less abun-
dant. Here, the most common species are widely distributed residents, such as A. boyeri and P. mar-
moratus, and marine migrants (including marine juveniles).

19.4.10  landIngs data

Data on nekton community composition over time are generally lacking, but data compiled on 
artisanal catches might provide a proxy for such trends. However, we must be cautious when inter-
preting this kind of data because not all species are fished, and because changes in landings also 
stem from changes in fishing effort and other activities, market values of target species, and market 
demand. Using market data corrected for unofficial landings for the years 1945 to 2001, it was pos-
sible to pinpoint differences in catch composition in terms of trophic guilds (Libralato et al. 2004), 
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whose averages for relevant periods are reported in Table 19.4. A steady increase in the proportion of 
detritivorous fishes (mainly Mugilidae) from 13% to 20% of the catches is observed. Concurrently, 
the proportion of scavenger crabs (mainly Carcinus aestuarii) and shrimps (mainly Palaemon 
sp. and Crangon crangon) decreased steadily from 26% to 8% and from 11% to 2%, respectively. 
Benthic feeder fishes, mainly Gobiidae, accounted for 11% of the landings before the 1960s, and 
then increased up to 16% during the Ulva and post-Ulva period. They subsequently declined to 
10% of the landings during the extensive clam exploitation period (1996 to 2001). Plankton feed-
ers, mainly Atherina sp. and Engraulis encrasicolus, accounted for 15% of the landings during the 
period 1945 to 1960 and then increased to 26% during the period 1961 to 1984. Plankton feeders 
decreased progressively from 22% to 17%, and to 8% during the following periods: 1985 to 1989, 
1990 to 1995, and 1995 to 2001, respectively. Landings are also characterized by a sharp increase 
in piscivorous fishes (mainly D. labrax): 8% of the catches in 1945 to 1960, and 29% during the last 
period 1995 to 2001. Cephalopds (Sepia officinalis, Loligo vulgaris) comprised 15% of the landings 
during the period 1945 to 60, and then progressively increased up to 36% during the period 1990 to 
95. This guild now accounts for ~21% of landings (Table 19.4).

19.5  ecosystem resPonses

The Venice Lagoon is a large, open system subjected to natural and anthropogenic stressors, and 
characterized by highly heterogeneous morphological structure and variable physicochemical 
(Molinaroli et al. 2007; Cucco et al. 2009), biogeochemical (Solidoro et al. 2004a, 2004b), and 
biological (Occhipinti Ambrogi et al. 1998; Malavasi et al. 2004; Franco et al. 2006b; Guerzoni 
and Tagliapietra 2006; Marchini and Marchini 2006; Bandelj et al. 2008, 2009; Tagliapietra et al. 
2009) conditions. It can be subdivided into four sub-basins typified by internal, intermediate, and 
pseudo marine areas (Figure 19.6) (Solidoro et al. 2004b; Marchini and Marchini 2006; Bandelj 
et al. 2008, 2009; Sfriso et al. 2009; Tagliapietra et al. 2009). These sub-basins can be further sub-
divided into smaller geographic units, reflecting the environmental heterogeneity of a system com-
prised of closely interconnected, mutually interacting habitats (Tagliapietra and Volpi Ghirardini 
2006; Tagliapietra et al. 2009).

tAble 19.4
composition of major biotic groups in the Venice lagoon landings

Past ulva
ulva decline/

tapes spreading tapes fishing

landings (%) 1945–1960 1961–1984 1985–1989 1990–1995 1996–2001

Predators 0.08 (0.03) 0.06 (0.03) 0.12 (0.03) 0.03 (0.05) 0.29 (0.06)

Detritivorous 0.13 (0.03) 0.14 (0.03) 0.15 (0.01) 0.16 (0.01) 0.21 (0.04)

Plankton feeders 0.16 (0.02) 0.26 (0.05) 0.22 (0.03) 0.17 (0.03) 0.09 (0.03)

Benthic feeders 0.11 (0.05) 0.13 (0.04) 0.16 (0.04) 0.16 (0.04) 0.1  (0.03)

Cephalopods 0.15 (0.04) 0.21 (0.06) 0.24 (0.04) 0.37 (0.11) 0.21 (0.03)

Shrimps 0.11 (0.03) 0.07 (0.06) 0.03 (0.01) 0.02 (0.02) 0.02 (0.01)

Crabs 0.26 (0.07) 0.12 (0.03) 0.08 (0.04) 0.09 (0.04) 0.08 (0.02)

Note: Column heading “Past” refers to the period prior to Ulva massive blooms (before 1985); “Ulva” to 
the period of massive Ulva proliferation (approximately 1985–1990); “Ulva Decline” to the period 
~1991–1995; and “Tapes Fishing” to the period 1995–2002. Table gives average landing propor-
tion and standard deviation (in parentheses).

Source: Data from Libralato et al. (2004).
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The lagoon exhibits multifaceted responses to natural and anthropogenic forcing factors. The 
availability of a long-term time series of data also enables us to synthesize and integrate these cova-
riations as well as to assess the causal relationships among the drivers of change on the ecosystem 
and their direct and indirect effects. This information also allows us to develop a conceptual scheme 
of ecosystem evolution over decades of time.

Industrial and agricultural activities grew exponentially from the early 1940s to the 1960s. They 
greatly impacted the lagoon ecosystem. For example, there was a direct impact of pollutants dis-
charged into the lagoon, which are still present in bottom sediments and can bioaccumulate in the 
food chain (Pavoni et al. 1992; Dalla Valle et al. 2005; Frignani et al. 2005). Therefore, pollutant 
contamination and, in particular, bioaccumulation of organic pollutants remains a concern, with 
“hot spots” of sediment contamination in the industrial channel sediments up to 2500 ng I-TEQ 
kg–1 dw (Guerzoni and Raccanelli 2004; Guerzoni et al. 2007). Studies of contaminants in the sys-
tem (Raccanelli et al. 2004; Micheletti et al. 2008) suggest that bioaccumulation of POPs in lagoon 
organisms may be significant. These conclusions have important implications both in terms of risk 
to human health (Frangipane 1999; Raccanelli et al. 2008) and an increase in natural mortality 
and/or energy expenditure for metabolic detoxification in lagoon species. These topics have been 
reviewed elsewhere (Orio and Donazzolo 1987; Guerzoni and Raccanelli 2004; Carrer et al. 2005; 
Guerzoni et al. 2007; Micheletti et al. 2008).

Industrial activities have also caused a number of indirect impacts on the lagoon. Aside from 
land reclamation and associated habitat loss, industrial activities have been responsible for dredging 
of large navigation channels that altered the morphological balance between the channel and tidal 
flats and permanently modified a large part of the central basin. They have also led to the extraction 
of groundwater and natural gas, causing an increase in the rate of lagoon subsidence. The diversion 
of fresh water for agricultural and zootechnical uses, together with the deepening of the inlets, the 
building of jetties, and digging of new channels, have resulted in intrusion of seawater, leading to 
expansion of the central mud habitat at the expense of estuarine-like oligohaline habitats, already 
drastically reduced by the diversion of the majority of rivers to the sea in previous centuries. These 
alterations of geomorphological and physical properties clearly impacted the spatial distribution, 
structure, and composition of the macrobenthic community in the lagoon between the late 1950s 
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fIgure 19.6 Lagoon partitions based on: (a) physical, (b) biogeochemical properties, and (c) morphologi-
cal. Physical partition is based on confinement time and longitudinal subdivision in four sub-basins. The figure 
also reports bathymetry. Biogeochemical partition (b) is derived by subjectively drawing boundaries among 
nine groups which result from multivariate analyses (cluster and ordination methods) on data from 2001 to 
2005; boundaries are drawn for visual clarity and have no objective physical meaning. (Adapted from Solidoro 
et al. 2004b). Landscape classification (c) subdivides lagoon based on geomorphological, hydrodynamic, and 
sediment properties. (Adapted from Guerzoni and Tagliapietra 2006).
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and 1960s, as evidenced by a marked impoverished community, a replacement of brackish species 
with more marine ones, and a shift toward assemblages that are more tolerant of eutrophic condi-
tions (Giordani Soika and Perin 1974).

An exponential increase in the use of fertilizers, together with pollutants from industrial areas, 
contributed to an acute, continuous increase in nutrient loads emitted to the lagoon from the drain-
age basin (Figure 19.3). The increase in nutrient loads correlated with increased nutrient concen-
trations in the lagoon (Figures 19.2 and 19.3). Eutrophication, together with the modification of 
hydrodynamic and morphological features, favored the occurrence of massive macroalgae blooms 
dominated by Ulvacea during the 1980s. These blooms impacted nutrient cycles and the benthos. 
Indeed, in late spring and summer, macroalgae beds covered almost all shallow areas where water 
movement was low and residence time high, causing substantial depletion of the nutrient pool in the 
center of the beds and triggering the start of anoxic events. These events caused an increase in Ulva 
mortality and the amount of decaying organic material on the lagoon floor, resulting in additional 
consumption of oxygen and worsening of the anoxia, which rapidly spread from bottom sediments 
to the water column over large areas (Sfriso et al. 1992; Solidoro et al. 1997a). Among the more 
serious effects of the dystrophic crises was the release of hydrogen sulfide that adversely affected 
human activities in Venice and other surrounding land areas (Ravera 2000). Dystrophic crises also 
had significant impacts on the lagoon ecosystem, influencing biogeochemical cycles, promoting the 
release of large amounts of nutrients, enrichment of organic matter in bottom sediments, and sec-
ondary impacts on the benthic community (Solidoro et al. 1997a, 1997b). Subsequent decreases in 
shrimp and crab landings might also be coupled to this series of changes (Sfriso et al. 1992; Sfriso 
and Marcomini 1996). Ulva mats acted as traps for nutrients entering the lagoon, storing them 
in plant tissue. In summer, even nitrogen in waters entering from the Adriatic fueled macroalgal 
growth (Sfriso and Marcomini 1996).

The large biomass of Ulva caused a sharp decrease in other seaweeds as well as a reduction in 
phanerogams (Sfriso et al. 1987), while herbivorous and detritivorous species dominated the macro-
benthic and nektonic communities. In addition, phytoplankton density decreased, with blooms 
occurring only in those areas where the macroalgae density was not very high. Typically, a spring 
phytoplankton bloom was triggered before the macroalgal blooms (Sfriso et al. 1992; Solidoro et al. 
1997a), and other plankton blooms followed Ulva dystrophic crises, fostered by nutrient released 
during Ulva decomposition. The major shift in zooplankton composition, with occurrence of 
A. tonsa, can be regarded as an additional indicator of eutrophic conditions.

In order to mitigate eutrophication, several policy measures were enforced, including envi-
ronmental legislation issued to specifically address environmental problems in Venice Lagoon. 
Harvesting of macroalgae standing crop was conducted, which removed up to 60,000 t of plant 
matter per year from the lagoon during the 1980s (Figure 19.3b). The effectiveness of the new 
regulations was evidenced by the decrease in nutrient concentrations in the system, particularly 
phosphorus, which dropped to very low levels after the enforcement of a total ban on phosphorus in 
detergents in 1989. However, the decline in Ulva biomass, observed during the 1990s, was probably 
due to a combination of factors, which triggered the system to shift to an alternative regime, then 
maintained by several co-occurring factors. Adverse meteorological conditions at the beginning of 
the 1990s probably played a very important role, with several consecutive, longer than usual cold 
seasons, which reduced over-wintering of the macroalgae. Other important factors were increased 
turbidity and sedimentation of particulate matter on Ulva thalli, which hindered macroalgae growth 
during more productive seasons (Sfriso and Marcomini 1996). The subsequent reduction in lami-
nar free-floating thalli initiated a positive feedback by favoring wind- and tide-induced sediment 
resuspension, further increasing water turbidity and reducing photosynthetic activity. The drop in 
biomass standing crop reduced the frequency of anoxia to only episodic events, thereby enabling the 
establishment of zoobenthic grazer populations to exert greater control on Ulva biomass. Together 
with harvesting of macroalgae standing crops, these processes were effective in keeping the total 
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macroalgae biomass at a much lower level than in previous years when it reached a total wet weight 
as high as 107 t.

The beginning of massive fishing of Ruditapes philippinarum between 1995 and 2000 
(Figure 19.3), often by means of illegal fishing devices (hydraulic dredges), greatly disturbed bot-
tom sediments, causing direct damage to the macrophytobenthos and a further increase in sediment 
resuspension, thereby hampering recolonization by Ulva and contributing to further reduction in 
Ulva biomass. As a result, the distribution of the Manila clam spread throughout the area free of 
macroalgae. New macrophyte recolonization appears to have been precluded by fishing activities 
and related impacts on the lagoon floor (Sfriso and Marcomini 1996; Sfriso and Facca 2007). Other 
important factors that presently control macroalgae growth are sediment resuspension due to the 
morphological works used to reinforce tidal lands, and the ongoing oligotrophication of the lagoon 
in recent years.

Following the decline in seaweed abundance, nutrients entering the lagoon were no longer read-
ily trapped by plant uptake and could be exported to the sea without being removed by photosyn-
thetic activity. In addition, the flux of organic matter to bottom sediments was greatly reduced. In 
the case of Ulva, therefore, biomass removal helped counterbalance sediment enrichment. In the 
case of Ruditapes, which feeds on particulate matter, harvesting promoted the effective consumption 
of organic matter stored in the sediments through resuspension. During the first phase of Ruditapes 
colonization, when fishing pressure was not yet very high, clam growth and metabolism facilitated 
the transfer of organic matter from the water column to bottom sediments, which was consequently 
enriched. In the following phase, however, heavy clam fishing caused the transfer of organic matter 
from the water column and sediments to the clams with export from the system, resulting in impover-
ished sediment. Clearly the demographic explosion of the Manila clam and its commercial exploita-
tion has greatly altered the macrobenthic community, with a shift toward infaunal species and loss of 
more fragile or less mobile species due to the pressure exerted by mechanical fishing gear.

The decline in nutrient contents observed in lagoon bottom sediments, along with declining 
nutrient loads, caused a reduction in nutrient concentration, phosphorus in particular, in the water 
column. Chlorophyll a values have declined as well, probably due to a combination of bottom-up 
(resource limitation) and top-down (clam filtration) controls. Between 2000 and 2003, a tempo-
rary increase in chlorophyll a values was noted possibly because of a reduction of clam landings 
(Figures 19.3 and 19.5), but since 2004, only rather low levels of chlorophyll a have been recorded. 
In the last two decades, there has been a reversal in the eutrophication trend of the system.

Climate change is another major threat to the Venice Lagoon. Atmospheric temperature and 
sea level rise are predicted to increase significantly over the next 50 to 100 years, which will lead 
to greater frequency of flooding. According to Gambolati et al. (2002), extensive areas of the 
western part of the northern Adriatic Sea coastline could be permanently lost by 2100. In order to 
mitigate the impact of flooding on the city of Venice, specifically designed mobile gates (i.e., the 
MOSE system) are now being set in place, and will be operated to temporarily close lagoon inlets 
concurrently with high tide events (www.salve.it). The consequence of this intervention has been 
long debated because of possible adverse effects on the lagoon ecosystem. Modifications made 
in areas near the inlets to install the gates, and repeated temporary closures, may or may not 
alter the lagoon ecosystem, but it is clear that, if the frequency of closures will be so high as to 
significantly modify morphological and hydrodynamic properties, biogeochemical and food web 
processes could change significantly as well. Even considering less extreme scenarios, regional 
climate models indicate for the period 2070 to 2100 a significant increase in air temperature, up 
to 3ºC (5ºC in summer), and changes in the temporal pattern of rainfall over the Venice drainage 
basin (Salon et al. 2008).

Aside from the obvious direct effects of air temperature increase on water temperature and 
organism metabolism, climate change might impact the lagoon ecosystem by inducing changes in 
the levels and dynamics of seston and biogeochemical properties. Results obtained in a downscal-
ing experiment confirm that the annual mean rainfall will not change appreciably in the watershed 
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of the Venice Lagoon, whereas the seasonal patterns will likely change, with summer and spring 
becoming drier and winter and fall wetter (Salon et al. 2008). These changes will potentially 
increase winter nutrient concentrations. However, the annual planktonic primary and secondary 
production of the Venice Lagoon will decrease, and nutrient surplus will be exported to the Adriatic 
Sea (Cossarini et al. 2008). The food web structure, notably higher trophic level organisms, could 
be adversely affected. In addition, the success of aquaculture activity of Ruditapes philippinarum 
could be significantly impacted (Melaku Canu et al. in press).

19.6  concludIng remArks

The Venice Lagoon is a large, complex system affected by multiple natural and anthropogenic 
forcing factors, and characterized by high heterogeneity in physical, biogeochemical, and biologi-
cal conditions, of mutually interacting habitats. An array of stressors has altered morphological 
settings, biogeochemical properties, and biological components of the ecosystem either directly 
or through cascading effects. For example, morphological modifications of the basin, reduction of 
freshwater inflow, increase in nutrient loads, fishing activities, and aquaculture operations have all 
impacted the structure and function of the ecosystem through time. Harvesting of the Manila clam 
has directly affected the benthic community and also caused cascading effects such as the loss of 
sediment, increase in turbidity, and removal of organic matter from the system. In the past, the 
lagoon has been plagued by serious eutrophication problems, but in recent years, these problems 
have been mitigated, and the system is now in a state of progressive oligotrophication. In the future, 
however, rising sea level coupled to warming climatic conditions will have an increasing impact on 
human habitation in the region due to greater frequency of flooding and other adverse effects.

The lagoon is a continuously evolving system that responds rapidly to human activities. As such, 
the long-term health and viability of this important system is contingent upon sound and effective 
coastal zone management, which should be an outcome of an integrated vision and a participatory 
and adaptive approach (Suman et al. 2005). Given the complex nature of how the ecosystem func-
tions, great care is required in planning any intervention.
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20 Effect of Freshwater Inflow 
on Nutrient Loading and 
Macrobenthos Secondary 
Production in Texas Lagoons

Paul A. Montagna,* and Jian Li

AbstrAct

The Texas coast is characterized by lagoons behind barrier islands, and their ecology is strongly 
influenced by a longitudinal ecotone where freshwater inflow and nutrients decrease from northeast 
to southwest. The four Texas lagoons studied here are the Lavaca-Colorado, Guadalupe, Nueces, 
and Laguna Madre estuaries. Each of these lagoonal estuaries consists of a primary bay (the lagoon), 
which is nearest to the Gulf of Mexico, and a secondary bay, which is nearest to the freshwater influ-
ent source. The hypothesis of the current study is that climatic variability and inflow differences 
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among the ecosystems alter nutrient loading, which in turn affects benthic infaunal communities 
and maintains secondary production. Macrobenthic biomass data from a 5-year period were used to 
calibrate a bioenergetic model of secondary production. Benthic organisms were divided into two 
trophic groups: deposit feeders (that consume detritus or sediment organic matter) and suspension 
feeders (that filter phytoplankton or graze on benthic diatoms). Community structure is controlled by 
inflow, with more suspension feeders in high inflow estuaries and more deposit feeders in low inflow 
estuaries. Higher inflow translates into higher productivity. Within estuaries, the production to bio-
mass ratio (P/B, unit of 1/year) increased with proximity to the freshwater source. The P/B ratio 
increased with water residence time (i.e., inflow volume adjusted by the estuary volume). The one 
exception was Laguna Madre, with the highest P/B of 3.2, which is due to extensive seagrass habitat. 
Corpus Christi Bay, with little inflow, had the lowest P/B of 1.2. Results of this study show that fresh-
water inflow, and concomitant nutrient loads, drives benthic community structure and function.

Key Words: benthos, infauna, climate, hydrology, water resources, trophic dynamics, Matagorda 
Bay, San Antonio Bay, Corpus Christi Bay, Laguna Madre

20.1  IntroductIon

The macrobenthos in Texas estuaries are affected significantly by freshwater inflow (Kalke and 
Montagna 1991; Montagna and Kalke 1992, 1995). The freshwater inflows may directly affect the 
respiration, excretion, reproduction, natural mortality, and migration of macrobenthos through 
the variation of salinity and salinity tolerance of various organisms (Montagna 1989). They may 
also indirectly affect the consumption and assimilation of organic matter by macrobenthos, if fresh-
water inflow affects the primary production through the variation of nutrient input to each bay 
system. However, freshwater inflow is not the only important environmental factor regulating the 
estuarine benthic subsystem. Predation by bottom fish and crabs, temperature change, light inten-
sity, levels of particulate organic matter (POM), autotrophic production, and microbial production 
are other direct or indirect driving forces. A model is a way to integrate biological processes and 
environmental factors to gain insight into benthic dynamics, and explore the relationship between 
freshwater inflow and environmental effects.

The current project had three major goals: (1) to define quantitative relationships between benthic 
infaunal populations and freshwater inflows; (2) to link nitrogen loading with benthos; and (3) to 
develop a functional relationship between freshwater inflow and secondary productivity. Year-to-
year variability occurred in freshwater inflow and benthic population densities during the study. 
There were high-inflow conditions between 1992 and 1993 and very similar conditions between 
1987 and 1988. The intervening period between 1988 and 1992 was dry. Both wet periods occurred 
during El Niño events, and the dry conditions occurred during La Niña periods. Nitrogen is the 
key element that controls estuarine primary productivity in Gulf of Mexico estuaries. Populations 
of estuarine benthic infauna appear to exhibit long-term variation in response to estuarine salin-
ity changes, which are a function of historical climatic patterns (Montagna and Kalke 1995). The 
temporal variation of benthic infauna may be caused by multiple interactive effects of several envi-
ronmental factors correlated with freshwater inflow (e.g., changes in salinity, temperature, nutrients, 
and possibly pollution from land). Simple, multivariate statistical methods can be used to discover 
these relationships (e.g., Montagna and Kalke 1992, 1995), but cannot explain the functional depen-
dencies of these effects. A modeling study based on bioenergetic processes can be used to assess 
functional responses of benthos to freshwater inflow.

20.2  concePtuAl model

Modeling an ecosystem can start from a qualitative conceptual model, as has been created for Texas 
estuaries (Montagna et al. 1996). Previous studies in Texas indicate that it is easier to demonstrate 
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freshwater effects by comparing estuaries with different freshwater inflow regimes than to study 
the salinity gradient within one estuary because the ecotone gradient across estuaries is greater 
than the salinity gradient within estuaries (Montagna and Kalke 1992, 1995; Montagna et al. 2007; 
Russell and Montagna 2007). Thus, a synoptic approach is needed where several estuaries are stud-
ied simultaneously to compare the biological effects of freshwater inflow. The Lavaca-Colorado 
and Guadalupe estuaries provide an interesting comparison. They receive about the same amount 
of inflow, but San Antonio Bay is smaller than Lavaca and Matagorda bays and does not have sig-
nificant, direct Gulf exchange; therefore, salinity is much lower in the Guadalupe Estuary. Nueces 
Estuary and Laguna Madre Estuary both have much lower river inflow volumes, but Nueces has 
direct Gulf exchange while Upper Laguna Madre does not. Most importantly, by replicating estuar-
ies, two with high inflow and two with low inflow, general conclusions can be deduced.

Texas estuaries differ because of differences in freshwater inflow (Longley 1994; Montagna et al. 
2007). For example, the benthic macrofaunal community in the Guadalupe Estuary has a higher 
biomass and greater temporal variability than in the Nueces Estuary (Montagna and Kalke 1992). 
The difference in biomass and benthic community structure may be due to several factors. There 
are different amounts of rainfall and freshwater inflow (Larkin and Bomar 1983), different preda-
tors (Quast et al., 1988), and different amounts of primary production that may be transformed into 
food sources for benthic fauna (Montagna and Yoon 1991). Polychaetes and mollusks are the two 
dominant taxa in both estuaries. They compose 91% to 97% of total abundance and 91% to 98% of 
total biomass (Montagna and Kalke 1992). The composition of polychaetes and mollusks is differ-
ent between the two estuaries. In the Guadalupe Estuary, mollusks (56% in abundance and 80% in 
biomass) are more dominant than polychaetes (41% in abundance and 18% in biomass). This trend 
is reversed in the Nueces Estuary, where polychaetes (78% in abundance and 57% in biomass) 
are more dominant than mollusks (13% in abundance and 34% in biomass). In general, mollusks are 
dominant in sandy sediments and feed on epibenthic diatoms and other food sources derived from 
primary production. In contrast, polychaetes are dominant in muddy sediments and feed on depos-
ited POM. The differences between the estuaries are consistent with the concept of benthic modular 
components (Tenore et al. 2006) and two different trophic systems: one that has a food web based 
on primary production (probably dominating in the Guadalupe Estuary), and another that has a food 
web based on detritus or deposited POM (probably dominating in the Nueces Estuary).

There is a continuous cycle of drought and flood conditions, which can greatly influence 
Texas estuaries. The long-term variability of freshwater inflow cycles, which is driven by the 
El Niño Southern Oscillation (ENSO) cycle, results in predictable salinity changes in the estuary 
(Tolan 2007). These cycles regulate freshwater inflow and salinity, and therefore, directly affect the 
biotic communities. Past studies in Texas estuaries demonstrate the biological effects of this cycle 
(Kalke and Montagna 1991; Montagna and Kalke 1992, 1995). Flood conditions usually introduce 
nutrient-rich waters very rapidly into the estuary, which results in lower salinity. During these peri-
ods, the spatial extent of the oligohaline fauna is increased. The estuarine fauna may even replace 
the marine fauna. The high level of nutrients stimulates a burst of benthic productivity of pre-
dominantly oligohaline and mesohaline communities. This is followed by a transition to low inflow 
conditions resulting in higher salinities, lower nutrients, more marine fauna, decreased productivity 
and densities, and drought conditions. At first, the polyhaline fauna may respond with a burst of 
productivity as the remaining nutrients are utilized, but eventually nutrients are depleted, resulting 
in lower densities. The cycle is repeated with flooding and high freshwater inflows. This conceptual 
model represents a biomechanistic explanation of how the benthos responds to freshwater inflow, 
and why their populations fluctuate from year to year with variable inflow.

20.3  south teXAs lAgoonAl estuArIes

The four lagoonal estuaries studied in South Texas are the Lavaca-Colorado, Guadalupe, Nueces, 
and Laguna Madre systems (Figure 20.1). Lagoons link the four estuaries. For example, Laguna 
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Madre links Baffin Bay and Corpus Christi Bay. Red Fish Bay is actually a lagoon system that 
links Corpus Christi Bay and Aransas Bay. Mesquite Bay is a lagoon that links Aransas Bay to San 
Antonio Bay, and Espiritu Santo Bay is the lagoon that links San Antonio Bay to Matagorda Bay. 
The series of Texas lagoons is therefore linked from the Rio Grande to the Colorado River.

The Intracoastal Waterway flows through the lower Laguna Madre to Matagorda Bay, increasing 
circulation among the lagoons. The bays are dominated by deeper, muddy sediments. The lagoons 
are shallower, narrower, and have clearer water with more seagrass beds than the bays. They also 
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have less fetch. These conditions largely account for the ecological differences observed among the 
four systems. The Lavaca-Colorado, Guadalupe, and Nueces estuaries are dominated by open bay 
and soft bottom habitat, and Laguna Madre is dominated by submerged aquatic vegetation habitat. 
Another significant difference is the volume of Gulf of Mexico water exchanged with estuaries 
through passes. The same basic habitats and processes occur in all Texas estuaries but in different 
proportions (Montagna et al. 2007).

20.3.1  laVaca-colorado estuary

The Lavaca-Colorado is the largest of the four Texas estuaries targeted in this study (Table 20.1). It is 
~1158 km2 in area and has the largest freshwater inflow rates, 3242 × 106 m3 yr–1, ~1.5 times that of 
the Guadalupe Estuary and ~6 times that of the Nueces Estuary. The freshwater inflows are relatively 
constant, as are the bottom salinities. Phytoplankton abundance is less than in the Guadalupe Estuary, 
but four times higher than in the Nueces and Laguna Madre estuaries. Zooplankton abundance is 
about the same as in the Guadalupe Estuary, or 1000 times less than in the Nueces and Laguna Madre 
estuaries. The abundance of the benthic community is lower than in all the other estuaries.

20.3.2  guadalupe estuary

The Guadalupe Estuary is relatively small (551 km2) with high freshwater inflow rates (averag-
ing 2545 × 106 m3 yr–1). The small size relative to freshwater inflow results in the lowest aver-
age salinities of the four estuaries studied. Phytoplankton abundance is highest in the Guadalupe 
Estuary, with an average density of 19,000 cells mL–1, which is 4 to 20 times higher than in other 
estuaries. Benthic abundance, such as mollusks, is 3 to 30 times higher than in other estuaries. The 
high mollusk density is probably due to high freshwater inflow into a small estuary, which results 
in low salinities that mollusks require, and the high densities of phytoplankton, which are the main 
food source for this biotic group.

tAble 20.1
comparison of Physical characteristics of four texas estuaries examined in this study

characteristics

estuary

lavaca-colorado guadalupe nueces laguna madre

Size (km2)a 1,158 551 433 1,139

Rainfall average (cm yr –1)a 102 91 76 69

Inflow average (106 m3 yr –1) 3,242 2,545 509 –947

Bottom salinity average (ppt)a 22–22.2 13–18.6 16.6–30.6 31.3–37

Maximal monthly mean inflow (m3 s–1)a 140 120 50 5

(1938–1990) (1939–1989) (1939–1989) (1965–1987)

Average depth (m) 2 1 2 1

Maximal phytoplankton abundance 
(10–3 cell mL–1)b

4.5 19 1.1 1.6

Maximal zooplankton abundance 
(105 individuals m–3)b

0.3 0.5 500 200

Maximal benthos abundance (individuals m–2)c 9,700 35,000 7,200 13,000

a Orlando et al. (1993).
b Summarized by Armstrong (1985) and Montagna et al. (1995).
c Montagna and Kalke (1995), mollusks only.
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20.3.3  nueces estuary

Nueces Estuary has a higher level of nutrient storage, kinetic storage, and oxygen storage in com-
parison with the Laguna Madre Estuary, due to greater inflow from rivers and creeks per unit time. 
However, phytoplankton primary production in Corpus Christi Bay is only 0.48 to 1.26 g C m–2 d–1 
(Odum and Wilson 1962; Odum et al. 1963; Flint 1984; Stockwell, 1989). The average water depth 
in the Nueces Estuary is 2 m (compared to 1 m for Laguna Madre). The total area is relatively small 
(433 km2), about one-third that of the Laguna Madre (see below). The amount of sun radiation per 
unit water volume is much lower than in the Laguna Madre. This means a lower capacity for tem-
perature storage and lower ecological efficiency than in the Laguna Madre, which may explain the 
lower primary production rates and lower amount of consumer biomass.

The Nueces Estuary receives both river and creek inflow, while Laguna Madre receives only 
intermittent creek inflow. The Nueces Estuary has an annual inflow balance (509 × 106 m3 y–1) that 
is much higher than in the Laguna Madre Estuary, indicating that energy flow from the land to the 
bay system is higher than in the Laguna Madre. However, the energy flow from the bay to the ocean 
is also higher. The average rainfall decreases from the Nueces (76 cm y–1) to the Laguna Madre 
(69 cm y–1). The water residence time in the Nueces Estuary is 0.46 y. The gradient of river inflow 
and average rainfall accounts for the lower salinity in the Nueces Estuary (17‰ to 31‰) than in 
Laguna Madre Estuary (30‰ to 37‰). High salinity variation causes greater ecosystem instability 
than in the Laguna Madre, by affecting population aging, respiration, reproduction, and migra-
tion rates (Montagna et al. 1996). The Nueces Estuary is also more stressed, because it is the most 
urbanized of the four systems.

20.3.4  laguna madre estuary

Laguna Madre is as large (1139 km2) as the Lavaca-Matagorda Estuary. It has an average depth 
that is shallower than the other estuaries, and a larger surface area receiving sunlight (Montagna 
et al. 1996). Therefore, the sun radiation per unit water volume is much higher in the Laguna Madre 
than in the other estuaries, so the temperature storage is higher. This increases the ratio of energy 
flow between subsystem and storage components, by increasing all biophysiological processes, 
such as the synthesis, intake, decomposition, aging, respiration, migration, and reproduction rates 
(Montagna et al. 1995). The high energy flow in this ecosystem results in high rates of primary 
production. Phytoplankton primary production in Laguna Madre ranges from 2.68 to 4.78 g C m–2 
d–1, which is more than two times that of the Nueces Estuary (Odum and Wilson 1962; Odum et al. 
1963). The high ecological efficiency also leads to high abundances of the higher-level consumers, 
such as benthic mollusks and fishes (Montagna et al. 1996). Benthic mollusk abundance in Laguna 
Madre (13,000 individuals m–2) is twice that of the other estuaries (2500 to 7200 individuals m–2). 
The commercial harvest of finfish in Laguna Madre (834 × 103 kg y–1) is about four times higher 
than the others (151 to 207 × 103 kg y–1). This biomass productivity is probably due to overall higher 
primary production in Laguna Madre.

Laguna Madre Estuary has a lower energy input from rivers compared with the other three 
estuaries. It has a negative inflow balance (–947 × 106 m3 y–1), which means the freshwater inflow is 
less than the outflow (e.g., evaporation). The negative balance also accounts for hypersaline condi-
tions in Laguna Madre. Flow of water from the Gulf passes and the Nueces Estuary replaces the 
evaporating water. Water residence time in Laguna Madre, however, is very difficult to calculate 
because of its shallow depth, “negative” inflow, and connection to the Nueces Estuary (Montagna 
et al. 1996).

Energy flow from the ocean to the bay is higher for Laguna Madre than for the other estuaries 
(Montagna et al. 1996). The detritus storage in Laguna Madre is expected to be much higher than 
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in the other estuaries, because of the high primary production of the extensive seagrass habitat. 
The consumers are dominated by deposit feeding benthos. The input of seawater and lower input of 
freshwater from rivers results in a stable, high salinity system with generally low nutrient concen-
trations. The main limitation on producers’ synthesis, therefore, may be only nutrients (Montagna 
et al. 1996). So, Laguna Madre has higher temperature, salinity, and detritus storage, and remains a 
more natural ecosystem than the other three estuaries.

20.4  mAterIAls And methods

As hypothesized in the conceptual model, two abiotic factors (i.e., freshwater inflow balance and 
physiography) are the dominant factors that drive biological processes in Texas lagoons. Thus, the 
overall goal of this project was to generate a quantitative model of benthic trophic dynamics to 
determine freshwater inflow effects on benthic productivity. A long-term dataset on the Lavaca-
Colorado, Guadalupe, Nueces, and Laguna Madre estuaries was used to calibrate the model. Each 
estuary is subdivided into a primary and secondary bay with different levels of freshwater effects 
due to a river-to-sea gradient. Comparison between the two bays within each estuary represents 
effects of fresh water within the estuary.

20.4.1  study sItes

Four to six stations were chosen in each of the four estuaries (Figure 20.1, Table 20.2). Generally, 
two replicate stations (A and B) were in the secondary bay where freshwater influences dominated, 
and two other replicate stations (C and D) were in the primary bay where marine influences pre-
dominated. By using two stations in the freshwater influenced zone and two stations in the marine 
influenced zone we replicated effects at the treatment level and avoided pseudoreplication. There 
was a diversion of the Colorado River into the east arm of Matagorda Bay in 1993; therefore, two 
additional stations (E and F) were located there to capture the effects of the Colorado River. The 
stations in Laguna Madre Estuary were located using a paired-station strategy. Two stations were 
located in Baffin Bay (6 and 24), and two stations in the Laguna Madre in a seagrass bed (189G) 
and an unvegetated sand patch (189S). The station data for each bay were pooled, enabling the char-
acterization of eight major bays.

tAble 20.2
location of sampling stations and sampling Periods used in this study

estuary bay type bay name station sampling Period

Lavaca-Colorado Secondary Lavaca A 1984–1995

Secondary Lavaca B 1988–1995

Primary Matagorda C, D 1988–1995

Lagoon East Matagorda E, F 1993–1995

Guadalupe Secondary Upper San Antonio A, B 1987–1995

Primary Lower San Antonio C, D 1987–1995

Nueces Secondary Nueces A, B 1988–1995

Primary Corpus Christi C, D 1988–1995

Primary Corpus Christi E 1988–1995

Laguna Madre Secondary Baffin Bay 6, 24 1988–1995

Primary Laguna Madre 189G, 189S 1988–1995
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20.4.2  dataBases

20.4.2.1  benthos
Sampling began in the Lavaca-Colorado Estuary in November 1984 (Kalke and Montagna 1991). 
The Guadalupe Estuary and Nueces Estuary were sampled bimonthly during 1987 (Montagna and 
Kalke 1992). From these three studies, it was determined that long-term changes in the benthos could 
be characterized by sampling four stations, four times per year. A sampling program was started in 
July 1988 to compare the Lavaca-Colorado and Guadalupe estuaries (Table 20.2). Sampling began 
in Laguna Madre and Baffin Bay in 1988.

Macrobenthos were sampled using a 6.7-cm-diameter core to a depth of 10 cm. Three replicate 
samples were taken at each station-date combination and preserved in 5% buffered formalin, sorted 
using 0.5-mm sieves, identified, and counted as described in Montagna and Kalke (1992). For bio-
mass, samples were dried for at least 24 hours at 55°C and weighed. Before drying, the mollusks 
were placed in 2 N HCl for 1 to 5 minutes to dissolve the carbonate shells, and then washed.

20.4.2.2  hydrography
During each benthic sampling event, a multiparameter sonde (Hydrolab Surveyor II or YSI 6 series) 
was used to measure salinity, temperature, and water depth. Salinity was also measured with a 
refractometer. Water samples were taken to measure chlorophyll a (chl a) and nutrients. For chloro-
phyll a, the sample was filtered onto glass fiber filters and placed on ice (<0.4°C). Chlorophyll a was 
extracted overnight with methanol and read fluorometrically on a Turner Model 10-AU using a non-
 acidification technique (EPA method 445.0). Analysis of nutrients was performed using a Technicon 
Autoanalyzer (Whitledge 1989) or a LaChat QC 8000 ion analyzer.

20.4.2.3  Predators
Mobile epifauna data were obtained from Texas Park and Wildlife Department (TPWD) (McEachron 
and Fuls 1996). The Coastal Fisheries Division samples monthly in the four estuaries using an otter 
trawl and bag seine. The data are available from 1976 to present. In a study of stable isotope con-
tent and mercury bioaccumulation in different food chains, it was determined that black drum, red 
drum, and blue crab are the main predators on benthic infauna (Montagna and Kathmann unpub-
lished). The average abundance for these three predators collected from otter trawls was used for all 
TPWD stations within a bay.

20.4.2.4  Primary Production
A range of values for primary production from previous studies is available (Table 20.3). Monthly 
day length for the Texas coast was obtained from Tony Amos at the University of Texas Marine 
Science Institute.

20.4.2.5  hydrology
Freshwater inflow data, which includes gauged flows and modeled flows for ungauged areas, were 
obtained from the Texas Water Development Board (TWDB, http://www.twdb.state.tx.us/data/
bays_estuaries/bays_estuary_toc.htm).

20.5  modelIng

The model consists of several mathematical equations used to calculate the variation of benthos 
biomass in response to the variation in environmental data. Model input was the observed long-term 
environmental data, and output was the simulated benthos biomass over time. The simulation of the 
observations is based on the parameters calibrated from the input dataset. Sensitivity analysis was 
performed before calibration to ensure that the output range of the simulation would extend over the 
full range of all observations.

http://www.twdb.state.tx.us/data/bays_estuaries/bays_estuary_toc.htm
http://www.twdb.state.tx.us/data/bays_estuaries/bays_estuary_toc.htm
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The long-term, benthic infauna dataset was used to calibrate the model of biological processes. 
Energy circuit language (Odum 1971, 1972, 1983) is used to present the model structure for simulat-
ing benthos biomass (Figure 20.2). The relationship between benthic infaunal biomass and environ-
mental factors associated with freshwater inflow is incorporated into the model. To test for inflow 
effects, the ideal input would be freshwater inflow as the forcing function. However, inflow rates 
have variable effects on salinity depending on the physiographic, inflow, and tidal characteristics 
of each estuary. Therefore, a physical model that predicts salinity change would be needed to pro-
vide input to the biological model. To avoid this level of complexity, the empirical salinity values 
measured during sampling were used as input. In this way, salinity is used as a surrogate for inflow. 
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tAble 20.3
Primary Production data Available from Previous studies

bay
Previous record of Primary 

Production (g c m–2 d–1) references

Lavaca 0.5–2.4 Brock (1994)

Matagorda 0.5–2.4 Brock (1994)

Upper San Antonio 0.3–1.8 Stockwell (1989)

Lower San Antonio 0.5–3.85 Stockwell (1989)

Nueces 0.35–1.7 Stockwell (1989)

Corpus Christi 0.75–4.1 Stockwell (1989)

Baffin 1.2–4.1 Odum and Wilson (1962)

Upper Laguna Madre 2.75 Odum et al. (1963)
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Salinity values represent the integration of all the physical characteristic of the estuary (e.g., size, 
inflow, outflow, oceanic exchange, and climatic variability).

The model (Figure 20.2) includes four forcing functions: salinity, temperature, food sources (bot-
tom-up control), and predators (top-down control). The forcing functions drive the model mainly 
through four environmental limitations: salinity, temperature, food availability, and predation. 
Other forcing functions (e.g., nutrient concentrations, day length, and water depth) drive the model 
through the estimation of food source availability by the calculation of primary production.

The macroinfauna were divided into two trophic guilds, suspension feeders and deposit feeders, 
and modeled separately. The two groups represent trophic interactions in the grazing food chain and 
the detrital food chain (Tenore et al. 2006). Grazers utilize autotrophic production and detritivores 
utilize heterotrophic production. To simplify the data input, all macrobenthos were separated into 
one of two trophic groups: suspension feeders and deposit feeders. Suspension feeders are defined 
as benthos obtaining their food sources through capturing suspended particles from the sediment 
surface or water column, filtering phytoplankton from the water column, or grazing benthic diatoms 
on the sediment surface. Suspension feeding taxa include the Mollusca, Crustacea, and Chironomid 
larvae. Deposit feeders are defined as those organisms obtaining their food through ingestion of 
the sediment, predation, or omnivory. The deposit feeders include the Hemicordata, Nemertinea, 
Ophiuroidea, Polychaeta, and Sipunculida. Although some macrobenthos can switch between being 
suspension feeders and deposit feeders (Taghon et al., 1980), the simplification of categorizing each 
taxa in one group is necessary, and allows us to define suspension feeders as those benthos limited 
by autotrophic food sources, and deposit feeders as those benthos limited by heterotrophic food 
sources. Descriptions of the benthic community structure of these estuaries have already been pub-
lished (Kalke and Montagna 1991; Montagna and Kalke 1992, 1995; Martin and Montagna 1995; 
Mannino and Montagna 1996; Conley 1996; Palmer et al. 2002).

Primary production (which is based mainly on plant biomass, light, nutrient concentrations, and 
temperature) is the principal food source for suspension feeders, that consume phytoplankton and 
benthic diatoms. Because primary production was not measured during every sampling period it 
was necessary to predict the food sources for suspension feeders in a model. Deposit feeders pri-
marily consume POM, and this can be approximated by the concentration of total organic carbon 
(TOC) in sediments, which is empirically derived. The accumulation of POM and the variation of 
nutrient concentrations and salinity caused by temporal variations of freshwater inflows are not 
simulated here.

The basic mathematical formula that describes the change of benthic biomass over time (Li et al. 
1996) is based on the law of conservation of mass (Crisp 1971), and in the form:

 
d B

d t
I A L D

( )
( ) = ⋅ − −  (20.1)

where B is the benthos biomass, t is time, I is the total intake of food by benthic infauna, A is average 
assimilation efficiency of benthic infauna, L is the total loss due to respiration, excretion, and age-
related mortality, and D is the total mortality caused by predators. Unfortunately, it is not possible 
to simulate B in terms of I and L, because the observed data on food source standing stocks and 
respiration of benthos are rare and unknown in the study area. Our approach is to substitute net 
growth rate for I and L.

The net growth rate is used in place of the intake rate, assimilation efficiency, respiration rate, 
aging mortality, and excretion rate. The formula becomes a Lotka–Volterra growth rate model 
(Lotka 1925) in the form above as Equation 20.2:
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where r is the net growth rate without predation pressure. The predation loss is calculated by the 
feeding rate of predators, g, and the density of predatory fish, F.

Brown and Rothery (1993) have suggested that the growth rate is limited. Therefore, a logistic 
limitation is added to the equation in the form:
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 − ⋅1  (20.3)

where c is the biomass carrying capacity for a population that is limited by space. The c in Equation 
20.3 is only a limitation for the carrying capacity of biomass.

The limitation of a population and its biomass is also due to many other environmental effects. 
Our model is based on Equation 20.3, and has been modified to include other factors of environ-
mental limitation. The new equation contains a parameter to reduce the maximal growth rate (r) 
and maximal predation rate (g) by the effects of environmental limitation (E). The values of E are 
between 0 and 1. When E = 1, there is no environmental limitation, and the benthic population 
reaches maximal growth rate, or the predators reach maximal feeding rate. When E = 0, environ-
mental factors reach maximal limitation; benthic populations do not grow, or predators do not con-
sume benthos. Because there is more than one predator, the final equation for the model becomes:

 
d B

d t

r
E B

Bi j i
ben i j i j

i( , ) ( )
( , ) ( , )

(

( )
( ) = ⋅ ⋅ ⋅ −

12
1 ,, )

( )
( , ) ( , , ) (

j

i
fish i j i j k j

c
E g F









 − ⋅ ⋅ ⋅30 ,, )k

k

∑  (20.4)

where i = 1 or 2 for deposit feeders or suspension feeders; j = 1 to 8 for eight bay systems; k = 1 
to 3 for three different predators: red drum, black drum, and blue crab. The net growth rate is r(i). 
The environmental limitation for benthos biomass growth is Eben(i,j). The biomass carrying capac-
ity levels for the two feeding groups is c(i). The predation rate by fish k in bay j to prey benthos i is 
g(i,j,k). The term Efish(i,j) is the environmental limitation for predation. The different benthos species 
have different biomasses in each bay, computed by their r, E, c, and g. Predator abundances are also 
different in the eight bays. The benthos should have the same r and c in all eight bays. However, the 
dominant species in the deposit-feeding group and suspension feeding group differ in the different 
bays. Therefore, it is necessary to run the model separately for each of the eight bays.

The term Eben(i,j) includes three limitation effects: temperature, salinity, and food.

 E E E Eber i j tem j sal i j food i j( , ) ( ) ( , ) ( , )= ⋅ ⋅  (20.5)

An exponential equation was used for the temperature effect (Carrada 1983):

 E
T T

e

tem j

j

p

( )

( ) max

( )

=
−
1

1

 (20.6)

where Etem( j) is the temperature limitation, T is the temperature, and Tmax is the most suitable tem-
perature, which is fixed at the highest temperature recorded at each location. When T is close to p(1), 
Etem( j) = 1, and there is no temperature limitation. Therefore, p(1) is a parameter that describes the 
weighting due to temperature limitation. The higher p(1) is, the higher the sensitivity to temperature.

The salinity effects are the most interesting environmental factor, being directly correlated with 
freshwater inflow. All invertebrates have suitable salinity ranges, at which the population growth is 
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maximal, that is, the highest metabolism rates (Wohlschlag et al. 1977). An exponential equation is used 
to model salinity limitation. The equation is similar in form to that used for temperature limitation:

 E
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e
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i j i
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1

3
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where Esal(i,j) is the salinity limitation, S( j) is salinity, p(i,3) is the optimal salinity for a population, 
and P(2) is a parameter that describes the weight of the salinity limitation. There is no salinity effect 
when P(2) = ∞. Salinity limitation has a centralized optimum, with greater affects at high and low 
salinities. The greater the salinity tolerance range, the higher the P(2) value.

Michaelis–Menten kinetics is used to describe the food source limitation (see a review, Keen and 
Spain 1992):
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where Efood(i,j) is the food limitation, F(i,j) is the concentration of food source for the infauna, which 
is sedimentary POC for deposit feeders and primary production for suspension feeders, and p(i,4) is 
a parameter at which the food concentration is at half the maximum level of the population growth 
rate.

Because two feeding groups (deposit feeders and suspension feeders) were simulated, two differ-
ent food sources were considered: detritus in sediment and organic matter in the water. Sedimentary 
POM was used as food sources for deposit feeders, and expected primary production was used for 
suspension feeders. Increased consumer biomass (B(i,j)) can increase food limitation. Therefore, 
Equation 20.8 transforms to the ratio as a function of benthic biomass:
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The sedimentary POM is expected to be a constant level in each bay. We used eight parameters 
as POM levels, one for each of the eight bays. The POM levels were precalibrated by the observed 
carbon concentration (C%( j)) in the sediment ( j = 1 to 8 for eight bays):

 C
p

p
j

pom j

sed

% %( )
( )= ⋅100  (20.10)

where ppom( j) is the sedimentary POM level for each bay, and psed is a parameter for the average dry 
weight of whole sediment. The POM levels for each bay are the food sources for deposit feeders 
(F(i,j)) in each bay:

 F pi j pom j( , ) ( )( ) =  (20.11)

Primary production is expected to be the main food source for suspension feeders. It is simulated as 
a function of day length, temperature, nutrient concentration, and water depth. Primary production 
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was precalibrated using data from previous studies (Armstrong 1985; Stockwell 1989) using the 
following formula:
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where F(2j) is the available food source for suspension feeders, pmic(2) is the maximal monthly pri-
mary production rate, pmic(3) is the temperature limitation for primary production, L(t) is the day 
length that represents light limitation, and Enut( j,t) is the nutrient limitation for photosynthesis that 
includes concentrations of nitrogen (N), silica (Si), and phosphorus (P). Because suspension feeders 
only use the available food source 10 cm above the sediment surface, the following adjustment must 
be taken into consideration:
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Nutrient limitation (Enut( j)) for photosynthesis was modeled according to the Redfield ratio of 
106:16:15:1, which assumes that producers use C, N, Si, and P proportionally by weight (Redfield 
1934; Parsons et al. 1961):
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where [N]( j), [P]( j), and [Si]( j) are concentrations of inorganic nitrogen, phosphorus, and silica.
Photosynthesis is limited by light, which varies seasonally. A sine function is used to simulate 

the seasonal cycle of day length:
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where L(t) is day length at time t, pavg is the average day length over a year, pamp is the amplitude of 
the seasonal fluctuation, and ppha is the correction factor for starting the phase of the sine cycle at a 
given time.

Predation can be limited by temperature, salinity, prey abundance, and predator density. In 
this study, we considered only the benthic prey abundance, because predation rates on benthos are 
strongly related to the benthos biomass. A complete ecosystem model would also include fish bio-
energetics. Predator limitation, Efish(i,j), may be different for different predators, but in this study, the 
same Efish(i,j) was used for all predators, including black drum, red drum, and blue crab. However, 
Efish(i,j) is different for deposit feeders and suspension feeders because of the different vertical distri-
bution of these two groups within the soft bottom habitat.

In addition to standing stock, a second characteristic of prey is its distribution. The feeding rate 
of predators is expected to increase exponentially when the prey are aggregated in time or space. 
An “S”-shaped curve is used to simulate this effect (Montagna et al. 1993):
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where B(i,j) is the biomass of the prey benthos (i = 1 or 2 for deposit feeders or suspension feed-
ers, and j = 1 to 8 for the eight bays), and p(5) is a new parameter for the aggregation effect. When 
biomass (B(i,j)) is at a very low level, the value of term Efish(i,j) is close to 0, and limitation due to the 
aggregation effect is nil. When the predator reaches its maximal grazing rate and B(i,j) is very high, 
the term Efish(i,j) is close to 1, and the limitation due to aggregation is at the maximal level.

The model was constructed using the FORTRAN 77 language and facilitated by the PC software 
package SENECA (Simulation ENvironment for ECological Application) (de Hoop et al. 1989). 
SENECA is a PC/DOS software package produced by the Netherlands Institute of Ecology. It sim-
plifies model setup, supports techniques for calibration of the model (i.e., estimating the best fit 
parameter values according to a goodness of fit test), and links programs to a FORTRAN Compiler. 
The FORTRAN programs created by SENECA are listed in Montagna and Li (1996).

20.5.1  calIBratIon and ValIdatIon

The model was calibrated for the eight bay systems for two periods: a short-term period from January 
1991 to December 1995, where the dataset was balanced and complete for all measurements in all 
eight bays, and a longer period from January 1987 to December 1995, where there were some miss-
ing data. The initial ranges for the 17 parameters were set as the same for each bay. For each case, 
there were over 10,000 calibration runs, and all parameter ranges were reduced to less than 50% of 
the initial ranges (Table 20.4).

Model validation was judged using three methods: (1) goodness of fit test values, (2) biological 
meaning of the estimated parameters, and (3) comparison of different simulation periods. Two peri-
ods were defined: (1) a short-term synoptic period (1991 to 1995), which was used for calibration; 
and (2) a long-term period (1987 to 1995), which included all data available.

The goodness of fit test compares each simulation against the observed values in each bay–date 
combination. The model is valid when the variance of the goodness of fit test is close to zero. The 
goodness of fit values for all simulations or parameters calibrated by short-term datasets ranged 
from 0.59 to 3.25 (Table 20.5). The simulation of Corpus Christi Bay has the best goodness of fit 
values, followed by Lower San Antonio Bay, Matagorda Bay, Laguna Madre, Baffin Bay, Nueces 
Bay, and Upper San Antonio Bay. Lavaca Bay has the worst goodness of fit values. The short-term 
simulation has a better fit than the long-term simulation. The short-term simulation was not better 
using parameters calibrated from the long-term database than those from the short-term database. 
Surprisingly, the long-term simulation was better using the parameters calibrated from the short-
term database than parameters calibrated using the long-term database. This was true for both 
benthic feeding types in Lavaca Bay (2.39 < 3.25 and 1.45 < 1.63) and Lower San Antonio Bay 
(0.84 < 0.89 and 0.95 < 1.05), but only true for suspension feeders in Matagorda Bay (1.00 < 1.08) 
and deposit feeders in Corpus Christi Bay (0.84 < 0.92). In general, the short-term synoptic data 
simulation is more appropriate for use in this study than the long-term data simulation.

Biological responses are indicated by the different response of the two trophic groups. Suspension 
feeders, which rely on food from the overlying water column, should have lower suitable salinity 
ranges than deposit feeders in each bay. Therefore, the model should predict higher production to 
biomass (P/B) ratios for suspension feeders in the secondary bays than in the primary bays. The 
predicted annual P/B ratios are similar for deposit feeders in all eight bays. In contrast, the annual 
P/B ratios for suspension feeders are always higher in the secondary bays than in the primary bays 
(Table 20.6). Therefore, the model structure correctly predicts the expected biological responses 
based on knowledge of the feeding mechanisms. An invalid model structure would predict a bio-
logical response that is counterintuitive.
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tAble 20.5
the goodness of fit Values for simulation and model Validation

bay

simulation Validation

Average of 
All tests

short term long term short term long term

deposit suspension deposit suspension deposit suspension deposit suspension

LB 1.94 1.06 3.25 1.63 3.25 2.04 2.39 1.45 2.28

MB 0.96 0.81 1.04 1.08 0.93 1.39 1.21 1.00 1.23

US 0.91 0.75 0.94 1.01 1.79 2.28 1.15 1.23 1.61

LS 0.75 1.07 0.89 1.05 1.06 1.34 0.84 0.95 1.05

NB 0.72 0.59 0.91 1.13 1.03 2.76 1.26 1.14 1.55

CC 0.63 0.63 0.92 0.87 0.96 1.29 0.84 0.92 1.00

BB 0.81 0.70 0.73 1.15 1.03 1.19 1.18 1.62 1.26

LM 0.80 0.75 1.47 0.79 1.26 1.08 1.49 1.14 1.24

Note: Abbreviations: LB = Lavaca Bay, MB = Matagorda Bay, US = Upper San Antonio Bay, LS = Lower San Antonio 
Bay, NB = Nueces Bay, CC = Corpus Christi Bay, BB = Baffin Bay, LM = Upper Laguna Madre. Simulation is per-
formed using the parameters calibrated from the same period, and validation is performed using parameters cali-
brated from different periods. The short-term synoptic period was 1991–1995, and the long-term period (which is 
different for each bay) was 1988–1995. Test values are given for both deposit and suspension feeders.

tAble 20.4
best fit Parameter Values from the calibration of eight bay systems for the continuous 
four-year database: 1991–1995

Parameter

best fit Values for each bay
Initial 
rangelb mb us ls nb cc bb lm

p(1) 44.73 42.42 44.57 41.43 40.24 44.20 42.55 42.34 20, 45

p(2) 19.66 17.14 17.78 39.32 17.91 17.73 32.67 35.27 20, 45

p(1, 3) 34.89 37.77 27.05 34.99 29.95 29.62 35.80 32.04 20, 40

p(1, 4) 96.11 62.42 2.55 44.03 74.83 4.95 93.46 85.88 0, 100

g(1, j, 1) — 0.553 3.944 3.096 3.176 0.620 0.110 4.910 0, 5

g(1, j, 2) — 3.471 4.976 4.823 4.744 4.973 2.614 4.959 0, 5

g(1, j, 3) 0.6814 1.2477 0.1388 0.0743 0.4850 1.6649 1.4502 0.7158 0, 5

p(5) 0.002059 0.003724 0.001323 0.009225 0.004171 0.002859 0.002285 0.002087 0.001, 0.01

r(2) 5.806 6.670 5.075 5.077 6.316 6.260 5.101 6.541 5, 20

c(1) 68.88 30.31 69.81 51.29 42.27 30.62 46.34 34.76 30, 70

p(2, 3) 16.75 5.11 8.11 19.25 7.11 9.87 17.58 14.17 20, 40

p(2, 4) 6.46 15.13 89.89 40.02 81.46 44.78 85.17 64.64 0, 100

g(2, j, 1) — 3.705585 0.8315539 4.858335 3.312729 1.334923 0.0976517 3.821 0, 5

g(2, j, 2) — 0.4145367 0.5318332 4.515656 4.939147 0.400967 0.635004 4.975 0, 5

g(2, j, 3) 0.9929386 1.195466 0.4320632 0.09369156 0.4154133 1.625607 1.46157 0.5934 0, 5

r(2) 5.343904 8.033044 5.942176 5.186666 7.632288 7.890732 6.403854 6.628 5, 20

c(2) 50.24743 99.65412 89.25981 52.67889 87.83488 97.43611 52.60339 76.38 50, 100

Note: Abbreviations: LB = Lavaca Bay, MB = Matagorda Bay, US = Upper San Antonio Bay, LS = Lower San Antonio Bay, 
NB = Nueces Bay, CC = Corpus Christi Bay, BB = Baffin Bay, LM = Upper Laguna Madre. LB did not have red drum 
and black drum observations, so the parameters g(i, 1, 1) and g(i, 1, 2) were not computed. The parameters are defined in 
Equations 20.4–20.15 and presented to four significant digits.
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The simulations with different calibration periods were similar (Table 20.5). The simulation of 
the 1991 to 1995 period using the calibration results of the data from the 1988 to 1995 period is 
stable for Matagorda, Nueces, Corpus Christi, Upper and Lower San Antonio, and Baffin bays and 
upper Laguna Madre. The simulation of the 1988 to 1995 period using the calibration results of the 
data from the 1991 to 1995 period are also stable for Matagorda, Corpus Christi, Upper and Lower 
San Antonio, and Baffin bays, and upper Laguna Madre. The worst simulation is for both deposit 
feeders and suspension feeders biomass in Lavaca Bay.

20.6  results

Predators are an important driver of top-down processes. The blue crab was the dominant species 
in trawls (83.4% of the three predators), followed by black drum (16.4%), and red drum (0.2%). Blue 
crabs have strong seasonal migration patterns and have peak abundance each spring (Figure 20.3a). 
There are differences in the average density of blue crabs among the bay systems (Figure 20.3b). 
They are most common in upper and lower San Antonio Bay, averaging two to three times the 
abundance in the other systems.

The simulations of benthic biomass are based on the best fit parameters from the calibration 
of the period 1991 to 1995 (Table 20.4). The average values of biomass over the entire simulation 
period are the expected values of the benthos standing stocks. Production, annual production to 
biomass ratio (P/B), production efficiency, and environmental limitation are all based on the calibra-
tions and simulations of the period 1991 to 1995.

The simulations of benthos biomass for deposit feeders and suspension feeders were partly suc-
cessful (Figures 20.4 through 20.7). The simulations fit well for most bays, except for Lavaca Bay 
(Table 20.5, Figure 20.4). In contrast, successful simulations for both feeding types with goodness 
of fit values less than 1 include Matagorda Bay, upper San Antonio Bay, Nueces Bay, Corpus Christi 
Bay, Baffin Bay, and upper Laguna Madre. In lower San Antonio Bay, the goodness of fit value for 
the simulation of deposit feeders is less than 1, while it is 1.07 for suspension feeders. In contrast, both 
simulations of the two feeding types in Lavaca Bay are higher than 1, and near 2 for deposit feeders.

Suspension feeders have higher simulated biomass variation through the 1991 to 1995 period 
over all eight bays than do deposit feeders (Figures 20.4 through 20.7). The primary bays closest to 
the sea, such as Matagorda Bay, lower San Antonio Bay, Corpus Christi Bay, and Laguna Madre 

tAble 20.6
the Average levels of simulated biomass (standing stock), Production, and Annual 
P/b for the Period 1991 to 1995

bays

standing stocks (g dw m–2) Production (g dw m–2 y–1) Annual P/b (y–1)

deposit 
feeders

suspension 
feeders total

deposit 
feeders

suspension 
feeders total

deposit 
feeders

suspension 
feeders total

LB  2.2 1.7  3.9  3.0  4.4  7.4 1.4 2.6 1.9

MB  5.0 0.4  5.4  8.4  0.9  9.3 1.7 2.0 1.7

US  1.4 5.2  6.6  2.2 14.4 16.6 1.6 2.8 2.5

LS  2.1 5.6  7.7  4.4 13.8 18.2 2.1 2.5 2.4

NB  4.4 4.7  9.1 11.7 11.0 22.7 2.7 2.4 2.5

CC 11.1 0.7 11.8 22.9  1.4 24.3 2.1 2.0 1.2

BB  0.6 0.6  1.2  1.7  1.7  3.4 3.0 3.0 2.8

LM  5.5 1.2  6.7 18.3  3.2 21.5 3.3 2.7 3.2

Note: Abbreviations: LB = Lavaca Bay, MB = Matagorda Bay, US = Upper San Antonio Bay, LS = Lower San 
Antonio Bay, NB = Nueces Bay, CC = Corpus Christi Bay, BB = Baffin Bay, LM = Upper Laguna Madre.
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have more stable biomass for both feeding types than do the secondary bays close to the freshwater 
sources, such as Lavaca, lower San Antonio, Nueces, and Baffin bays.

The average simulated benthic biomass is the predicted standing stock of benthos in the eight 
bays during the period 1991 to 1995. The standing stocks in the Nueces Estuary, 9.1 to 11.8 g dw 
m–2, is higher than in other estuaries (Table 20.6). It is followed by the Guadalupe Estuary (6.6 to 
7.7 g dw m–2). Upper Laguna Madre has a median level standing stock of 6.7 g dw m–2. Lavaca-
Colorado Estuary has a lower level at 3.9 to 5.4 g dw m–2 and Baffin Bay has the lowest level in the 
study area at only 1.2 g dw m–2. Overall, it appears that the secondary bays close to the freshwater 
source have higher levels of suspension feeder standing stocks, while the primary bays near the sea 
have higher standing stock levels of deposit feeders.

The average production rate of benthos in Texas estuaries ranges from 3.4 to 24.3 g dw m–2 y–1 
during the simulation period 1991 to 1995 (Table 20.6). Nueces Estuary has the highest productiv-
ity due to both deposit feeders and suspension feeders, which have annual production rates of over 
11 g dw m–2. A much higher production rate of deposit feeders (22.9 g dw m–2 y–1) occurs in Corpus 
Christi Bay. Guadalupe Estuary has a medium level of production in the range of 16.6 to 18.2 g 
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fIgure 20.3 Catch per unit effort (CPUE) in 10 minute otter trawls for blue crab, Callinectes sapidus. 
(a) Average all bays by month. (b) Average all dates by bay. Abbreviations: LB = Lavaca Bay, MB = Matagorda 
Bay, US = upper San Antonio Bay, LS = lower San Antonio Bay, NB = Nueces Bay, CC = Corpus Christi Bay, 
BB = Baffin Bay, and LM = Laguna Madre.
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dw m–2 y–1 due to a higher level of production by suspension feeders (13.8 to 14.4). Laguna Madre 
Estuary has a large difference of production between upper Laguna Madre and Baffin Bay. In upper 
Laguna Madre, the production of deposit feeders is as high as 18.3 g dw m–2 y–1, which is second 
only to Corpus Christi Bay, and 20 times higher than in Baffin Bay.

Monthly production is more stable for deposit feeders than for suspension feeders in Nueces Bay, 
but the reverse is true in the upper Laguna Madre. The monthly production rate decreased for both 
feeding types in 1994 for Lavaca Bay and in 1992 for lower San Antonio Bay.

The annual P/B ratio is the annual turnover rate of the benthos, because the units are y–1. The 
P/B ratios of benthos in the Texas estuaries range from 1.2 to 3.2 y–1 during the period 1991 to 1995 
(Table 20.6). The P/B ratios for the two trophic groups were similar, ranging from 1.4 to 3.3 y–1 
for deposit feeders and 2.0 to 3.0 y–1 for suspension feeders. During the period 1991 to 1995, the 
monthly turnover rates (i.e., monthly P/B) changed seasonally based on the environmental limita-
tions. Variation of turnover is different from variation of biomass because of predation. A high 
monthly P/B ratio indicates that the benthos biomass is able to rapidly recover standing stock levels 
following consumption by predators. A low monthly P/B ratio means that the standing stock falls to 
a lower level and does not recover following predation mortality.

The variance of monthly P/B ratio of both feeding types was different in all eight bays 
(Figure 20.8). Overall, the suspension feeders had higher variance than deposit feeders. Deposit 
feeders in the primary bays close to the sea (Matagorda Bay, lower San Antonio Bay, Corpus Christi 
Bay, and Laguna Madre) had higher variation than in the secondary bays close to the freshwater 
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fIgure 20.4 Simulation of deposit feeders and suspension feeders biomass in the Lavaca-Colorado Estuary 
for the period 1991–1995. (a) Deposit feeders in Lavaca Bay. (b) Suspension feeders in Lavaca Bay. (c) Deposit 
feeders in Matagorda Bay. (d) Suspension feeders in Matagorda Bay.
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sources (Lavaca Bay, upper San Antonio Bay, Nueces Bay, and Baffin Bay). The opposite is true 
for suspension feeders. In the upper San Antonio Bay, particularly, suspension feeders are the most 
variable, while deposit feeders are the most stable relative to other bays.

The temporal variation of the monthly P/B ratio correlated with the variation of environmental 
limitation factors. Temperature affects physiological rates, thus the production rate of both feeding 
types in each bay had seasonal fluctuation. However, there is not a large difference in temperature 
limitation between feeding types or among the eight bays. Salinity is the major limiting environ-
mental factor. Salinity variation has a greater effect on the production rate than does temperature. 
Deposit feeders are more salinity limited than suspension feeders in secondary bays close to fresh-
water inflow sources (e.g., in the Lavaca-Colorado, Guadalupe, and Nueces estuaries). Suspension 
feeders are more salinity limited in primary bays close to the sea (e.g., in the Lavaca-Colorado, 
Nueces, and Laguna Madre estuaries). Food availability does not appear to limit either feeding type 
in all eight bays. The food limitation factor is close to 1 for both groups in all bays, indicating little 
or no effect due to food limitation.

The varibility of benthic biomass can be affected by the variability of predation rates. The varia-
tion of predation mortality caused by mobile epibenthos ranges from 0 to more than 15 g dw m–2 
mo–1. Predation limitation by crab and fish was low for deposit feeders in Lavaca Bay, lower San 
Antonio Bay, upper San Antonio Bay, and Baffin Bay, and suspension feeders in Lavaca Bay, Corpus 
Christi Bay, Baffin Bay and Laguna Madre. High rates of predation on both feeding groups occur in 
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fIgure 20.5 Simulation of deposit feeders and suspension feeders biomass in the Guadalupe Estuary for 
the period 1991–1995. (a) Deposit feeders in Upper San Antonio Bay. (b) Suspension feeders in Upper San 
Antonio. (c) Deposit feeders in Lower San Antonio Bay. (d) Suspension feeders in Lower San Antonio Bay.
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Matagorda Bay and Nueces Bay only. A strong reduction of benthos biomass occurs after the peaks 
of predation rates; such is the case for both feeding types in Lavaca Bay in 1994, lower San Antonio 
Bay in 1992, and Corpus Christi Bay in 1992.

20.7  dIscussIon

Biomass change is an indicator of secondary productivity (Banse and Mosher 1980). Within Texas 
estuaries, the mean annual P/B ratio increased with proximity to the freshwater inflow source. 
The range of P/B values indicates that macrofauna in Texas bays turns over one to three times per 
year. Low turnover times are associated with bays that have low inflow rates and other anthropo-
genic disturbances. Corpus Christi Bay had the lowest P/B of 1.2 y–1, and this is probably due to 
several forms of natural and anthropogenic disturbance, including low inflow, poor circulation and 
exchange with the Gulf of Mexico, disturbance due to shrimp trawling, and extensive coastal devel-
opment. Laguna Madre had the highest P/B ratio (3.2 y–1), and is associated with the presence of 
extensive seagrass habitat. Therefore, turnover rates appear to be enhanced by the habitats present 
within the estuaries.

Estuary physiography is also important because salinity change is a function of inflow being 
diluted by the volume of water in the estuary. The estuarine water residence time is calculated by 
the fraction of freshwater diluted by oceanic water: f × (V ÷ Q); where f = (bay salinity – Gulf salin-
ity) ÷ Gulf salinity, V = volume of the estuary, and Q = the net inflow (Armstrong 1982). Residence 
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fIgure 20.6 Simulation of deposit feeders and suspension feeders biomass in the Nueces Estuary for the 
period 1991–1995. (a) Deposit feeders in Nueces Bay. (b) Suspension feeders in Nueces Bay. (c) Deposit feed-
ers in Corpus Christi Bay. (d) Suspension feeders in Corpus Christi Bay.
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time is calculated on an estuarine-wide basis; therefore, the standing stocks and productivity for 
each estuary were calculated by adding the values of the estuarine components from Table 20.7. The 
P/B ratio for deposit feeders increases with water residence time (Figure 20.9, r = 0.98, P = 0.018). 
As water residence time increases, the estuary is increasingly depositional, and thus better habitat 
for deposit feeders. In contrast, suspension feeder turnover times should increase as the water turn-
over rate increases, meaning that the water residence time decreases, because they depend on nutri-
ents stimulating plankton. On first inspection, it appears that this is not the case (Figure 20.9, r = 
0.42, P = 0.58). Laguna Madre has a high turnover time and a long water residence time. However, 
Laguna Madre benthos is dominated by suspension feeders associated with the base of seagrass 
blades, which is specific to the submerged aquatic habitat. When only the bays with the soft-bottom 
muddy habitat are included (GE, LC, and NC), the trend is negative as predicted, but not statistically 
significant due to the low sample sizes (Figure 20.9, r = –0.96, P = 0.17). There are two implications 
to this finding. First, suspension feeders, particularly mollusks, are the best indicators of the impor-
tance of freshwater inflow to maintaining the productivity of an ecosystem, which is consistent with 
previous findings (Montagna and Kalke 1995; Montagna et al. 2008). The second implication is that 
communities in bays where inflow is reduced will change in dominance patterns, from a dominant 
suspension feeder community to a dominant deposit feeder community. This change from a mol-
lusk- and crustacean-dominated community to a polychaete-dominated community is consistent 
with an emerging paradigm on how benthos changes in response to anthropogenic disturbance 
(Peterson et al. 1996).
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fIgure 20.7 Simulation of deposit feeders and suspension feeders biomass in the Laguna Madre Estuary 
for the period 1991–1995. (a) Deposit feeders in Baffin Bay. (b) Suspension feeders in Baffin Bay. (c) Deposit 
feeders in Laguna Madre. (d) Suspension feeders in Laguna Madre.
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Bay, MB = Matagorda Bay, US = upper San Antonio Bay, LS = lower San Antonio Bay, NB = Nueces Bay, 
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tAble 20.7
mean monthly freshwater Inflow (fwI), salinity (sal.), total nitrogen (n), 
total Phosphorus (P), and total organic carbon Volume loading (c) (g m–3 yr–1) 
for the texas estuaries

bay
fwI 

(106 m3 month–1)
sal. 
(ppt)

loading (g m–3 y–1)

n:P c:n
res. time 

(y)
res. time 

weighted nn P c

LB/MB 100 13.17 3.18 0.48 19.6 6.63 6.16 0.21 0.66

US/LS 241 11.94 10.8 2.25 34.2 4.80 3.17 0.19 2.09

NB/CC  65 21.49 2.10 0.43  6.3 4.88 3.00 0.46 0.97

Note: Abbreviations: LB = Lavaca Bay, MB = Matagorda Bay, US = Upper San Antonio Bay, LS = Lower San 
Antonio Bay, NB = Nueces Bay, CC = Corpus Christi Bay, BB = Baffin Bay, LM = Upper Laguna Madre. 
Residence (Res.) times (y) influence nitrogen availability (g m–3 y–1).

Source: Adapted from Longley (1994).
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Nitrogen loads have been estimated by Longley (1994) (Table 20.7). In general, nitrogen loading 
increases as freshwater inflow to the estuary increases. However, the effect that nitrogen load can 
have is affected by the size of the receiving water. The same loading rate can have different effects 
if it is flowing into a small system as opposed to being diluted in a system with a larger volume of 
water. For this reason, the appropriate nitrogen loading value to compare with benthic production is 
the loading weighted by the water residence time. The benthic turnover time is positively correlated 
with nitrogen loading rate (Figure 20.10). The implication is that ecosystems with more nitrogen 
will produce more benthic biomass.
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A conceptual modeling study (Montagna et al. 1996) predicted that Laguna Madre would have 
a higher rate of energy flow than other Texas lagoons. This hypothesis is based on two characteris-
tics unique to Laguna Madre: (1) its large size and (2) the extensive seagrass habitat. In the present 
quantitative modeling study, we estimated that benthos of Laguna Madre has the highest annual P/B 
ratio (3.2 y–1) in comparison with other bays, which range from 1.2 to 2.5 y–1. The higher production 
is mainly due to production of the deposit feeders, which is up to 18.3 g dw m–2 y–1. These deposit 
feeders are probably exploiting a detrital food web enhanced by seagrass detritus. The concep-
tual model also predicted that higher inflow would yield high productivity of suspension feeders, 
because river-borne nutrients would stimulate primary production, which in turn would fuel benthic 
productivity. San Antonio Bay has the highest nutrient load levels, and the highest production of 
suspension feeders of all the bays. Suspension feeder production in San Antonio Bay is 14 g dw 
m–2 y–1 in comparison with a range of 0.9 to 11 g dw m–2 y–1 found in the other bays. However, the 
annual P/B ratio in San Antonio Bay, which is 2.5 y–1, is not highest in comparison to the range of 
P/B values recorded in other Texas bays, 2.0 to 3.0 y–1.

As might be expected, modeling applications do not always yield perfect results. In general, one 
can expect to encounter at least two main problems: (1) a lack of realism or completeness of the 
model and (2) a lack of data to calibrate the model. While these problems also occurred in this study, 
the most interesting result was the poor fit of any model with deposit feeders and suspension feeders 
biomass in Lavaca Bay. Why would fit be poor in just Lavaca Bay? Perhaps it is related to the lack 
of predator data or pollution influence in Lavaca Bay. There were no red drum and black drum in 
trawls from Lavaca Bay reported by the Texas Park and Wildlife Department during the simulation 
period. These predatory fish exist in the bay, but were not recorded for the period. Predation mor-
tality is very important in limiting biomass. This lack of predator data means that the simulation 
of mortality is underestimated; therefore, biomass was generally overestimated (Figure 20.4). The 
second reason is that Lavaca Bay may have a high level of pollutant input that can affect benthos 
productivity, and pollutants are not a limitation factor in this model. Lavaca Bay is a U.S. EPA 
Superfund Site with high levels of mercury contamination. The P/B ratio in Lavaca Bay is very 
low, in the range of 1.7 to 1.9 y–1. This value is in the lower range of all the Texas bays. Productivity 
is probably much higher, because it is being consumed by fish. Unfortunately, we do not have suf-
ficient data to get a better estimate of productivity at this time.

The simulation of the Nueces and Laguna Madre estuaries is much better than the simulations of 
the Lavaca-Colorado and Guadalupe Estuaries. Therefore, the model fits estuaries with low inflow 
(Nueces and Laguna Madre estuaries) better than estuaries with high inflow (Lavaca-Colorado and 
Guadalupe estuaries). This may be due to a larger effect of interannual variability of inflow in the 
high inflow estuaries than in the low inflow estuaries. The estuaries with low inflow generally have 
a smaller salinity range from year to year than the high inflow estuaries, and this could be causing 
the observed biological effects.

For most cases, predation should decrease benthos biomass. However, where there are multiple 
environmental stressors (such as the presence of pollution and unsuitable salinity ranges), respira-
tion and natural mortality could be higher than other losses or growth. In this case, benthos biomass 
may be lost before predation pressure can have an effect, and there may be a net negative growth 
rate. The current limitation equation (Equation 20.5) assumes that the minimal growth rate is a 
function of just salinity, temperature, and food, and can only be as low as zero. Additional stressor 
equations can be added to the model. In the future, it may be useful to model the effect of brown 
tide, which may cause a decline in benthos in Laguna Madre (Conley 1996), or model the effect of 
mercury contamination in Lavaca Bay, as has been done for zinc in the Gulf of Mexico (Montagna 
and Li 1997). Inclusion of a multiple stressor term could improve model performance, especially in 
Lavaca Bay.

Overall, the results of the current modeling study indicate that inflow differences among the 
Texas lagoons alter nutrient loading, which in turn affects benthic infaunal communities and main-
tains secondary production of benthos.
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